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Polycyclic aromatic hydrocarbons (PAHs) with a molecular weight (MW) of 302 

and oxygenated-PAHs (OPAHs) have demonstrated toxicity beyond that of 

frequently monitored and known carcinogenic PAHs. Airborne particulate matter 

(PM) was characterized for MW 302 isomers to evaluate risk and air quality 

indices and OPAHs in order to fill data gaps concerning sources and distribution 

of OPAHs. Additionally, standard reference materials of numerous environmental 

media were analyzed for OPAH occurrence. Air samples were collected from two 

locations: the remote atmosphere of Mt. Bachelor, Oregon and the urban 

atmosphere of Beijing, China. Collection of size fractionated particles of PM 2.5 

and PM 10 allowed evaluation of air quality indexes as well as OPAH distribution 

profiles for source identification. Standard reference materials (SRMs) possessing 

certified values of PAHs were purchased and methods of analysis were 

developed. Results demonstrate that MW 302 isomers are highly abundant in the 

urban atmosphere of Beijing, China. Although toxicity information is not 

available for all MW 302 isomers, for those with available carcinogenic potency, 

the combined potency of MW 302 isomers contributes to a significant portion of 

carcinogenic risk for PAHs in Beijing. Results further convey the dependency of 

air quality assessment outcomes on metrics used and monitored PAHs. OPAHs 



were measured in many of the SRM matrices for the first time and the abundance 

of OPAHs, with respect to PAHs, is a major finding. Results indicate that diesel 

exhaust could be a major source of OPAHs and that biota could be a sink. 

Measurement of OPAHs from ambient air confirmed that OPAHs are 

environmentally abundant. Particulate matter air samples from Mt. Bachelor show 

that while OPAHs are more concentrated than PAHs, the particle size distribution 

could not be used to determine origins of OPAH formation. Results did show that 

OPAHs are concentrated on the smallest, most respirable size fraction of 

particulate matter collected from both Mt. Bachelor and Beijing. We conclude 

that MW 302 isomers and OPAHs are environmentally relevant and concentrated 

PAHs requiring continued study. 
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BEYOND THE 16 EPA PRIORITY POLLUTANT PAHS: 

ENVIRONMENTAL CHARACTERIZATIONS OF OXYGENATED PAHS 

AND DIBENZOPYRENE ISOMERS 

 

CHAPTER 1. INTRODUCTION 

 

Exposure to xenotoxins is a cause of human illness and disease. Polycyclic 

aromatic hydrocarbons (PAHs) are a large class of xenotoxins associated with a 

range of toxic endpoints. Exposure related toxicity to these compounds has been 

documented since the early 1900s. Cancer is a commonly identified endpoint for 

PAHs; however, other toxic effects such as affected immunology and 

reproduction have been associated with PAH exposure [1]. Exposure to PAHs 

typically results through air, water and food. PAHs are released into the 

atmosphere as the incomplete products of combustion. Hundreds of PAHs have 

been measured from both natural and anthropogenic combustion sources. Very 

few of these are routinely characterized for occurrence, exposure and toxicity.  

The goal of this dissertation is to highlight the importance of specific PAHs, 

namely PAHs with a molecular weight (MW) of 302 and oxygenated-PAHs 

(OPAHs). The PAHs of focus for this dissertation are not new or emerging 

chemicals. These PAHs have been selected based on recent advancements in 

sampling, instrumentation, and toxicity testing, providing new evidence of their 

importance, both toxicologically and environmentally. 

PAHs are organic molecules composed predominately of carbon and 

hydrogen molecules and configured in a ring structure, possessing aromaticity. By 

definition, PAHs have at least two fused rings but can have many more. In 

addition, PAHs can have functional groups attached to the aromatic rings, 

expanding into many subclasses of PAHs, e.g. nitro- PAHs, oxy- PAHs or 

alkylated-PAHs. Thus, many PAHs to have the same MW differing structurally 

with slightly different bonding patterns. The commonly measured PAHs range in 



MW from 128 to 278 g/mol, and consist of the 16 EPA priority pollutant PAHs. 

The designation of “priority pollutants” resulted from the Clean Water Act in the 

1970’s by US EPA because, at that time, they were considered to be the most 

abundant and potentially harmful PAHs [2]. The selected MW 302 PAHs and 

OPAHs have commonalities in that they are not routinely monitored, pose 

analytical difficulties, and may be more harmful than the EPA priority pollutant 

PAHs. 

Dibenzo(a,l)pyrene (D(a,l)P), an un-substituted PAH with a MW of 302, is 

considered the most potent carcinogenic PAH tested [3]. The aromatic rings of 

D(a,l)P are arranged in a unique structure, forming a fjord region. It is this 

structural feature that is thought to exacerbate the potency [3]. The actual 

exposure to D(a,l)P and potential risks that this PAH poses to the general 

population are much less studied than the carcinogenic potential. From an 

analytical chemistry standpoint, PAHs with a MW of 302 have been challenging 

to measure in the environment. There are a number of structural isomers with a 

MW of 302 that have previously confounded analyses [4, 5]. Nearly 30 isomers 

have been found in airborne particulate matter [6]. The combined potency of MW 

302 isomers may be significant [7]. Many of these isomers also possess fjord 

regions and some are also potent carcinogens, while some have yet to be 

identified. 

A major goal is to specifically address how MW 302 isomers can influence air 

quality and risk perception based on currently implemented approaches for air 

monitoring and risk assessment. Governmental regulatory agencies establish air 

quality guidelines and some (China and the European Union) have implemented 

air concentration limits for PAHs [8, 9]. Limits are set according to 

benzo(a)pyrene (BaP) since this PAH is frequently monitored and highly studied 

for toxicity [8]. Typically, all 16 of the EPA priority pollutant PAHs are measured 

and the total concentration of PAHs is related into BaP concentration using 

                                               2



comparative equivalents [3]. Equivalents have been elucidated for decades and 

are based on carcinogenic potency relative to BaP. This is commonly referred to 

as the toxic equivalency factor. Toxic equivalency values for D(a,l)P, a MW 302 

isomer, are between 10 to 100 times that of BaP [3]. Some other MW 302 isomers 

are up to 10 times as potent as BaP [10]. We analyzed airborne particulate matter 

for MW 302 isomers, quantifying the effect of these PAHs on risk.  

Another potentially important and infrequently studied class of PAH is the 

OPAHs. OPAH formation occurs by a number of mechanisms, in addition to 

direct combustion. Any number of hydroxyl, carboxyl and carbonyl groups can be 

attached to the PAH rings by bacterial and fungal degradation of PAHs [11] and 

by photo and chemical degradation of PAHs [12]. Of these structural variations, 

OPAHs substituted with one or more carbonyl groups may be the most important 

of the OPAHs. Ketone or quinone substituted PAHs are less reactive and 

therefore more stable than the hydroxyl and carboxyl counterparts [11]. The 

quinone-PAH, formed in vivo by mammalian metabolism, is a known toxic 

species, capable of causing oxidative stress, macromolecule binding and DNA 

damage [13]. Evidence of these compounds in the environment has generated a 

number of research questions. We aim to answer where OPAHs are concentrating 

and at what magnitude. 

OPAHs could be important in a number of environmental media (in addition 

to air) since there are many ways in which these compounds can be formed (e.g. 

fungal mechanisms in soil). Very little is known about the fate and distribution of 

OPAHs in the environment. OPAHs have been difficult to analyze due to the 

semi-polar characteristics and diversified ring substitutions [14]. The greatest 

limiting factor for the analytical capability to study environmentally based 

OPAHs has been that analytical standards were previously not available to 

researchers. Quantitative investigations from soil [11] and air [15] have 
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demonstrated that OPAHs can be more concentrated than the priority pollutant 

PAHs, necessitating the need for further environmental characterization.  

The final research goal pertains to OPAHs as marker compounds in the 

atmosphere. Two main sources have been attributed to the detection of OPAHs in 

the atmosphere: direct emission and products of PAH degradation by photo and/or 

chemical oxidation [16]. It is reasonable to assume that OPAHs are formed during 

the atmospheric transport of PAHs. The OPAH containing fraction of airborne 

particulate matter was shown to induce redox cycling, reactive oxygen species 

and promote apoptosis where the PAH fraction and control silica particles did not 

[17]. It follows that air masses down wind from an emission source could 

potentially be more toxic at the receiver end due to PAH transformation. In the 

same way, the transported air mass would be expected to have a different 

chemical profile of OPAHs and perhaps unique markers formed in transit. Long 

range transport of PAHs from Asia to the US has been documented [18] and 

investigation of OPAH formation is explored in this dissertation.  

Three sample sets were obtained to address the specific aims and consisted 

of field-derived air samples and reference materials purchased from National 

Institute of Standards and Technology. Two sampling sites were chosen for air 

sample collection. One site was located in Beijing, China as an urban site with 

numerous emission sources of PAHs. The other site was situated on the remote 

mountain top of Mt. Bachelor, located in central Oregon. This site was chosen 

based on previous observations of atmospheric transported air masses from Asia 

[18, 19], making this site ideal to study OPAH transformation occurring en route. 

Standard Reference Materials from the National Institute of Standards and 

Technology were analyzed for OPAH environmental occurrence and included 

mussel tissue, urban dust, sediment and diesel particulate matter. 

Acquisition of standards for MW 302 isomer and OPAH analysis was an 

underestimated challenge. Nonetheless analytical methods were developed for a 
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large number of both PAH classes. Methods using gas chromatography- mass 

spectrometry were implemented in our laboratory from established methods in 

order to measure the EPA priority pollutant PAHs and alkyl-substituted PAHs. 

Analysis of larger PAHs, the MW 302 isomers, is associated with well known 

difficulties. We developed a method of analysis using gas chromatography- mass 

spectrometry methods adapted from Bergvall et al [20]. Here, we used similar 

instrumentation, but simplified the method by elimination of some laborious 

instrumental steps and expanded the number of MW 302 isomers that could be 

accurately identified and quantified. Methods for OPAH analysis were more 

challenging owing to varying physical chemical properties of the individual 

analytes and extraction of numerous environmental matrices. A gas 

chromatography- mass spectrometry method was developed for OPAH analysis 

and is applicable to at least four different environmental matrices.  

This work contributes to the knowledge base for understudied PAHs and 

substituted PAHs. The abundance of MW 302 isomers and OPAHs in the 

environment is explored in the following chapters. By analysis of risk equations 

and evaluation of air quality metrics, Chapter Two demonstrates the importance 

of MW 302 isomers in the atmosphere. Chapter Three identifies the abundance of 

OPAHs in matrices previously uninvestigated and makes steps toward 

understanding environmental sources, fate and distribution of OPAHs. The final 

chapter explores OPAH particle distribution in contrasting atmospheres, deducing 

individual OPAH profiles for evidence of en route photochemical formation.   

Exposure assessment is a necessary component of risk analysis enabling a 

systematic and scientific approach to characterize potential hazards to human 

health. This work was motivated by a need to identify sources and routes of 

exposure for these potentially harmful PAHs. The remaining chapters quantify 

MW 302 isomers and OPAHs in environmental media that are important routes of 

toxicant exposure. 
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ABSTRACT  

Size fractionated particulate matter (PM) was collected in summer and 

winter from Beijing, China for characterization of an expanded list of polycyclic 

aromatic hydrocarbons (PAHs) and evaluation of air pollution metrics. 

Summertime ΣPAHs on PM was 14.6 ± 29 (PM1.5), 0.88 ± 0.49 (PM1.5-7.2 ) and 

0.29 ± 0.076 (PM7.2) ng/m
3
 air while wintertime concentrations were 493 ± 206 

(PM1.5), 26.7 ± 14 (PM1.5-7.2 ) and 5.3 ± 2.5 (PM7.2) ng/m
3
 air. Greater than 90% of 

the carcinogenic PAHs were concentrated on PM1.5. Dibenzopyrene isomers made 

up a significant portion (~30%) of the total carcinogenic PAH load during the 

winter. To our knowledge, this is the first report of dibenzopyrenes in the Beijing 

atmosphere and among the few studies that report these highly potent PAHs in 

ambient particulate matter. The World Health Organization and Chinese daily 

PM10 standard was exceeded on each day of the study, however PAH limits were 

only exceeded during the winter. Lifetime risk calculations indicate that 1 out of 

10,000 to over 6 out of 100 Beijing residents may have an increased risk of lung 

cancer due to PAH concentration. Over half of the lifetime risk can be attributed 

to Σdibenzopyrenes. The outcomes of the risk equation were highly dependent on 

the individual PAHs measured and seasonal variation. 

INTRODUCTION 

Particulate matter (PM) and polycyclic aromatic hydrocarbons (PAHs) are 

the major air pollutants in urban environments. In 2005, the World Health 

Organization (WHO) released an estimate that two million premature deaths per 

year can be attributed to air pollution and issued stricter worldwide guidelines. 

Reducing atmospheric PM concentration is believed to be the most crucial part of 

air pollution control strategies. This undoubtedly contributed to the adoption of 

frequent monitoring regimes and standard limit values for PM by many nations. 

However, very few nations have adopted PAH standards despite their known 

carcinogenicity and prevalence in the atmosphere.  
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PM10 is traditionally and most frequently monitored and includes all sizes 

of PM <10 µm. Recent focus has shifted towards monitoring size fractionated PM 

since only PM <2.5  µm is thought to be respirable. Given that the majority of 

PM2.5 is produced by anthropogenic activity through the burning of fossil fuels 

and larger particles are produced by natural sources like forest fires and dust, PM 

composition can vary considerably according to size. Additionally, PM 

composition can also vary depending on sampling locale, emission sources and 

season. This complexity leaves room for debate concerning the most toxic aspects 

of PM [1].  

The majority of PAHs in the atmosphere, namely the carcinogenic PAHs, 

are associated with the smallest PM [2]. Numerous studies have reported that the 

mutagenic and genotoxic [3] effects of PM can be attributed to these small 

particles. Even though adverse human health effects, including cardiovascular 

disease, lung cancer and mortality, have been attributed to PM2.5 (WHO 2001 and 

references therein) [4], the contribution of particle size and/or composition 

remains a predominate topic of air pollution research. 

In addition to monitoring PM, the WHO, the European Union (EU) and 

The State Environmental Protection Agency of China (SEPA)  have implemented 

an atmospheric limit value for benzo(a)pyrene (BaP), the most toxicologically 

studied and frequently monitored PAH. However, carcinogenic risks of PAHs 

may be overlooked by current air quality criteria and monitoring regimes. 

Quantitative risk assessments are hindered by the complexity of the PM mixtures, 

different collection strategies of PM size and inadequate PAH potency 

information for inhalation [1]. Additionally, BaP has been shown to be an 

unpredictable indicator [1, 5, 6]. Further, the most potent PAHs, like the 

dibenzopyrenes, are normally not included in monitoring studies [1, 5].  

Hundreds of polycyclic aromatic hydrocarbons have been detected in the 

environment; however, less than twenty individual PAHs are routinely monitored. 
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These PAHs are often used to estimate emission sources (e.g. diesel or coal 

combustion) [2] which may aide in regulatory mitigation decisions. On the other 

hand, utilizing frequently monitored lists and established methods may also 

exclude some toxicologically relevant PAHs, like dibenzo(a,l)pyrene (D(a,l)P). 

D(a,l)P is considered the most carcinogenic PAH, 1-100 times that of 

benzo(a)pyrene [1], but environmental monitoring has not yet caught up with the 

toxicological studies.  Few studies have reported concentrations of this 

carcinogenic PAH in the atmosphere [7-9]. As a class, the dibenzopyrenes (DBPs) 

have been challenging to analyze by chromatography due to co-elution of the 

many structural isomers with the molecular weight of 302 g/mol, including 

dibenzofluoranthenes, naphthopyrenes and naphthofluoranthenes [10, 11].  Of 

these isomers, dibenzo(a,i)pyrene,  dibenzo(a,e)pyrene and dibenzo(a,h)pyrene 

are also potent carcinogens [5]. Although limited toxicity data is available for 

many of the isomers, numerous groups are advocating the inclusion of DBPs on 

routine monitoring lists [1, 5].  

PM is the primary pollutant in the Beijing atmosphere and PAH 

concentrations have been recorded to exceed limit values imposed by SEPA [12]. 

Industry constitutes 70% of China’s energy consumption. Coal provides 69% of 

the total energy [13]. Greater than one million vehicles are reported in Beijing. 

The pollution problem begins to resemble that of other urban mega cities and may 

be considered representative of an urban city facing the challenges associated 

with managing air quality.  

This study aims to identify significant PAHs on size fractionated PM for 

evaluation of air quality indices and cancer risk in Beijing. The authors hope that 

this study will aid in future decision making processes for selecting the most 

relevant size fraction and PAHs for future monitoring studies. 

EXPERIMENTAL 

Sampling Description 
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Air sampling was conducted in the north-western section of downtown 

Beijing between the Fourth and Fifth ring roads on the campus of Peking 

University. The site was influenced by a myriad of emission sources given that 

the air sampler was located just above ground level on the roof of the seven-story 

Geology Building at ~25 m above sea level. PM was collected using a high 

volume air sampler adapted with a cascade impactor during summer of 2007 and 

in the winter of 2008. Seven days during the summer (July 2, August 18-23, 

2007) and eight days during the winter (January 9-12, 15-17, 2008) were taken to 

represent pollution observed during the cold and hot seasons. While data from 

these seasons represented the extremes of pollution in Beijing, the data was used 

to evaluate risk equations and air quality indices rather than as a representation of 

the Beijing atmosphere.  

Collection of PM for chemical analysis was achieved using a three stage 

slotted impactor (TE 230) retrofitted to a high volume air sampler from Tisch 

Environmental, Inc. (Cleves, OH). Operation at 1.1 m
3
/min allowed accumulation 

of three particle size fractions:  >7.2 µm (stage 1), 1.5-7.2 µm (stage 3), <1.5 µm 

(backup stage) collected on quartz fiber filters. The filters were baked at 350
◦
C for 

12 h prior to field deployment to remove any organic contaminants. A 24 h 

collection time was implemented. Meteorological data was collected for the 

duration of the sample collection period using HYSPLIT by NOAA ARL with 

archived data. Pre- and post-sampling weight of the filters was determined 

gravimetrically after equilibrating to room temperature and humidity. Average 

humidity was 52.1 ± 8% (summer) and 39.3 ± 14% (winter). For PM mass 

comparison, the backup and stage 3 filters were combined during data analysis for 

comparison to the traditionally monitored PM10, particles with diameters less than 

10 µm. Similarly, the backup filter represents particle diameters similar to that of 

traditionally monitored, PM2.5, diameters less than 2.5 µm, and is used for direct 
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comparison. Filters were stored in aluminum foil and transported on ice packs at < 

4
◦
C until sample analysis.  

Chemicals 

Solvents were Optima® grade or better (Fisher Scientific, Pittsburgh, PA). 

The following PAHs were included: naphthalene (NAP), 2-methylnaphthalene (2-

mNAP), 1-methylnaphthalene (1-mNAP), 1,6-dimethylnaphthalene (1,6-

dmNAP), acenaphthylene (ACY), naphthalene, 1,2-dimethylnaphthalene (1,2-

dmNAP), acenaphthene (ACE), fluorene (FLU), dibenzothiophene (DBT), 

phenanthrene (PHE), anthracene (ANT), fluoranthene (FLA), pyrene (PYR), 

retene (RET), 1-methylpyrene (1-mPYR), benz(a)anthracene (BaA), chrysene 

(CHR), chrysene, 6-methyl (6-mCHR), benzo(b)fluoranthene (BbF), 

benzo(k)fluoranthene (BkF), benzo(a)pyrene (BaP), indeno(1,2,3-c,d)pyrene 

(IcdP), dibenz(a,h)anthracene (DahA), benzo(ghi)perylene (BghiP) and 

dibenzo(a,l)pyrene (D(a,l)P), dibenzo(a,e)pyrene (D(a,e)P), dibenzo(a,h)pyrene 

(D(a,h)P), dibenzo(a,i)pyrene (D(a,i)P), dibenzo(a,e)fluoranthene (D(a,e)F), 

Accustandard, New Haven, CT. Additional standards with the molecular weight 

of 302 were purchased: dibenzo(j,l)fluoranthene (D(j,l)F), 

dibenzo(b,k)fluoranthene (D(b,k)F) and naphtho[2,3-b]fluoranthene (N[2,3-b]F), 

Chiron AS, Trondheim, Norway. The following deuterated PAHs were used as 

surrogate recovery standards: acenaphthylene-D8, benzo[a]pyrene-D12, 

benzo[g,h,i]perylene-D12, fluoranthene-D10, naphthalene-D8, phenanthrene-

D10, pyrene-D10; and perlyene-D12 was used as the internal standard 

(Cambridge Isotopes Laboratories, Inc., Andover, MA). A detailed list of PAHs 

can be found in the Supporting Information. Standard Reference Materials 1491 

(alkylated PAHs in toluene) and 1649b (urban dust) were obtained from National 

Institute of Standards and Technology (Gaithersburg, MA). 

Sample Preparation 
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 Each intact filter was equilibrated to room temperature and packed into 

individual cells for extraction of analytes. Pressurized solvent extraction (ASE 

300, Dionex Corporation) was performed with two cycles of 75:25 

hexane:acetone, followed by two cycles of ethyl acetate (5 minute static, 240 

second purge, 100% flush volume, 10.3 MPa). 10% of the filter extract was 

isolated and spiked with deuterated surrogate PAHs. Samples were concentrated 

using N2 at ambient temperatures. Concentrated extracts were subjected to a 

chromatography clean-up step using 100 mg silica Discovery® solid phase 

extraction tubes (Supelco, Bellefonte, PA) and eluted with 2% (by volume) 

dichloromethane in isooctane. The final concentrated extracts were spiked with 

the deuterated internal standard for GC-MS analysis. 

Analysis 

DBP quantitation and MW 302 isomer discrimination was accomplished 

using a gas chromatography (GC) method adapted from Bergvall et al [11]. Two 

DB-17MS columns (30 m x 0.25 mm x 0.15 µm, Agilent J&W, Wilmington, DE) 

were joined by an Agilent Ultimate Union kit (Agilent, Wilmington, DE). GC 

parameters were as follows: injection port at 310°C, 1 ml/min helium flow, 80°C 

initial temperature, 1 min hold, 40°C/min ramp to 200°C, then 10°C/min ramp to 

315°C followed by a 45 min hold for a total run time of 61 min.  

All other PAH analysis was accomplished using a DB-5MS column (30 m 

x 0.25 mm x 0.25 µm, Agilent J&W, Wilmington, DE) GC parameters were as 

follows: injection port maintained at 300°C, 1.5 ml/min helium flow, 55°C initial 

temperature, 1 min hold, 25°C/min ramp to 320°C, followed by a 3 min hold. All 

samples were analyzed using Agilent 5975B GC-MS in electron impact mode 

(70eV) utilizing selective ion monitoring (SIM). MS temperatures were operated 

at 150, 230 and 280°C for the quad, source, and transfer line, respectively. 

Sample concentrations were determined by the relative response ratio of the 
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deuterated surrogate to the target standard in a ten point calibration curve having a 

correlation coefficient of > 0.98.  

Quality Assurance/Control 

Mean recoveries of added surrogate standards were between 50-95%, 

recoveries generally increasing with molecular weight of labeled surrogate.  

Method detection limits ranging from 1.4-14.2 pg/µl were calculated using the 

standard deviation of seven blank-subtracted replicates with 99% confidence (α = 

0.01). Analyte method recoveries ranged from 74-123%. Greater than 30% of 

analyzed filters consisted of field (N=5), trip (N=1), and laboratory blanks (N=2), 

while reagent blanks accompanied each analytical run. All samples were field-

blank corrected due to the presence of lighter molecular weight PAHs at low and 

negligible concentrations.  

National Institute of Standards and Technology (NIST) Standard 

Reference Materials (SRMs) were utilized for method validation. Less than +/- 

10% deviation for non-polar substituted PAHs was achieved using SRM1491a 

(alkylated PAHs in toluene). Average recoveries of certified values of PAHs, 

including two DBPs, from SRM1649b ranged from 85-124%. Tables of SRM 

recoveries can be found in the Supporting Information.  

Risk Calculations 

Carcinogenic risk was calculated for inhalation exposure based on the daily 

measured concentrations of PAHs on PM1.5 for both seasons in this study. PAHs 

designated carcinogenic by the International Agency for Research on Cancer 

(IARC) were normalized to BaP using Toxic Equivalency Factors (TEFs) [14]. 

Cancer risk is determined by multiplying PAH concentration by a unit risk (UR) 

value for BaP.  

Daily and lifetime risk can be calculated assuming standard default values for 

body weight (70 kg) and respiratory rate (20 m
3
/min) and applying predetermined 

UR values in Equation 1 (see below). A URB[a]P of 0.0011 (µg/m
3
)
-1

 is commonly 
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used for daily inhalation risk calculations and was obtained from a rodent study 

[15]. The WHO determined a lifetime cancer potency factor from an 

epidemiology study of coke-oven workers [4]. BaP was determined to constitute 

0.71% of the benzene soluble coke-oven emissions, allowing calculation of unit 

risk at 8.7 x 10
-5

 per ng/m
3
 BaP and a respective URB[a]P of 0.09 (µg/m

3
)
-1 

[4].  

 

(1)   Cancer Risk = ([PAH]xTEFPAH) x URB[a]P     

 

Statistics 

Analysis was performed using Systat Software, Inc., SigmaPlot 11.0. An 

interfering compound, possibly plant waxes, prevented the quantitation of BbF 

and BkF from the larger PM, only during the summer. However, this exclusion 

does not affect risk equations since risk equations were based solely on PM1.5.  

RESULTS AND DISCUSSION  

DBP and MW 302 Isomer Measurement 

Detection and separation of D(a,l)P and other DBPs in Beijing PM was 

confirmed using authentic standards of structural isomers known to co-elute using 

traditional chromatography methodologies [7, 10, 11]. Over 20 isomers with a m/z 

of 302 were baseline separated from SRM1649b (urban dust) and from Beijing 

PM. Peaks were identified based on retention time and ion fragmentation pattern 

compared to the authentic standards. Excellent recoveries of certified and 

reference values for MW 302 isomers in SRM1649b is demonstrated (Supporting 

Information). Recoveries of certified values were 109 ± 6% for D(a,e)P and 105% 

± 5% for D(b,k)F. Authentic standards of D(b,k)F and D(a,e)F could not be 

separated, therefore values of D(b,k)F may have included D(a,e)F. To our 

knowledge, separation of D(a,e)F and D(b,k)F isomers from matrices has not been 

reported. The recovery of D(a,l)P from this study was lower than that reported as 

a reference value by NIST [16], but good agreement is observed for D(a,l)P and 
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reported DBP isomers with Bergvall et al even though a programmed temperature 

injection, LC step and GC guard column was employed for their analysis [11, 17]. 

Other studies have identified MW 302 isomers from cigarette smoke, diesel 

exhaust and tar-cork [18] as well as other SRMs [19] using similar LC/GC-MS 

methods. Schubert et al found GC-MS methods more efficient than LC and 

identified the most extensive list of MW 302 isomers from a number of SRMs 

[20].  

Using methodologies and instrumentation similar to that of Schubert et al, 

we found that the number and peak profiles from SRM1649b were very similar to 

previous reports [17, 20] and also to the Chinese air samples (Figure 2.1.). This 

observation was also noted from the above mentioned study comparing MW 302 

isomers from Stockholm to a previous lot of urban dust, SRM1649a. This 

Swedish study was one of the first to report the predominance of DBPs in diverse 

atmospheres and positively identified four MW 302 isomers [11]. In the present 

study, we identified seven MW 302 isomers in ambient air using authentic 

standards. From SRM1649a, Schubert et al reported 22 MW 302 isomers were 

identified based on 17 authentic standards and literature comparisons [20]. Based 

on those findings, the tentative identification of most peaks from the Beijing air 

was possible; however some isomers may still have co-eluted. Data from Schubert 

et al suggested that the peak we identify as D(a,h)P may also contain dibenzo(a,j 

& a,l)fluoranthene [20].  

Environmental occurrences of these six-ring PAHs are infrequently 

reported and it should be emphasized that D(a,l)P was detected in the respirable 

fraction (PM1.5) during both seasons in Beijing. MW 302 PAHs were present in 

all three particle size fractions measured during the winter and the summer. All 

four of the carcinogenic DBPs were detected in the Beijing atmosphere and 

D(a,e)P was the most frequently measured DBP. Dibenzofluoranthene and 

napthofluoranthene isomers were also measured at 100% detections in airborne 
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particulate matter from Beijing. The peak profiles also clearly demonstrated the 

seasonal distinction in MW 302 occurrence. The peak profile from Beijing winter 

was more similar to that of SRM1649b (representing a yearly composite from 

1976-1977 from Washington DC) than the Beijing Summer (Figure 2.1.). 

PAH and PM Concentrations 

Total PAHs. 

A number of intense sampling campaigns have used sampling data from 

Peking University to represent the Beijing atmosphere and found that pollutant 

concentrations were not significantly different from other locations within the city 

[21]. Further, since summer and winter have historically represented low and high 

PAH concentrations in Beijing [21], we collected data from both seasons. 

The total PAH concentrations were 15.8 ± 3.24 ng/m
3 

and 524.8 ± 318 

ng/m
3
 during the summer and winter respectively. PAHs were 10-50 times more 

concentrated in the winter, indicating a strong seasonal effect. Greater than 80% 

of the PAH load was concentrated on PM1.5. Individual PAH concentrations for 

PM1.5, PM1.5-7.2 and PM7.2 during the summer and winter are listed in the 

Supporting Information.  

The USEPA 16 priority pollutant PAHs made up the bulk of the 31 

measured PAHs with 87 ± 4% of the total PAHs during the summer and 75 ± 11% 

in the winter. Half of the total PAHs during the summer and 33% of the total 

PAHs in the winter were IARC classified carcinogens. The seven MW 302 

isomers made up < 10% of the total PAHs during the summer, but nearly 30% of 

all PAHs during the winter on PM1.5. Potential for exposure of carcinogenic PAHs 

was high with 89% (summer) and 94% (winter) of the total carcinogenic load 

concentrated on PM1.5.  

Observed PAH concentrations were high for a developed urban area, but 

not uncommon for Beijing. For example, PAH concentrations from the Beijing 

winter of 2005-6 were 407 ng/m
3 

on average
 
[22]. In developed countries, PAH 
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concentrations in urban areas typically fall in the range of 1-10 ng/m
3
 for 

European nations [4] and 0.1-19 ng/m
3 

for the U.S. [23]. Inevitably, the number of 

PAHs included in the summation varied from study to study, and none of the 

studies included the MW 302 isomers. Even though total PM is most frequently 

monitored for PAHs, more studies are fractionating the PM to determine PAH 

loadings. Recent studies from Asia reported that > 90% of nine monitored PAHs 

from Tokyo, Japan [24] and > 50% of the USEPA 16 priority pollutant PAHs 

from a multi-city study in China [25] were located on the ultrafine particulate 

matter. 

Carcinogenic PAHs and MW 302 Isomers. 

Average concentrations of carcinogenic and MW 302 PAHs can be found in 

Figure 2.2. MW 302 isomer concentrations were on the same order of magnitude 

as most carcinogenic PAHs. D(a,l)P was the least concentrated MW 302 isomer; 

however, D(a,e)P was measured at an order of magnitude higher concentration 

and may also be more potent than BaP [5]. BaP was more concentrated then most 

DBPs; however, BbF was the most concentrated carcinogenic PAH measured 

(Figure 2.2.).  

The MW 302 isomers were correlated to the sum of carcinogenic PAHs in 

the winter (R > 0.9, p-value < 0.001), but not in the summer time. Since very little 

data has been reported for DBPs in the atmosphere, comparisons were somewhat 

limited. Similar to this study, Castro et al and Bergvall et al detected low pg 

concentrations of D(a,l)P, while other carcinogenic PAH concentrations were 

much higher in air particulates from Portugal [8] and Sweden [7], respectively. 

Bergvall et al also reported that D(a,l)P was the least concentrated DBP isomer 

from ambient air [7]. However, other carcinogenic PAHs were one to two orders 

of magnitude higher than total DBPs in Sweden. The relationship of carcinogenic 

PAHs to MW 302 isomers may be influenced by source as evidenced by findings 

from an occupational exposure study to diesel exhaust, where DahA and D(a,l)P 
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were statistically equivalent during both summer and winter [9]. From Beijing, we 

also found no statistical difference between wintertime D(a,l)P and DahA 

concentrations (p-value = 0.28), although DahA was 10-60 times higher in the 

summer. Each scenario provided evidence that DBPs and isomers are occurring at 

concentrations similar to other carcinogenic PAHs in ambient air. The seasonal 

and source effect on the relationship between DBPs and other carcinogenic PAHs 

warrants further investigation. 

Other PAHs. 

The risk assessment was only performed on the IARC classified 

carcinogenic PAHs, however, a number of other PAHs detected here could aide in 

source identification and future mitigation initiatives. Justification of human 

health relevance for alkylated and sulfur substituted PAHs and some MW 302 

isomers was hindered by limited toxicological data, but concentrations reported 

here may be of use for future exposure evaluations. Dibenzothiophene is 

suggested as a marker for sulfur-containing fuel, and the detection only in the 

winter could signify the predominance of coal pollution rather than diesel vehicles 

[1]. Furthermore, dibenzothiophene was strongly correlated (R > 0.8, p-value < 

0.001) to the carcinogenic PAHs and MW 302 isomers. Alkylated PAHs were 

also primarily detected in the wintertime, but are not correlated with the 

carcinogenic PAHs. Often, the presence of certain PAHs (e.g. retene) and PAH 

ratios are used to diagnosis combustion sources in air. To date, the main pollutant 

sources in Beijing are reported as coal and vehicular emissions [26],[21],[27]. 

PAH diagnostic ratios from this study supported these main sources of PAHs and 

details can be found in the Supporting Information. 

Particulate Matter. 

Unlike the observed seasonal variability of PAH concentrations, PM mass 

lacks temporal resolution for both PM1.5 and PM10 and no statistical differences 

between seasons was observed. PM collected on the filters is predominately of the 
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smallest size fraction (PM1.5) consisting of 58% and 76% of the total PM mass for 

summer and winter respectively. Approximate comparison to the traditional PM10 

was achieved by summation of PM1.5 and PM1.5-7.2. Overall average 

concentrations were 175 µg/m
3
 for PM1.5 and 225 µg/m

3
 for PM10. Three days 

(August 18-20, 2007) included in the summertime data set were source control 

trials (car bans) for preparation of the Beijing Olympics [28]. No statistical 

differences in PM mass or PAH concentration between the car ban (source 

control) and non source control days was found (p-value > 0.05). Similarly PM 

mass concentrations and null source control results was also reported by Wang et 

al who conducted a study on PM pollution in Beijing the following year [28]. PM 

concentrations reported here were also comparable to previous years in China. 

During 2002-2003 similar concentrations were reported in Beijing for PM2.5 at 

concentrations of 77.3 and 135.7 µg/m
3
 for summer and winter, while PM10 was 

117.2 and 184.4 µg/m
3
 air [26]. Similar to this study, Huang et al in 2006 found 

16-54 times higher concentrations of PAHs in Beijing winter compared to 

summer, despite similar PM mass concentrations [21]. 

There was a lack of correlation between PM mass and ΣPAH 

concentration during the summer, but positive correlations (R
2
 > 0.6, p-value < 

0.05) were observed for all three size fractions in the winter. Secondary aerosols, 

salts and plant waxes may have contributed to the PM mass in the summer [29], 

while combustion sources for heating and transportation comprised the bulk of 

PM during the winter relating to positive correlations with the PAHs. 

Atmospheric PM and PAH concentrations were strongly affected by 

meteorological conditions [28]. For the winter samples, negative correlations with 

wind speed and positive correlations to humidity were observed. No clear trends 

were observed for the summer data. More detailed information on correlation 

statistics and meteorology can be found in the Supporting Information. 
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Air Quality 

Daily air quality standards or maximum acceptable concentrations set by 

SEPA and international agencies for PM10 and PM2.5 were exceeded during this 

study. The present study recorded daily PM10 concentrations that exceeded 

Chinese [30], EU [31] and WHO [32] standards of 50 µg/m
3 

by a factor of four. 

WHO calculated that for every 10 µg/m
3 

increase in PM, there is an 0.5% increase 

in mortality [32]. Summer 2007 and winter 2008 daily averages resulted in an 

estimated 9% increase in mortality. PM2.5 maximum acceptable concentrations 

over a 24 h period according to WHO [32] is 35 µg/m
3
. Both standards were 

exceeded in every daily PM1.5 measurement, regardless of season, by a factor of 

five. China has not implemented a PM2.5 standard limit value. 

Air quality based on PAH pollution is typically measured by the atmospheric 

particulate concentration of BaP. SEPA [30] has set a daily limit for BaP at 10 

ng/m
3
 air, while the EU [31] has assigned an annual average standard of 1 ng/m

3
 

air. Air quality assessments from the present study were based on the PAH levels 

measured from PM1.5 since this is the respirable fraction and the majority of PAHs 

were concentrated on the smallest PM. It is important to note that neither BaP 

limit was exceeded in the summer. During the winter, the daily BaP concentration 

was over the EU limit each day, while 75% of the days exceeded the limit set by 

SEPA. Daily wintertime BaP concentrations ranged from 2.5 to 38.5 ng/m
3
. 

Because the use of BaP as a reliable and predictive indicator of PAH pollution has 

been criticized [1, 5, 6, 9], a more realistic estimation of air quality may be the 

summation of carcinogenic PAHs.  

Carcinogenic PAHs were potency adjusted according to BaP using TEFs.  

Many groups have reported TEFs for PAHs and values vary depending on 

experimental setup. For example, reported TEF values for D(a,l)P range from 1 to 

100 [1]. The TEFs applied here were chosen based on inclusion of DBP isomer 

data and these values are commonly utilized [15]. A list of PAHs and respective 
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TEFs used in this study can be found in Table 2.1. Despite the fact that relatively 

high concentrations of the MW 302 isomers of D(j,l)F, D(b,k)F and N[2,3-b]F 

were measured, they were not included since potency information was not 

available. Transformation of these carcinogenic PAHs (Table 2.1) into BaP 

equivalents resulted in ΣPAH·TEF concentrations of 2.4 ± 0.25 and 231 ± 100 

ng/m
3
 for summer and winter, respectively (Figure 2.3.). The TEF-adjusted PAHs 

exceeded the EU PAH limit value during the summer.  

Figure 2.3. compares contributions of BbF, BaP and D(a,l)P, along with the 

∑DBPs to the total carcinogenic load of ∑PAHs. The contribution of ∑DBPs was 

only significant in the wintertime, whereby DBPs made the largest contribution to 

the overall sum. In the summer, BaP was the most predominate carcinogenic 

PAH. Using a TEF of 100 for D(a,l)P, Bergvall et al reported that the potency 

adjusted concentrations of the DBPs were very similar to that of BaP from 

Stockholm air (autumn and spring) and also SRM1649 (Washington DC in 1976-

1977) [7]. Even though we applied a lower TEF value for D(a,l)P, our 

summertime results agreed, in that there was no statistical difference in the 

potency of BaP and the DBPs, p-value > 0.3. During the winter, potency 

attributed to DBPs was eight times greater than BaP. One explanation could be 

the seasonal difference in the individual DBPs measured. D(a,i)P, D(a,h)P and 

D(a,e)P were the main contributors to the TEF-adjusted PAH concentration in the 

winter, while D(a,e)P was the only DBP found at high concentration in the  

summertime. 

Risk Estimations  

PAH concentrations from Beijing PM1.5 were used to calculate risk on a daily 

basis and for a lifetime using Equation 1 and respective URB[a]P values. The TEF-

adjusted concentrations for the carcinogenic PAHs (Figure 2.3.) were used for the 

risk estimations. The calculated excess cancer risk was 2.6 ± 0.4 x 10
-6

 during the 

summer, 2.5 ± 1.6 x 10
-4

 during the winter and 1.2 ± 1.4 x 10
-2

 for a lifetime. 
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Figure 2.4. illustrates calculated risks of PAHs per million people for selected 

PAHs and the summation of PAHs. Although the seasonal differences were quite 

dramatic and interesting, the lifetime calculation (summer and winter data 

combined) yielded the highest risks, ranging from 1 in 10,000 to 6 people in 100 

having an increased risk of cancer. 

An important result was the influence of the DBP isomers on risk assessment. 

There was a statistically increased risk (p < 0.007) when including DBPs in 

ΣPAHs. ∑DBPs accounted for 58 ± 32% of the lifetime risk. Specific isomers 

played different roles depending on season. In the summer, 12% of total risk was 

attributed to high concentrations of D(a,e)P. In the winter, 14, 21 and 48% was 

attributed to D(a,e)P, D(a,h)P and D(a,i)P, respectively. D(a,l)P accounted for 8% 

(summer) and 1% (winter) and 5% (lifetime) of the total risk. Interestingly, the 

potency contribution of D(a,l)P was actually less than that of BbF. Even so, BbF 

had little influence on the risk outcome even though it was one of the most 

concentrated carcinogenic PAHs in PM1.5.  By including other carcinogenic PAHs, 

the risk was up to 10 times higher than if the risk were calculated solely from 

BaP. 

Sauvain et al reported a five fold increase in risk when 15 measured PAHs 

were included in the risk assessment from an occupational study of diesel exhaust 

particles in Switzerland [9]. The same DBP isomers were included and risks were 

2.1 x 10
-3

 during the summer and 1.6x10
-2

 during winter [9]. While the 

importance of including other PAHs in risk assessment was addressed, the 

individual contribution of the DBPs to the risk was not discussed. Although 

higher risks would be expected from an occupational study, the DBP 

concentrations, relative to other PAHs, were much higher in the present study. 

The aim of this study was to highlight the importance of DBPs in the 

atmospheric PM and was not meant to quantify actual carcinogenic risk for the 

Chinese people. Previous investigations by Zhang et al have reported that annual 
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excess lung cancer risk for Chinese people was 6.5 x10
-6

 for population-weighted 

PAH concentrations [33].  This value is slightly higher than summertime risk 

calculations reported here; however, Zhang et al considered the entire country, 

other atmospheric variables, and population dynamics for an integrated 

assessment of carcinogenic risk attributed to ambient PAHs. DBPs were not 

included in their emission inventories. Eastern China and urban cities, like 

Beijing, were noted to have an increased risk over rural and western China, with 

the exception of coal coking communities [33]. 

Implementation of the TEF approach to normalize the partially characterized 

air samples into BaP carcinogenicity warrants recognition that assumptions made 

may lead to over or under estimations of risk. Currently, PAHs are administered 

by other routes of exposure for determination of potency factors in animal studies. 

The lack of data for inhalation TEFs resulted in an unknown degree of 

uncertainty. Assuming additivity versus other effects may have produced inflated 

risk results.  Underestimations of risk could result from ignored synergistic 

effects. Additionally, mid-range TEFs were used for the two most potent PAHs, 

DahA and D(a,l)P. Gas phase PAHs and the other particulate matter components 

(e.g. metals) were not taken into account and only IARC classified carcinogens on 

PM1.5 were included in this risk exercise. In addition, by sampling at a fixed 

location, alternative to point of contact, we assumed a lifetime exposure to 

concentrations similar to what was measured in this study. 

CONCLUSIONS 

The profile of MW 302 isomers found in Beijing PM was very similar to 

that of SRM1649b (collected in Washington DC) and previous reports from PM 

collected in Stockholm [7]. The high concentration of DBPs and other MW 302 

isomers compared to frequently monitored PAHs provided further evidence that 

DBPs are likely predominant carcinogens occurring in urban atmospheres around 

the world. Even though PM1.5 proved to be the most important particle size 
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fraction, the need for the characterization of PM composition when assessing air 

quality was also demonstrated. Anthropogenic influences remained unnoticed 

from a PM air quality standpoint, but greatly affected air quality according to 

PAH standards. The disparity became larger if potent carcinogens, like DBPs, 

were included in the air quality assessments. The motivation to study DBPs and 

other MW 302 isomers in airborne particulate matter stemmed from D(a,l)P, 

considered the most potent PAH largely due to its structural fjord region [1]. 

However, other DBP isomers, namely D(a,e)P, D(a,i)P and D(a,h)P have known 

carcinogenic potential even though they lack fjord regions. These DBPs were 

more concentrated and therefore significant contributors of DBP carcinogenic 

potential. Moreover, two isomers measured here, D(j,l)F and D(a,e)F, possess 

fjord regions like D(a,l)P, but limited carcinogenicity information was available. 

These PAHs should be considered in future monitoring studies, especially since 

dibenzofluoranthenes seemed to occur at higher concentrations than DBPs. There 

is a need for continued research involving further identification and measurement 

of MW 302 isomers in ambient air. However, this data is only useful for air 

quality and risk assessments if potency data becomes available. Spatial and 

temporal studies, taking into account population and exposure dynamics, is 

needed to further evaluate the effects of DBPs on carcinogenic risk.  
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Figure 2.1. Chromatogram of m/z 302 from Urban Dust SRM1649b and Beijing 

PM1.5. . Representative chromatograms demonstrate the separation of molecular 

weight (MW) 302 isomers. Numbered peaks correspond to MW 302 isomers that 

have positively identified using authentic standards.  1 D(a,l)P, 2 D(a,e)P, 3 

D(a,h)P, 4 D(a,i)P, 5 D(j,l)F, 6 D(b,k)F & D(a,e)F, 7 N[2,3-b]F. Separation was 

achieved using a 60 m DB-17MS column with 0.15 µm film thickness (Agilent 

J&W), data collected in SIM scan. 
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Figure 2.2. Mean PAH Concentrations. PAH concentrations (pg m
-3

) from PM1.5, 

plotted with standard deviation. Summer (N=7) and winter (N=8) PAHs are 

normalized per cubic meter of air sampled. Note the different scales showing 

order of magnitude higher concentrations for wintertime samples. Only known 

carcinogenic PAHs (IARC classified [14]) are bracketed as “Carcinogenic.” 
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Figure 2.3. Benzo(a)pyrene (BaP) Equivalent Concentrations. Figure shows BaP 

equivalent concentrations using TEFs of selected carcinogenic PAHs on PM1.5. 

ΣPAHs represents only the sum of the carcinogenic PAHs. The figure illustrates  

the sizable seasonal differences and the contribution of important PAHs on air 

quality assessments based on BaP limit values from the European Union (EU) 

[31] and China [30].  
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Figure 2.4. Box plots of excess risk per million people during summer (top), 

winter (middle), and calculated for a lifetime (bottom) from exposure to select 

PAHs and the sums of carcinogenic PAHs measured on PM1.5. Boxes represent 

the 5
th

 and 95
th

 percentile; dotted and solid horizontal lines represent mean and 

median values, respectively. 
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Table 2.1. List of PAHs included in air quality and risk assessment calculations. 

TEFs are derived with respect to BaP potency. Only known carcinogens (IARC 

classified [14]) have been included. The TEFs used in this study are summarized 

by the California Environmental Protection Agency Office, OEHHA [15]. 
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SUPPORTING INFORMATION 

Figure 2.5. Correlations of PAHs to particulate matter (PM) mass according to 

PM size fraction. Linear regression of the sum PAHs (pg m
-3

) to PM mass (mg) 

for PM1.5 (top), PM1.5-7.2 (middle) and PM7.2 (bottom) during both seasons. The 

solid line represents the regression line, while the inner and outer dash sets 

display the confidence and prediction intervals respectively. Correlations are 

considered significant if the p-value < 0.05. 
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Table 2.2 PAH analyte list monitored by GC-MS with number of fused benzene 

rings, grouping designation, abbreviation and chemical formula. Carcinogenic 

PAHs included those determined as IARC class 1, 2A and 2B (carcinogenic, 

possible and probable human carcinogens) [1]. 
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Table 2.3. PAHs recovered from National Institute of Standards and Technology 

(NIST) Standard Reference Materials (SRMs) [2]. 
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Table 2.4. Comparison of Molecular Weight 302 Recovery 
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Table 2.5. Mean PAH Concentrations. Summer (N=7) and winter (N=8) 

measured PAH concentrations (pg m-
3
) on three size fractions of airborne 

particulate matter: PM7.2, PM1.5-7.2 and PM1.5. PAHs are organized by 

classification and normalized per cubic meter of air sampled. 
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Table 2.6. PAH diagnostic ratios obtained from PM1.5 with mean and 95% CI (in parentheses). Taken alone, the use of 

PAH ratios to distinguish sources may be questionable since Beijing air is a myriad of emission sources, but they do 

provide a useful tool for comparison. An IPY/(IPY+BghiP) ratio of 0.47 ± 0.01 (summer)  and 0.31 ± 0.1 (winter) is 

observed from this study. Zhou et al measured similar ratios, suggesting the lower wintertime ratio resulted from 

increased coal use in Beijing winter [3]. Diagnostic ratios are widely reported in air. Zhang et al concluded air to be the 

most stable sample media for PAH preservation of source ratios compared to other media [4], however, caution should 

be used when assigning sources based on diagnostic ratios alone. For example, PYR/BaP ratios of 1.2 in the summer 

and 3.2 in the winter can be interpreted as indicative of different sources. On the other hand, the seasonal difference 

could result from a suite of other factors including increased emissions of PYR in the winter, increased temperature-

facilitated partitioning to the particulate phase during the cold season, or ratio shifts could also be a product of greater 

photodecomposition of PYR during the summer. Furthermore, a few ratios were consistent between seasons: BaA/CHR 

of 0.7, FLA/(FLA+PYR) of 0.4 and 1mPYR/PYR of 0.1. Traditionally, IPY/(IPY+BghiP) ratios of 0.18, 0.37, and 0.56 

have been used to characterize gasoline, diesel, and coal/coke emissions respectively [5]; a recent study characterizing 

the emissions from Chinese coals by industrial and residential combustion, report values of 0.50, 0.57 and 0.35 for 

industrial, residential, and coal briquette combustion respectively [6]. PM mass ratios (PM2.5/PM10) have been shown to 

reflect different sources. Typically higher ratios (> 0.5) are indicative of anthropogenic over natural sources [7].  In this 

study PM1.5/PM10 were 0.7 and 0.9 during the summer and winter respectively. The enrichment of smaller particles in 

the winter could indicate different or increased anthropogenic combustion sources. The mass ratio six years prior was 

reported much lower at 0.45 to 0.48 and 0.5 to 0.7 in summer and winter respectively [8]. 
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Table 2.7. Seasonal PM Mass and T tests. Table shows no significant difference (p-value > 0.05) between summer 

(N=7) and winter (N=8) PM mass for PM1.5 and PM10, but reflects a significant difference for PM1.5-7.2 and PM7.2. 
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Table 2.8. Mean meteorological parameters (95% CI) obtained by NOAA ARL with GDAS1 archived data 

(http://www.ready.noaa.gov/ready/amet.html). Data was retrieved after converting sampling times into Greenwich 

Mean Time for Beijing, China (latitude 39.9, longitude 116.4). Data was collected by NOAA every three hours at 500 

millibar, unless otherwise specified, and averaged for each 24 h sample period. Values in the table represent the mean 

data over the sample period. It is noteworthy that a recent PM study from Beijing applied a humidity correction to PM 

mass measurement [9]. Wang et al observed a large spread of relative humidity (40-90%), but humidity effects for this 

study are expected to be negligible since lower relative humidity was recorded and standard protocols for mass 

measurements were followed [9]. For example, humidity was highest during summer, ranging from 42-65%. 

Corrections from Wang et al would result in 1 ± -3 µg/m
3 

change in PM mass [9]. 
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ABSTRACT 

Polycyclic aromatic hydrocarbons (PAHs) substituted with a ketone or quinone 

functionality (OPAHs) may be important environmental contaminants. OPAHs 

from environmental samples have demonstrated toxicity and may be more 

harmful than PAHs. Knowledge gaps concerning the occurrence of OPAHs in the 

total environment arise from analytical difficulties, as well as limited standards 

and methodologies. We developed an optimized method to quantify five ketone 

and four quinone OPAHs from matrices ranging from biological tissue to diesel 

particulates. Five National Institute of Standards and Technology Standard 

Reference Materials (SRMs) were analyzed. This is the first report of OPAH 

quantitation in SRM 2977 (mussel tissue), SRM 1944 (New York /New Jersey 

waterway sediment), SRM 1975 (diesel extract) and SRM 1650b (diesel 

particulate matter) and among the few to report concentrations from SRM 1649 

(urban dust). Furthermore, this is one of the first reports of OPAHs in biological 

tissue. Σ9OPAHs were 374 ± 59 µg/kg (mussel tissue), 5.4 ± 0.5 mg/kg 

(sediment), 16.9 ± 1.6 mg/kg (urban dust), 33.4 ± 0.4 mg/kg (diesel extract) and 

150 ± 43 mg/kg (diesel particulate matter). In all SRMs, the levels of OPAHs 

were similar to or exceed levels of PAHs. Of the OPAHs tested, the most 

frequently occurring in the environmental matrices were 9-fluorenone, 9,10-

anthraquinone, benzofluorenone, and 7,12-benz[a]anthracenequinone.  

INTRODUCTION 

Reporting of oxygenated polycyclic aromatic hydrocarbons (PAHs) in 

environmental matrices, namely in soil and air, have been slowly increasing in 

recent years as analytical methods become available and researchers are realizing 

the prevalence of oxygenated PAHs. The oxygenated PAHs discussed here have a 

ketone or quinone group attached to the PAH rings (OPAHs) providing a 

potentially more mobile, bioavailable and/or persistent compound than PAHs [1]. 

OPAHs are thought to be stable [1] and early investigations attributed 
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environmental prevalence to direct combustion emissions and degradation of 

PAHs in the atmosphere [2].  Subsequent research has shown that the OPAH 

quinones also result from further degradation of methylated, nitrated, and other 

oxygenated PAHs by light radiation [3, 4].  More recently, OPAHs have also been 

shown to form and accumulate after biological remediation of PAH contaminated 

soils [1]. Consequently, researchers have suggested calling OPAHs “dead-end” 

products. Given the many potential sources of OPAHs, they could be as 

ubiquitous as the much studied PAHs. 

There is growing evidence that OPAHs have important toxicological 

significance. The formation of OPAHs during mammalian metabolism can lead to 

genotoxicity, promoting carcinogenesis [5]. The OPAH quinone has been 

suggested to be the toxic species, having the capability to exert effects through a 

number of pathways including direct DNA, lipid or protein binding and redox 

cycling [6]. Some OPAHs are considered extremely toxic compared to other 

oxygenated PAHs, killing the majority of cells in a human cell mutagenicity assay 

[7]. In addition, bioassays of environmental samples indicate that OPAHs 

significantly contribute to toxicity [8, 9]. The quinone-enriched fractions of diesel 

particulates and ultrafine particulate matter were more potent than the PAH 

fraction for a number of toxic cellular endpoints [10]. Partly due to data gaps 

concerning environmental distribution and fate of OPAHs, the influence of OPAH 

exposure on mixture toxicity remains unclear. 

Determination of the sources and sinks, as well as transport of OPAHs in 

the environment is in its infancy. OPAHs have been identified in soils as products 

of biological degradation according to Lundstedt et al and references therein [11]. 

They have also been detected in soils before remediation began [12, 13] allowing 

the plausibility of soils to be both a source and sink of OPAHs. Atmospheric 

transformation by chemical oxidants can also degrade PAHs to OPAHs [14]. 

Indeed, several studies have measured OPAHs in atmospheres of urban [15-18] 
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and rural [19] locations around the world. Identical OPAH species have also been 

reported as photoproducts in aqueous environments [4]. However, many 

atmospheric studies have suggested that the source of OPAHs in the atmosphere 

result of direct combustion [15, 20, 21].  

Few combustion sources have been characterized or identified. Studies 

have reported identification of ninety seven oxygenated PAHs from a municipal 

waste incinerator [22] and over 40 ketone OPAHs were tentatively identified from 

wood smoke, coal and diesel combustion [23]. Diesel exhaust could be a 

significant source of OPAHs, but limited characterization in this media has been 

done [21, 24-27]. While the presence of OPAHs in soils and air has been 

demonstrated, other environmental media is largely underrepresented. Possible 

sinks of OPAHs are also yet to be determined. Emphasizing this point, to our 

knowledge, studies of OPAHs in food or organisms that may have the ability to 

uptake or bioaccumulate has not been done.  

One likely contributing reason for the limited number of OPAH studies in 

non-air (or soil) matrices is the limited number of OPAH analytes for which 

authentic standards were available. Although OPAH extraction [11, 28] and 

instrumental methods have been slowly developed using gas chromatography 

(GC)-mass spectrometry (MS), [11, 29] GC- tandem mass spectrometry (MS/MS) 

[30] and liquid chromatography (LC)-MS and LC-MS/MS [20, 31], a complete 

method validation is missing due to a lack of certified concentrations of OPAHs 

in applicable matrices. Also, deuterated OPAH standards only recently became 

available and researchers were relegated to use un-substituted PAHs or nitro-

PAHs for proxies of OPAH internal standards. Standard Reference Materials 

(SRMs) from the National Institute of Standards and Technology (NIST) are 

plentiful for PAHs, but none exist for OPAHs. To our knowledge, SRM 1649b 

(urban dust) is the only SRM to report values for OPAHs, and these are only 

provided as informational. Few researchers have reported concentrations of 
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OPAHs in other SRMs matrices, making comparisons and validations 

challenging. 

Given the unmet need for robust OPAH environmental distribution and 

fate information, we sought to develop an OPAH high through-put, selective and 

sensitive analytical method that combined a breadth of environmental matrices 

with the development of an expanded characterization of OPAHs. Using the 

analytical method, we have identified and characterized five widely and 

commercially available certified reference materials.  We further demonstrate the 

complex profile of OPAHs in a range of matrices using authentic standards and 

improved quantification by utilizing deuterated OPAH internal standards.   

EXPERIMENTAL 

Chemicals 

The following OPAHs were purchased:  acenapthenequinone (ACYQ), 

aceanthracenequinone (ACAQ), phenanthrene-1,4-quinone (1,4-PHEQ), 

benzo[c]phenanthrene-[1,4]quinone (B[c]PHE1,4Q), 1,4-anthraquinone (1,4-

ANTQ) from Chiron AS (Norway), 9-fluorenone (9-FLUO), 4H-

cyclopenta[def]phenanthren-4-one (CP[def]PHEO), 9,10-phenthrenequinone 

(9,10-PHEQ), 9,10-anthraquinone (9,10-ANTQ), benzofluorenone (BFLUO), 

benzanthrone (BEZO), 7,12-benzanthracenequinone (7,12-BaAQ), 5,12-

napthacenequinone (5,12-NAPQ) and benzo[cd]pyrenone (B[cd]PYRO) from 

Sigma (St. Louis, MO). The following PAHs, naphthalene (NAP), 2-

methylnaphthalene (2-mNAP), 1-methylnaphthalene (1-mNAP), 1,6-

dimethylnaphthalene (1,6-dmNAP), acenaphthylene (ACY), 1,2-

dimethylnaphthalene (1,2-dmNAP), acenaphthene (ACE), fluorene (FLU), 

dibenzothiophene (DBT), phenanthrene (PHE), anthracene (ANT), fluoranthene 

(FLA), pyrene (PYR), retene (RET), 1-methylpyrene (1-mPYR), 

benz[a]anthracene (BaA), chrysene (CHR), 6-methylchrysene (6-mCHR), 

benzo[b]fluoranthene (BbF), benzo[k]fluoranthene (BkF), benzo[a]pyrene (BaP), 
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indeno[1,2,3-c,d]pyrene (IcdP), dibenz[a,h]anthracene (DahA) and 

benzo[ghi]perylene (BghiP) were purchased from AccuStandard, New Haven, 

CT.  

The following deuterated surrogates were used for quantitation and 

method recovery: 9,10-anthraquinone-D8 and 9-fluorenone-D8 (C/D/N Isotopes, 

Quebec, Canada) for OPAHs and acenaphthylene-D8, benzo[a]pyrene-D12, 

benzo[g,h,i]perylene-D12, fluoranthene-D10, naphthalene-D8, phenanthrene-

D10, pyrene-D10 (Cambridge Isotope Laboratories, Andover, MA, USA) for 

PAHs. Perlyene-D12 and chyrsene-D12 were used as internal standards for 

instrumental quantification (Cambridge). High purity Optima grade or equivalent 

solvents (Fisher Scientific) were used in all studies. Anhydrous sodium sulfate 

(Fisher Chemical, Pittsburgh, PA, USA) was baked at 350 ºC for 24 h prior to 

use.  

Instrumentation 

Pressurized solvent extractions were preformed using Accelerated Solvent 

Extraction (ASE 300, Dionex, Sunnyvale, CA). Samples were extracted with the 

following operating conditions: 100 ºC, 10.3 MPa, 5 min static, 240 s purge, 

100% flush volume with two cycles of dichloromethane. Matrix interferences 

from lipid-containing matrices (sediment and mussel tissue) were removed with 

size exclusion chromatography. The instrument was equipped with a 515 HPLC 

pump, two Environgel columns in sequence (100 Ǻ pore size, 15µm) and a 2487 

dual wavelength detector, Waters, Milford, MA. Operating conditions were as 

follows: 5 ml/min flow rate at 1000 psi, using dichloromethane. One fraction, 

containing all PAHs and OPAHs, was collected from 14 to 20 min. 

All samples were analyzed using an Agilent 5975B GC-MS in electron impact 

mode (70 eV) utilizing selective ion monitoring (SIM) with a DB-5MS column 

(30 m length, 0.25 µm film thickness, 0.32 mm inner diameter, Aglient J&W, 

Santa Clara, CA USA). The GC-MS injection port was operated in splitless mode 
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fitted with a glass liner and wool with in an injection volume of 1 µl. Instrumental 

conditions for OPAHs were as follows: inlet was operated at 300 °C, initial oven 

temperature at 45 °C, 1 min hold, ramp to 180 °C at 25 °C/min, 2 min hold, ramp 

to 270 °C at 3.5 °C/min, 1 min hold, final ramp to 310 °C at 25 °C/min, 1 min 

hold for a total run time of 37.71 min and total column flow of 39 ml/min using 

helium as the carrier gas. MS temperatures were 150, 230, and 280 °C for the 

quadrupole, source and transfer line, respectively. SIM ions and an example 

chromatogram of a standard solution can be found in the Supporting Information. 

Non-polar PAHs were run separately under the following instrumental 

parameters: inlet was operated at 300 °C, initial oven temperature at 70 °C, 1 min 

hold, ramp to 300 °C at 10 °C/min, 4 min hold, ramp to 320 °C at 10 °C/min with 

a 2 min hold for a total run time of 32 min and total column flow of 34 ml/min 

using helium as the carrier gas. MS temperatures were 180, 280, and 280 °C for 

the quadrupole, source and transfer line, respectively. 

Standard Reference Materials (SRMs) 

Standard Reference Materials (SRMs) were purchased from the National 

Institute of Standards and Technology (NIST, Gaithersburg, MD, USA) and 

stored according to recommendations [32]. SRMs included SRM 1649b (urban 

dust), SRM 1975 (diesel extract), SRM 1650b (diesel particulate matter), SRM 

1944 (sediment), and SRM 2977 (mussel tissue). All SRM matrices were 

purchased as a solid with the exception of SRM 1975 which was a liquid.  

Sample Extraction 

Individual samples were weighed using an analytical balance (Mettler 

SX64, Toledo, OH). Samples were ground with anhydrous sodium sulfate at 

approximately 30 times the sample weight to ensure a homogenous sample and to 

minimize the dead volume in the extraction cell. Homogenates were transferred 

into stainless steel cells and spiked with deuterated surrogate OPAHs and PAHs. 

Cells were loaded onto the ASE 300 and extracted with high pressure and 
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temperature using dichloromethane. Since the diesel extract was purchased as a 

liquid, 100 µl aliquots of this SRM were added to the protocol during the clean-up 

step and deuterated surrogates were spiked at that time.  

Sample Clean up  

Size exclusion chromatography and solid phase chromatography were 

used for sample clean-up. Clean-up schemes were based on the level of 

complexity of each matrix and were modeled after established methods for 

organics per Certificate of Analysis from the SRMs [32]. For some matrices, a 

number of clean-up methods were acceptable. Different schemes were applied to 

some matrices to demonstrate the most efficient clean-up method specifically for 

OPAHs. The solid phase extraction tubes were matrix specific. 1000 mg 

Discovery® bonded silica and amino propyl solid phase extraction tubes 

(Supelco, Bellefonte, PA, USA) were fitted to a manifold and operated under 

vacuum at -10 mm Hg. Samples were selectively eluted into two fractions for 

discrimination of non-polar PAHs from more polar PAHs. The first elution was 

accomplished with 3 x 2 ml of 10% v/v dichloromethane: hexane. A second 

fraction with 3 x 2 ml of 20% v/v dichloromethane: hexane. A detailed schematic 

of the extraction and clean-up can be found in the Supporting Information. 

Scheme 1 was employed for urban dust and the diesel extract SRMs. 

Extracts from the ASE were concentrated and solvent exchanged into hexane for a 

final volume of 1 ml using N2 at ambient temperatures. Concentrated extracts 

were cleaned-up using silica solid phase extraction tubes and two separate 

fractions were collected. Scheme 2 applied to diesel particulate matter only. ASE 

extracts were also concentrated with N2 and solvent exchanged into hexane for a 

final volume of 1 ml. Samples were eluted through amino propyl solid phase 

extraction tubes and two fractions were collected. Scheme 3 was applied to 

sediment and mussel tissue SRMs. ASE extracts were concentrated and solvent 

exchanged into dichloromethane using N2 at ambient temperatures. Concentrated 
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extracts were subjected to size exclusion chromatography clean-up. The collected 

size exclusion chromatography fraction was solvent exchanged into hexane and 

re-concentrated to 1 ml. Mussel samples were then taken through Scheme 1, while 

sediment was then taken through Scheme 2.  Scheme 4 applied to sediment as an 

alternative clean-up scheme without using size exclusion chromatography. ASE 

extracts were concentrated using N2 at ambient temperatures and solvent 

exchanged into hexane to 1 ml. Samples were subjected to solid phase extraction 

using an amino propyl tube connected to a silica column in tandem. Two solid 

phase extraction fractions were collected. Fractions were recombined after PAH 

analysis. 

OPAH and PAH Quantification 

After solid phase clean-up, extracts were concentrated and spiked with 

internal standards. All samples were then quantified for OPAHs and PAHs using 

GC-MS. Authentic standards, purchased and prepared individually, were used to 

accurately identify and quantitate the OPAHs. Since a small amount of OPAHs 

were present in the non-polar fraction, the polar and non-polar fractions were 

recombined subsequent to PAH analysis. Surrogates spiked before ASE extraction 

account for losses incurred during laboratory analysis. Analyte concentrations are 

determined from calibration curves of relative response ratios of analytes to 

spiked surrogates. Calibration curves consisted of five to ten standards each, with 

correlation coefficients > 0.98. 

Quality Assurance/Control  

Each analytical batch contained a minimum of 15 % quality control 

samples including blanks, check standards and overspikes. The blank consisted of 

anhydrous sodium sulfate packed into the extraction ASE cells and accounted for 

any procedural artifacts during analysis. Recoveries of OPAH overspikes from the 

extraction and clean-up (Scheme 1) were determined by spiking the target 

analytes into sodium sulfate packed ASE cells with 0.3 µg of OPAHs. OPAH 
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Overspikes were also taken through size exclusion chromatography clean-up 

(Scheme 3). Preliminary investigations suggested that losses of OPAHs occurring 

during solid phase extraction clean-up were independent of type (e.g.. silica vs. 

amino propyl). PAH quality control samples consisted of overspikes of 0.3 µg 

PAHs taken through the entire extraction and clean-up (Scheme 1). Additionally, 

replicates of SRMs were analyzed in different analytical batches.  

In order to ensure quality integrity of the GC-MS system, reagent blanks 

accompanied each analytical run. GC-MS OPAH calibration standards were run 

every five to ten samples to ensure accuracy of quantification. OPAH check 

standards were routinely analyzed and were typically within 15% of their certified 

values. Recoveries of certified values of PAHs demonstrate, in part, the adequacy 

of the methods used.  Method recoveries of PAHs from the SRMs were compared 

to those published by NIST and can be found in the Supporting Information. 

RESULTS 

Detection Limits and Spike Recoveries 

  OPAH analyte information and instrument detection limits are listed in 

Table 3.1. Instrumental detection limits were calculated as a signal to noise ≥ 3 

using the peak to peak ratio. Samples used in the instrumental detection limit 

determination were solutions of standards analyzed from several analytical 

batches over the course of weeks, adding robustness. The instrumental detection 

limits ranged from 0.5 to 50 pg for the analytes quantified. Quantitative analytes 

were defined as having calibration curves with correlation coefficients > 0.98 as 

well as reproducible and accurate quantitation (+/- 30% of their true value) from 

instrumental check standards from each analytical batch. Nine OPAHs met these 

criteria. Compounds with a semi-quantitative status did not meet one or both of 

the aforementioned criteria.  

Non-corrected method recoveries of individual spiked OPAHs were on 

average > 82% with the exception of three-ring OPAHs, which ranged from 34-
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57%. Non-corrected recoveries were, in general, 10% lower with size exclusion 

chromatography clean-up than solid phase extraction clean-up schemes (see 

Supporting Information). Using the internal standard and surrogate recovery 

method of analysis, reported values of analytes were recovery-corrected, meaning 

surrogates added before extraction account for losses incurred during sample 

extraction and solid phase extraction and size exclusion chromatography clean-up. 

Mean recoveries of the individual surrogate standards spiked before sample 

extraction (N=21) are 107.1 ± 26.2% (9,10-anthraquinone-D8) and 75.5 ± 14.2% 

(9-fluorenone-D8) are consistent with that of the controls (N=12) with mean 

recoveries of 99.0 ± 18% (9,10-anthraquinone-D8) and 69.5 ± 13% (9-

fluorenone-D8).  

As evidenced from the PAH quality control (N=5), the extraction process 

is not a likely source of OPAHs. 9-FLUO and 9,10-ANTQ were the only OPAHs 

detected in the PAH spike quality control and were recovered at low 

concentrations (ten to fifty times instrumental detection limits). Recoveries of 

fluorene and anthracene spikes (N=5) were 107 ± 13% and 116 ±13%. All OPAH 

and PAH analytes were below detection limits in all blank quality control samples 

tested, except 9-FLUO which was detected (N=4) at low concentration, 

approximately ten times the instrumental detection limit. Sample concentrations 

were greater than 100 times the detection limit of 9-FLUO. A conceivable reason 

for the low concentrations of 9-FLUO and 9,10-ANTQ detected in the quality 

control samples is from the impurities of the spiked 9-fluorenone-D8 and 9,10-

anthraquinone-D8 standards. These are manufactured at a purity of 98%; the un-

dueterated 9-FLUO and 9,10-ANTQ and low detection limits can explain the 

small quantities in the quality control samples 

Individual OPAHs 

OPAHs were present in all matrices included in the present study. The 

chromatograms in Figure3.1. demonstrate that eight OPAHs were frequently 
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detected out of nine that were considered quantitative. Clearly resolved and 

Gaussian shaped peaks allowed for easy identification. Five OPAHs, 9-FLUO, 

9,10-ANTQ, BFLUO, BEZO and 7,12-BaAQ were detected in all matrices 

(Figure 3.1.). CP[def]PHEO was detected in all matrices except mussel tissue. 

B[cd]PYRO was detected in all the airborne sources including diesel extract, 

diesel particulate matter and urban dust SRMs. 5,12-NAPQ was detected in urban 

dust and the diesel extract, but not the diesel particulate matter. Out of all of the 

quantitative OPAHs, 1,4-ANTQ was the only analyte that was below analytical 

detection limits from each matrix.  

As shown in Table 3.2., the highest concentration of individual OPAHs in 

a matrix was measured from the diesel particulate matter and ranges from 7 to 48 

mg/kg of OPAH. The lowest measured concentrations were from mussel tissue, 

where by individual OPAHs range from 20 to 200 µg/kg. OPAHs from diesel 

extract range from < 1 to 8 mg/kg, were ten times less than diesel particulate 

matter, but similar to that of urban dust, which range from < 1 to 5 mg/kg. The 

individual OPAHs from sediment were measured at concentrations very similar to 

each other and ranged from less than 1 to approximately 2 mg/kg. We found that 

size exclusion chromatography clean-up (Scheme 3) greatly enhanced the 

chromatographic resolution of OPAHs from sediment. While there was no 

statistical difference from the majority of OPAHs measured from sediment using 

clean-up Schemes 3 & 4, recoveries of CP[def]PHEO and BEZO were two fold 

higher with size exclusion chromatography (Table 3.2.).  

Differences and similarities among the OPAH concentration profiles 

between matrices were also observed. The two diesel SRMs had very different 

concentration profiles. CP[def]PHEO and 7,12-BaAQ were abundant analytes in 

the diesel extract; however, these same compounds were minor in comparison to 

other analytes detected in diesel particulate matter. Three- and four-ring OPAHs 

present in both sediment and mussel tissue seem to displayed a similar profile. 
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Further, the lighter OPAHs with a molecular weight (MW) of less than 210 g/mol 

were more predominant in diesel particulate matter, sediment and mussel tissue. 

Urban dust stood out as the only SRM with greater abundance of the heavier MW 

OPAHs. It should be emphasized that 9,10-ANTQ was the most concentrated 

OPAH from three diverse matrices: mussel tissue, sediment and diesel particulate 

matter SRMs. Additionally, sediment and mussel tissue were the only SRMs 

lacking the five-ring OPAH, B[cd]PRYO. 

OPAH vs. PAH Concentration 

Concentrations of OPAHs from the environmental matrices were very 

similar to levels of PAHs even though more PAH analytes were monitored (~ 

three times as many). The sum of OPAHs (Σ9OPAH) and the sum of PAHs 

(Σ26PAHs) were on the same order of magnitude for the SRMs, with the exception 

of sediment (Table 3.3.). No statistical difference (t-test) was observed between 

Σ9OPAHs and Σ26PAHs in mussel tissue (p = 0.06) and the diesel particulate 

matter (p = 0.1). The Σ9OPAHs were slightly greater than the Σ26PAHs for the 

diesel extract. An additional calculation was also performed enabling direct 

comparison of OPAHs with the respective PAH analog. This comparison was 

possible for three OPAHs in our method (9-FLUO, 9,10-ANTQ and 7,12-BaAQ). 

These OPAHs were summed against the three PAHs:  FLU, ANT and BaA. 

Apparent distinctions are realized using this calculation compared to the previous 

total summation. The total sum of PAHs was higher than the OPAHs for urban 

dust, yet comparing the equivalent numbers of OPAHs to PAHs, we find that the 

Σ3OPAHs were two times greater than Σ3PAHs. In fact, mussel tissue and both 

diesel SRMs showed that the Σ3OPAHs were an order of magnitude higher than 

the analog Σ3PAHs (Table 3.3.). The OPAHs were more concentrated than the 

PAHs for most of the matrices analyzed here. The one exception is the sediment, 

but even in this case, the Σ3PAHs were only slightly higher than the Σ3OPAHs 

(Table 3.3.).  
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DISCUSSION 

Method Application  

Instrumental detection limits for fourteen OPAHs (Table 1) including 

three, four and five-ring OPAHs, ranged from 0.5 to 500 pg. Twelve of the 

OPAHs had instrumental detection limits less than or equal to 50 pg, which is 

comparable to previously reported GC and LC-based methods [33]. Detection 

limits of 0.1 to 6 pg using LC-MS/MS were reported, although only four OPAHs 

and their associated isomers were considered [33]. Excellent detection limits 

ranging from 0.01 to 2.6 pg for the two and three-ring OPAHs, have been 

reported using GC-(negative chemical ionization)-MS [29]. Other studies 

focusing on the analysis of one to three-ring OPAHs by LC or GC-MS employed 

a laborious derivatization step, thereby producing a more stable and volatile 

quinone, but also higher instrumental detection limits of 11-650 pg [27] and 300-

4800 pg [34], respectively. Additional rigor for the present study was achieved 

using deuterium-labeled OPAH standards as surrogates for recovery corrected 

quantitation. It is advantageous to have standards with identical physical and 

chemical properties to account for losses incurred during the extraction and 

analysis. The present study and Cho et al are, to our knowledge, the only to report 

the use of deuterium-labeled OPAH standards [34]. Cho et al custom synthesized 

four deuterium-labeled OPAHs for each OPAH in their study, thereby creating 

optimal quantitation conditions [34]. The use of deuterated OPAHs for 

quantitation was especially useful for the present study since some matrices have 

numerous processing steps that differ across matrices.    

This method successfully recovered and quantified nine OPAHs from a 

wide diversity of environmental SRM matrices, many of which we report for the 

first time. The matrices include biological tissue, sediment, urban dust, and diesel 

particulate matter. Since multiple matrices with different physical and chemical 

properties were analyzed, we chose a comprehensive extraction process using 

                                               58



   

pressured liquid extraction with 100% dichloromethane. We demonstrated 

minimal losses and no evidence of OPAH formation from the extraction process. 

Several researchers have also reported good extraction efficiencies (> 80%) using 

pressurized liquid extraction from specific single matrices, such as soils [11] or 

air particulates [29]. Although dichloromethane with pressurized liquid extraction 

has been shown to efficiently extract OPAHs from soils, Lundstedt et al 

developed a simultaneous extraction and fractionation method using 1:3 

cyclohexane:dichloromethane as the optimal solvent [11]. Other groups have also 

reported ultra sonication with dichloromethane for diesel and ambient air 

particulates [34] and with ethyl acetate for air particulates [20]. Extraction 

efficiencies have yet to be determined from a biological tissue. Given that OPAHs 

were efficiently extracted using dichloromethane from air, soil and diesel in the 

literature and from our own experiments, we felt that this method was applicable 

to numerous environmental media, including biological tissues. 

Overall, fourteen OPAHs, including two sets of structural isomers, ranging 

from three to five rings were included for a broad range of matrices, but the 

method was not without limitations. Although the isomers were easily resolved, 

the GC was not optimal for some OPAHs. Analytes with vicinal quinones 

(ACAQ, ACYQ and 9,10-PHEQ) demonstrated detection limits five to 500 times 

that of other OPAHs. Poor chromatography was also observed from 

B[c]PHE1,4Q and 1,4-PHEQ. Although a clean injection port had a positive 

effect, the reproducibility was an issue for these compounds due any one or 

combination of the following:  degradation, limited volatility and/or stationary 

phase non-compatibility. For these reasons, five OPAHs (ACYQ, 9,10-PHEQ, 

ACAQ, B[c]PHE1,4Q and 1,4-PHEQ) were considered semi-quantitative only. 

Furthermore, the non-detections of ACYQ, ACAQ, and 9,10-PHEQ and low 

detection frequency of 1,4-PHEQ may be explained by instrumental conditions 
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rather than the absence in the SRMs. A more appropriate means of analysis for 

these difficult OPAHs would be LC-MS.   

OPAH Method Comparison for Urban Dust 

Quantities of OPAHs have been reported for urban dust. NIST provides 

informational values for four OPAHs on the Certificate of Analysis [32] and a 

small number of researchers have reported levels of some OPAHs from a 

previously certified lot, SRM 1649a, according to Albinet et al and studies therein 

[29]. In general, good agreement with NIST was achieved for 9,10-ANTQ at 1.6 

mg/kg measured from the present study, compared to 1.4 mg/kg (NIST) and 7,12-

BaAQ at 3.16 mg/kg (present study) and 3.6 mg/kg (NIST), Figure 3. 2.. 9-FLUO 

and BEZO values were under and overestimated (respectively) according to 

NIST, but similar to those values reported by Albinet at al [29], Figure 3.2. 

Comparable extraction (pressurized liquid extraction with dichloromethane), 

column (30 m DB-5), and instrumental (GC-MS) techniques were used in the 

studies. The fact that Albinet et al used chemical ionization as opposed to election 

impact as the MS ionization source used by NIST and the present study, may 

explain the higher concentration of 7,12-BaAQ, but this did not seem likely 

considering the similarities from the other OPAH recoveries. Cho et al [34] used a 

slightly different methodology involving a derivatization step to increase 

volatility and stability of certain OPAHs. Even so, very little difference was 

observed between all studies for the value reported by Cho et al for 9,10-ANTQ. 

This derivatization step employed by Cho et al also likely resulted in the detection 

of 9,10-PHEQ at 1.18 mg/kg in SRM 1649a [34] which was below detection 

limits from our study due to limited volatility. In general, all listed comparison 

values were within the same range. Similar recovered concentrations for 9,10-

ANTQ and 9-FLUO across research groups was encouraging (Figure 3.2.). One 

explanation for the differences observed for 7,12-BaAQ and BEZO could be that 
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use of deuterated OPAH standards in the present study provided a more accurate 

estimation of OPAHs. 

Environmental Occurrence 

This method provides the previously unattainable opportunity to assess 

biological tissues, including foods, along with urban dust and sediment for 

OPAHs. This is the first to report concentrations of OPAHs in four out of the five 

SRMs tested. More importantly, this is the first report of quantifiable levels of 

OPAHs in mussel tissue and among the few to report concentrations of OPAHs in 

diesel particulate matter. Information collected here aids in our understanding of 

OPAH environmental distribution and provides insights on potential sources and 

sinks of these compounds.  

Mussel tissue was collected from shucked mussels from Guanabara Bay, 

Brazil, a known PAH contaminated area [32]. OPAHs detected in the mussel 

tissue were present in every other SRM analyzed here. The presence of OPAHs 

could indicate bioaccumulation, PAH metabolism or direct uptake from the 

surrounding sediment. Although bioaccumulation mechanisms have not yet been 

reported for OPAHs in organisms, one recent study found that mussels bio-

transformed ANT to 9,10-ANTQ in a lab controlled study [35]. Only the absence 

of CP[def]PHEO in mussel tissue differentiated the OPAHs detected from that of 

the sediment which was also collected from a PAH contaminated site. The SRM 

sediment is a mixture of marine sediments from the New York and Newark Bays. 

Interestingly, even though the sediment and mussel were taken from marine 

environments in different hemispheres, a similar OPAH profile was observed. 

Many of the OPAHs reported in the present study were also detected from 

sediment off the coast of Barcelona [36]. The presence of 9,10-ANTQ as well as 

7,12-BaAQ were attributed to urban runoff since, at that time, these OPAHs had 

only been associated with diesel exhaust [36]. Biodegradation of contaminants in 

sediment [1], atmospheric fallout [37] and/or photo oxidation of shallow sediment 
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[4] are all plausible reasons for these OPAHs to occur. The comparable OPAH 

profile from sediment and mussel tissue may also suggest that similar biotic 

mechanisms may produce these OPAHs or that mussels may be able to 

accumulate OPAHs already in the sediment. 

Ketone and quinone substituted PAHs have been identified in emissions 

from diesel and gas automobiles and they could be significant sources; but until 

recently, little research has been done to quantify OPAHs in auto exhaust media 

[27]. We present for the first time quantification of OPAHs in diesel particulate 

matter and diesel extract, while other researchers have only previously identified 

OPAHs in the diesel particulate matter [24, 30, 33]. Diesel particulate matter is 

considered representative of heavy-duty diesel engines, while the diesel extract is 

the extract of particulate matter collected from a filtering system designed for 

diesel-powered industrial forklifts. Individual OPAHs (BEZO, ANTQ, 

CP[def]PHEQ and fluorenones) have been qualitatively identified in previous 

studies from various diesel exhausts [2], but quantitative methods were not yet 

available. 9-FLUO and 9,10-ANTQ concentrations have been reported from lab 

generated diesel particulate matter [25]. From the diesel SRMs, we report the 

quantitation of each of the above-mentioned OPAHs, in addition to B[cd]PYRO, 

7,12-BaAQ and 5,12-NAPQ (diesel extract only). The presence of OPAHs in the 

diesel SRMs, combined with previous reports, indicates that diesel combustion is 

a likely source of OPAHs.  

The urban dust, collected in Washington DC, represents urban 

atmospheric particulate matter. Individual OPAHs from the urban dust are 

frequently reported in airborne particulate matter. In particular, 9,10-ANTQ, 

BEZO and 9-FLUO were the predominate OPAHs found in urban air from 

Germany [17] and urban and rural locations in the French alpine valley [17, 19]. 

Although not as frequently monitored, Sklorz et al also reported relatively high 

concentrations (~1/3 of 9,10-ANTQ concentrations) of the larger MW OPAHs 
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(B[cd]PYRO and BFLUO) in urban air [17]. OPAHs occurring in the urban dust 

SRM as well as airborne particulate matter occur by direct emission or 

photochemical oxidation of PAHs in the atmosphere [23, 26]. Since larger MW 

PAHs were more concentrated on particles than lighter (gas-phase) PAHs [18], 

the evidence that larger MW OPAHs were more predominate than the lighter MW 

OPAHs from the urban dust, suggests that OPAHs could be as plentiful and 

dynamic as common PAHs since the lighter MW OPAHs would be expected to 

predominately occur in the gas phase.  

Although occurring at different magnitudes, the detection of 9-FLUO, 

9,10-ANTQ, BFLUO, and 7,12-BaAQ in all SRM matrices shows that these 

OPAHs are environmentally relevant and important to monitor. CP[def]PHEO is 

infrequently reported in the literature, but high abundances in diesel extract and 

sediment could signify another environmentally relevant OPAH. In addition, 

B[cd]PYRO is not frequently reported, but detections in all of the airborne media, 

identifies an important atmospheric OPAH. The fact the 5,12-NAPQ was found in 

the diesel extract and not the diesel particulate matter, suggests that it could be a 

marker for certain types of combustion. These data imply that perhaps, in the 

same way as PAHs, chemical fingerprints or profiles of OPAH sources may 

become apparent as more investigations occur. 

Environmental Abundance   

We developed a method spanning environmental matrices and 

demonstrated environmental occurrences in these diverse media. However, the 

abundances may be more useful to further understand the importance of OPAHs 

and the relative distribution in the environment. We reported the Σ9OPAHs and 

Σ26PAHs were at similar levels in these SRM matrices. This is an important 

finding and one supported by previous investigations [1,36]. The aforementioned 

Barcelona sediment study was one of the first to report that the most concentrated 

OPAHs (9-FLUO, CP[def]PHEO and BEZO) were similar in concentration to the 
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parent PAHs [36]. An early study from Paris measured four OPAHs (two 

quinones) and found them up to thirty times and ten times the concentration of 

PAHs in diesel exhaust and in ambient air, respectively [21]. Continued 

investigations, during air sampling campaigns in the French alpine valley in 2002-

2003, reported concentrations of Σ6OPAHs and Σ10PAHs on the same order of 

magnitude [19]. From Sweden, six PAH-contaminated soils and one Certified 

Reference Material soil were analyzed and comparable levels of OPAHs and 

PAHs were found [1]. Further investigations from this study and references 

therein have found that biological and chemical remediation of PAHs can lead to 

OPAH accumulation in soils [1]. Relative concentrations of OPAHs compared to 

PAHs from food have not been reported in the literature, making this the first to 

report OPAHs and PAHs at the same levels in mussel tissue. 

Comparing the total OPAH concentration to the US EPA 16 priority 

pollutant PAHs (included in the present study) is another way to demonstrate the 

comparatively high concentrations of OPAHs in environmental media. Total 

OPAHs were 150% of the total EPA 16 PAHs for mussel tissue. OPAHs from the 

airborne SRMs were 130%, 97% and 45% of the EPA 16 PAHs for diesel extract, 

diesel particulate matter and urban dust, respectively. OPAHs at 12% of the EPA 

16 PAHs for sediment were the lowest measured values. This percentage was 

somewhat surprising considering sediment can be a sink or potential source due to 

biodegradation of PAHs. On the other hand, Lundstedt et al has reported that total 

OPAHs can be between 10 and 66% of the total PAHs depending on the type of 

PAH source contamination in the soils [1].  

Important observations were also made by isolating the individual 

OPAHs. A unique finding was that 9,10-ANTQ is the most concentrated analyte 

in mussel tissue. 9,10-ANTQ was measured at approximately three times that of 

the most concentrated PAH, pyrene at 77.4 ± 2.1 (certified value) and 51.3 ± 15 

µg/kg (measured). This could have significant ramifications for exposure and 
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toxicity studies; although, the relative toxicities of individual OPAHs vary and are 

not well established [1]. Considering the ratio of the OPAH to the respective (un-

substituted) PAH analog (e.g. 9-FLUO/FLU), we found that in most cases the 

oxygenated form was more abundant than the parent PAH (Figure 3.3.). In urban 

dust and mussel tissue, the individual OPAH (9-FLUO, 9,10-ANTQ and 7,12-

BaAQ) was more predominate than the parent PAH analog (FLU, ANT and BaA) 

for all three pairs of ratios. When considering 9-FLUO, all SRMs ratios were 

greater than one. The largest disparity was observed for the diesel SRMs, whereby 

the 9-FLUO was 20 to 50 times greater than FLU. From mussel tissue, 1 to 25 

times the amount of OPAH to the PAH analog was observed. Two ratios for 

sediment were less than one, indicating that the PAH analog is more concentrated 

than 9,10-ANTQ and 7,12-BaAQ. 

An interesting study from marine sediments in New England showed that 

contaminated sites had a 9,10-ANTQ/ANT ratio less than one, while remote sites, 

considered clean, had a ratio greater than two [37]. Based on this, McKinney et al 

made the assumption that higher ratios can be attributed to atmospheric fallout of 

OPAHs [37]. Since urban dust and mussel tissue ratios from the known 

contaminated SRM media are well over one for the all three PAH ratios shown in 

Figure 3.3., a high ratio may not indicate a clean sample as McKinney et al 

suggested [37]. Additionally, 9-FLUO concentrations were found at higher levels 

than FLU from contaminated soil in Sweden [1]. Upon comparison of summation 

of total OPAHs and PAHs, OPAH to PAH analog, and OPAHs to the EPA 16 

priority PAHs, we found that OPAHs are measured at similar or higher levels than 

PAHs in the five SRM media. This evidence demonstrates the predominance of 

OPAHs in the environment. 

CONCLUSIONS 

OPAHs are a challenging class of PAHs to analyze, but we demonstrated a 

robust method for nine OPAHs covering a diverse set of matrices, and five 
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additional OPAHs are semi-quantitated. Concentrations of OPAHs from the NIST 

Standard Reference Materials showed that OPAHs in air, soil and food were 

significant, even higher than PAH concentrations. The present study demonstrated 

that OPAHs are prevalent in environmental media and highlights the need for 

certified concentrations in established or new SRMs, enabling further method 

development and environmental monitoring. Continued method development for 

a high throughput method that includes OPAHs with two to three rings is also 

needed. High levels of OPAHs in mussel tissue imply that the investigation of 

uptake, metabolism and clearance of OPAHs from organisms may be justified. 

Information concerning half-lives, partitioning, and degradation would 

significantly aid understanding the fate and distribution of OPAHs. As well, the 

overall occurrence and comparatively high concentrations of OPAHs begs further 

research on source apportionment and individual OPAH toxicity.  
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Figure 3.1. Example chromatograms of OPAHs identified in several 

environmental matrices. Each chromatogram represents a SIM scan from a GC-

MS with a DB-5MS column.  
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Figure 3.2. Literature comparison of oxygenated PAH concentration from SRM 

1649b. NIST informational values are provided on the certificate of analysis for 

SRM1649b [32]. Representative literature references are plotted to demonstrate 

method comparison for the four OPAHs reported by NIST. Albinet et al extracted 

the 50 or 100mg aliquots using pressurized liquid extraction with DCM, SPE 

clean-up and GC-NCI-MS. Cho et al extracted 1-2mg aliquots using ultrasonic 

extraction with DCM, derivativization and GC-EI-MS, § = Analyzed previous lot, 

SRM 1649a.  
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Figure 3.3. OPAH/Un-substituted ratios from SRM Matrices. Ratios represent 

average concentration of OPAH to the un-substituted or PAH analog for each 

SRM matrices. Values over 1 indicate that the OPAH is more concentrated than 

the un-substituted PAH in the respective media 
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Table 3.1. Table of Oxygenated PAHs. OPAH properties and structures are provided for each analyte in the method. 

Quantitation Ion (Quant Ion) for gas chromatography-mass spectrometry analysis is shown here. Qualifier ions can be 

found in the supporting information. Analytes identified as “Quantitative” met quality control standards for accuracy 

and precision. 
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Table 3.1. 
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Table 3.2. Recovered oxygenated polycyclic aromatic hydrocarbon concentrations (OPAH) from various PAH-

contaminated Standard Reference Materials. Data represents mean values from at least two analytical batches. 
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Table 3.3. Summation of measured ketone and quinone polycyclic aromatic 

hydrocarbons (OPAHs) and polycyclic aromatic hydrocarbons (PAHs) for each 

standard reference material (SRM). Direct analog summation refers to a 

comparison of the three OPAHs for which an unsubstituted PAH analog was 

measured. 
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SUPPORTING INFORMATION 

Polycyclic Aromatic Hydrocarbon Recoveries from Standard Reference Materials 

Measured concentrations of certified polycyclic aromatic hydrocarbons 

(PAHs) were in agreement with values reported in the Certificates of Analysis by 

the National Institute of Standards and Technology (NIST) for each standard 

reference material (SRM). Urban dust SRM1649b (N=6) recoveries ranged from 

85-109% with the exception of dibenz[a,h]anthracene with 186% recovery. Diesel 

extract SRM1975 (N=5) recoveries ranged from 77-129%. Recoveries from 

mussel tissue SRM2977 (N=5), ranged from 68-122%. The NY/NJ riverway 

sediment SRM1944 (N=5) had mostly good agreement with recoveries ranging 

from 56-137% for all analytes with the exception of the two-ring compounds that 

ranged from 12-46%. Diesel particulate matter SRM1650b (N=5) recoveries were 

between 65-109% for four to six ring PAHs with DahA as the exception at 189%, 

and 11-82% for two and three ring PAHs 
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Figure 3.4. Chromatogram of Standard Solution. Selected Ion Monitoring scan of a pure analytical calibration solution 

containing fourteen ketone or quinone substituted polycyclic aromatic hydrocarbon (OPAH) analytes, two surrogate 

standards and one internal standard on a DB5-MS column (Agilent J&W. Santa Clara, CA USA) using a gas 

chromatography-electron impact-mass spectrometry. Numbers correspond to compounds listed in Table S1. Blowup of 

standards four, five and six demonstrates some qualitative m/z ions overlap, while the quant ion (m/z 216) for 

compound six does not interfere with the quantitation of analytes four and five. 
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Figure 3.5. Schematic illustrates the extraction and clean-up schemes for five National Institute of Standards and 

Technology (NIST) Standard Reference Material (SRM) matrices. Urban Dust = SRM 1649b, Mussel = SRM 2977, 

Diesel PM = 1650b, Sediment = SRM 1944 and Diesel Extract = SRM 1975. Clean-up schemes were adapted from 

published methods for polycyclic aromatic hydrocarbon (PAH) extraction according to each sample matrix as reported 

on the Certificate of Analysis by NIST. SPE = Solid Phase Extraction and SEC = Size Exclusion Chromatography. SPE 

Fractions 1 and 2 were blown down using N2 and spiked with internal standards. Fraction 1 (nonpolar fraction) was 

analyzed for nonpolar (un-substituted PAHs) using gas chromatography-electron impact-mass spectrometry. Fraction 2 

was later recombined with Fraction 1 for OPAH analysis.  
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Figure 3.5. 
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Table 3.4. Sim Ions. Gas Chromatography-(Electron Impact)Mass Spectrometry Selected Ion Monitoring Parameters. 
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Table 3.5. Ketone and Quinone-Substituted Polycyclic Aromatic Hydrocarbon (OPAH) Method Recoveries. 
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ABSTRACT 

 Atmospheric particulate matter was collected from a remote, high 

elevation site at Mt. Bachelor, Oregon (MBO) and from Beijing, China at Peking 

University (PKU) for analysis of oxygenated polycyclic aromatic hydrocarbon 

(OPAH) occurrence and particle size distribution. MBO is an established air 

monitoring site for contaminants undergoing both regional and long range 

transport from Asia. In addition, the outflow of polycyclic aromatic hydrocarbons 

(PAHs) from China is well documented. Three size fractions of particulate matter 

(PM) were analyzed for OPAH composition, PM1.5, PM1.5-7.2  and PM>7.2. OPAHs 

were ≥ 80% concentrated on the fine PM fraction (PM < 1.5µm) at both MBO 

and PKU. The Σ OPAH concentration at MBO was <MDL for PM1.5-7.2  and 

PM>7.2  and  67.3 ± 83 pg/m
3 

air from PM1.5. The Σ OPAH concentration at PKU 

was 5.46 ± 1.4 ng/m
3 

(PM1.5 ), 0.78± 0.24 ng/m
3 

(PM1.5-7.2 ) and 0.22 ± 0.05 ng/m
3  

(PM>7.2 ) during the summer and 49.6 ± 13 ng/m
3 

(PM1.5 ), 6.34± 2.2 ng/m
3
 (PM1.5-

7.2 ) and 1.43 ± 0.5 ng/m
3  

(PM>7.2 ) during the winter. A distinct seasonal 

difference was observed at PKU, suggesting temperature, and possibly different 

seasonal PAH sources, plays a role in the individual OPAH distribution. The 

results indicated the importance of direct emission of OPAHs to the atmosphere, 

but additional research is needed on the atmospheric transport of OPAHs and their 

photochemistry during transport. 

INTRODUCTION 

 Ketone and quinone substituted polycyclic aromatic hydrocarbons 

(OPAHs) from airborne particulate matter (PM) are contaminants of interest for 

air pollution research due to their potential toxicity through oxidative mechanisms 

[1-3]. Studies have demonstrated the majority of mutagenicity [4] and redox 

cycling and generation of reactive oxygen species [2] from ambient PM extracts 

can be attributed to the OPAH containing fraction. OPAHs result from 

combustion and the photo-chemical degradation of PAHs. The potential for en 
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route formation of OPAHs during long range transport exists; however, the main 

OPAH sources to the atmosphere have yet to be identified.  

 There are conflicting reports in the literature on the primary mechanism by 

which OPAHs are formed. OPAHs result from the same incomplete combustion 

processes as PAHs. In fact, OPAHs have been identified from many primary 

combustion sources [5]. PAH reactions with gas phase oxidants (O3, NOx, and 

OH radicals) are important processes for their removal from the atmosphere [6]. 

However, photochemical formation of OPAHs has largely been limited to 

laboratory studies on predominately gas-phase PAHs: phenanthrene [7-9], 

naphthalene [10] and anthracene [11]. The plausibility of these reactions 

occurring under real environmental conditions has been investigated by very few 

[12]. Yet, a number of studies have supported the importance of atmospheric 

(secondary) formation, contributing to the abundance of OPAHs in the 

atmosphere [12-14]. 

 Additional studies have found that OPAHs in ambient air follow trends 

consistent with direct emission combustion processes [15-17]. OPAHs have been 

measured in the both the gaseous and particulate phases, finding that the 

gas/particle partitioning [18-23] and particle size distribution [13, 16, 22, 24] is 

similar to that of PAHs. Furthermore, recent investigations have demonstrated a 

seasonal pattern of OPAH concentration similar to that observed for PAHs [15, 

17, 19, 24]. More importantly, OPAHs have been measured in atmospheric PM at 

concentrations near or exceeding the parent PAHs [24-26] [16, 27]. PAHs have 

been shown to undergo long range trans-Pacific transport [28], but studies 

concerning OPAHs and trans-Pacific or other intercontinental transport have not 

been done.  

 Additional characterizations of OPAHs on atmospheric PM are needed to 

understand the distribution and transport and/or formation of these potentially 

toxic compounds. In this research, our objectives were to determine the OPAH 
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composition and PM size distribution at an urban site during both summer and 

winter and a remote, high elevation site for elucidation of source influence by 

analysis of individual OPAH occurrence and particle size distribution. 

  The high elevation site at Mt. Bachelor Observatory (MBO) is located in 

central Oregon and was established in 2004 as a clean and remote site used to 

monitor regional and trans-Pacific transport of air pollution [29]. MBO is 

influenced mainly by free tropospheric air, allowing the observation of episodic 

events of long range transport [28, 30]. Elevated Hg, CO, O3 [30] as well as 

particulate bound PAH concentrations [28] at this site have been attributed to 

trans-Pacific transport. The other location is Peking University (PKU), located in 

the urban megacity of Beijing, China. This site is known for high PAH 

concentrations and a number of direct emission sources [31, 32](see Chapter 2). 

OPAHs have yet to be characterized at either site. Additionally, MBO provides a 

unique opportunity to study PAH degradation and secondary OPAH formation 

occurring during regional and long range transport.  

EXPERIMENTAL 

Site Descriptions 

 PM collection at the remote sampling location took place atop a dormant 

volcano (MBO) in the Cascade Mountains of central Oregon, located at 43.9º N, 

121.6º W at an elevation of 2763 meters above sea level. A full and detailed 

description of the site can be found elsewhere [30]. Access to the site was 

provided by Mt. Bachelor Corporation via electric-powered ski lifts. Sampling 

occurred as weather permitted due to extreme wind and low temperatures at the 

summit. Samples were collected from April 14-16, 22, 26 and May 14-17, 20-21 

and 23 of 2007. During this period, real-time data measurements of other 

atmospheric contaminants and meteorology were also collected by the Jaffe 

group at the University of Washington (Bothell). The urban location was located 

on the roof of the Geology building at Peking University (~25 meters above sea 
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level). Peking University is located in the northwest corner of downtown Beijing, 

China. The Geology building is located on the eastern edge of campus along a 

busy street and roof access was accomplished by ladder. In order to capture 

seasonal variation, samples from this urban site were collected from August 19-

21, 2007 and January 14-17, 2008. A map of the sampling sites can be found in 

Figure 4.1. 

Sample Collection 

 Collection of size fractionated PM was achieved using a three stage slotted 

cascade impactor (TE 230) retrofitted to a high volume air sampler from Tisch 

Environmental, Inc., (Cleves, OH). Three particle size fractions:  >7.2 µm, 1.5-7.2 

µm, <1.5 µm were collected on quartz fiber filters by operation of a flow rate at 

1.1 m
3
/min, for collection of ~1,500 m

3
 of air per day. Prior to field deployment, 

the filters were baked at 350
◦
C for 12 h and stored at < 4

◦
C. 24 h collection times 

were implemented at both sites, but access to the mountain at MBO varied 

collection times by +/- four hours. Before analysis could be performed, filters 

were maintained at no greater than 4
◦
C during storage and transport. PM 

collection occurred as three sampling events: MBO during the spring of 2007, 

Beijing PKU in the summer 2007, and Beijing PKU in the winter 2008. 

Chemicals  

 Solvents used during this study were optima grade or better (Fisher 

Scientific, Pittsburgh, PA). Discovery® silica solid phase extraction tubes (100 

mg, Supelco, Bellefonte, PA) were used for sample clean-up. OPAH analytes 

monitored were 9-fluorenone (9-FLUO), 4H-cyclopenta[def]phenanthren-4-

one(CP[def]PHEO), 9,10-anthraquinone(9,10-ANTQ), benzofluorenone 

(BFLUO), benzanthrone (BEZO), 7,12-benzanthracenequinone (7,12-BaAQ), 

5,12-napthacenequinone (5,12-NAPQ), benzo(cd)pyrenone (B(cd)PYRO) 

purchased from Sigma (St. Louis, MO) and 1,4-anthraquinone (1,4-ANTQ) was 

purchased from Chiron AS (Norway). The following non polar PAHs were also 
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included: naphthalene (NAP), 2-methylnaphthalene (2-mNAP), 1-

methylnaphthalene (1-mNAP), 1,6-dimethylnaphthalene(1,6-dmNAP), 

acenaphthylene (ACY), 1,2-dimethylnaphthalene (1,2-dmNAP), acenaphthene 

(ACE), fluorene (FLU), dibenzothiophene (DBT), phenanthrene (PHE), 

anthracene (ANT), fluoranthene (FLA), pyrene (PYR), retene (RET), 1-

methylpyrene (1-mPYR), benz(a)anthracene (BaA), chrysene (CHR), chrysene, 6-

methyl (6-mCHR), benzo(b)fluoranthene (BbF), benzo(k)fluoranthene (BkF), 

benzo(a)pyrene (BaP), indeno(1,2,3-c,d)pyrene (IcdP), dibenz(a,h)anthracene 

(DahA), benzo(ghi)perylene (BghiP), dibenzo(a,l)pyrene (D(a,l)P), 

dibenzo(a,e)pyrene (D(a,e)P), dibenzo(a,h)pyrene (D(a,h)P), dibenzo(a,i)pyrene 

(D(a,i)P) and dibenzo(a,e)fluoranthene (D(a,e)F) were purchased from 

AccuStandard, New Haven, CT. Deuterated surrogates were used for quantitation 

and included: 9,10-anthraquinone-D8 and 9-fluorenone-D8, (C/D/N Isotopes, 

Quebec, Canada) for OPAHs and acenaphthylene-D8, benzo[a]pyrene-D12, 

benzo[g,h,i]perylene-D12, fluoranthene-D10, naphthalene-D8, phenanthrene-

D10, pyrene-D10 (Cambridge Inc., Andover, MA) for PAHs. Perlyene-D12 and 

chyresene-D12 (Cambridge Inc., Andover, MA) were used as internal standards 

for PAH and OPAH methods, respectively.  

Analytical Procedure 

 Procedures for extraction, clean-up and instrumental analysis have been 

previously reported (per Chapter 2) for PAHs and for OPAHs [33]. Methods were 

followed as reported with the few exceptions detailed below. Filters were 

extracted by pressurized solvent extraction (Dionex ASE 300) with two cylces of 

75:25 hexane:acetone, followed by two cycles of ethyl acetate (five min static, 

240 s purge, 100% flush volume, 10.3 MPa). Samples were then split; 10% 

(Beijing extracts) and 70% (MBO extracts) of the filter extracts were spiked with 

deuterated surrogate PAHs and OPAHs. After concentration using N2 at ambient 

temperatures, extracts were subjected to a solid phase extraction (SPE) clean-up 
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step. PAH analytes were eluted with 10% (v/v) dichloromethane in isooctane and 

isolated for analytical analysis. OPAH analytes were eluted using 20% (v/v) 

dichloromethane in isooctane. Both extracts were concentrated and spiked with 

deuterated internal standards.  

OPAHs spanning three to five rings (Table 4.1.) and substituted with one 

or more carbonyl groups were quantified from size fractionated PM (PM1.5, PM1.5-

7.2  and PM>7.2). All samples were analyzed using gas chromatography- mass 

spectrometry (GC-MS) (Agilent 5975B) in electron impact mode (70eV) utilizing 

selective ion monitoring (SIM) with a DB-5MS column (Agilent J&W, Santa 

Clara, CA USA). MS temperatures were operated at 150, 230 and 280°C for the 

source, quadrapole and transfer line, respectively. GC temperatures for the 

OPAHs were are follows: inlet at 300°C, 45°C initial, ramp 25°C/min to 180°C 

with a 2 min hold, ramp 3.5°C/min to 270°C, 1 min hold, ramp 25°C/min to 

310°C 1 min hold. GC temperatures for PAH analysis were as follows: inlet at 

300°C, 55 °C initial, ramp 25°C/min to 320°C, 3 min hold. Analysis of the 

dibenzopyrene PAHs was accomplished using a DB-17MS (Agilent J&W, Santa 

Clara, CA USA) as described in Chapter 2. Sample concentrations were 

determined by the relative response ratio of the deuterated surrogate to the target 

standard in a five to ten point calibration curve.  

Quality Assurance/Control 

Matrix specific method detection limits (MDLs) for OPAHs and PAHs 

were determined. MDLs are defined as the standard deviation of seven blank-

subtracted air filters with 99% confidence (α = 0.01). MDLs ranged from 2-85 

pg/µL for OPAHs (Table 4.1.) and from 1-14 pg/µL for PAHs ( per Chapter 2). 

Assuming a 24 h collection time, MDLs range from 0.4 to 16 pg/m
3
 air.  

Quality control samples were implemented from field collection to 

instrumental analysis and consisted of 40% of samples. Field blanks (N=6), two 

per sampling event, are included in this study. Field blanks are defined as filters 
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fitted to the air sampler for 24 h, but the air sampler remains off. Lab blanks 

(N=7) consisted of clean, baked filters undergoing the extraction and clean-up 

process. No oxygenated PAHs in the quality control samples were measured 

above MDLs. To ensure integrity of the system, reagent blanks accompanied each 

analytical run. Calibration standards were run approximately ten samples to 

ensure accuracy of quantification. Mean recoveries of added surrogate standards 

were 125 ± 5% and 89 ± 4%  for 9,10-anthraquinone-D8 and 9-fluorenone-D8, 

respectively. Mean recoveries of added PAH surrogates ranged from 60-93%, 

except for phenanthrene-D10 which had a mean recovery of 47%.  

 Air Mass Back Trajectories 

Air mass back trajectories at MBO were modeled using NOAA’s ARL 

HYPSLIT Trajectory Model [34]. For each 24 h sampling period, a ten day back 

trajectory was calculated at three elevations corresponding to the elevation of 

MBO according to the HYSPLIT model (1300, 1500 and 1700 meters above 

ground level) per Primbs et al [28].  

RESULTS AND DISCUSSION 

OPAH Composition of Size Fractionated PM 

The total OPAH concentration in each size fraction is shown in Figure 4.2. 

At MBO, OPAHs were detected in 90% of the samples. Of these samples, 100% 

of the detectable OPAHs were distributed on PM1.5. Low OPAH concentrations 

and detection frequencies were expected at MBO because it is a remote, mountain 

site. In PM1.5, Σ9OPAHs (the sum of nine OPAHs listed in Table 4.1.) ranged 

from < MDL to 270 pg/m
3
, while the OPAH concentrations were < MDL in the 

larger PM size fractions. OPAHs were measured exclusively on PM1.5 at MBO 

but, PAHs and alkylated PAHs were measured on each size fraction of PM. 

Σ26PAHs (sum of 26 PAHs) on each particle size ranged from < MDL to 235 

pg/m
3
 (PM1.5), < MDL to 25 pg/m

3
 (PM1.5-7.2 ), < MDL to 40 pg/m

3
 (PM>7.2 ).  
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Statistically equivalent (t-test, p-value > 0.05) mean OPAH (51.3 ± 67 pg/m
3
) and 

mean PAH (53.5 ± 51 pg/m
3
) concentrations were measured in PM1.5 at MBO. 

At PKU, OPAHs were detected in every sample and in all size fractions 

from both summer and winter sampling events.  Of the total OPAH 

concentrations, 85%, 12%, 3% of the summertime and 86%, 11%, 3% of the 

wintertime Σ9OPAHs were measured on PM1.5, PM1.5-7.2 and PM>7.2, respectively 

(Figure 4.2.). The Σ9OPAH concentrations in the summer were 5.46 ± 1.4 ng/m
3 

(PM1.5 ), 0.78± 0.24 ng/m
3 

(PM1.5-7.2 ) and 0.22 ± 0.05 ng/m
3  

(PM>7.2 ) and were an 

order of magnitude higher during the winter (49.6 ± 13 ng/m
3 

(PM1.5 ), 6.34 ± 2.2 

ng/m
3
 (PM1.5-7.2 ) and 1.43 ± 0.5 ng/m

3  
(PM>7.2 )). The PAH concentrations have 

been previously reported for these same samples and the OPAH concentrations 

are within the concentration range reported for the Σ26PAHs (per Chapter 2). 

Few other studies have reported the OPAH distribution on particles. In 

Boston during the summer, OPAHs were measured on nine PM fractions (0.08 to 

19 µm) and the OPAH distribution was similar to that of PAHs, with the highest 

concentrations on the smallest PM [13]. These results were also reported from a 

study in Munich [16]. Albinet el al investigated rural and urban locations in the 

French Chamonix and Maurienne valleys, finding that the PAH and OPAH 

distribution from the rural location was shifted slightly towards the larger 

particles [24]. These observations are consistent with the volatilization/re-

condensation theory of PAH particle distribution [35]. Combustion is the primary 

mechanism by which atmospheric PAHs are formed and occurs in the gaseous 

phase followed by condensation on fine particles, less than 1 µm. Shifts to larger 

particles also occur during atmospheric transport [35]. This is a well studied 

process with dependence on a number of factors, including PAH vapor pressure, 

meteorological conditions and time.  

 Our MBO OPAH concentration and distribution results were somewhat 

surprising. We would have expected to measure some OPAHs on the PM greater 
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than 1.5 µm. It was possible that OPAH concentrations were too low to be 

detected on larger PM; however, even if only 20% of the OPAHs were located 

PM >1.5 µm, concentrations would be between 1 and 20 pg/m
3
, above most 

OPAH MDLs. PAHs detected on larger PM could have resulted from lower 

detection limits. The above-mentioned studies measured OPAHs in over six PM 

size fractions, finding a maximum OPAH concentration on particles less than 1 

µm [13, 16, 24]. Another explanation could be that this study lacked the 

resolution to observe mass transfer from only three size fractions.  

Individual OPAH Distribution. 

Five OPAHs were detected and quantitated at MBO (Table 4.2.). OPAHs 

with a molecular weight (MW) of less than 210 g/mol were most frequently 

detected. On PM1.5, 9-FLUO and 9,10-ANTQ were the most abundant OPAHs 

and, most frequently detected. Ninety percent of the MBO samples had 

quantifiable concentrations of 9-FLUO, while 9,10-ANTQ was measured in half 

of the samples. CP[def]PHEO, BEZO and BFLUO had similar concentrations but 

were two to ten times lower than the 9-FLUO and 9,10-ANTQ concentrations 

(Table 4.2.). One OPAH, 1,4-ANTQ, was not detected in any of the MBO or PKU 

samples. 

 At PKU, the frequency of detection was high, nearly 100% for most 

OPAHs in all PM size fractions (Table 4.2.). The high MW OPAHs were highest 

in concentration during the summer, with the BEZO and B(cd)PYRO 

concentrations an order of magnitude higher than the other OPAHs. BEZO 

concentrations were high even on the larger PM, while 9,10-ANTQ 

concentrations were highest on PM>7.2 in the summer. Also, 9-FLUO was < MDL 

for each size fraction in the summer, but is one of the most concentrated OPAHs 

during the winter (Table 4.2.). Overall, winter OPAH concentrations were an 

order of magnitude higher than summer at PKU. In contrast to summer, we also 

found the lower MW OPAHs were most concentrated during the winter. 9,10-
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ANTQ was the most predominate OPAH from all size fractionated PM in the 

winter.  

 OPAHs with higher MW were primarily associated with fine particles (< 

1.5 µm). In the summer, the OPAHs with a MW < 210 g/mol (CP[def]PHEO & 

9,10-ANTQ) had a higher percent distribution (11 to 15%) on the larger PM 

(PM>7.2 ) particle fractions than OPAHs with a MW of >230 g/mol (7,12-BaAQ, 

5,12-NAPQ & B(cd)PYRO), ranging from 2-9% total concentration on PM>7.2. 

During the winter, the OPAHs with a MW > 230 g/mol on PM>7.2 had a relative 

abundance of 2-6%, while the OPAH with a MW of < 210 g/mol had an 

abundance of 1-2% on PM>7.2.  

 Similar to what we measured at PKU, OPAH PM size distributions 

according to MW have been measured in Boston [13] and the French valleys [24]. 

Allen et al found that OPAHs with MW < 208 g/mol were nearly evenly 

distributed between coarse (> 2 µm) and fine (< 2 µm) particles. Of the OPAHs in 

our study, 9-FLUO, CP[def]PYRO and 9,10-ANTQ have a MW < 208 g/mol.  

During the summer, CP[def]PYRO and 9,10-ANTQ were 57 and 70% 

(respectively) distributed on fine PM, while 9,-FLUO was <MDL. We did not 

observe this trend in the winter at PKU and approximately 90% of the OPAHs 

with a MW < 208 g/mol were measured on fine the PM. This difference could be 

explained by sampling season, whereby Allen et al presents data only during 

summertime collection [13]. Higher summertime temperatures might have drove 

the lower MW OPAHs from the particle phase into the gas phase. 

Seasonal Influence at PKU. 

Although similar OPAH and PAH concentrations were measured at PKU 

within summer and winter, there were large differences between summer and 

winter. Levels of OPAHs were an order of magnitude lower in the summer than 

during the winter. Other groups have also observed higher OPAH concentrations 

in the cold seasons compared to the warmer seasons. A recent review complying 
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individual measured OPAHs from 2000 to 2008 reported a seasonal trend with 

three to four times higher concentrations in the winter (N=165) compared to the 

summer (N=285) [5]. Albinet et al measured an order of magnitude higher OPAH 

and PAH concentration during the winter [21] and others observed a two-fold 

increase in OPAH concentration from spring to winter [17]. Seasonal increases in 

PAH concentrations during cold months have been attributed to 1) increased 

emissions (usually due to the burning of fuels for heating), 2) decreased mixing 

and dispersion in the atmosphere resulting in lower mixing layer height and 

inversions, 3) increased partitioning from the gas phase to the particle phase and 

4) decreased photochemical degradations due to decreased light and intensity 

[36]. Seasonal atmospheric PAH concentration trends have long been established 

and it is reasonable to assume that OPAHs would be affected in a similar way. 

 Higher wintertime PAH and OPAH concentrations observed at PKU were 

undoubtedly, in part, a result of increased fossil fuel combustion used for heating 

in the winter; however, noticeable differences in the distribution of individual 

OPAHs were observed between summer and winter at PKU. The average 

temperatures in Beijing were -9.1 ± 0.5 °C in the winter and 26 ± 2°C in the 

summer. Although no correlations between ΣOPAH concentration and 

meteorological parameters (e.g. temperature, wind speed, humidity, etc…) were 

found at PKU, the OPAH distribution is likely dictated by ambient temperature. 

The lower MW OPAH (< 210 g/mol) concentration was higher on PM at PKU 

during the winter. The absence of 9-FLUO and abundance of higher MW OPAHs 

in the PKU summer samples differentiated these samples from the winter 

samples. Our PKU data showed that OPAHs follow the same seasonal trend as 

PAHs with low MW (and higher vapor pressure) PAHs and OPAHs less abundant 

in PM during the summer than during the winter.  

It is generally accepted that PAHs with two to three rings are 

predominately in the gas phase, four-ring PAHs exist in both phases and five to 
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six-ring PAHs are predominately associated with the particulate phase [6]. 

Gas/particle partitioning is influenced by a number of factors including vapor 

pressure, ambient temperature, particle surface area and concentration as well as 

analyte concentration and particle affinity [6]. A number of these parameters have 

yet to be investigated for OPAHs and only a few studies have addressed OPAH 

gas/particle partitioning. Some studies have found that the majority of OPAHs are 

associated with the gas phase [18, 19]; however, these studies largely focused on 

quinones with one to three rings. Albinet et al found an association between 

molecular weight and individual OPAH distribution, concluding that compounds 

with a MW < 202 g/mol were mainly found in the gas phase and compounds 

having four or more rings were over 90% distributed on the particles [21]. 

Without gas phase or PM composition data, it was impossible to make 

conclusions concerning the influence of OPAH gas/particle partitioning from the 

current study; however, our data suggested that OPAH phase distribution was 

greatly affected by temperature leading to the differences between the summer 

and winter OPAH occurrence. 

Emission sources and PM composition likely played a role. By analysis of 

fossil fuel identifiers in Beijing, including alkanes, PAHs, fatty acids, 

dicarboxylic acids and hopanes, Huang et al found that profiles from PM during 

the summer are more characteristic of vehicle emissions, while coal combustion is 

a major influence during the winter [37]. Furthermore, the PM mass composition 

changes seasonally with coal and biomass combustion being important sources by 

generation of carbonaceous aerosol in the winter and secondary organic aerosols 

(ammonia, nitrates, sulfates) influence PM composition in the summer [38]. It is 

therefore likely that the seasonal difference in OPAH concentration and profile 

observed at PKU was a result of many factors. 

Atmospheric Formation vs. Direct Emission of OPAHs 

Atmospheric Formation. 
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OPAHs may be markers of direct emission during combustion and/or 

atmospheric photodegradation of PAHs during transport. Laboratory chamber 

studies on PAH degradation by chemical oxidants (NO2, OH·, O3) have produced 

many products. Some of these products were OPAHs, including 9-FLUO, 1,4- 

and 9,10-ANTQ [9]. Behmyer and Hites identified the formation of 9,10-ANTQ 

and 7,12-BaAQ from photolysis experiments with ANT and BaA, respectively 

[39]. Additionally, 9,10-ANT was formed as a dark reaction ozonation product of 

anthracene adsorbed to silica particles [11]. 

The documentation of OPAH atmospheric formation in the field is limited. 

A study investigating wood burning emissions found that OPAH concentrations 

peaked a day after PAH peak concentrations, suggesting that atmospheric 

formation could be significant [14]. Atmospheric formation was observed during 

air transport from Los Angeles to Riverside, CA. Eiguren et al determined ~90% 

of 9,10-phenanthrenequinone  was photochemically formed based on wind 

trajectories and ratio-ed against B(ghi)P, a marker of fuel combustion [12]. While 

it was concluded that photochemical formation of two-ring PAHs was important, 

Eiguren et al also noted that both primary and secondary sources of OPAHs are 

contributing to observed concentrations. 

In Beijing, the PAH concentrations were lower in the summer due to 

decreased emissions and increased atmospheric photodegradation [37]. If OPAHs 

were predominately formed by PAH degradation, then OPAH concentrations 

would be expected to be higher in the summer. However, in Beijing, OPAH 

concentrations were an order of magnitude higher in the winter than in the 

summer (Table 4.2.). Furthermore, 1,4-ANTQ, a laboratory formed 

photochemical formation product, [9], was not detected in any sample and, to our 

knowledge, has not been reported in ambient air samples.  

The total PAHs by category:  Σcarcinogenic, Σalkylated, Σmisc 

(predominately gas phase and non carcinogenic PAH) and ΣOPAHs on PM1.5 at 
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PKU, displayed seasonality that could be a result of many factors, including 

photochemical formation (Figure 4.3.). The ΣOPAH concentration was not 

statistically different (p-value > 0.05) from the Σmisc PAH or Σcarcinogenic PAH 

concentration in the summer. During the winter, ΣOPAHs were much less 

concentrated than either grouping of PAHs. OPAHs may have constituted more of 

the observed total PAHs in the summer at PKU as the result of photochemical 

degradation of PAHs. On the other hand, increased combustion for heating in the 

winter as well as increased gas/particle partitioning in the summer, could have 

explained the increased fraction of Σcarcinogenic PAHs in the winter and lower 

Σmisc PAH concentrations in the summer, respectively. Furthermore, the fraction 

of OPAHs in the total PAHs from PM1.5  remained consistent within the larger 

PM fractions from both seasons, although OPAHs were more concentrated on the 

smallest PM (< 1.5 µm) in winter than the summer. This profile preservation and 

seasonal shift to larger particles in the summer was consistent with particle 

coagulation and volatilization /re-condensation of OPAHs and PAHs. 

MBO is a useful site for studying PAH regional transport within North 

America, as well as trans-Pacific transport [28]. At MBO, ΣPAH and ΣOPAH 

concentrations were similar in magnitude, ranging from <MDL to ~300 pg/m
3
. 

Figure 4.4. compares the ΣOPAH concentration at MBO to other categorized 

sums of PAHs. ΣOPAH concentrations at MBO were higher than the Σalkylated, 

Σcarcinogenic and Σmisc PAH concentrations.   

We predominately measured the lowest MW and highest vapor pressure 

OPAHs at MBO: 9-FLUO, 4H-CP[def]PYRO and 9,10-ANTQ. Average 

temperatures were -1.3 ± 4 °C, possibly influencing partitioning from the gas 

phase to the particulate phase. At MBO, the ΣOPAH, Σcarcinogenic and Σmisc 

PAH concentrations were positively correlated to each other (R > 0.7, p-value < 

0.004). However, the Σalkylated PAHs were not correlated (p-value > 0.05) with 

the other PAH concentrations. Perhaps the alkylated PAHs were generated from a 
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source different source than the other PAHs and OPAHs. Further consideration 

was applied to April 22, 2007 due to elevated concentrations of ΣOPAHs, 

Σalkylated and Σmisc PAHs on PM1.5 (Figure 4.4.). The highest carbon monoxide 

(CO) concentrations (152 ppbv, avg: 139 ± 11 ppbv) from the MBO data set were 

also recorded on April 22, 2007 (personal communication, Jaffe group University 

of Washington, Bothell), but this CO concentration was within the normal range 

observed at MBO [30]. During a documented Asian long range transport event, 

CO concentrations were 200 ppbv and the concentrations of other markers of 

trans-Pacific transport (ozone and mercury) where much higher than measured on 

April 22, 2007 [30].  

If atmospheric conditions are favorable, particles with a diameter of 0.1 to 

3 µm can be transported over long distances [6] and previously observed 

enhancements of particulate phase PAHs at MBO have been correlated to trans-

Pacific transport
 
[28]. Particulate phase PAH concentrations were < 200 pg/m

3, 

with the exception of two days whereby Σ particulate phase PAHs reached a 

maximum of 516 pg/m
3 

[28]. During these two days, elevated levels of total Hg, 

CO, O3 and sub-micron aerosol were also reported [30]. Air trajectory and source 

region modeling enabled identification of a transported air mass of Asian origin 

[28].  

Representative ten day air mass back trajectories shown in Figure 4.5. 

were of three types: North America/Ocean (April 16, 2007), Ocean/Asia (April 

22, 2007) and Asia (April 26, 2007). On April 22, 2007, the air mass originated in 

Asia and swirled over the Pacific before reaching MBO. According to the 

HYSPLIT model, rain events also occurred in transit, possibly acting as a removal 

process for particulates. Combined, these data suggest that the air mass sampled 

on April 22, 2007 was not likely a trans-Pacific air mass.  

Based on the direct westerly “Asia” air mass back trajectory (Figure 4.5.) 

and the absence of rain events during transport, it would be expected that a trans-
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Pacific air mass would be sampled on April 26, 2007; however, the absence of 

correlations to meteorology and gas phase chemicals as well as low PAH and 

OPAH concentrations, support a regional air mass. Furthermore, we did not 

observe any trends in OPAH or PAH concentration with back trajectory analysis 

for any air mass sampled MBO. Likewise, we did not observe elevated levels of 

contaminants or other meteorological makers of a trans-Pacific air mass. 

Additionally, no correlations (p-value > 0.05) between ΣPAHs or ΣOPAH 

concentrations and NOx, Hg and CO or water vapor and sub-micron aerosol, were 

observed at MBO. However, ozone concentrations were positively correlated with 

ΣOPAHs (R = 0.71, p-value = 0.019), Σcarcinogenic PAHs (R = 0.81, p-value = 

0.002) and Σmisc PAHs (R = 0.86, p-value = << 0.001); and wind speed was 

negatively correlated to Σmisc PAHs (R = -0.69, p-value = 0.03) and Σalkylated 

PAHs (R = -0.67, p-value = 0.03) but not with Σ carcinogenic or ΣOPAHs.  

PAHs may react with ozone, or other oxidants, producing OPAHs during 

sampling. It is well known that PAHs, especially BaP, are subject to degradation 

during sampling, leading to underestimations of concentrations [23, 40, 41]. 

Recent studies have shown that OPAHs, in addition to PAHs, are also susceptible 

to loss during sampling. A side by side experiment employing air samplers with 

and without an oxidant denuder, reported 9-FLUO, 4H-CP[def]PYRO and 9,10-

ANTQ concentrations with the denuder were nearly two times that of without 

[23]. In addition, the cascade impactor employed in the present study minimizes 

sampling artifacts, although the mechanism is not known [41]. If anything, the 

OPAH concentrations in our study were likely underestimated rather than 

overestimated, due to sampling artifacts. 

Direct Emission. 

 To date, there is more evidence for the direct emission of OPAHs from 

combustion sources than for atmospheric formation. OPAHs with two to six rings 

have been identified in the emissions from various incomplete combustion 
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sources, including auto emissions [42, 43] [44], coal burning [25], waste 

incineration [25, 45, 46]and wood burning [14]. Emission studies have found that 

OPAH concentrations were higher than PAH concentrations in diesel exhaust 

[27]. Previous investigations from our lab demonstrated the predominance of 

OPAHs from diesel generated PM by comparing the OPAH to the direct analog 

(un-substituted) PAH [33]. The OPAH/PAH ratios (9-FLUO/FLU, 9,10-

ANTQ/ANT and 7,12-BaAQ/BaA) measured in the present study from the PKU 

sampling campaigns are shown in Table 4.3. and compared to two NIST diesel 

PM Standard Reference Materials (SRM1650b and SRM1975). The ratios of 9-

FLUO/FLU were greater than one for PKU winter and the diesel PM, but 9-

FLUO was < MDL in the summer at PKU. For 7,12-BaAQ/BaA, the opposite is 

true. PKU summer had a ratio greater than one while PKU winter and diesel PM 

ratios were < 1. Furthermore, the PKU winter ratio for 9,10-ANTQ/ANT (~1) was 

closer to the diesel PM (~2 to 5) ratios than PKU summer (> 10). The 9,10-

ANTQ/ANT and 7,12-BaAQ/BaA ratios were at least ten times higher at PKU 

during the summer than the winter.  

 The colder temperatures (< 4 °C) observed during the PKU winter 

sampling could lead to source profile preservation due to decreased dispersion 

and degradation. The addition of the oxygen moieties, lowers vapor pressure and 

may increase particle affinity. The higher ratios for 9,10-ANTQ/ANT and 7,12-

BaAQ/BaA in the summer at PKU could indicate increased volatilization and/or 

decomposition of the parent PAH with respect to the OPAH analog. In addition, 

9-FLUO has the lowest vapor pressure of 9,10-ANTQ and 7,12-BaAQ (Table 

4.1.) and would be more influenced by temperature. Perhaps, the low summer 9-

FLUO/FLU ratio at PKU was a result of particulate to gas transition. This could 

be a plausible explanation if OPAHs were emitted primarily by direct emission 

sources. 

                                               101



 Since Beijing is influenced by numerous emission sources, OPAHs 

detected here were most likely a mixture of automobile emissions and coal [32, 

37]. Allen et al found that BEZO was concentrated on the smallest size fraction, 

concluding that it could be a result of direct combustion. Other OPAHs, 

concentrated on larger particle sizes, were concluded as occurring via secondary 

reactions [13].  

The fact that we observed significantly higher concentrations of OPAHs 

during the winter and that OPAH distribution followed a seasonal trend consistent 

with that observed for PAHs, we believe that OPAHs measured in Beijing mainly 

resulted from direct emissions. This is especially true considering that secondary 

formation would be expected to be highest in the summer when conditions 

(increased temperature, mixing, and gas phase contaminant concentrations) for 

PAH degradation was optimal.  

 OPAHs measured at MBO presents a more complex situation since the 

site was far removed from direct emission sources. The fact that other PAHs were 

also measured suggests that we could have collected local emissions or regionally 

transported air masses. The similarities of the OPAH profile (abundance of lower 

MW OPAHs) with that measured from the PKU winter could indicate that direct 

emission sources have been preserved. Enhancements of gas phase PAHs as well 

as PCBs have been associated with regional transport at this site [28], allowing for 

the possibility to observe directly emitted regional emissions. More research is 

needed concerning the OPAH distribution and occurrences at MBO and from 

trans-Pacific air masses. The fact that we measured OPAHs at MBO, and in 

higher concentrations than most PAHs, demonstrated the ubiquitous nature of 

these compounds.   

CONCLUSIONS 

 The measurement of OPAHs on size fractionated PM from MBO and 

PKU demonstrated that OPAHs were abundant (with respect to PAHs) in urban 
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and remote atmospheres. Ketone and quinone OPAHs were concentrated on the 

fine PM at both sampling sites. The PKU data suggested that the predominate 

source of OPAHs in Beijing is direct emissions. Lower MW weight OPAHs (< 

210 g/mol) were more concentrated during the winter, while higher MW OPAHs 

were concentrated in Beijing during the summer. We find that the OPAH 

occurrence and distribution was what would be expected based on meteorological 

variations and direct emission sources. Even though the Beijing data suggested 

that OPAHs behave similarly to PAHs with comparable MW, measurement of 

predominately lower MW OPAHs from MBO signified that many aspects of 

OPAHs have yet to be investigated. Further investigations involving gas and 

particulate phases should be conducted to elucidate volatilization and degradation 

of OPAHs. Continued research on the measurement of OPAHs occurring from 

long range transport would greatly advance the current understanding of OPAH 

formation and particle distribution.  
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Figure 4.1. Particulate matter (PM) sampling site locations. Identical air samplers fitted with a cascade impactor were 

employed at each site. The air sampler at MBO was located on the mountain summit at ~ 3000 meters above sea level. 

The air sampler in Beijing, China was located on a roof at Peking University, just above ground level (~ 25 meters 

above sea level).  
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Figure 4.2.Ketone and quinone substituted polycyclic aromatic hydrocarbon 

(OPAH) Particle Size Distribution. Average total OPAH concentrations (y axis) 

are reported with standardard deviation. 
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Figure 4.3. Sum of PAHs measured at PKU. Summer (top) and winter (bottom). 

Σcarcinogenic PAHs = CHR, BaA, BbF, BkF, BaP, IcdP, DahA, D(a,l)P, D(a,e)P, 

D(a,h)P, D(a,i)P and D(a,e)F. Σalkylated PAHs = 1-mNAP, 2-mNAP, 1-mPHE, 

1-mPYR, 6-mCHR & RET. Σmisc PAHs = NAP, PHE, ANT, FLU, DBT, PYR, 

FLA, BghiP. ΣOPAHs are from Table 2.  
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Figure 4.4. Sum of PAHs measured at Mt. Bachelor, Oregon. Σcarcinogenic 

PAHs = BaA, CHR, BbF, & IcdP. Σalkylated PAHs = 1-mNAP, 2-mNAP, 1-

mPHE, 1-mPYR & RET. Σmisc PAHs = NAP, PHE, ANT, PYR, FLA, BghiP. 

All other monitored PAHs were < MDLs. ΣOPAHs are from Table 2. 
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Figure 4.5. Representative ten day back trajectories from MBO (43.98ºN, 

121.69ºW). Trajectories were calculated at three elevations encompassing the 

summit of MBO at 1300 (circle) 1500 (square) and 1700 (triangle) meters above 

ground level using NOAA’s HYSPLIT ARL model. April 16, 2007 is 

representative of most trajectories, displaying a North America/Ocean trajectory 

into MBO, April 22, 2007 is the corresponding trajectory to the highest levels of 

measured OPAHs with a Asia/Ocean trajectory, while April 26, 2007 shows a 

trajectory directly from Asia.  
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Table 4.1. OPAH analyte list 
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Table 4.2. Individual OPAH concentration per size fraction of particulate matter (PM).  
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Table 4.3. Ratios of the OPAH to the Un-substituted PAH. Data is plotted with 

literature values of diesel particulate NIST Standard Reference Materials (SRMs). 

A ratio greater than one indicates that the OPAH is more abundant than the PAH 

analog.  
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CHAPTER 5. CONCLUSIONS 

 

 Environmental monitoring of contaminants is a crucial part of 

environmental analytical chemistry and toxicology. This work presented new data 

concerning the prevalence of infrequently studied polycyclic aromatic 

hydrocarbons (PAHs). Results are further intended to stimulate continued 

research directed towards specific media, and individual contaminants as well as 

toxicological assessments.  

 Results presented here identify important PAHs from size fractionated 

particulate matter (PM) collected from Beijing, China during the summer of 2007 

and winter of 2008. PM was used to evaluate air quality metrics and the effect of 

molecular weight (MW) 302 PAH isomers (dibenzopyrenes) on risk assessment 

outcomes. Beijing air was heavily polluted by direct emission sources and a 

strong seasonal influence was apparent from measurement of PAHs, but not 

reflected by PM concentrations. Consequently, poor air quality, as determined by 

PM and PAH limit values, did not agree. PM and PAHs are two important 

elements of air pollution, but many other measures were available for evaluation 

of consensus. The most important conclusion from this study, however, was that 

dibenzopyrenes accounted for the majority of calculated lifetime risk. Meaning 

that, PAH risk was underestimated by over 50% using traditional air sampling 

monitoring plans that focus on EPA's 16 priority pollutant PAHs. This 

observation is applicable to other environments, not only Beijing, and should be 

further investigated.  

 Dibenzo(a,l)pyrene was the most potent carcinogenic PAH found, but was 

not the most important PAH in ambient air. The majority of the MW 302 isomers 

were more concentrated in PM from Beijing. Our goal was to demonstrate the 

importance of MW 302 isomers; but, extrapolating measured air concentrations to 

carcinogenic risk relied on many assumptions. Deductions of risk were only as 
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valid as the toxicity data used to convert the dibenzopyrenes into benzo(a)pyrene 

(BaP) equivalents. On the other hand, the many other assumptions (extrapolating 

animal data to human, different exposure routes, fixed sampling instead of actual 

intake or internal dose, etc...) may have outweighed whether the dibenzopyrenes 

were 10 or 100 times more potent than BaP. Nonetheless, using the BaP 

equivalent approach was the most highly regarded method for risk assessment of 

multiple PAHs and exclusion of the MW 302 PAHs significantly underestimated 

the results. Future monitoring of PAHs should include the MW 302 isomers. 

Continued work should focus on further identification and quantification of the 

remaining isomers that are structurally similar to dibenzo(a,l)pyrene. 

 This work has contributed to the advancement of science by OPAH 

measurement in new environmental media, identifying sources and sinks.  

Standard Reference Materials (SRMs) were utilized for development of a 

comprehensive analytical method capable of handling a broad range of matrix 

interferences for isolation of ketone and quinone substituted PAHs (OPAHs). The 

importance of these PAHs in the environment was demonstrated by high levels of 

OPAHs measured in five SRM matrices. Based on prior research from ambient air 

and vehicle exhaust, it was expected that diesel PM and urban dust would have 

high levels of OPAHs; however, OPAH levels measured at higher concentrations 

than the priority pollutant PAHs from mussel tissue was unanticipated. Data 

pertaining to uptake and metabolism was unavailable. Levels of OPAHs were the 

highest from diesel sources making it possible that a sizable contribution of 

atmospheric OPAHs could arise from diesel combustion, but more 

characterization of other combustion sources is needed. In addition, continued 

investigations should involve bioaccumulation studies on mussels and other 

organisms. 

 From all SRMs, one or more OPAHs were found at higher concentration 

than the un-substituted PAH counterpart. This comparison opens up a number of 
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research questions pertaining to the relative toxicity of OPAHs versus PAHs. The 

effect of the OPAHs on air quality was also of interest, but toxic equivalency 

factor data was not available for these PAHs. Bioassay and cell culture data has 

shown that OPAHs could be important from isolated environmental samples, but 

more research is needed to ascertain matrix effects. Currently, little is known 

about the direct exposure of OPAHs to whole organisms.   

 OPAHs measured in ambient samples collected at Mt. Bachelor, Oregon 

and Beijing, China further demonstrated that OPAHs were abundant, even at high 

elevation and far removed from combustion sources. The strongest variable 

affecting ambient air OPAH concentrations and individual OPAH profiles was 

seasonal variability. More data was needed on source profiles for OPAHs, 

specifically for vehicle, coal, and wood burning emissions. Furthermore, larger 

data sets were needed to investigate en route formation of OPAHs from trans-

Pacific transport to Mt. Bachelor. Gas phase measurement would have 

significantly aided in interpretations, especially in the case of the Beijing samples. 

 Overall, this work brings to attention two classes of PAHs that may affect 

human illness or disease. It is addressed largely from an environmental chemistry 

standpoint, but within the context of human health and environmental exposure. 

This work demonstrated that high levels of MW 302 isomers and OPAHs are 

present in the environment, at levels as high or higher than commonly studied 

PAHs. Through the generation of the data presented here, the ground work and 

methods have been established and can be directly implemented for continued 

study or built upon for deeper a analysis concerning the fate and distribution of 

OPAHs and MW 302 isomers in our environment.  
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