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In situ bioremediation is a promising strategy for treating contaminated
groundwater. The feasibility of in situ bioremediation of contaminated groundwater is
investigated when desorption of the contaminant from the solid phase to the aqueous
phase is slow. An analytical solution to the solute transport equation with rate-limited
desorption and first-order decay was derived here using an eigenfunction integral
equations method. The results show that when the desorption coefficient is large
relative to the degradation coefficient (degradation is rate-limiting), the performance of in
situ bioremediation compared to groundwater extraction is improved as the degradation
rate increases. However, when the desorption coefficient is small relative to the
degradation coefficient (desorption is rate-limiting), increasing the degradation rate any
further will not improve the performance of in situ bioremediation.

In situ bioremediation of a contaminated aquifer typically requires the
introduction of oxygen for the microorganisms to degrade the contaminants of concern.
A theoretical model was developed to describe the effect of small quantities of trapped
gas bubbles on the transport of dissolved oxygen in an otherwise saturated porous
media. Dissolved gas transport can be retarded by gas partitioning between the mobile
aqueous phase and a stationary trapped gas phase. The model assumes equilibrium
partitioning where retardation is defined as R = 1 + H'(Vg/V,) where H' is the
dimensionless Henry's Law constant for the dissolved gas and Vg and V, are the
volumes of the trapped gas and water phases, respectively. Small-scale column
experiments showed that retardation factors of dissolved oxygen increased from 1 to 6.6
as Vg/Vw increased from 0 to 0.12 which is in general agreement with model
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predictions except for the larger values of Vg/Vw. Large-scale physical aquifer model
experiments showed that the transport of dissolved oxygen is retarded by 11.2 times the
movement of the water flow. The two-dimensional transport can be modeled by the
advection-dispersion equation with retardation but only when longitudinal dispersion is
increased compared to the value determined for a bromide tracer. Longitudinal
dispersion can be increased due to a temporally or spatially varying retardation factor or
nonequilibrium mass transfer. The presence of even a small amount of a trapped gas
phase in an aquifer will significantly affect the distribution and transport of dissolved
oxygen and thus should be considered when designing ways to increase the dissolved
oxygen concentration in groundwater for in situ bioremediation.
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MASS TRANSFER CONSTRAINTS ON THE FEASIBILITY
OF IN SITU BIOREMEDIATION

OF CONTAMINATED GROUNDWATER

CHAPTER I. GENERAL INTRODUCTION

Introduction

Groundwater is a resource of freshwater for both public supply (domestic and
municipal) and irrigation. Approximately one-fifth of water use in the United States is
from groundwater resources and the total volume of groundwater use has more than
doubled in the last 40 years (So lley et al., 1993). The quality of our groundwater,
however, has been degraded by chemical contamination. Aquifers are commonly
contaminated from municipal and industrial waste disposal, industrial spills, agricultural
and mining activities and radioactive waste.

Remediation of contaminated groundwater has proven to be difficult (U. S.
EPA, 1989). Groundwater extraction has been the method chosen to remediate many
contaminated aquifers, but it has often been inefficient in reducing concentrations to the
part per billion (ppb) level required by regulatory agencies (U. S. EPA, 1989). In order
to decrease the time and/or the cost it takes to remediate, it needs to be determined 1)
why contaminants cannot be efficiently extracted out of the aquifer where they can be
treated on the surface and 2) if there are methods to treat contaminants in the aquifer that
are more efficient.

One of the reasons contaminant concentrations in groundwater cannot be
efficiently reduced to ppb levels by extraction methods is that often a large percentage of
the contaminants are sorbed to the aquifer solids. The contaminant mass must transfer
from the solid phase into the aqueous phase before it can be removed. The rate of
desorption of contaminants from the aquifer solids can be slow, especially at low
concentrations. An alternative method for restoration of contaminated aquifers is in situ
bioremediation where organic compounds are degraded in the subsurface by indigenous
or introduced microorganisms. Bioremediation is a promising strategy for treating
waste because the hazardous substances can be biodegraded to compounds that are not
harmful to the environment rather than just moving the compound from one location to
another.
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The first part of this thesis addresses the question of whether in situ
bioremediation can increase the rate of remediation as compared to groundwater
extraction when the rate of desorption of the contaminants from the aquifer solids is
slow. If microorganisms can degrade the contaminant while it is sorbed to the solid this
would increase the rate of remediation. Soil sorbed compounds have been generally
shown to be unavailable for degradation (Ogram et al., 1985; Alvarez-Cohen, 1991;
Scow and Alexander, 1992) but exceptions have been found (Li and Di Giano, 1983;
van Loosdrecht et al., 1990; Guerin and Boyd, 1992). In this study, it is assumed that
biodegradation of a compound can only occur in the aqueous phase. Another way in
which in situ bioremediation could increase the rate of remediation is if the rate of
desorption of the contaminant from the solids into the aqueous phase would be increased
so that the compounds could then be either degraded or flushed out of the aquifer more
quickly. It is this mechanism that is investigated here to determine whether in situ
bioremediation can increase the rate of remediation compared to groundwater extraction.

This problem was approached mathematically using the one-dimensional solute
transport equation with rate-limited desorption and first-order decay. These equations
were solved analytically. The analytical solution to the solute transport equation can
then be used as a tool for optimizing the remediation strategy of a contaminated aquifer.
If the assumptions of the model apply to the system of interest, the rate of remediation is
shown to be dependent on four nondimensional parameters: desorption rate, degradation
rate, retardation coefficient and dispersion coefficient. If the model parameters can be
measured or estimated, the process that will limit the rate of remediation can be
discerned. The solutions demonstrate that in situ biodegradation has the potential to
significantly increase the rate of remediation over groundwater extraction. However, if
desorption is rate limiting, increasing the degradation rate will not improve the
performance of in situ bioremediation. Chapter 2 presents the analytical solution to the
system of equations and Chapter 3 shows how the solution has been applied towards
understanding how the rate of remediation can be increased by in situ bioremediation.

In situ bioremediation of contaminated groundwater typically requires the
introduction of the limiting nutrients (e.g. nitrogen and phosphorous) and an electron
acceptor to provide the necessary conditions for the microorganisms to degrade the
contaminants of concern. The most common electron acceptor used in bioremediation is
oxygen. Various technologies have been used to increase the available oxygen in a
contaminated aquifer, but no studies have been performed to test the effectiveness of
these technologies if a trapped gas phase exists or is introduced into the pore spaces of
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an aquifer. As part of this thesis work, it was discovered that if a trapped gas phase is
present in an aquifer, the resulting distribution and transport of oxygen will be strongly
affected. The transport of dissolved oxygen will be retarded due to the mass transfer of
the gas between the mobile aqueous phase and the trapped gas phase.

Trapped gas can result from water table fluctuations caused by seasonal changes
in aquifer recharge, or in the vicinity of a pumping well, by water level fluctuations due
to changes in the pumping rate. Injection of hydrogen peroxide may also cause a
trapped gas phase by hydrogen peroxide decomposition into oxygen gas and water.
Air-sparging, microbubble injection, and other technologies for introducing oxygen into
the groundwater may also introduce a trapped gas phase.

The second part of this thesis investigates the distribution and transport of
dissolved oxygen in an aquifer when small quantities of trapped gas bubbles are present.
A theoretical model was developed to describe the effect of small quantities of trapped
gas bubbles on the transport of dissolved gases in an otherwise saturated porous media.
Retardation due to a trapped gas phase can be defined by R = 1 + H'(Vg/V,, ) where H'
is the dimensionless Henry's Law constant for the dissolved gas and Vg and V, are the
volumes of the trapped gas and water phases, respectively.

The validity of the model was tested for dissolved oxygen in small-scale column
experiments over a range of trapped gas volumes. The experimental results showed that
retardation of dissolved oxygen can increase from 1 to 6.6 as the ratio of volume of
trapped gas to volume of water increases from 0 to 0.12 and are in general agreement
with model predictions except for the larger values of Vg/Vw.

The effect of a trapped gas phase on the two-dimensional distribution and
transport of oxygen-sparged water in an aquifer was also examined. Dissolved oxygen
transport experiments were conducted in a large-scale physical aquifer model containing
a homogeneous and isotropic sandpack. The transport of dissolved oxygen is shown to
be retarded up to 11.2 times the transport of the bulk water due to the presence of a
trapped gas phase. The theoretical model of dissolved gas transport is evaluated in a
two-dimensional groundwater flow field using the U.S.G.S. numerical model MOC.
The experimental results of dissolved oxygen transport can be modeled with the
advection-dispersion equation with linear equilibrium mass transfer but only when the
longitudinal dispersion is increased compared to the value determined for a bromide
tracer of the water flow. The theoretical and experimental results suggest that gas
partitioning between the aqueous phase and a trapped gas phase can greatly influence
rates of dissolved gas transport in aquifers.
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Chapter 4 discusses the theoretical model and column experiments for retardation
of dissolved oxygen by trapped gas and Chapter 5 discusses the physical aquifer model
experiments showing the two-dimensional distribution of dissolved oxygen in the
presence of a trapped gas phase.
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Abstract

An analytical solution is derived for the advection-dispersion equation with rate-
limited desorption and first-order decay using an eigenfunction integral equations
method. The model equations represent one-dimensional solute transport in a
homogeneous isotropic porous medium where the porous medium is saturated with the
aqueous solution. The flow field is uniform. Rate-limited desorption is described as a
first-order process where the rate is proportional to the difference in concentration
between the sorbed phase and the aqueous phase. The solution was verified for the
limiting case of equilibrium desorption using the solution of van Genuchten and Alves
(1982). Example calculations are presented to show the effect of the desorption rate,
decay rate and distribution coefficient on the rate of contaminant removal from both the
aqueous and sorbed phases of a groundwater aquifer. The solution quantifies the
expected results, where the larger the desorption and decay rate and the smaller the
distribution coefficient, the faster the rate of contaminant removal from the aqueous and
sorbed phases.

Introduction

In some contaminated aquifers, the rate of contaminant desorption from the solid
phase to the aqueous phase limits the remediation rate (Travis and Doty, 1990).
Mathematical models of solute fate and transport subject to rate-limited desorption are
useful for assessing the effectiveness of remedial technologies including pump and treat
and in situ biodegradation.

There are many mathematical models in the literature that describe solute
transport in porous media (Se lim and Amacher, 1988; Lindstrom and Boersma, 1991).
Van Genuchten and Dalton (1986) review the class of models where the solute moves
through voids of known geometries created by well-defined aggregate shapes. An
alternative approach is to model the system macroscopically which does not require
knowledge of the aggregate geometry.

Adsorption and desorption of a contaminant between the aqueous and solid
phases also must be considered when modeling solute transport. Murali and Aylmore
(1983) and Miller and Weber (1984) review the various ways to model sorption
processes when they are in equilibrium using linear and nonlinear equations. Sorption
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that is not in equilibrium can result from both physical and chemical processes. Physical
nonequilibrium results from rate-limited diffusive mass transfer whereas chemical
nonequilibrium results from rate-limited sorption reactions between the compounds in
the aqueous and the solid phase. Nonequilibrium can be modeled as a one-site process
where all the sorption sites are time-dependent or as a two-site process where one
fraction of the sorbed phase is in equilibrium with the aqueous phase while sorption on
the other fraction is time-dependent (van Genuchten, 1981; Selim and Amacher, 1988).
Nonequilibrium can also be expressed as a diffusive transfer between mobile and
immobile water phases (van Genuchten and Wierenga, 1976) or as a spherical diffusion
model where the concentration in the immobile water varies with distance between the
mobile water and the sorbing phase (Goltz and Roberts, 1986). Parker and Valocchi
(1986) compared equilibrium versus first order kinetic models and evaluated when the
first order model is equivalent to the equilibrium model.

Models of solute transport can also include decay (e.g. biological degradation,
radioactive decay) of the contaminant in the aqueous and/or sorbed phases. Decay has
been described using first order kinetics for one compound or a chain of compounds
(van Genuchten, 1985; Lindstrom and Boersma, 1991) or using monod kinetics for one
compound (Baveye and Valocchi, 1989) or a chain of compounds (Lee, 1990).

Many solute transport models assume an average velocity to represent the
advection of the solute. However, Barry and Sposito (1989) have solved the solute
transport equations analytically with a varying velocity function and Taylor and Jaffe
(1991) have allowed for the velocity to vary as a function of cell concentration in an
aquifer as it is being bioremediated.

The initial and boundary conditions for the system of equations used to solve for
solute transport can also vary. The various types of conditions are reviewed by van
Genuchten and Alves (1982).

An analytical solution is derived here for the advection-dispersion equation with
rate-limited desorption and first-order decay in the aqueous phase. Desorption is
modeled as a one-site process with a linear, first-order rate equation; the rate is
proportional to a first order rate coefficient and the concentration gradient between the
aqueous and sorbed phases. Adsorption is not being modeled here because the initial
and boundary conditions cause the contaminant concentration to always decrease with
time. Decay in the aqueous phase is modeled as a first-order process; the rate is
proportional to the aqueous phase concentration. Decay in the sorbed phase is not being
modeled here. The sorbed concentration can only decrease by mass transfer from the
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solids to the aqueous phase and then subsequent decay or movement by advection or
dispersion in the aqueous phase. This model of decay is representative of biological
degradation that occurs only in the aqueous phase (Alvarez-Cohen, 1991). The aquifer
is initially contaminated with the solute in the aqueous phase in equilibrium with the
solid phase. There is no flux of contaminant at the inlet and no dispersive flux of
contaminant at the outlet.

Previous analytical solutions have described either equilibrium desorption with
first-order degradation (van Genuchten and Alves, 1982) or rate-limited desorption with
no degradation (van Genuchten and Wierenga, 1976). Lindstrom (1976) has solved the
solute transport equations with rate-limited desorption and first-order decay but used
different initial and boundary conditions. For the initial conditions, the aqueous and
sorbed concentrations are zero and for the boundary conditions, the total flux at the inlet
is a function of time and the total flux at infinity is zero. The analytical solution was
derived using Laplace transform methods.

This paper presents the model equations, the analytical solution, the verification
of the solution and the behavior of the solution as the magnitude of the model parameters
are varied.

Model Equations

The effects of rate-limited desorption and decay in the aqueous phase on
contaminant transport in groundwater are evaluated assuming one-dimensional, steady-
state groundwater flow through a homogeneous and isotropic aquifer. The portion of
the aquifer that is being modeled (the control volume) is bounded by an injection well
and extraction well (Figure Ill). The governing equations are

aC Pb aS na2c aC
+ = V

as
at = a(KdCS)
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where

C = aqueous concentration (contaminant mass/water volume)
S = sorbed concentration (contaminant mass/solids mass)

Pb = bulk density (solids mass/total volume)
0 = volumetric water content (water volume/total volume)

D = mechanical dispersion coefficient (area/time)
v = pore water velocity (water volume/pore space area/time)
p. = first-order decay rate coefficient (1/time)
a = first-order desorption rate coefficient (1/time)
ICd = equilibrium distribution coefficient (water volume/solids mass)

Additional assumptions are: 1) the aquifer is initially contaminated and concentrations
are uniform throughout the control volume and 2) sorbed and aqueous phases are
initially in linear equilibrium as described with the distribution coefficient. These initial
conditions are stated as

C(x,0) = Co, 0 x L

S(x,0) = So, 0 x L
So = Kd Co

where

Co = aqueous concentration at t = 0
So = sorbed concentration at t = 0
L = length of the control volume

(3)

At the control volume inlet (x=0), the contaminant flux due to advection and
dispersion is zero for all time. This boundary condition satisfies conservation of mass
within the control volume (van Genuchten and Alves, 1982). At the control volume exit
(x=L), the concentrations are uniform with distance. This boundary condition can be
applied to a control volume with a finite boundary at x=L (Wehner and Wilhelm, 1956;
Pearson, 1959; Bear, 1979) which can represent a portion of a one-dimensional aquifer
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that is bounded by injection and extraction wells. These boundary conditions are stated
as

Dac
'(0 t) + v C(0,t) = 0, t 0ax

ac
ax ,(L t)= 0, t 0

The following dimensionless terms are defined:

C* = C/Co
7 = Pb/C1/0
g* = pL/v
x* = x/L

S* = S/So
D* = D/vL = 1/P
cc* = aL/v
t* = t v/L

(4)

(5)

where P is the Peclet number, the ratio of the bulk mass transport to the diffusive mass
transport, and t* (nondimensional time) is the number of pore volumes where one pore
volume represents the time it takes for a water particle to move the distance L at a
velocity v. Substituting these terms into the governing equations results in

with initial conditions

ac* * as* *a2c* ac* *
+ y = D p, (6)

at at ax ax
as* * * *

= a (C S )
at*

* *
C (x ,0) =

* *
S (x ,0) =

1,

1,

0

1;',

*
x

*
x

1

1

(7)

(8)



and boundary conditions

-D*ac 0,t*) + C *(0,t *) = o, t 0
ax

ac* (1,t
*
) = 0, t 0

ax

12

(9)

The non-dimensional form of the equations will be solved in the following section but
the * notation will be dropped for ease of writing.

Solution

The solute transport equations, as presented here (equations 6 and 7), are solved
analytically using an eigenfunction integral equations method. The solution procedure
starts by combining equations 6 and 7 into one equation. Because the equation is a
linear partial differential equation, it can be solved in parts and then the solution to each
part can be added together to form the full solution. Thus, a partial solution is first
derived by temporarily removing one of the terms in the equation and solving by
separation of variables. The full solution is then found by adding additional terms to the
partial solution and solving for these terms in order to satisfy the full equation and the
boundary conditions.

The solution procedure is as follows. Equations 6 and 7 are combined by first
multiplying equation 7 by eat. Integrating over time results in

rt a (eats) itaecc'Ec(x,t) cit
.10 a'r

Performing the integration and solving for S gives

t
S =eat + a e-a(t-t) C(x,T) di

(10)



The partial derivative of S with respect to time is

as
at -a e-ut + a C(x,t) a2 ie-a(t-t)c(xmat

Substituting equation 12 into equation 6 gives the following equation which will be
solved for C(x,t)

aC
.1

t
aye-at + a yC a27 Ca(t-x) C(x,t) di7

o

a2c ac
= D , [ICa x2 ox

13

(12)

(13)

Once C(x,t) is known, S(x,t) can be determined from equation 11. To find
C(x,t), we solve first the equations without the source term (ay e-at ). After the partial
solution is found, the full equation with the source term can then be solved (Guenther
and Lee, 1988). Set C(x,t) equal to u(x,t) in equation 13 without the source term

au t a2u auat + (ya+g)u a2ys e-`1` -x) u(x,T) dr= D
2 axo ax

Let u(x,t) = X(x) T(t) where X and T are independent (Guenther and Lee, 1988).
After substituting u(x,t) = X(x) T(t) into the above equation, the variables can be
separated as follows

t
.

T + (a y + 1.1 ) T a2yf e-a(`-`)T ch
o DX -X -A

T X

where A is a constant.
X(x) has to satisfy the eigenvalue problem

(14)

(15)

DX-k-AX= 0 (16)



where

-DX'(0) + X(0) = 0

X'(1) = 0.

14

(17)

The solutions to equation 16 with the boundary conditions as stated in equation 17 are
found to be trivial except when A=-X, X > 0 and 1-4DX < 0 (Braun, 1983). Under
these conditions, the solution is given by

where

Thus,

X = erx (18)

1 i
-2D+ 1r 2D

(19)

4DX-1 4l.r7,27H-1x)1X = exp(-25f B cost + A sin (20)
2D 2D

When the boundary conditions in equation 17 are applied to equation 20, the eigenvalues
are as follows

where

tan = 0
4D24` 1

41-4177i

2D

The roots are discrete and thus we find

Xi(x) xp(
1

sin(six)+

(21)

(22)

(23)



where, from equation 22,

Xi
2

-43

15

(24)

There are certain critical properties of the Xj(x) which will be used for determining the
coefficients in the series expansions for the solution. The proofs of these properties can
be found in Guenther and Lee (1988).

Property 1

Property 2

ri
exp(-

1

Xi(x)

1
1

Xp(x) dx 0, (j

2exp(-15 )Xi (x) dx =

1 1

p) (25)

(26)

(27)

where

1
G. =

giD`
sin (g )

4ej D`
cos(g;) + 1

Property 3

Xj(x) is complete in the L2 norm where the inner product has the weight function
exp(-x/D).

The solution for Ti(t) can be found from the Volterra convolution-type integro-
differential equation (Berg, 1962):

T' a2yf T(T)e -0`(t_(IT + (a y+ X)T = 0 (28)
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Supposing T(0) = A, this equation can be solved for Ti(t) using the Laplace transform
(Braun, 1983). Let

L (T) = T = f e-s`T(t) dt
0

L (T') = = restl" (t) dt = A + sT
0

L(.1 e a" T(T) dt)= L (Cat * T(t) )= I's + a

Equation 28 transforms to

sT 1+ y+ Xi) Ta2ys T = A

The inverse is found by solving for T and completing the square in the denominator.

(29)

(30)

( a+ ay+g+Xi a ay 12 Xi
Tilt) = A exp 2 t cosh(wit) + sinh(wit) (31)

where
2 (a + ay+ 11+ Xi)2 4 a (1.t +
J

= 4 (32)

Thus, having solved for X(x) and T(t) and using Property 3, the solution to equation 14
is

Co

u(x,t) = ai Xj(x) Ti(t)
j= 1

The boundary condition for the partial solution,

00

(33)

u(x,0) = 1 =/ ai Xi(x) (34)
i =t

is used along with Property 1 and 2 to give



a.1 = lf Dj
exp(--x X-(x) dxa o

Evaluating the integral by recalling equation 16, we find

17

(35)

a. = a.
1

X-
(36)

J J

which satisfies the differential equations and the boundary conditions.
Because the full equation (equation 13) is a linear partial differential equation, it

can be solved in parts and then the solution to each part can be added together to form
the final solution. The solution to the full equation with the source term (equation 13)
can now be obtained by setting

00

c(x,t) = u(x,t), Xi(x) yi(t) (37)
j =1

where P(0 ) = 0 to satisfy the initial conditions. Substituting equation 36 into equation
13, subtracting out equation 14 and substituting in equation 34 gives

t

(Pit (t) ± 11+ Xj) cj 7a2i(Pj(t) e-a(t-t)dt = ajaye-at (38)

Equation 38 is solved for 9j(t) using the Laplace transform.

a yai + ay+ i.t+
9i(t)= exp 2 sinh (wit)

The complete solution, written with the * notation for the nondimensional form, is

00

C (x ,t )= E , )(J((*) Ti(t *) Xj(x*) 9j(t*)
j=1

and
00

1«* * * * « t * * (t*-xs)dt *S (x ,t ) = So e + X;(x [aiTj(c ) + ci(t )] e-a
j=1 o

(39)

(40)

(41)



where

and

a.
* .. *

Jo " '
[a- T.(t ) + cp.(T*)] e -I )dt = exp(wi Ei)t

a + co. E.
J J
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(42)
ai
= (1 Fi) Gi2 * ai a* a.E. a.F.co. 2G.w. ,

+ exp(-o) Ei)t JJ JJJ JJ exp(-a*t
* * *a a E. (a + co. -E.) (oc co. E.)

J J J J J J

* * * *a + a + + Aj-E.
J 2

* * * *a -ya
F. = 2wi

* *a y ai
= 2w.

(43)

The concentrations of contaminant in the aqueous and sorbed phases for a
particular set of parameters are determined by first solving for the eigenvalues using the
Newton-Raphson method (Press et al, 1988). The analytical solution gives a solute
concentration in aqueous and sorbed phases as a function of distance and time. The
computer implementation of the solution was checked by comparing the initial mass of
contaminant in the control volume with the mass at a time e> 0 consisting of:
the mass in the aqueous phase,

0CoLlIC (x , t1) dx (44)



the mass in the sorbed phase,

1-

pbKdCoL S
*

(x
*

, ti) dx
*

the mass degraded,
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(45)

t 1' 1

0 C 0L pt* C
*
(x

*
, t

*
) dx

*
dt

*
(46)

and the mass flushed from the control volume,

CoLf C*(L
*
,t* )dt (47)

A sensitivity analysis was run to determine the rate of convergence for the series
solution. A summation of 10 terms (j=10) has an accuracy of 1.6% and a summation of
20 terms (j=20) has an accuracy of 0.1%.

Results

The model presented here represents solute transport in a porous medium with
rate-limited desorption and decay in the aqueous phase. The initial and boundary
conditions state that the concentration in the aqueous and sorbed phases are highest
initially and will decrease with time since the contaminant flux across the inlet is zero.
The rate at which the concentration in both the aqueous and the sorbed phases decreases
with time is determined by three nondimensional parameters: the desorption rate, a*, the
decay rate in the aqueous phase, µ *, and the distribution coefficient, y*. The
concentration in the sorbed phase decreases only by mass transfer into the aqueous
phase (determined by a*). No degradation in the sorbed phase is being considered
here. The concentration in the aqueous phase can decrease by either removal due to
advection or decay (determined byg*). The larger the partitioning to the sorbed phase
relative to the aqueous phase (determined by y*), the longer it will take to decrease the
total mass of contaminant in the aquifer.

In the following discussion, the analytical solution will be compared to another
analytical solution and the effect of the desorption rate, decay rate and distribution
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coefficient on the rate of contaminant removal from both aqueous and sorbed phases will
be shown. The parameter values used in the calculations are in Table IL 1. These values
were selected from the literature to represent typical values or range of values (Domenico

and Schwartz, 1990; Freeze and Cherry, 1979; Lyman et al.,1982).

Comparison to Another Analytical Solution

When desorption is in equilibrium, the analytical solution presented here
compares closely to the C6 analytical solution of van Genuchten and Alves (1982)
(Figure 11.2). The equations that model rate-limited desorption can approximate
equilibrium conditions when cc* is large. When desorption is in equilibrium, the
concentration in the sorbed phase, S/So, is equal to the concentration in the aqueous
phase, C/Co. The solutions are in good agreement even at C/Co (and S/So) values on
the order of 10-5. Slight deviations in the solutions occur at the end of the control
volume (x = 0.9) in the case with no degradation (p.* = 0) which is due to differences in
one of the boundary conditions. In the present solution, the condition states
acatyax=o whereas in the solution by van Genuchten and Alves (1982), the
boundary condition is aq°°,tYaxl.-- 0. The difference in the boundary conditions makes
very little difference in the solution (Figure II.2). The difference between the two
solutions may become larger as the length of the control volume gets shorter.

Example Calculations

When desorption is rate-limiting and decay occurs in the aqueous phase, the
contaminant concentration in the aqueous phase is less than the concentration in the
sorbed phase (Figures 11.3 and 11.4). In both phases, the concentration at the beginning
of the control volume is slightly smaller than the rest of the control volume which is
essentially constant (Figure H.3). The rate of decrease in concentration with pore
volumes (nondimensional time) is slightly larger at the beginning of the control volume
(x* = 0.1) than at the end (x* = 0.9) (Figure 11.4).

The magnitude of the desorption rate parameter, a*, is important for determining
the rate at which the concentration in the aqueous and sorbed phases decreases with
time. The smaller the value of a*, the slower the rate of contaminant removal (Figure



21

11.5). As a* increases (i.e. desorption approaches equilibrium), the rate of removal
increases and the nondimensional concentrations of contaminant in the sorbed and
aqueous phases approach each other (Figure 11.5). The Damkohler number II (D11) is

the ratio of the rate of reaction (decay) to the rate of mass transfer (g*/a*) (Boucher and
Alves, 1959). Since time is nondimensionalized by the residence time in the aquifer and
not by time in the pore scale (i.e. rate of decay or mass transfer), the Damkohler number
is not derived rigorously here in the nondimensionalization of the equations. But it can
be used to approximately determine whether the desorption rate limits the removal rate
due to decay. When DII >> 1, the decay reaction is mass transfer limited due to slow
desorption kinetics. When DR << 1, the decay reaction is not mass transfer limited due
to desorption.

The rate of removal is also highly dependent on the rate of decay of contaminant
in the aqueous phase (g*). The rate of removal increases as g* increases when
desorption is rapid and does not limit the decay rate (Figure 11.6). When the desorption
rate is slow, the rate of removal for the total mass of contaminant increases as 11*
increases only up to a limiting value (Figure II.7 and 8). Oncep,* reaches this limiting
value, the rate of removal is limited by the desorption rate. This limiting value can be
estimated with the Damkohler number. When DII >> 1, increasing the decay rate will
not increase the rate of removal of the total mass of contaminant.

The nondimensional distribution coefficient, y*, is significant in determining the
rate at which the concentration in the aqueous and sorbed phases decreases with time.
The larger the value of r, the slower the rate of removal for the same initial contaminant
mass (Figure 11.9). The rate of removal due to both advection and decay depends on the
aqueous phase concentration and aqueous phase concentrations are low when y* is
large.

Summary

An analytical solution was developed for a system of equations that represent
solute transport in a porous medium with rate-limited desorption and decay in the
aqueous phase. The initial conditions state that the aquifer is initially contaminated with
the sorbed and aqueous phases in linear equilibrium. At the inlet boundary, the
contaminant flux due to advection and dispersion is zero for all time. At the outlet
boundary, the concentrations are uniform with distance. An analytical solution is
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determined using an eigenfunction integral equations method. The solution is in
agreement with the analytical solution of van Genuchten and Alves (1982) when
desorption is in equilibrium. The behavior of the solution is presented as a function of
the desorption rate, decay rate and distribution coefficient on the rate of contaminant
removal from both the aqueous and sorbed phases.
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Figure II.1 Macroscale conceptual model of contaminant transport in groundwater
assuming one-dimensional, steady-state groundwater flow.
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Figure 11.2 Comparison of the analytical solution (solid lines) to the analytical solution
of van Genuchten and Alves (1982) (dashed lines) for two values of g*.
Aqueous concentrations versus pore volumes (nondimensional time) when
desorption is in equilibrium (S/So = C/Co).
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Figure 11.3 Aqueous (C/Co, solid lines) and sorbed (S/So, dashed lines)
concentrations versus distance when desorption is rate-limited and decay
occurs in the aqueous phase.
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Figure II.4 Aqueous (C/Co, solid lines) and sorbed (S/So, dashed lines)
concentrations versus pore volumes when desorption is rate-limited and
decay occurs in the aqueous phase.
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Figure 11.5 Aqueous (C/Co, solid lines) and sorbed (S/So, dashed lines)
concentrations versus pore volumes. Effects of the desorption rate
parameter, a*, on the rate of removal of C/Co and S/So. Note: When
a* = 100, S/So = C/Co.
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Figure II.6 Aqueous (C/Co) and sorbed (S/So) concentrations versus pore volumes.
Effects of the decay rate parameter, j.t*, on the rate of removal of C/Co and
S/So when desorption is in equilibrium. Note: When desorption is in
equilibrium, S/So = C/Co.
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Figure II.7 Aqueous concentrations versus pore volumes. Effects of the decay rate,
p,*, on the rate of removal of C/Co when desorption is rate-limited.
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Figure 11.8 Sorbed concentrations versus pore volumes. Effects of the decay rate, g*,
on the rate of removal of S/So when desorption is rate-limited.
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Figure 11.9 Aqueous (C/Co, solid lines) and sorbed (S/So, dashed lines)

concentrations versus pore volumes. Effects of the distribution coefficient,
r, on the rate of removal of C/Co and S/So when desorption is rate-limited.
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Table IL 1. Model Parameters for Simulations

Dimensional Parameters Nondimensional Parameters

Pb = 1.6 g/cm3 y* = PbKd/0 = 2.7, 27, 270
0 = 0.4 D* = D/vL = 0.1
Kd = 0.68, 6.8, 68 ml/g II* = IlL/v = 0,1,10,100,1000
D =
v =

0.1 m2/day

0.1 m/day
a* = aL/v = 1,10,100

L =
il =
a =

10 m

0, 0.01, 0.1, 1, 10/day
0.01, 0.1, 1.0/day

L/v = 100 days
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Abstract

Remediation of contaminated groundwater can be extremely difficult when
desorption of the contaminant from the solid phase to the aqueous phase is slow. The
effects of desorption rates on the feasibility of in situ bioremediation is investigated
using an analytical solution to the solute transport equation with rate-limited desorption
and first-order decay. Sensitivity analyses are used to identify when desorption or
degradation is the rate-limiting process for bioremediation for the range of desorption
rates, degradation rates and equilibrium distribution coefficients reported in the
literature. The results show that when the desorption coefficient is large relative to the
degradation coefficient (degradation is rate-limiting), the performance of in situ
bioremediation compared to groundwater extraction is improved as the degradation rate
increases. Degradation in the aqueous phase increases the concentration gradient
between solid and aqueous phases, increasing the rate of desorption and thus the rate of
remediation. However, when the desorption coefficient is small relative to the
degradation coefficient (desorption is rate-limiting), increasing the degradation rate will
not improve the performance of in situ bioremediation. For sites that conform to the
assumptions of the model and for which model parameters can be measured or
estimated, the results can be used to perform a preliminary assessment of the feasibility
of in situ bioremediation.

Introduction

Groundwater extraction has been used to remediate many contaminated aquifers
but it has often been inefficient in reducing concentrations to the part per billion (ppb)
levels required by regulatory agencies (U.S. EPA, 1989). Contaminant concentrations
typically show a rapid initial decrease in concentration followed by a period of a much
slower decrease in concentration (U.S. EPA, 1989). One of the reasons contaminant
concentrations cannot be reduced to ppb levels very efficiently is that the rate of
desorption of some contaminants from the aquifer solids is slow, especially at low
concentrations. Laboratory studies have demonstrated that sorption/desorption reactions
reach equilibrium slowly for many combinations of soil types and contaminants (Miller
and Weber, 1986; Roberts et al., 1987; Bouchard et al., 1988; Brusseau et al., 1991).
Slow sorption/desorption can also be predicted by diffusion models (Steinberg et a.,
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1987; Ball and Roberts, 1991). Nonequilibrium desorption has been suggested as an
explanation for the slow increase in aqueous phase contaminant concentrations observed
in groundwater extraction systems during periods of no pumping (Bahr,1989).

An alternative method for restoration of contaminated aquifers is in situ
bioremediation where organic compounds are degraded in the subsurface by indigenous
or introduced microorganisms. The feasibility of in situ bioremediation is dependent on
many factors. In this study, the effect of rate-limited desorption on the feasibility of in
situ bioremediation will be addressed. The time required to remediate a site by
groundwater extraction or in situ bioremediation can be estimated using the solute
transport equation with rate-limited desorption and first-order decay. Typically,
contaminant transport has been modeled assuming the contaminant is in equilibrium
between the aqueous and solid phases although many models now exist that include the
kinetics of sorption/desorption but do not include a decay term (van Genuchten and
Wierenga, 1976; Parker and Valocchi, 1986; Wu and Gschwend, 1986; Kookana et al.,
1992). Goltz and Oxley (1991) modeled contaminant transport in a groundwater
extraction remediation scheme with rate-limited sorption but no decay. Their results
show that increasing the rate of desorption decreases the remediation time (based on
defining remediation as a decrease in the mass of contaminant in both the aqueous and
solid phases). Most contaminant transport models that include decay or biodegradation
assume equilibrium sorption (van Genuchten and Alves, 1982; Molz et. al., 1986;
Borden and Bedient, 1986; Kindred and Celia, 1989). But, the advection-dispersion
equation with rate-limited desorption and first-order decay has been solved analytically
(van Genuchten and Wagenet, 1989; Fry et al., 1993). The equations solved by van
Genuchten and Wagenet (1989) are more general: they include a two-site kinetic model,
degradation in the sorbed phase and a choice of boundary conditions but the solution is
also more complex. In this paper, the model of contaminant transport with rate-limited
desorption and first-order decay as presented in Chapter II (Fry et al., 1993) was used
to show the relationship between remediation time and the desorption rate, degradation
rate and equilibrium distribution coefficient.
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Conceptual Model

Our conceptual model of the microscale processes that control the rates of
desorption and biodegradation is illustrated in Figure 111.1 where the contaminant is
distributed between the solid phase and the aqueous phase. For in situ bioremediation to
increase the rate of remediation over groundwater extraction when desorption is the rate-
limiting process, the contaminant must be degraded while sorbed to the solids or the rate
of desorption must be increased. Soil-sorbed compounds have been shown to be
generally unavailable for biodegradation (Ogram et. al., 1985; Alvarez-Cohen, 1991;
Scow and Alexander, 1992) but depending on the combination of sorbent, substrate and
bacteria, exceptions have been found (Li and DiGiano, 1983; van Loosdrecht et al.
(1990); Guerin and Boyd, 1992). In this paper, we will assume degradation occurs
only in the aqueous phase.

If the aqueous phase concentration is decreased by degradation, the
concentration gradient between the solid and aqueous phases will be increased,
increasing the rate of desorption and thus the rate of remediation. The rate of desorption
in groundwater extraction depends on the decrease in the aqueous phase concentration
due to flushing of the aquifer. In in situ bioremediation when degradation occurs only
in the aqueous phase, the rate of desorption depends on the decrease in aqueous
concentration due to both flushing and degradation.

Mathematical Model

The effects of rate-limited desorption and decay on the feasibility of in situ
bioremediation of contaminated groundwater are evaluated assuming conditions of one-
dimensional, steady-state groundwater flow through a homogeneous and isotropic
aquifer. The portion of the aquifer that is being modeled (the control volume) is
bounded by injection and extraction wells (Figure 111.2).

Degradation of the contaminant will be represented by a first-order decay term
where the rate of degradation is a function of the contaminant concentration in the
aqueous phase. The Monod equation is more typically used to represent biodegradation
but when the contaminant is the rate-limiting substrate for growth and the contaminant
concentrations are small, the Monod equation can be approximated by a first-order decay
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term (Bouwer and McCarty, 1985). A first-order decay term also assumes that the
population of bacteria is at steady state.

Desorption is described using first-order kinetics where the rate of mass transfer
of contaminant from the solid phase to the aqueous phase depends on the concentration
gradient between the two phases and a single rate coefficient. Although studies have
shown that desorption typically occurs in two stages, rapid desorption followed by a
slower decrease in contaminant concentration (Miller and Weber, 1986; Witkowski et.
al., 1988; Kookana et. al., 1992), we have chosen to keep the equations simple by
using one stage desorption kinetics.

The governing equations are

ac* * as a2c* ac* * *+ y
at

= D
ax axat

c

as* *
)= a* * s

at

where

C* = C/Co s* = S/So
= pbKd/0 D*= D/vL = 1/P

1.1* = 1.tL/v a*= aL/v
x* = x/L t* =

and

C = aqueous concentration (contaminant mass/water volume)
Co = aqueous concentration at t = 0

S = sorbed concentration (contaminant mass/solids mass)
So = sorbed concentration at t = 0

Pb = bulk density (solids mass/total volume)
Kd = equilibrium distribution coefficient (water volume/solids mass)

0 = volumetric water content (water volume/total volume)
D = dispersion coefficient (area/time)

(1)

(2)

(3)
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v = pore water velocity (water volume/pore space area/time)

L = length of the control volume
P = Peclet number

= first-order degradation rate coefficient (1/time)

a = first-order desorption rate coefficient (1/time)

t* = dimensionless time or pore volumes where one pore volume represents the
time it takes for a water particle to move a distance L at a velocity v

Initially, contaminant concentrations in the aqueous and solid phases are in
equilibrium and are uniform throughout the control volume.

*
C

*
(x , 0) = 1, 0 x 1

(4)
*

S
*
(x , 0) = 1, 0 x 1

At the inlet end of the control volume (x* = 0), the contaminant flux is zero for all time.
At the exit end of the control volume (x* = 1), the contaminant concentration is constant
with distance.

* aD (0, t ) + C (0, t *) = 0
ax

(5)

ac *(1, t ). o
ax
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Analytical Solution

The analytical solution for the above equations was determined in Chapter II
(Fry et al., 1993) to be

00

C (x , t )= L al Xj(x ) Ti(t )+ Xi(x ) ci(t ) (6)
j=1 j=1

pp R

* _a t
S

*
(X

*
, t

*
) = So e + a* I xj(x [ailyt ) + yi(t* )1e-a*(t*-T*) (7)

j=t

where

a. =
1

J J

1Xi(x )= expx (k sm(.x )+ cos(jx*)]
2D 2D

4D*
tan *2 2 =0

4D 1

(8)

(9)

(10)

*a +a * 7+11 +Xj* * a a* *
Xi

Tilt ) = exp( 2 t cosh((oj 2°)t )+ sinh(o) )it
*

*= D + 1

J *4D (12)



*
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(13)

* * * * * *

ci(t
*
) =

a y
exp

ai a + a y +
t

+ Xi *)
2 smh(o).Jt )

ujJ (14)

Additional discussion of the boundary conditions, the solution procedure and the details
of the numerical evaluation of the solution are in Chapter II (Fry et al., 1993).

Model Parameters

The solution to the model equations provides the rates at which the contaminant
concentrations in the aqueous and solid phases decrease with time. The rate of decrease
depends on four nondimensional parameters: desorption rate coefficient (a*),
degradation rate coefficient (1.1,*), equilibrium distribution coefficient (y*) and the
dispersion coefficient (D*). The values used for the desorption, degradation, and
equilibrium distribution coefficients will be discussed below. The nondimensional
mechanical dispersion coefficient, D*, is set to 0.1 which is appropriate for many
aquifers (Domenico and Schwartz, 1990).

A number of studies have determined the desorption coefficients for various
combinations of soil types and compounds. Table 111.1 presents a selection of
desorption coefficients from the literature. Also listed in Table MA are computed
values for the nondimensional desorption coefficient, a*, for an assumed residence
time, L/v = 10 days. Values for the desorption coefficient range over a few orders of
magnitude depending on the soil type, the compound, the type of sorption processes that
are occuring and whether batch, column or field studies were used to determine the rate.

Correlations between the desorption coefficient and the equilibrium distribution
coefficient have also been shown for a number of classes of organic compounds
(Brusseau and Rao, 1991) although these coefficients are varied independently in this
analysis. In this paper, a broad range of nondimensional desorption coefficients (0.001
to 100) are used to cover the plausible values.
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The degradation coefficient for the first-order decay term can be determined from

ac X k C
the Monod equation (T- = _T_T) where X is the active microbial cell concentration,

KS

(mg-cells/1), k is the maximum substrate utilization coefficient, (mg-substrate/mg-
cells/day) and Ks is the half-velocity coefficient (mg-substrate/I). When the
concentration of substrate is small relative to the half-velocity coefficient (i.e. C<<K,),

ac
= Xk/K, and at = I-C. This equation is valid only when the contaminant

concentration in the aqueous phase is the substance that is limiting the rate of decay (e.g.
oxygen is not the limiting substance). The degradation coefficient can vary greatly
depending on the cell concentration and the value of k/Ks. A cell concentration of 1 mg/1
was observed at a site that had been biostimulated; X = 0.01 mg/1 may be more
representative of a site that has not been biostimulated (Semprini et al., 1991). Values
of k/Ks can vary greatly depending on the experimental conditions in which the
parameters were determined. Reported rates of1c/K, are found in Table 111.2 along with
computed values for the nondimensional degradation coefficient, j.t*, for an assumed
cell concentration of 1 mg/I and a residence time of 10 days. The nondimensional
degradation coefficient used in this analysis spans 5 orders of magnitude (0.01 to 1000).

The equilibrium distribution coefficient can also vary widely, from 0 to 100,000
cm3/g (Lyman et al., 1982). Table 111.3 lists a selection of distribution coefficients that
are available in the literature. Also listed in Table 111.3 are computed values of the
nondimensional equilibrium distribution coefficient, for an assumed value of pt/0 =
4 g/cm3. The equilibrium distribution coefficients listed in Table 111.3 were determined
for organic carbon fractions (foc) of 0.0013 and 0.01 which are typical of fine sands and
silts (Domenico and Schwartz, 1990). In this paper, a range of nondimensional
equilibrium distribution coefficients are used to cover the reported values.

Sensitivity Analysis

The feasibility of a remediation strategy can be assessed by calculating the total
mass of contaminant remaining in the control volume in both the aqueous and solid
phases, the total mass degraded and the total mass flushed out of the control volume as a
function of time for a wide range of model parameters. The mass remaining in the
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aqueous phase after the specified number of pore volumes have been flushed through
the control volume, t1*, is calculated from

()CI11,1 1C (x ,t1) dx*
(15)

The mass remaining on the solid phase after the specified number of pore volumes is
calculated from

r . .
dx

.
pbKdCoL S (x

.
, ti)

(16)

Similarly, the total mass of contaminant degraded in the control volume by the specified
number of pore volumes is calculated from

t
1. 1

1

8C01 C
*
(x

*
, t*) dx

*
dt

*

and the total mass of contaminant flushed from the control volume by advection is
calculated from .

Coq C
*
(1, t *) dt

*

Results

(17)

(18)

The total mass remaining in the aqueous and solid phases, the total mass
degraded and the total mass flushed out of the control volume after 10 pore volumes (t*
= 10) is affected by the magnitude of the desorption coefficient as shown in Figures

111.3 and 1114. A nondimensional time of ten pore volumes was chosen for illustrative
purposes but the effects described here are qualitatively correct for a range of pore
volumes. As the desorption coefficient increases, the mass remaining on the solid phase
decreases and the mass degraded and flushed out of the control volume increases. The
mass remaining in the aqueous phase after 10 pore volumes is a maximum at a
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desorption coefficient of 0.1. If the desorption coefficient is smaller, the total mass
remaining in the aqueous phase is less since the aqueous phase is not resupplied readily
with contaminant from the solid phase. If the desorption coefficient is larger, the total
mass remaining in the aqueous phase is also less since the supply of contaminant to the

aqueous phase increases which increases the total mass that is degraded or flushed out
of the control volume. When the degradation coefficient is large (g* = 100), a high
desorption rate will decrease the sorbed concentration by 5 orders of magnitude more
than a low desorption rate (Figure B1.3). The degradation rate is not limiting the rate of
remediation. When the degradation coefficient is large relative to the desorption
coefficient (desorption is rate-limiting), increasing the desorption coefficient increases
the amount of mass that can be degraded and flushed out of the aquifer. When the
degradation coefficient is lower (L* = 1), a high desorption rate will decrease the sorbed
concentration by only one order of magnitude more than a low desorption rate (Figure
111.4). The degradation rate is limiting the rate of remediation at high desorption rates
(a* > 1.0). As the desorption rate increases approaching equilibrium mass transfer
between the solid and aqueous phases, the mass in the solid phase is ten times the mass
in the aqueous phase when y* = 10 (Figure B1.4).

The magnitude of the degradation coefficient, g*, also affects the mass that
remains in the aqueous and solid phases and the mass that is degraded and flushed after
10 pore volumes (Figures Ill.5 and 111.6). As the degradation rate increases, more mass
is degraded and less mass is flushed out of the control volume. When the desorption
coefficient is 1, a high degradation rate will decrease the sorbed concentration by 3
orders of magnitude more than a low degradation rate (Figure 111.5). When the
degradation coefficient is large (.L* >100), the rate of remediation is limited by the
desorption rate. When the degradation coefficient is very small (g* < 0.1), the rate of
remediation is limited by the degradation rate. Thus, at higher desorption rates when
degradation is rate-limiting, it is advantageous to try to increase the degradation rate by
increasing the cell concentration. But when the desorption coefficient is smaller (a* =
0.1), the mass remaining on the solid phase is decreased by less than an order of
magnitude after 10 pore volumes for all degradation rates (Figure 111.6). The rate of
remediation is limited by the low desorption rate regardless of the rate of degradation.

The total contaminant mass remaining in the aqueous and solid phases and the
mass degraded and flushed after 10 pore volumes is also dependent on the equilibrium
distribution coefficient, y* as shown in Figures I11.7 and 111.8. As the distribution
coefficient increases, a larger fraction of the mass remains sorbed to the solids at t* =
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10. The amount of mass degraded and flushed decreases as the distribution coefficient
increases; the more the mass is sorbed, the longer it takes to desorb into the aqueous
phase to be degraded or flushed. A maximum occurs in the aqueous phase
concentration. As the distribution coefficient decreases, the mass remaining in the
aqueous phase decreases due to greater degradation and flushing. As the distribution
coefficient increases, the mass remaining in the aqueous phase is decreased due to
greater sorption.

The number of pore volumes that it takes to decrease the initial contaminant mass
by three orders of magnitude is plotted as a function of the desorption coefficient, a*,
and the degradation coefficient, 11*, for two different distribution coefficients, yic
(Figures 111.9 and III.10). These figures can be used to determine the rate-limiting
process and thus the feasibility of using enhanced in situ bioremediation to decrease the
remediation time obtained by groundwater extraction. When the desorption coefficient
is large relative to the degradation coefficient (degradation is rate-limiting), increasing
the degradation rate will decrease the number of pore volumes necessary to decrease the
contaminant mass by three orders of magnitude. But when the desorption coefficient is
small relative to the degradation coefficient (desorption is rate-limiting), increasing the
degradation rate will not decrease the number of pore volumes required to decrease the
contaminant mass by three orders of magnitude. As the distribution coefficient
increases, more time is needed to decrease the contaminant mass in the control volume
because more of the mass is sorbed onto the solids unavailable for degradation or
extraction out of the aquifer. These figures can also demonstrate the advantages of
increasing the velocity through pumping since velocity is used to nondimensionalize the
desorption coefficient, the degradation coefficient and time (equation 3). When
desorption is rate-limiting, increasing the velocity will not decrease the time required for
remediation. When desorption is not rate-limiting, increasing the velocity will decrease
the time required for remediation but more of the contaminant will be flushed out of the
aquifer instead of degraded in situ.

The rate-limiting process can be estimated using the Damkohler number II (DEE ),
the ratio of the rate of reaction to the rate of mass transfer (Boucher and Alves, 1959).
Since time is nondimensionalized by the residence time in the aquifer and not by a
characteristic time scale in the pore space (i.e. rate of decay or mass transfer), the
Damkohler number is not derived rigorously in the nondimensionalization of the
equations. The rate of reaction can be approximated by an apparent rate constant where
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the maximum rate of degradation is divided by the retardation factor

1 +
---7 since

y
only the contaminant in the aqueous phase is degraded (Steen et al., 1980). The rate of
mass transfer can be approximated by the maximum rate of desorption, a*. The

*
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Damkohler number can then be written as (1 + y* ) a*.
When DII >> 1, the

desorption rate is limiting the rate of remediation and when DIE << 1, the degradation
rate is limiting the rate of remediation (Figures 111.9 and 111.10).

Summary and Discussion

The analytical solution to the solute transport equation presented in Chapter II
(Fry et al., 1993) can be used as a tool for choosing the remediation strategy for a
contaminated aquifer. If the assumptions of the mathematical model apply to the system
of interest, then the process that will limit the rate of remediation can be discerned, and
the strategy for remediation can be chosen more effectively.

The solute transport equation with rate-limited desorption and decay is used to
determine the effects of the desorption rate, degradation rate, equilibrium distribution
coefficient and residence time on the time it takes to remediate a contaminated aquifer.
The mass remaining in the aqueous and solid phases, the mass degraded and the mass
flushed out of the control volume have been calculated for many combinations of model
parameters. Figures are provided that show the relationship between nondimensional
desorption and degradation coefficients and the time it takes to reduce the contaminant
concentration by three orders of magnitude at two different values of the nondimensional
distribution coefficient. These figures can be used to identify the rate-limiting process
for situations where the model parameters can be measured or estimated.

Assuming the solute transport equations as presented here can adequately
describe the system, in situ biodegradation with degradation only in the aqueous phase
has the potential to increase the rate of remediation significantly over groundwater
extraction except for contaminant and soil combinations with extremely slow desorption
rates. Degradation in the aqueous phase increases the concentration gradient between
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the solids and the aqueous phase which increases the rate of desorption more than can be
achieved solely by groundwater extraction.

The model solutions presented here may be useful for evaluating the feasibility
of other remedial technologies. For example, the advantages of using surfactants to
mobilize sorbed compounds can be investigated if the appropriate model parameters are
known. Similarly, estimates of the contaminant mass flushed from the aquifer can be
used to design above ground treatment facilities.
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Advection, dispersionP.
Degradation p* C*

Aqueous phase C*

Desorption
a* (C*- S*)

S*
7/7/7//////7/7//////7///////7/

Solid phase

Figure 111.1 Microscale conceptual model of the transformation processes occuring in
a pore space in groundwater with biomass and the contaminant
distributed between both the solid and aqueous phases.
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Figure 111.2 Macroscale conceptual model of contaminant transport in groundwater
assuming one-dimensional, steady-state groundwater flow.



Mass in sorbed phase

Mass flushed

.01 0.1 1.0 10

DESORPTION COEFFICIENT, a*

Figure 111.3 Effect of the desorption coefficient on the mass remaining in the solid
and aqueous phases, mass degraded and mass flushed out of the aquifer
after 10 pore volumes when the degradation rate is high (II* = 100).

100



1 o °

10 -2

o-3

10 -4

o5
.001

Mass flushed-

V

I t t I 1 1111

...°...

---------------
Mass degraded

Mass in sorbed phase

Mass in aqueous phase

D
* =0.1

P- =1
Y*:= 10
t*=10

t t t t i l l t I t t t t t i l l t u t u I I 1 1 1 1 1 1

.01 0.1 1.0 10

DESORPTION COEFFICIENT, a*

Figure 111.4 Effect of the desorption coefficient on the mass remaining in the solid
and aqueous phases, mass degraded and mass flushed out of the aquifer
after 10 pore volumes when the degradation rate is low (µ.* = 1).

100



10-1

to

2
10-2

u_O

0 _
3

cr
tL

10 -4

10-5.01

III I 7 I 7 I Arrr- -------- ------
.

1.Mass
degraded

II I I I I III F.

` Mass flushed

rr .-

. ------- .... ..- ., X .. .\ Mass in
... .\ sorbed phase

Dle= 0.1

_
-

Mass in
a i aqueous phase

* \ ---
Y = 10 \
t* =10 \\

1 1 t wit! I III titi 1 l 111111

0.1 1.0 10 100

DEGRADATION COEFFICIENT, /./..*

Figure 111.5 Effect of the degradation coefficient on the mass remaining in the solid
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Figure 111.6 Effect of the degradation coefficient on the mass remaining in the solid
and aqueous phases, mass degraded and mass flushed out of the aquifer
after 10 pore volumes when the desorption rate is very low (a* = 0.1).
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Figure 111.7 Effect of the equilibrium distribution coefficient on the mass remaining in

the solid and aqueous phases, mass degraded and mass flushed out of
the aquifer after 10 pore volumes when the desorption rate is low and the
degradation rate is high (a* = 1, II.* = 100).
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Figure I11.8 Effect of the equilibrium distribution coefficient on the mass remaining in

the solid and aqueous phases, mass degraded and mass flushed out of
the aquifer after 10 pore volumes when the desorption rate is very low
and the degradation rate is low (a* = 0.1, 1.t* = 1).
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Effect of the desorption rate and the degradation rate on the number of
pore volumes it takes to decrease the initial contaminant mass by three
orders of magnitude (y* = 1).
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Figure III.10 Effect of the desorption rate and the degradation rate on the number of
pore volumes it takes to decrease the initial contaminant mass by three
orders of magnitude (y* = 10).
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Table III.1. Desorption rate coefficients for various compounds and soil types

Soil type Compound Desorption
coefficient, a

(1/day)

Nondimensional
desorption
coefficient, a*
for L/v = 10 days

McCall and Agin (1985) - Batch study analyzed by a two site model

loam picloram 1.23 12.3
clay picloram 0.47 4.7
silt loam picloram 0.216 2.16
sandy loam picloram 0.355 3.55
loamy sand picloram 0.252 2.52
silty clay loam picloram 1.04 10.4
loam picloram 0.612 6.12

Goltz and Roberts (1986) Field study analyzed by a first-order model

sand carbon tetrachloride 0.004 0.04
sand tetrachl oroethylene 0.004 0.04

Brusseau and Rao (1991) - Column study analyzed by a two site model

sand toluene 362.4 3624
sand xylene 201.6 2016
sand napthalene 228 2280
sand chlorobenzene 242.4 2424
sand 1,3-dichlorobenzene 146.4 1464
sand 1,2,4-trichlorobenzene 132 1320
sand 1,1,1-trichloroethane 348 3480
sand 1,2-trans-dichloroethene 43.2 432
sand trichloroethene 194.4 1944
sand tetrachloroethene 103.2 1032
sand p-chlorophenol 244.8 2448
sand 2,4-dichlorophenol 393.6 3936
sand 2,4,6-trichlorophenol 201.6 2016
sand 2,3,4,5-tetrachlorophenol 93.6 936
sand pentachlorophenol 33.6 336
sand quinoline 168 1680
sand atrazine 26.4 264
sand cyanazine 67.2 672
sand simazine 12 120
sand trietazine 7.2 72
sand alachlor 4.8 48
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Table MA. (continued)

Soil type Compound Desorption Nondimensional
coefficient, a desorption

(1/day) coefficient, a*
for L/v = 10 days

Kookana et al. (1992) - Column study analyzed by a two site model

sand simazine 0.15 1.5
sandy loam simazine 4.6 46
loamy sand simazine 0.15 1.5
clay simazine 0.15 1.5
sand linuron 0.15 1.5
sandy loam linuron 2.8 28
loamy sand linuron 0.25 2.5
clay linuron 0.01 0.1
sand fenamiphos 0.4 4
sandy loam fenamiphos 1 10
loamy sand fenamiphos 0.5 5
clay fenamiphos 0.05 0.5

McBride et al. (1992) Column study analyzed by a first-order model

clay model soil quinoline 95 950



Table 111.2. Degradation rate coefficients for various compounds

Compound

Bouwer and McCarty (1985)

(10(s)
(Umg-day)

Degradation
coefficient, p,
for X = 1 mg/1

(1/day)
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Nondimensional
degradation
coefficient, µ*
for L/v = 10 days

Aerobic
Primary substrate
Acetate 3.8 3.8 38

Secondary substrate
Chlorobenzene 2.5 2.5 25
1,2-dichlorobenzene 10 10 100
1,4-dichlorobenzene 11 11 110
1,2,4-trichlorobenzene 5 5 50
ethylbenzene 35 35 350
styrene 50 50 500
napthalene 40 40 400

Anaerobic
Primary

Acetate 0.63 0.63 6.3
Secondary

Chloroform 0.85 0.85 8.5
Carbon tetrachloride 2.1 2.1 21
1,1,1-trichloroethane 0.46 0.46 4.6
tetrachloroethylene 0.08 0.08 0.8

Alvarez et al. (1991)

Benzene 1.33 1.33 13.3
Toluene 12 12 120
Toluene 0.01 0.01 0.1
Toluene 25.5 25.5 255
Toluene 0.38 0.38 3.8
Toluene 7.7 7.7 77
Toluene 0.75 0.75 7.5
Toluene 28.8 28.8 288



Table III.2. (continued)

Compound (k/Ks) Degradation
(1/mg -day) coefficient, t

for X = 1 mg/1
(1/day)
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Nondimensional
degradation
coefficient, µ*
for L/v = 10 days

Oldenhuis et al. (1991)

methane 0.23 0.23 2.3
dichloromethane 0.48 0.48 4.8
chloroform 0.96 0.96 9.6
1,2-dichloroethane 0.06 0.06 0.6
1,1,1-trichloroethane 0.006 0.006 0.06
1,1-dichloroethylene 0.06 0.06 0.6
trans-1,2-dichloroethylene 0.12 0.12 1.2
cis-1,2-dichloroethylene 0.42 0.42 4.2
trichloroethylene 0.12 0.12 1.2

Godsy et al. (1993)

Benzothiophene 0.15 0.15 1.5
Oxindole 0.15 0.15 1.5
2(1H)- Quinolinine 0.01 0.01 0.1
1(2H)-Isoquinolinone 0.02 0.02 0.2
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Table 111.3. Equilibrium distribution rate coefficients for various compounds

Compound Equilibrium Nondimensional
distribution equilibrium
coefficient distribution
(cm3/g) coefficient, 'y

for pb/O = 4 g/cm3

Brusseau and Rao (1991) (f., = 0.0013)

toluene 0.05 0.2
xylene 0.14 0.56
napthalene 0.22 0.88
chlorobenzene 0.09 0.36
1,3-dichlorobenzene 0.38 1.52
1,2,4-trichlorobenzene 0.73 2.92
1,1,1-trichloroethane 0.03 0.12
1,2-trans-dichloroethene 0.05 0.2
trichloroethene 0.09 0.36
tetrachloroethene 0.35 1.4
p-chlorophenol 0.07 0.28
2,4-dichlorophenol 0.10 0.4
2,4,6-trichlorophenol 0.24 0.96
2,3,4,5-tetrachlorophenol 0.94 3.76
pentachlomphenol 3.63 14.52
quinoline 0.45 1.8
atrazine 0.11 0.44
cyanazine 0.08 0.82
simazine 0.55 2.2
trietazine 0.49 1.96
alachlor 0.14 0.56

Karickhoff et al. (1979) (foc=0.01)

pyrene 840 3360
methoxychlor 800 3200
napthalene 13 52
2-methylnapthalene 85 340
anthracene 260 1040
9-methylanthracene 650 2600
phenanthrene 230 920
tetracene 6500 26000
hexachlorbiphenyl 12000 48000
benzene 0.83 3.32



64

Table 111.3. (continued)

Compound Equilibrium Nondimensional
distribution equilibrium
coefficient distribution
(cm3/g) coefficient, y*

for NO = 4 g/cm3

Chiou et al. (1979) (foc=0.01)

1,2-dichloroethane 0.19 0.76
1,2-dichloropropane 0.27 1.08
1,2-dibromoethane 0.36 1.44
1,1,2,2-tetrachloroethane 0.46 1.84
1,1,1-trichloroethane 1.04 4.2
1,2-bromo-3-chloropropane 0.75 3.0
1,2-dichlorobenzene 1.80 7.2
tetrachloroethene 2.10 8.4
parathion 11.6 46.4
lindane 17.3 69.2
2,4'-PCB 80.0 320
2,5,2',5'-PCB 470 1880
DDT 1400 5600
2,4,5,2',4',5'-PCB 2200 8800
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Abstract

Information on the transport of dissolved gases in groundwater is needed to
design ways to increase dissolved gas concentrations in groundwater for use in in situ
bioremediation (e.g. 02 and CH4) and to determine if dissolved gases are conservative
tracers of groundwater flow (e.g. He). A theoretical model was developed to describe
the effect of small quantities of trapped gas bubbles on the transport of dissolved gases
in otherwise saturated porous media. Dissolved gas transport in porous media can be
retarded by gas partitioning between the mobile aqueous phase and a stationary trapped
gas phase. The model assumes equilibrium partitioning where the retardation factor is
defined as R = 1 + fr(Vg/V,) where H' is the dimensionless Henry's Law constant for
the dissolved gas, and Vg and V, are the volumes of the trapped gas and water phases,
respectively. At 15°C and with Vg/V, = 0.05, the predicted retardation factors for He,
02, and CH4 are 5.8, 2.4 and 2.3, respectively. The validity of the model was tested
for dissolved oxygen in small-scale column experiments over a range of trapped gas
volumes. Retardation factors of dissolved oxygen increased from 1 to 6.6 as Vg/V
increased from 0 to 0.123 and are in general agreement with model predictions except
for the larger values of Vg/V,. The theoretical and experimental results suggest that gas
partitioning between the aqueous phase and a trapped gas phase can greatly influence
rates of dissolved gas transport in groundwater.

Introduction

The transport of dissolved gases in aquifers needs to be understood to design
ways to increase the dissolved gas concentrations in groundwater for use in in situ
bioremediation and to determine if dissolved gases are conservative tracers of
groundwater flow. For example, enhanced in situ bioremediation of groundwater
contaminated with benzene, toluene, ethyl benzene and xylene is typically performed
under aerobic conditions, with oxygen serving as the terminal electron acceptor (Wilson
et al., 1989; Chiang et al., 1989). To increase the rate of degradation, supplemental
dissolved oxygen may be supplied to the contaminated groundwater by sparging water
in a well with air (Raymond et al., 1975), by injecting water treated with hydrogen
peroxide (Brown et al., 1984; Hu ling and Bledsoe, 1990) or pure oxygen (Roberts et
al., 1990), or by the direct injection of gas into the aquifer through air-sparging
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(Johnson et al., 1993). In situ bioremediation has also been demonstrated for
chlorinated solvents by methane-utilizing microorganisms. For example, in situ
degradation of trichloroethene was achieved by injecting dissolved oxygen and
dissolved methane into a sand and gravel aquifer at the Moffett Field site (Semprini et
al., 1990).

Dissolved gases are also being used as conservative tracers in studies to
determine the direction and velocity of groundwater flow and aquifer dispersivity. For
example, helium has been used as a tracer at many sites for determining groundwater
velocity (Carter et al., 1959). Recently, sulfur hexaflouride was recommended for use
as a dissolved gas tracer since it can be detected at fairly low concentrations and is

believed to be chemically inert (Wilson and Mackay, 1993). Chlorofluorocarbons are
also being recommended for use as dating tools and hydrologic tracers in shallow,
aerobic aquifers (Dunkle et al., 1993).

In the absence of biological transformations, dissolved gases such as oxygen
and methane are typically considered conservative solutes that are only subject to the
transport processes of advection and dispersion and do not sorb to aquifer solids. Inert
gases such as helium, used in tracer tests, are also typically considered conservative
solutes (Wilson and Mackay, 1993). This assumption may not be valid in aquifer
systems that contain small quantities of trapped gas in the pore space.

The presence of small amounts of trapped gas in otherwise saturated porous
media has been known for some time (Chahal, 1964; Fayer and Hillel, 1986a) as have
the effects of trapped gas on the effective porosity, the permeability (Christiansen, 1944;
Gupta and Swartzendruber, 1964) and unsaturated hydraulic properties (Chahal, 1966)
of the porous medium. Fayer and Hillel (1986a, 1986b) found that the volume of
trapped gas created by water table fluctuations ranged from 1.1 to 6.3% of the bulk soil
volume.

Trapped gas can be created in an unconfined aquifer due to water level
fluctuations caused by seasonal changes in aquifer recharge and discharge, or in the
vicinity of a pumping well, by changes in the pumping rate. Trapped gas could also be
created in an aquifer by a decrease in pressure. As the pressure decreases, gases
dissolved in the water may exsolve from the water into the gas phase in the form of
bubbles. Trapped gas will be introduced into the groundwater through the remediation
technique of air-sparging. In air-sparging, compressed air is injected into the aquifer, as
the air bubbles rise through the saturated zone, volatile organics are removed from the
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groundwater (Johnson et al., 1993). A portion of the injected gas will remain in the
pore space as trapped gas bubbles.

The persistence of gas bubbles under saturated flow conditions has also been
studied (Christiansen, 1944). Flow in an aquifer may either increase the rate of
dissolution of trapped gas or increase the exsolution of dissolved gas into the trapped
gas bubbles depending on if the incoming water has a dissolved gas concentration that is

lower or higher than the dissolved gas concentration that is in equilibrium with the
trapped gas bubbles.

Trapped gas in porous media has been shown to be removed by diffusion
processes (Bloomsburg and Corey, 1964; Adam et al., 1969; McWhorter et al., 1973).
When the gas is trapped in the form of a bubble, the interface between the liquid and the
bubble is curved, creating a slightly higher pressure in the trapped gas bubble than in the
liquid. The gas will diffuse out of the bubble into the surrounding liquid and then
diffuse to the surface of the water table where the aqueous concentration will be in
equilibrium with air at atmospheric pressure. Bloomsburg and Corey (1964) showed
that the removal of trapped air in a 5 cm long column of glass beads saturated with water
requires approximately 50 days due to diffusion alone. This process is slow compared
to seasonal fluctuations in the water table but needs to be considered when evaluating
whether trapped gas exists in aquifers where the porous medium has been saturated for a
long time.

Diffusion of dissolved gas between water at depth in an aquifer and water at the
water table surface may also occur due to the increase in solubility with an increase in
pressure. As the pressure increases with depth, the solubility of a gas also increases,
decreasing the size of a trapped gas bubble and increasing the concentration of dissolved
gas in the water. Gas will diffuse from high concentrations at depth to lower
concentrations at the water table surface until the trapped gas is completely removed and
no concentration gradient exists. Mechanical dispersion in the vertical direction due to
flow in the horizontal direction may increase the rate at which trapped gas is removed
from an aquifer due to the concentration gradients as discussed above.

The retardation of dissolved gas has been seen in experiments testing helium as a
groundwater tracer. Carter et al. (1959) noticed a 17% lag in the velocity of helium
compared to the velocity of a chloride tracer in a field investigation of tracers in a
confined aquifer at a depth of 90 feet. Their hypothesis for this lag was that the smaller
helium atoms diffuse into minute crevices in the grain surfaces in which the larger
chloride ions cannot fit. In a horizontal laboratory channel filled with a coarse sand,
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Carter et al. (1959) showed a retardation of the helium to be 16 times that of the chloride
tracer. They attributed this retardation due to loss of the helium out of solution into the
entrapped air in the capillary zone. Gupta et al.(1994) noted that helium may not work
effectively as a tracer in the unsaturated zone due to partitioning of helium from the
aqueous phase into trapped gas bubbles.

The objectives of this study are (1) to develop a preliminary theoretical model to
describe the effect of a trapped gas phase on the transport of dissolved gases in an
aquifer, and (2) to test the validity of the model for dissolved oxygen transport in small-
scale column experiments.

Theory of Dissolved Gas Transport

A dissolved gas, like any solute, is transported through a porous medium by the
processes of advection and dispersion. When trapped gas bubbles are present,
however, the transport of a dissolved gas will be retarded due to the mass transfer of the
gas between the mobile aqueous phase and the trapped gas phase (Figure IV.1). As a
plume of dissolved gas flows through a porous medium, the trapped gas bubbles will
act initially as a sink for the dissolved gas until the concentration in the gas phase is in
equilibrium with the concentration in the aqueous phase. When the concentration of the
dissolved gas in the water is lower than the concentration in equilibrium with the gas
phase, the trapped bubbles will act as a source of dissolved gas partitioning back to the
aqueous phase. This will result in the dissolved gas having a slower apparent velocity
than a nonreactive tracer. This process is analogous to the retardation of an organic
compound due to sorption/desorption of the compound between aqueous and solid
phases.

Our model assumes that the transport of a dissolved gas in a porous medium can
be described by the advection-dispersion equation. For one-dimensional transport, the
equation is

ac, a2c. ac ac,
D= v ±at

i =1
at (1)
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where
Cam, = concentration of dissolved gas in aqueous phase (mass of dissolved

gas/water volume)
time
dispersion coefficient (area/time)
distance
pore water velocity (water volume/pore space area/time)

acv,
at

,

= source or sink of mass due to reaction i (mass of dissolved gas produced

or consumed/water volume/time)
total number of source/sink terms

If a trapped gas phase is present in a porous medium, the concentration of the
dissolved gas in the aqueous phase will change due to mass transfer of the compound
between the mobile aqueous phase and the stationary gas phase. The mass transfer can
be represented in the advection-dispersion equation with a source/sink term. Since mass
is conserved between the aqueous phase and the gas phase,

ac Vg aC
gat g- vv, at

where
Vg = volume of trapped gas per volume of pore space
VW = volume of water per volume of pore space
Cg = concentration of dissolved gas in the trapped gas phase (mass of gas

compound/gas phase volume)

(2)

aCw = source or sink of gas due to mass transfer between gas and aqueous phases
at gw

Mass transfer between the gas and aqueous phases will continue until
equilibrium is reached. The time required to reach equilibrium can be estimated if the
half-life for mass transfer of dissolved gas between the aqueous and trapped gas phases
is known. The half-life of the mass transfer of gases between gas and aqueous phases
in closed reactors is on the order of minutes to days (Domenico and Schwartz, 1990) but
no information is available for mass transfer of a gas between trapped gas and water in

porous media under groundwater flow conditions.
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Assuming that the half-life for mass transfer is much smaller than the
groundwater residence time (the length of the aquifer divided by the pore water
velocity), the local equilibrium assumption can be applied and Henry's Law can be used
to relate the concentration of a compound in the gas phase to its concentration in the
aqueous phase:

Cg H' Cw (3)
where
H' = dimensionless Henry's law constant [(mass of gas compound/gas phase

volume)/(mass of dissolved gas/water volume)]

Equations 2 and 3 can be combined to obtain an expression for a source/sink
term that represents the mass transfer of the dissolved gas between the aqueous and
trapped gas phases:

ac V aC,
I = H'at gw vw at (4)

By substituting equation 4 into equation 1 and simplifying, we obtain the governing
equation for one-dimensional dissolved gas transport in a homogeneous porous medium
that contains a trapped gas phase uniformly distributed throughout the pore space:

acw
= D

a2c,
v

acw
at

-

ax` ax

where the retardation factor, R, is defined as

V,
R = 1 +

Vw

The retardation factor is interpreted as the ratio of groundwater velocity to
dissolved gas velocity. Thus, the larger the Henry's Law constant and the larger the
ratio of Vg/Vw, the smaller the dissolved gas velocity and the greater the retardation.
Values of dimensionless Henry's Law constants for selected gases in water are
presented in Table IV.1. The values of H' at 15°C range from 0.3 to 135.9, and
generally increase with increasing temperature over the range of groundwater
temperatures of interest. For example, the value of H' for oxygen increases from 25.6
to 32.6 as temperature increases from 10 to 25 °C. Many gases of interest in

(5)

(6)
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groundwater applications (e.g. He used as a groundwater tracer and 02 and CH4 used in
in situ bioremediation) have fairly large values of H'.

The volume of the trapped gas phase (VgN,,) may change with time causing the
retardation factor to also vary with time. As the gas dissolved in the groundwater
transfers into the trapped gas phase, the gas in the trapped gas phase also transfers into
the groundwater in order to reach an equilibrium between the concentrations in the
aqueous and trapped gas phases. For example, if the injection water is in equilibrium
with a pure oxygen gas and the trapped gas phase in the porous medium is initially
composed of air, as oxygen dissolved in the aqueous phase transfers into the trapped
gas phase, the nitrogen in the air transfers out of the trapped gas phase into the aqueous
phase until equilibrium is reached. If the rate at which the gas dissolved in the aqueous
phase transfers into the trapped gas phase is not equal to the rate at which the gas in the
trapped gas phase transfers into the aqueous phase, the size of the trapped gas bubbles
may change. The rate of this mass transfer for each of the gases is dependent on the
Henry's Law constant. If the Henry's law constants of the gases are different, the
volume of the trapped gas phase may not be constant with time. The processes that
determine the mass transfer of the gases between the aqueous and trapped gas phases
where the volume of the gas phase may vary are still unknown. These mass transfer
processes will be investigated in future work.

Table IV.2 provides predicted retardation factors (computed using equation 6)
for several dissolved gases and combinations of Vg /V at T = 15 °C. The results

indicate that many dissolved gases will be significantly retarded if even small amounts of
trapped gas are present in the pore space. Values of Vg/Vw = 0.05, 0.1, and 0.2
(porosity = 0.4) are equivalent to a volume of trapped gas of 1.9%, 3.6%, and 6.7% of
the bulk soil volume, respectively, which is in the range of what Fayer and Hillel
(1986a) found in their experiments (1.1% to 6.3%).

In contrast to the dissolved gases, the Henry's Law constants and predicted
retardation factors for organic compounds commonly occurring as groundwater
contaminants are much smaller (Table IV.2) and indicate that, for these compounds, the
presence of the trapped gas phase may not result in significant retardation.
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Experimental Methods

A series of column experiments were performed to study the transport of
dissolved oxygen in a porous medium with varying quantities of gas trapped in the pore
space. A schematic of the experimental apparatus is shown in Figure N.2. A plexiglas
column (25.4 cm long, 2.54 cm inner diameter) was packed with air-dried medium to
coarse sand. The sand is classified taxonomically in the Winchester series of a mixed,
mesic Xeric Torripsamments. The sand was collected from a site in Hermiston, Oregon
from a depth of approximately 1 to 2 meters. The total carbon content, determined by
combustion in a Dohrmann carbon analyzer, is 0.11%. The particle density of the sand
is 2.83 g/cm3, determined by helium pycnometry. The sand was packed in the column
to achieve a bulk density of 1.71 g/cm3; the computed total porosity for the packed
column is 0.40.

A series of five breakthrough and elution experiments were conducted in the
column with varying amounts of trapped gas. The different amounts of trapped gas
were created by first completely saturating the pore space with water (Vg/Vw = 0). A

vacuum was applied to the upper end of the column to evacuate air from the pore space.
Carbon dioxide gas was then injected in the lower end of the column to displace any
residual air from the pore space. The column was then flooded with water from the
lower end, dissolving the highly soluble carbon dioxide to create a fully saturated
column. No bubbles were visible in the pore space. The trapped gas content of the
column was increased by lowering the water level a specified fraction of the column
length (0.25, 0.50, 0.75, and 1.0 L, where L is the column length) and then raising the
water level to its initial level. This technique creates a visible increase in the number of
trapped gas bubbles. The distribution of trapped gas bubbles is not uniform throughout
the column except for when the water level was lowered the whole length of the column.
Although a nonuniform distribution of trapped gas may cause the breakthrough and
elution curves to be a slightly different shape than if the trapped gas was distributed
uniformly, it is effective in showing that the retardation increases as the volume of
trapped gas increases. The value of Vg/Vw for each experiment was determined by
weighing the column after the experiment was run and comparing this weight with the
weight of the fully saturated column (no trapped gas present). The value of Vg/Vw was
calculated from the weight difference and the known porosity.

Breakthrough and elution experiments were conducted for each column
preparation (i.e. each value of Vg/Vw) During the breakthrough experiment, water with
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a dissolved oxygen concentration of 37 mg/1 was pumped through the column at a rate
of 6.1 mm/min yielding an estimated pore-water velocity of 3.5 cm/min. The water was
prepared by sparging pure oxygen through the water supply reservoir (Figure IV.2).
The injection water also contained bromide at a concentration of 100 mg/1 (prepared by
dissolving a known quantity of potassium bromide in water). Bromide and dissolved
oxygen concentrations were measured on samples of column effluent collected
approximately every 3 minutes. Water samples were analyzed for dissolved oxygen by
a clark type polarigraphic oxygen probe, YSI Model 5300 Biological Oxygen Monitor,
Yellow Springs Instrument Co., Yellow Springs, OH. Bromide was analyzed by a
specific ion electrode, Model 701A, ORION Research, Boston, MA. Injection
continued until the measured concentration of dissolved oxygen reached the injection
concentration. An elution experiment was then run by changing the injection solution to
water with a dissolved oxygen concentration in equilibrium with air (approximately 9
mg/1) and no bromide. Dissolved oxygen and bromide concentrations were measured
until the dissolved oxygen concentration reached the new injection concentration.
Experiments were conducted in a constant temperature room at 20 +/- 1°C.

Retardation factors for the breakthrough and elution curves were computed using
R = (velocity of bromide tracer) / (velocity of dissolved oxygen), where the velocities
were computed from the time required for the effluent concentration to reach a relative
concentration of (C-Ci)/(Co-Ci) = 0.5 where C is the measured concentration of bromide
or dissolved oxygen, Ci is the background concentration (0 for bromide, 9 mg/L for
dissolved oxygen), and Co is the injected concentration. This method assumes that the
retardation factor and thus the volume of the gas phase in the column is constant with
time during each of the breakthrough and elution experiments. The rate at which the
oxygen dissolved in the aqueous phase transfers into the trapped gas phase is assumed
to be equal to the rate at which the nitrogen in the trapped gas phase transfers into the
aqueous phase. Since the mass transfer is related to the Henry's Law constant and the
Henry's law constant for oxygen (H' = 30.3) is similar to that of nitrogen (H' = 60.8),
it will be assumed, as a first order approximation, that the volume of the gas phase and
thus the retardation factor are constant with time.

A center of mass analysis is another method for determining retardation factors
from breakthrough curves (Roberts et al., 1986). This method was not used here. The
errors in calculating the retardation factors by this method were too large for these
column experiments since the length of time the slug was injected was long compared to
the residence time of the tracer.
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Results

The breakthrough and elution curves for dissolved oxygen showed increasing
retardation with increasing amounts of trapped gas relative to the bromide tracer (Figures
IV.3a-e). No retardation of the dissolved oxygen relative to the bromide tracer was
noticeable in the column with no trapped gas (Figure IV.3a). The retardation of the
dissolved oxygen increased from 1 to 6.6 as the amount of gas trapped in the sand
(Vg/V,,,) increased from 0 to 0.123 (0 to 4.4 % of the total soil volume) (Figures IV.3a-

e).
Retardation factors for dissolved oxygen computed from the breakthrough and

elution curves increased as the volume of trapped gas increased (Figure IV.4). The
experimental results matched the retardation factors predicted theoretically using
equation 6 for the smaller values of Vg/Vw but the theoretical values underestimate the
retardation at the larger values of Vg/Vw. Retardation factors computed from elution
curves were slightly larger than retardation factors computed from breakthrough curves.

One possible reason the experimental retardation factors are larger than the
theoretical is that the size of the trapped gas bubbles may be changing during the
experiment. During the breakthrough experiments, as the highly oxygenated water
comes into contact with the trapped air bubbles, both the oxygen dissolved in the water
and the nitrogen in the air bubbles will establish an equilibrium between the
concentrations in the gas and aqueous phases. The oxygen dissolved in the water will
partition into the trapped gas bubbles and the nitrogen in the air bubbles will partition
into the water. But since the Henry's law constant for oxygen is less than for nitrogen,
the rate of oxygen partitioning from the water into the gas phase may be greater than the
rate at which nitrogen will partition from the gas phase into the water. This would cause
the volume of the gas phase to increase. During the elution experiments, when oxygen
is in the trapped gas phase and nitrogen is in the water phase in equilibrium with air, the
volume of the gas phase may decrease. The rate of nitrogen partitioning out of the water
into the gas phase may be less than the rate of oxygen partitioning out of the gas phase
into the water. The Vg/Vw value was measured at the end of the experiment when it
may have been at its minimum. This would cause the theoretical model to underpredict

the retardation factors as determined by the experimental results.
The larger retardation factors determined from the elution experiments compared

to the breakthrough experiments may also be explained by the trapped gas bubbles
changing in size during the experiment. If the volume of the gas phase is increasing
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during the breakthrough experiments, the retardation factor starts out small and increases
with time. Oxygen will breakthrough sooner initially and thus the retardation factor
determined by the time for the oxygen breakthrough concentration to reach a value of
(C- Cj) /(Co -Cj) = 0.5 relative to the bromide tracer will be smaller. If the volume of the
trapped gas phase decreases during the elution experiment, the retardation factor starts
out large and decreases with time. Oxygen will elute out slower and thus the retardation
factor determined by the time for the oxygen elution concentration to reach the (C-
Ci)/(Co-Ci) = 0.5 relative to the bromide tracer will be larger.

A nonequilibrium model cannot account for the experimental retardation factors
being larger than the theoretical retardation factors determined from an equilibrium
model. In fact, nonequilibrium mass transfer would predict the opposite; that the
retardation factors determined experimentally would be less than the retardation factors
detennined by an equilibrium model (van Genuchten, 1981). There is not enough
information yet to determine whether nonequilibrium mass transfer may be occurring
between the aqueous and trapped gas phases in a porous medium but it is not likely to be
the main cause of the difference between the experimental and theoretical results.

The transport of dissolved oxygen in the column where the trapped gas phase
was distributed throughout (Figure IV.3e) was modeled to determine how well the
theoretical model (equation 5) matches the experimental results. The transport of the
bromide tracer was modeled to determine the dispersivity of the porous medium. The
dispersivity that best fits both the breakthrough and elution of bromide is 2.2 cm (Figure
IV.5). The breakthrough of dissolved oxygen concentrations, however, can only be fit
to the equilibrium model if the dispersivity is increased to 8.8 cm (Figure N.5). The
elution concentrations of dissolved oxygen can be fit to the equilibrium model with the
dispersivity value determined from the bromide tracer (Figure IV.5). Possible reasons
for the increased dispersivity during the breakthrough of dissolved oxygen are discussed
in Chapter V.

Summary and Conclusions

Trapped gas may be present in an otherwise saturated aquifer due to fluctuations
in the water table from changes in seasonal recharge or pumping rates or by direct gas
injection during air-sparging. A theoretical analysis predicts that small quantities of a
trapped gas phase in an aquifer can retard the movement of dissolved gases due to the
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partitioning of the dissolved gas from the aqueous phase into the trapped gas phase. An
equilibrium model for dissolved gas transport is the advection-dispersion equation
where the retardation factor is R = 1 + H' Vg/Vw This expression was partially
validated in a series of column experiments using dissolved oxygen. Retardation
factors, computed from breakthrough and elution curves for dissolved oxygen and a
bromide tracer, increased from 1 to 6.6 as Vg/Vv, increased from 0 to 0.123 and were in
general agreement with model predictions except for the larger values of Vg/Vw.

In future work, we will investigate the possible reasons for the differences
between the theoretical model and the experimental results. The areas of investigation
will include a more detailed study of the mass transfer processes of the gases
partitioning between the aqueous and trapped gas phases, a determination of whether the
volume of the trapped gas phase changes with time and whether the theoretical model
needs to include the effects of both the gas that is partitioning into the trapped gas phase
as well as the gas that is partitioning out of the trapped gas phase. Other combinations
of gases besides oxygen and air will be tested.

The theoretical and experimental results suggest that gas partitioning from the
aqueous phase into a trapped gas phase may be an important factor in the transport of
dissolved gases in an aquifer. This effect has potentially important implications for the
design of dissolved gas distribution systems for use in in situ bioremediation and for
determining the validity of dissolved gases as tracers of groundwater flow.
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Figure IV.1 Conceptual model of dissolved gas transport in the presence of a trapped
gas phase.
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Figure IV.2 Schematic diagram of the experimental apparatus used in the dissolved
oxygen transport experiments.
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Table IV.1 Dimensionless Henry's Law constantsa for selected gases (Perry, 1984).

Temperature (°C)

Gas 10 15 20 25

Sulfur Hexaflourideb 121.7 135.9 150.6 169.7

Helium 98.6 94.5

Nitrogen 52.3 56.8 60.8 64.3

Hydrogen 49.8 50.9 51.6 52.6

Air 43.0 46.7 50.2 53.5

Carbon monoxide 34.6 37.6 40.5 43.1

Oxygen 25.6 28.0 30.3 32.6

Methane 23.3 25.9 28.4 30.7

Nitric oxide 17.1 18.6 20.0 21.3

Ethane 14.8 17.4 19.9 22.5

Ethylene 6.0 6.9 7.7 8.5

Propylene 3.5
Radonc 2.8 3.3 3.9 4.4
Ozone 1.9 2.2 2.8 3.4

Nitrous oxide 1.1 1.3 1.5 1.7

Acetylene 0.8 0.8 0.9 1.0

Carbon dioxide 0.8 0.9 1.1 1.2

Hydrogen sulfide 0.3 0.3 0.4 0.4

a (mass of gas compound/gas phase volume)/(mass of dissolved gas/water volume)
b Wilson and Mackay (1993)
c Battino (1979)
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Table IV.2 Predicted retardation factors for dissolved gases and organic compounds
computed from equation 6.

Predicted retardation factors (T = 15 °C)
Vg/V,

Dissolved Gas H' 0.05 0.10 0.20

Helium 96.6 5.8 10.7 20.3
Nitrogen 56.8 3.8 6.7 12.4
Hydrogen 50.9 3.5 6.1 11.2
Oxygen 28.0 2.4 3.8 6.6
Methane 25.9 2.3 3.6 6.2
Ethane 17.4 1.9 2.7 4.5
Radon 3.3 1.2 1.3 1.7

Ozone 2.2 1.1 1.2 1.4
Acetylene 0.8 1.0 1.1 1.2
Carbon dioxide 0.9 1.0 1.1 1.2

Predicted retardation factors (T = 20 °C)
Vg/V,

Organic compound H' 0.05 0.10 0.20

dichlorodifluoromethane 17.64a 1.9 2.8 4.5
trichlorofluoromethane 4.52a 1.2 1.5 1.9

Vinyl chloride 2.33b 1.1 1.2 1.5

Carbon tetrachloride 0.96c 1.1 1.1 1.2
Trichloroethene 0.41b 1.0 1.0 1.1

Toluene 0.28b 1.0 1.0 1.1

Benzene 0.23b 1.0 1.0 1.1

a Mackay et al. (1993)
b Montgomery (1991)
c Schwille (1988)
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Abstract

In situ bioremediation of contaminated aquifers is often limited by the
concentration of dissolved oxygen in the groundwater. Various methods have been
used to try to increase dissolved oxygen concentrations but the transport of dissolved
oxygen in groundwater needs to be more fully understood. The transport of dissolved
oxygen in the presence of a trapped gas phase is investigated in experiments conducted
in a large-scale physical aquifer model (2 m x 4 m x 0.2 m) using an injection/extraction
well pumping scheme. The transport of dissolved oxygen is shown to be retarded up to
11.2 times the transport of the bulk water due to the mass transfer of oxygen between
the aqueous phase and the trapped gas phase. The theoretical model for dissolved gas
transport in the presence of a trapped gas phase (Fry et al., 199x) is evaluated in a two-
dimensional groundwater flow field using the U.S.G.S. numerical model MOC. The
results show that dissolved oxygen transport can be modeled with the advection-
dispersion equation with linear equilibrium mass transfer but only when the longitudinal
dispersion is increased compared to the value determined using a bromide tracer of the
water flow. Increased longitudinal dispersion of the dissolved oxygen plume may be
due to a temporally or spatially varying retardation factor or rate-limited mass transfer.
The presence of even a small amount of a trapped gas phase in an aquifer will
significantly affect the distribution and transport of dissolved oxygen and thus should be
considered when designing ways to increase the dissolved oxygen concentration in
groundwater for in situ bioremediation.

Introduction

Bioremediation is a promising strategy for treating hazardous waste. In situ
bioremediation of contaminated groundwater aquifers uses indigenous or introduced
microorganisms to degrade organic compounds in the subsurface. Bioremediation
requires that the necessary nutrients (i.e. nitrogen and phosphorous) and an electron
acceptor are available to the microorganisms. The most common electron acceptor used
in bioremediation is oxygen because it has one of the highest redox potentials of the
possible electron acceptors and thus it provides relatively large amounts of free energy to
microorganisms during electron transfer (Bouwer, 1994). Other electron acceptors
which work under anaerobic conditions include nitrate, manganese (IV) and iron (III)
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oxides, sulfate and carbon dioxide (Reinhard, 1994; Bouwer, 1994). However, aerobic
biodegradation is typically more rapid and thus it is often preferred over anaerobic
biodegradation (Barenschee et al., 1991). The stoichiometric requirements for aerobic
biodegradation of hydrocarbons dictate that approximately one to two moles of oxygen
are required for each mole of carbon in every mole of hydrocarbon degraded to carbon
dioxide and water.

Biodegradation rates in a contaminated aquifer are often limited by the amount of
oxygen available to the microorganisms (Borden et al., 1986; Chiang et al., 1989).
Since the solubility of oxygen in water is low, it is difficult to increase the dissolved
oxygen concentrations in a contaminated aquifer. The dissolved oxygen concentration
in water in equilibrium with air (02 partial pressure of 0.21 atm) ranges from 8 to 10
mg/1 and the dissolved oxygen concentration in water in equilibrium with pure oxygen
gas (02 partial pressure of 1 atm) ranges from 39 to 48 mg/1 for temperatures from 25 to
15 °C.

Various methods have been used to try to increase the dissolved oxygen
concentrations in contaminated aquifers. Some of the first applications of in situ
bioremediation supplied oxygen to the groundwater by sparging the water in a well with
air which increased dissolved oxygen concentrations in the vicinity of the well
(Raymond et al., 1975). The injection of water sparged with pure oxygen was used to
enhance biodegradation of chlorinated ethenes in a field investigation (Semprini et al.,
1990). The average dissolved oxygen injection concentrations were between 14 and 25
mg/1 which effectively biostimulated a two meter test zone. Hydrogen peroxide, which
decomposes to oxygen and water, has been injected into contaminated aquifers to
increase dissolved oxygen concentrations (Brown et al., 1984; Wilson et a, 1989;
Flathman et al., 1991; Hu ling et al., 1991; Lee and Raymond, 1991). However,
hydrogen peroxide can be toxic to microorganisms at concentrations greater than 1000
mg/1 and possibly at a concentration as low as 100 mg/1 (Ruling et al., 1991). This
problem may be overcome by acclimating the organisms to increasing concentrations.
Hydrogen peroxide can also decompose rapidly which does not allow sufficient oxygen
to move far from the injection well (Ruling et al., 1991; Lawes, 1991). The rate of
decomposition of hydrogen peroxide to oxygen can be controlled using additives to
prevent formation of excessive amounts of bubbles (Hu ling et al, 1991).

Air-sparging, where compressed air is injected into an aquifer, has been
explored not only as a method for removing volatile compounds from a contaminated
aquifer but also for introducing oxygen into the aquifer for use in biodegradation
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(Johnson, 1993; Pankow et al., 1993; Brown, 1994). The effectiveness of air-sparging
to increase the dissolved oxygen concentration over a large enough portion of an aquifer
is uncertain. In many situations, the injected air tends to flow up to the water table
through a few large channels causing the dissolved oxygen to be increased in only a
very small zone (Johnson, 1993).

A recently developed concept for introducing oxygen into groundwater is
oxygen microbubble injection (Jenkins et al., 1993). The microbubbles can be created
in an aqueous surfactant solution by a spinning-disk generator (Sebba, 1985) that
produces microbubbles with an average diameter of 50.7 +- 22.7 gm with 95% less
than 100 iim in diameter (Jenkins et al., 1993) . One proposed field design consists of
injecting an oxygen microbubble slurry into a trench filled with gravel to provide oxygen
to the groundwater as it flows through the trench (Michelsen and Lotfi, 1991). This
method has been tested in the lab but not in the field (Michelsen and Lotfi, 1991; Jenkins
et al., 1993).

Various technologies have been used to try to increase the dissolved oxygen
concentrations in a contaminated aquifer but no studies have been performed to test the
effectiveness of these methods if a trapped gas phase is lodged in the pore spaces of an
aquifer. If a trapped gas phase is present, the resulting distribution and transport of
oxygen will be affected. The transport of dissolved oxygen will be retarded due to the
mass transfer of the gas between the mobile aqueous phase and the trapped gas phase as
shown in Chapter IV (Fry et al, 199x).

Trapped gas can be created by water table fluctuations caused by seasonal
changes in aquifer recharge, or in the vicinity of a pumping well, by water level
fluctuations due to changes in the pumping rate. Injection of hydrogen peroxide may
also create a trapped gas phase by hydrogen peroxide decomposition into oxygen gas
and water. Air-sparging and microbubble injection will also introduce a trapped gas
phase. Trapped gas can be formed by gas exsolving out of solution but only when the
dissolved gas concentration is greater than the gas solubility concentration
(supersaturated) at the temperature and pressure of interest. A review of the literature on
the presence of trapped gas, its effects on permeability and its persistence in porous
media can be found in Chapter IV (Fry et al., 199x).

A theoretical model for dissolved gas transport assuming linear equilibrium mass
transfer was developed in Chapter IV (Fry et al., 199x). The model consists of the
advection-dispersion equation with the retardation factor (R) defined as
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(1)

where H' is the dimensionless Henry's Law constant for the dissolved gas and Vg and
Vw are the volumes of the trapped gas and water phases, respectively. Experiments
were run in small-scale, one-dimensional columns with short residence times to test the
validity of the model. The retardation factors determined experimentally were in general
agreement with the theoretical retardation factors except for the largest values of Vg/Vw.

The objective of this study was to determine the effect of a trapped gas phase on
the distribution and transport of dissolved oxygen in a two-dimensional groundwater
flow field. The experiments were conducted in a large-scale physical aquifer model
using an injection/extraction well pumping scheme. The ability of the theoretical model
presented in Chapter IV (Fry et al., 199x) to predict dissolved oxygen transport in a
two-dimensional groundwater flow field was evaluated using the U.S.G.S. numerical
model MOC (Konikow and Bredehoeft, 1989).

Methods

Physical Aquifer Model

Dissolved oxygen transport experiments were conducted in a large-scale physical
aquifer model (PAM) containing a homogeneous and isotropic sand pack. The physical
aquifer model is a rectangular aluminum tank with internal dimensions of 4 m (length)
by 2 m (width) by 0.2 m (depth)(Figure V.1). The tank is supported by a steel
framework with adjustable leveling pads located at each support. Reservoirs are located
at each end of the tank with perforated aluminum plates covered with 100 mesh stainless
steel screen to separate the reservoirs from the tank interior. The water heights in both
the inlet and outlet reservoirs are controlled by a standpipe/overflow system. An array
of 40 wells are fitted through the bottom of the tank, fully penetrating through the
porous media. The wells are wrapped in 100 mesh stainless steel screen and capped at
the end with a teflon seal. The wells can be used for injection or extraction and for
determining the hydraulic gradient within the sand pack.

The tank is equipped with an aluminum lid that is clamped to the flange around
the perimeter. Two hundred and eighty four ports are located in the lid for sampling.
Flow within the tank is regulated by setting up a hydraulic gradient between the
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reservoirs or by injection/extraction pumping from any of the wells. A more extensive
description of the physical aquifer model can be found in Humphrey (1992).

Sand Pack

The physical aquifer model was packed with air-dried medium to coarse sand.
The sand is classified taxonomically in the Winchester series of a mixed, mesic Xeric
Torripsamments. The sand was collected from a site in Hermiston, Oregon from a
depth of approximately 1 to 2 meters. The total carbon content, determined by
combustion in a Dohrmann carbon analyzer, is 0.11%. The particle density of the sand
is 2.83 g/cm3, determined by helium pycnometry.

A method for packing the PAM with sand was developed by Humphrey (1992)
to achieve a homogeneous and isotropic porous medium. The tank was temporarily
divided into 44 compartments using removable posterboard partitions. The sides of
each partition were inscribed with four level lines creating 176 volume elements. The
level lines were staggered vertically and horizontally between compartments so that no
preferential flow paths would be developed due to the packing procedure. Sand was
packed into each volume element until the entire physical aquifer model was packed with
sand. The posterboard framework was then removed. The effectiveness of this method
for creating a homogeneous and isotropic sand pack was demonstrated by Humphrey

(1992).
The total volume of the tank that is packed with sand is 1.6 m3. The dry mass

of soil added is 2748 kg giving a dry bulk density of 1.72 g/cm3. The computed total
porosity for the sand pack is 39.2 %. The saturated hydraulic conductivity of the sand
pack is 1.8 x 10-3 m/sec, measured along the length of the tank by prescribing inlet and
outlet reservoir water elevations and measuring the resulting flow rate.

As in all porous media, air is trapped in the pore space of the sand pack when the
sand is saturated with water. In these experiments, the sand was saturated by slowly
adding tap water to the inlet reservoir. Tap water was used because of the large volume
of water required for these experiments. This saturation procedure simulates the amount
of air that would be trapped due to an increase in the elevation of the water table. The
volume of trapped gas in the PAM cannot be determined independently from the
dissolved oxygen transport experiments described below. Column experiments with
this same type of sand showed a trapped gas volume of 11% of the pore space (Fry et
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al., 199x). The effective porosity of the sand pack is less than the total porosity due to
the amount of trapped gas.

Trapped gas will not be formed in the sand pack of the PAM due to injecting
water with a dissolved oxygen concentration of 33 36 mg/l in the dissolved oxygen
transport experiments described below. Trapped gas cannot be formed by gas exsolving
out of solution unless the dissolved gas concentration is greater than the solubility (i.e.
the solution is supersaturated). The solubility of a gas in water is defined as the
maximum amount of gas that will dissolve in water at a specified temperature and
pressure with the gas phase above the solution composed entirely of the gas of interest.
When water is sparged with oxygen at a constant temperature and pressure, the
concentration of oxygen in the water comes into equilibrium with the concentration of
oxygen in the gas phase and thus the water is not supersaturated with oxygen. Only if
the pressure was then decreased or the temperature was increased would oxygen exsolve
out of the liquid into a gas phase. Changing the concentration of oxygen in the gas
phase surrounding the liquid will cause the oxygen to diffuse out of the liquid into the
gas phase to reach equilibrium but gas will not exsolve out of the liquid in the form of
bubbles.

Dissolved Oxygen Transport Experiments

Basic Experimental Design

Experiments were performed to investigate the effect of a trapped gas phase on
the distribution and transport of dissolved oxygen in a two-dimensional groundwater
flow field. The basic experimental design consisted of three stages: an initial flushing
stage, a two-well injection/extraction pumping stage and a final flushing stage.

In the initial flushing stage, a hydraulic gradient of 0.005 was set up between the
inlet and outlet reservoirs of the PAM to create a plug flow (a one-dimensional, steady-
state flow along the length of the PAM) for a duration of at least 10 days. Water
samples were collected along the centerline of the PAM and measured for dissolved
oxygen to determine the amount of degradation of oxygen in the PAM.

During the second stage, a two well injection/extraction pumping scheme was
used to regulate the flow. The injection well was located 1.0 meter from the end of the
tank and centered in the width. The extraction well was located 2.7 meters from the end
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of the tank and centered in the width. The injection and extraction pumping rates were
46.5 ml/min. The injection water had a dissolved oxygen concentration of 33 36 mg/l.
The water was prepared by sparging pure oxygen through a water supply reservoir.
The flowlines for this injection/extraction well pumping scheme, where the four sides of
the PAM are no flow boundaries, were determined by the finite difference model MOC
(Figure V.2). The modeled increase/decrease in water elevation at the
injection/extraction wells was approximately 0.2 cm. A bromide tracer test indicated
that a pumping duration of 87 hours was sufficient to allow water to flow from the
injection well to the extraction well (Figure V.3). After 87 hours, the pumps were
turned off and water samples were collected at the 128 locations shown in Figure V.2.
Water samples were collected through the ports in the lid using stainless steel syringe
needles inserted directly into the sand pack.

The final flushing stage was run following the formation of the plume from the
injection/extraction well stage of the experiment. A hydraulic gradient of 0.005 was set
up between the inlet and outlet reservoirs creating a plug flow through the PAM. There
was no injection and extraction pumping in the PAM during this stage of the experiment.
Water samples were collected along the centerline of the PAM for a measurement of
dissolved oxygen concentrations at various times. After each experiment, the PAM was
flushed to remove the injected oxygen from the sand pack.

Experiment One

Experiment 1 follows the basic experimental design for the three stages as
outlined above. The trapped gas phase consisted of air that was trapped in the pores
when the sand was saturated with water. In the injection/extraction well pumping stage
of the experiment, the injection water contained dissolved oxygen at a concentration of
36 mg/I and a bromide tracer at a concentration of 42 mg/l. The bromide solution was
prepared by dissolving a known quantity of KBr in tap water. During the final flushing
stage of the experiment, dissolved oxygen was measured along the centerline at 0, 19,
43 and 68 hours.
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Experiment Two

Experiment 2 follows the basic experimental design as outlined above. Prior to
this experiment, a procedure was used to decrease the amount of trapped gas in the sand
pack. The sand pack was drained and a vacuum was applied to the sand pack through
the outlet reservoir of the PAM to remove the air in the pore space. Carbon dioxide was
then injected into the sand pack through the inlet reservoir to fill the pore space. The
sand was then saturated with water, dissolving the carbon dioxide trapped in the pore
space. In the injection/extraction well pumping stage of the experiment, the injection
water had a dissolved oxygen concentration of 33 mg/1. During the fmal flushing stage
of the experiment, dissolved oxygen was measured along the centerline at 0, 19, 43 and
71 hours.

Experiment Three

Experiment 3 follows the basic experimental design as outlined above. Air was
trapped in the sand after the PAM was drained and resaturated with water following
experiment 2. In the injection/extraction well pumping stage of the experiment, the
injection water contained a dissolved oxygen concentration of 36 mg/l. Following the
injection/extraction stage of this experiment, the plume was sampled at 191 locations. In
the final flushing stage of this experiment, the plume was sampled at 160 locations to
measure dissolved oxygen concentrations 45 hours after the flushing began.

Analysis

Samples for bromide were collected and stored in 10 ml plastic syringes.
Bromide was analyzed by a bromide ion-selective electrode, Model 701A, ORION
Research, Boston, MA. Samples for measurement of dissolved oxygen were collected
in a syringe and stored in 2 ml glass vials. Water samples were analyzed for dissolved
oxygen by a Clark type polarigraphic oxygen probe, YSI Model 5300 Biological
Oxygen Monitor, Yellow Springs Instrument Co., Yellow Springs, OH.
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Theoretical Model

The equations for two-dimensional flow in a homogeneous and isotropic porous

medium are (Bear, 1972)

a2h a2h
T + T h= Q(x,y)

ax aye (2)

K ah K an
Vx

"
vy= nay (3)

where
T = transmissivity, L2/1'
h = hydraulic head, L
x,y = cartesian coordinates, L
Q(x,y) = rate of withdrawal or recharge at location (x,y), L/T
Vx,Vy = pore water velocity in the x and y directions, La
K = hydraulic conductivity, L/T
n = effective porosity (dimensionless)

The two-dimensional advection-dispersion equation with retardation and decay
shown below (with R as defined in equation 1) was used to simulate the transport of
dissolved oxygen in the physical aquifer model experiments.

where
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D = D (V),)2
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(Vy)2
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L
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VVy
Du = Dyx = (DL DT)

DL=OCLIVI, DT=arrIVI

C = concentration of dissolved oxygen, M/L3

Did = coefficient of dispersion where i, j are the x, y coordinates, L2/T

b = aquifer thickness, L
C' = concentration of dissolved gas in source or sink fluid, M/L3

X = degradation coefficient, 1/1'
DI, = longitudinal coefficient of dispersion, L2/1'

Dr = transverse coefficient of dispersion, L2/T

IVI = magnitude of the velocity vector, [(Vx2+Vy2)1/2], L/T

al., = longitudinal dispersivity, L
aT = transverse dispersivity, L
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(6)

(7)
(8)

The U.S.G.S. Method of Characteristics model (MOC) was used to solve the
groundwater flow equations and the solute transport equation (Konikow and
Bredehoeft, 1989). MOC uses an alternating direction implicit method to solve the finite
difference approximations to the groundwater flow equation (equations 2 and 3). The
solute transport equation (equation 4) is solved by two different methods; the advection
component is solved by the method of characteristics and the hydrodynamic dispersion,
fluid sources and sinks and the divergence of velocity are approximated by a finite-
difference equation and solved by a two-step explicit procedure. A mass balance is
calculated within the program to estimate the magnitude of numerical errors. The grid
size for modeling the bromide transport was 41 x 21 giving a 10 cm x 10 cm cell size.
The grid size for modeling the dissolved oxygen transport was 21 x 11 giving a 20 cm x
20 cm cell size (Table 1).

The retardation factor and thus the volume of the gas phase in the PAM was
assumed to be constant with time during each of the experiments. As the gas dissolved
in the water (i.e. oxygen) transfers into the trapped gas phase, the gas in the trapped gas
phase (i.e. nitrogen from trapped air) transfers into the water in order to reach an
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equilibrium between the concentrations in the aqueous and trapped gas phases. The rate
at which the gas dissolved in the water (i.e. oxygen) transfers into the trapped gas phase
must be the same as the rate at which the gas in the trapped gas phase (i.e. nitrogen)
transfers into the aqueous phase in order for the volume of the gas phase to be constant
with time. The processes that determine the mass transfer of the gases between the
aqueous and trapped gas phases where the volume of the trapped gas phase may vary
are still unknown. Since the mass transfer is related to the Henry's Law constant and
the Henry's Law constant for oxygen (H' = 32.6) is similar to that of nitrogen (H' =
64.3), it will be assumed, as a first order approximation, that the volume of the gas
phase and thus the retardation factor are constant with time.

Experimental Results

The following experimental results show the effects of a trapped gas phase on
the distribution and transport of dissolved oxygen in a two-dimensional groundwater
flow field.

Experiment One

In the initial flushing stage of the experiment, the dissolved oxygen in the PAM
decreased from a concentration of 8.1 mg/1, 1.05 meter down gradient of the inlet
reservoir to 7.5 mg/I, 3.75 meters downgradient of the inlet reservoir. This small
amount of loss was due to degradation of the oxygen by microorganisms in the PAM.
A first-order degradation coefficient (?.) of 0.0003/hr was calculated from this decrease
in concentration.

At the end of the two-well injection/extraction well pumping stage of the
experiment, oxygen was not transported far from the injection well (Figure V.4)
compared to the much more extensive bromide plume (Figure V.3). This was due to a
significant amount of the oxygen mass partitioning from the water into the trapped gas
phase. The partitioning of dissolved oxygen between aqueous and trapped gas phases
retarded the dissolved oxygen plume in an analogous manner to retardation of an organic
compound due to the sorption/desorption of the compound between aqueous and solid
phases. A replicate of this experiment was run and showed similar results.
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The final flushing stage of experiment 1 was run following the formation of the
dissolved oxygen plume. Dissolved oxygen concentrations were measured along the
centerline of the PAM at various times (Figure V.5). The retardation of dissolved
oxygen transport was determined from a center of mass analysis of the dissolved
oxygen plume and total water flux measurements. The dissolved oxygen plume was
retarded by 10.2 times the movement of the water. Given a retardation factor of 10.2
and H' = 32.6 for oxygen at T = 25 °C, equation 1 predicts a value of Vg/Vv, of 0.28
which corresponds to trapped gas filling 22% of the pore space and an effective porosity
of 0.31. The dissolved oxygen concentrations also show that the leading end of the
plume was more dispersed than the trailing end.

A mass balance of dissolved oxygen in the sand pack was calculated by
integrating dissolved oxygen concentration data from Figure V.5. This mass balance
showed a decrease in dissolved oxygen of 15% from 0 hours to 68 hours. There are a
number of reasons why the mass of dissolved oxygen along the centerline of the plume
could be decreasing. If the volume of trapped gas along the path of the plume increases,
this could cause more of the oxygen to be stored in the gas phase and would decrease
the mass of dissolved oxygen in the plume. An increase in the volume of the gas phase
by 5% could account for this loss of oxygen out of the aqueous phase. Microorganisms
in the PAM could be degrading the oxygen as seen in the initial flushing stage of the
experiment but degradation could only account for 2% of the loss if the rate is the same
as the first-order rate determined from the initial flushing stage of the experiment.
Transverse dispersion will cause a decrease in the dissolved oxygen concentrations
along the centerline of the plume as oxygen disperses transverse to the direction of flow
but transverse dispersion is small as will be seen in experiment 3. The decrease of
dissolved oxygen could also be due to a slow loss of oxygen gas out of the PAM.

Experiment Two

In the initial flushing stage, the dissolved oxygen in the PAM decreased from a
concentration of 8.0 mg/I, 1.05 meters downgradient from the inlet reservoir to 7.6
mg/1, 2.75 meters downgradient of the inlet reservoir. A first-order degradation
coefficient (X) of 0.0009/hr was calculated from this decrease in concentration.

The injection/extraction well pumping stage of the experiment showed how the
oxygen was distributed in a two-dimensional flow field with a smaller volume of
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trapped gas (Figure V.6). The dissolved oxygen plume was distributed further from the
injection well than in experiment 1 with a larger volume of trapped gas but the transport
of dissolved oxygen was still retarded by the small volume of trapped gas still in the
PAM. A replicate of this experiment was run and showed similar results.

The final flushing stage of the experiment was run following the formation of the
oxygen plume. As the plume moved downgradient, dissolved oxygen concentrations
were measured along the centerline of the PAM at various times (Figure V.7). The
transport of the oxygen plume was retarded by 3.6 times that of the water movement but
was faster than in experiment 1 which had a larger volume of trapped gas. A retardation
factor of 3.5 and H' = 32.6 for oxygen (at T = 25 °C) gives a Vg/V = 0.08. This
corresponds to trapped gas filling 7% of the pore space reducing the effective porosity to
0.36. The leading end of the plume may be slightly more dispersed than the trailing
end. A mass balance on the dissolved oxygen showed a decrease of 15% from 0 hours
to 43 hours.

Experiment Three

This experiment was performed to show the two-dimensional shape of the plume
as it moves through the PAM. In the initial flushing stage, the dissolved oxygen in the
PAM decreased from a concentration of 9.1 mg/1, 1.05 meters downgradient from the
inlet reservoir to 8.4 mg/l, 2.85 meters downgradient of the inlet reservoir. The first-
order degradation coefficient (2.) of 0.0005/hr was calculated from this decrease in
concentration.

The injection/extraction pumping stage of the experiment followed by the final
flushing stage shows how the two-dimensional shape of the dissolved oxygen plume
changes as it is transported through the PAM (Figures V.8 and V.9). The dissolved
oxygen plume was retarded by 8.0 times the water movement as determined from a
center of mass analysis of the dissolved oxygen concentrations along the centerline of
the plume and water flux measurements. After flushing the plume through the PAM, the
leading end of the plume was much more dispersed than the trailing end. It is possible
that a smaller volume of trapped gas bubbles on the leading end of the plume allowed the
transport of dissolved oxygen to increase. A mass balance on the dissolved oxygen
plume shows that the amount of oxygen dissolved in the aqueous phase increased 30%
from 0 hours to 45 hours which would also indicate a decreasing volume of trapped gas.
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In experiment 1 (Figure V.5), longitudinal dispersion was also greater on the leading
end of the plume than on the trailing end but the mass balance on the plume showed a
decrease in the amount of oxygen dissolved in the aqueous phase. Another possible
reason for this effect will be discussed below.

Modeling Results

The transport of dissolved oxygen in the PAM was numerically modeled to
determine how well the theoretical model matches the experimental results. The model
input parameters used in simulating the experimental results are in Table 1.

Experiment One

The transport of the bromide tracer in the injection/extraction well pumping stage
of the experiment was modeled. The input parameters to the model were determined
from the experimental conditions except for the dispersivity which was fitted to the
experimental results. The theoretical model of bromide transport with longitudinal
dispersivity of 0.30 cm and transverse dispersivity of 0.015 cm matches the
experimental results well (Figure V.10).

The transport of dissolved oxygen in the two-well injection/extraction pumping
stage of the experiment followed by the fmal flushing stage was modeled. The model
input parameters were determined from the experimental conditions except for the
dispersivity which was determined from modeling the bromide plume, the degradation
coefficient which was determined from experimental results and the retardation factor
which was initially determined from a center of mass analysis of the dissolved oxygen
concentration data but was then fitted in the model to better match the experimental
results. Because the shape of the dissolved oxygen plume was not symmetrical due to
greater dispersion on the leading end of the plume, the center of mass analysis may
slightly underestimate the retardation factor. When the longitudinal and transverse
dispersivity determined from the bromide model results (0.3 cm and 0.015 cm,
consecutively) were used, the theoretical model does not match the experimental results
very well (Figure V.11). However, if the longitudinal dispersivity is increased to 4.0
cm, the theoretical model matches the experimental results more closely (Figure V.12).
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The model does not account for the 15% loss of dissolved oxygen as calculated from the
experimental results nor does it account for the greater dispersion on the leading end of
the plume compared to the trailing end.

Experiment TWQ

The transport of dissolved oxygen was also modeled for the experiment where
the PAM contained a smaller volume of trapped gas. The model input parameters were
determined from the experimental conditions except for the dispersivity which was
determined from modeling the bromide plume and the degradation and retardation
coefficients which were determined from experimental results. The results also show
that when the dispersivity values are the same as determined from the bromide model
results (0.3 cm and 0.015 cm , consecutively), the theoretical model does not match the
experimental results very well (Figure V.13). If the longitudinal dispersivity is
increased to 3.0 cm, the theoretical model matches the experimental results more closely
(Figure V.14). The fit between the model and experimental results varies slightly for the
dissolved oxygen plots measured at different times which may be due to local variations
in the volume of trapped gas causing spatial variations in the retardation factor. The
model does not account for the 15% loss of dissolved oxygen as calculated from the
experimental results.

Analysis of Modeling Results

There are a number of possible reasons why the dispersion of dissolved oxygen
is greater than expected. Rate-limited mass transfer can increase the longitudinal
spreading of the solute plume (van Genuchten and Dalton, 1986; Roberts et al., 1987;
Valocchi, 1989; Chrysikopoulos et al., 1992). Rate-limited mass transfer can occur
when diffusion limits the rate of oxygen transfer between the mobile water and the
trapped gas bubbles. This would cause the dissolved oxygen to be in the water longer
during breakthrough and cause the oxygen to be in the trapped gas longer during elution
increasing the spreading of the plume compared to an equilibrium model.

Valocchi (1989) also showed that increased longitudinal spreading of a reactive
solute relative to the water movement can occur due to a negative correlation between a
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vertically varying pore water velocity and the retardation factor. For the case of a
dissolved gas, retardation is a function of the volume of trapped gas; the greater the
volume of trapped gas, the larger the retardation (Fry et al., 199x). However, the larger
the volume of trapped gas, the slower the pore water velocity due to decreases in the
hydraulic conductivity. Thus, if the trapped gas is spatially variable, the negative
correlation between the pore water velocity and retardation could cause the increased
dispersion. Trapped gas may be spatially variable on the microscale due to differences
in the size of the pore spaces in which gas can be trapped. Chrysikopoulos et al. (1992)
showed that a spatially variable retardation factor can also cause increased longitudinal
spreading. An effective dispersion coefficient can be calculated to incorporate these
effects into a linear equilibrium model.

Another reason for increased longitudinal spreading could be that the volume of
the trapped gas phase and thus the retardation factor may be changing with time. On the
leading end of the plume, as the highly oxygenated water comes into contact with the
trapped air bubbles, the oxygen dissolved in the water will partition into the trapped gas
and the nitrogen in the trapped gas will partition into the water in order to establish an
equilibrium between the concentrations in the gas and aqueous phases. But since the
Henry's Law constant for oxygen is less than for nitrogen, the rate of oxygen
partitioning from the water into the trapped gas phase may be greater than the rate at
which nitrogen will partition from the gas phase into the water. This would cause the
volume of the gas phase (and thus the retardation factor) to increase from the leading end
of the plume towards the center of the plume. The leading end of the plume would be
more dispersed than predicted by a constant retardation factor. On the trailing end of the
plume, when oxygen is in the trapped gas phase and nitrogen is in the water phase in
equilibrium with air, the volume of the gas phase may decrease. The rate of nitrogen
partitioning out of the water into the gas phase may be less than the rate of oxygen
partitioning out of the gas phase into the water because of the differences in the Henry's
Law constants. This would cause the volume of the gas phase to decrease from the
center of the plume out towards the trailing end of the plume. The trailing end of the
plume would be less dispersed than predicted by a constant retardation factor. The
experimental results show that the leading end of the dissolved oxygen plume is more
dispersed than the trailing end of the plume in all three experiments. The leading end of
the plume is more dispersed than predicted by the model with a constant retardation
factor and the dispersivity determined from the bromide model results. The trailing end
of the plume however was accurately predicted by the model using a constant retardation
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factor and the dispersivity from the bromide model results. The reasons for the
differences in dispersion between the experimental and theoretical model may be a
combination of the above reasons and will be investigated in future work.

Implications for In Situ Bioremediation

The transport of dissolved oxygen in an aquifer where a trapped gas phase is
present has been shown to be retarded due to the mass transfer of oxygen between the
aqueous and trapped gas phases. When designing ways to increase dissolved oxygen
concentrations in groundwater for in situ bioremediation, the presence of a trapped gas
phase should be considered. A trapped gas phase will affect the distribution of oxygen
around the injection well as well as the time it takes for the dissolved oxygen to be
transported through the aquifer relative to the water flow.

One of the difficulties of enhanced aerobic in situ bioremediation is mixing the
injected water (containing elevated dissolved oxygen concentrations) with the
contaminated groundwater. If the contaminants in an aquifer are mostly in the aqueous
phase and not sorbed to the solids and if the transport of dissolved oxygen is not
retarded, the efficiency of the mixing process can be low. The injected water to a large
extent simply displaces the contaminated groundwater. However, if either the transport
of the contaminant is retarded due to sorption onto the aquifer solids or the transport of
dissolved oxygen is retarded due to the presence of a trapped gas, the remediation
strategy can be designed to take advantage of the different rates of transport in order for
mixing to occur. For example, if the contaminant transport is slightly more retarded
than dissolved oxygen transport, dissolved oxygen should be introduced upgradient of
the contaminant plume allowing the dissolved oxygen plume to mix with the
contaminant as it flows through the contaminant plume. If dissolved oxygen transport is
more retarded than the contaminant plume, than the dissolved oxygen should be
introduced downgradient of the contaminant plume allowing the contaminant plume to
mix with the oxygen as it flows through the dissolved oxygen plume.

An alternative strategy for increasing dissolved oxygen concentrations in
groundwater for use in in situ bioremediation may be to create a trapped gas phase of
oxygen within the aquifer to be transferred to the groundwater with time. Even with
only a small volume of a trapped gas phase, alot more oxygen can be stored in the gas
phase than dissolved in water. A wall of trapped gas bubbles could be constructed so
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that as the contaminated groundwater flows through the bubble wall, the concentration
of oxygen increases due to mass transfer from the trapped gas into the groundwater.

A trapped gas phase should also be considered in field investigations of in situ
bioremediation when evaluating whether there is an active population of microorganisms
to degrade the contaminant of concern. Dissolved oxygen breakthrough curves should
be analyzed considering the possibility of retardation due to the presence of a trapped
gas phase as well as degradation due to microorganisms.
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Figure V.1 Schematic of the physical aquifer model.
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Figure V.2 Flowlines in the PAM during the two-well injection/extraction pumping
scheme computed using MOC.
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Figure V.3 Bromide concentrations (mg/1) in the PAM after the two-well
injection/extraction pumping stage of experiment 1. Injection
concentration was 42 mg/l.
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Figure V.4 Dissolved oxygen concentrations (mg/1) in the PAM following the two-
well injection/extraction pumping stage of experiment 1. Injection
concentration was 36 mg/l.
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Figure V.5 Dissolved oxygen concentrations along the centerline of the PAM during
the final flushing stage of experiment 1. Arrows show distance traveled
by water and dissolved oxygen after 19 hours. Computed retardation
factor equals 10.2.
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Figure V.6 Dissolved oxygen concentrations (mg/1) in the PAM following the two-
well injection/extraction pumping stage of experiment 2. Injection
concentration was 33 mg/l.
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Figure V.7 Dissolved oxygen concentrations along the centerline of the PAM during
the final flushing stage of experiment 2. Arrows show distance traveled
by water and dissolved oxygen after 19 hours. Computed retardation
factor equals 3.5.
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Dissolved oxygen concentrations (mg/1) in the PAM following the two-
well injection/extraction pumping stage of experiment 3. Injection
concentration was 36 mg/l.
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Figure V.9 Dissolved oxygen concentrations (mg/I) in the PAM during the final
flushing stage of experiment 3. Dissolved oxygen was measured at 45
hours after the flushing began.
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Figure V.10 Numerical modeling versus experimental results of the transport of
bromide (mg/1) as a tracer of the water flow during the two-well
injection/extraction pumping stage of experiment 1.
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Figure V.11 Numerical modeling versus experimental results of the transport of the
dissolved oxygen plume along the centerline of the PAM in experiment 1
with longitudinal dispersivity equal to 0.3 cm.
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Figure V.12 Numerical modeling versus experimental results of the transport of the
dissolved oxygen plume along the centerline of the PAM in experiment 1
with longitudinal dispersivity increased to 4.0 cm.
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Figure V.13 Numerical modeling versus experimental results of the transport of the
dissolved oxygen plume along the centerline of the PAM in experiment 2
with longitudinal dispersivity equal to 0.3 cm.
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Figure V.14 Numerical modeling versus experimental results of the transport of the
dissolved oxygen plume along the centerline of the PAM in experiment 2
with longitudinal dispersivity increased to 3.0 cm.
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Table V.1. Model input parameters for simulating experimental results

Parameter

Grid size
# in x
# in y

cell width - x (cm)
cell width y (cm)

duration of
experiment (hrs)

injection/extraction
pumping rates
(ml/min)

injection
concentration (mg/1)

hydraulic
gradient

hydraulic
conductivity (m/hr)

porosity

aquifer
thickness (cm)

retardation

longitudinal
dispersivity (cm)

transverse
dispersivity

decay (1/hr)

mass balance
error (%)

Experiment 1 Experiment 2

Injection/
Extraction

Stage
Dissolved.

Bromide Oxygen

Final
Flushing

Stage
Dissolved

Oxygen

Injection/
Extraction

Stage
Dissolved
Oxygen

Final
Flushing
Stage
Dissolved
Oxygen

41 21 21 21 21
21 11 11 11 11

10 20 20 20 20
10 20 20 20 20

19, 19,
87 87 43, 68 87 43, 71

46.5 46.5 0 46.5 0

42 36 0 33 0

0 0 0.005 0 0.005

6.5 6.5 6.5 6.5 6.5

0.31 0.31 0.31 0.36 0.36

20 20 20 20 20

1.0 11.2* 11.2* 3.5 3.5

0.3, 0.3, 0.3, 0.3,
0.3* 4.0* 4.0* 3.0* 3.0*

0.015* 0.015 0.015 0.015 0.015

0.0 0.0003 0.0003 0.0009 0.0009

3.8 <3.0 <0.9 <1.1 <3.3

* fitted parameter
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