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 Disturbance, whether natural or of human origin, modifies to varying degrees 

many ecosystem attributes.  Fire is a natural process in the montane forests of southern 

Oregon but for much of the 20th century fire was viewed as an apocalypse and thus 

fervently suppressed.  Effective natural resource management requires an 

understanding of how ecosystems function, including the ecological response to the 

natural disturbance regime or anthropogenically altered conditions. 

 To describe the effects of natural fire and ecosystem changes with time 

following fire, I examined plant composition, structure, biomass and soil nitrogen 

using a chronosequence of sites ranging in age from 1 to >300 years.  The ecological 

importance of human activity is a function of the magnitude and permanence of its 

effects which were described at active and abandoned recreation sites. 

Stand-replacing fires killed virtually 100% of the overstory trees, consumed 

87% of the forest floor and resulted in a 27% loss in total aboveground biomass.  A 

pulse of mineralized nitrogen was still apparent 2 years following fire. 

 Two years following fire, little plant colonization was established.  The 

availability of local seed sources, particularly seedbanking species, appears to have 

been an important determinant of the early-successional community composition.  The 

developing community was dominated by nitrogen-fixing species which may play an 

important role in the post-fire nitrogen dynamics in these ecosystems.  Conifer 



 

seedling densities measured 667 individuals/ha 8 years following fire and 1714 

individuals/ha 24 years after fire. 

Extended tree maturation and variation in composition characterized the forest 

structure and composition during secondary succession.  Total aboveground biomass 

remained high and accumulation followed a general U-shaped curve. 

Recreational use resulted in a reduction in tree density and biomass at all active 

sites.  The greatest reductions occurred at sites set in late-successional forests.  

Compositional change was also greatest at sites established in late-successional forest 

with increased dominance of lodgepole pine and graminoids.  Within 40 years the 

abandoned, mid-successional sites had recovered from most of the recreational 

impacts; however 40 years was not sufficient for late-successional forest recovery.  

These results suggest that the stage of succession should be considered when assessing 

potential recreational impacts. 
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The Effects of Natural Fire and Recreational Disturbance on Montane Forest 
Ecosystem Composition, Structure and Nitrogen Dynamics, Crater Lake 

National Park, Oregon 
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Understanding of how ecosystems function, including the ecological response 

to the natural disturbance regime or anthropogenically altered conditions is critical for 

effective natural resource management in our national parks.  The National Park 

Service has been charged with preserving, while providing access, to the crown jewels 

of America’s natural world.  Disturbance whether natural or of human origin modifies 

to varying degrees many ecosystem attributes.  Studies of the natural disturbance 

regime, ecosystem changes with time following and between disturbances and the 

natural range of variability provide the basis for understanding the ecological impacts 

of recreation and other human stressors. 

Crater Lake National Park, the site of this study, was established as the 

nation’s fifth national park in 1902 (U. S. C. 1902).  The park system attempts to 

explain America’s history, interpret its culture, represent and preserve its varied 

ecosystems, and provide for the recreation of its people (Dilsalver 1994).  Protected 

areas were nothing new, game preserves have been established for centuries in the 

United States, Europe and elsewhere (Wright and Lemmons 1996). But the modern 

standard for parks was established with the U. S. National Park system and the result 

has been called “the best idea America ever had” (Dilsalver 1994).  Officially it all 

began with the founding of Yellowstone National Park in 1872 (U. S. C. 1872).  The 

establishment of the National Park Service with the Organic Act in 1916 (U. S. C. 

1916) provided a management framework for the parks. 

Crater Lake had a long history of visitation and use even before establishment 

of national park status.  Known to local native peoples, including the Maklaks 

(Klamath people), the lake was considered a “High Place and sacred to the tribe”, 

however visits there were rare (Lapham, 1931).  John W. Hillman’s party is credited 

with the first authenticated visit by Euro-Americans to Crater Lake in 1853 (Place and 

Place 1974).  Following construction of the first road approaching from Fort Klamath, 

Crater Lake became a local tourist attraction in the mid 1870’s, and visitation was 

steady by the 1890’s (Unrau, 1988).  Annual visitation of just over 10, 000 in 1916, 

the year of National Park Service establishment, surpassed half a million by the early 

1960’s and has maintained that level since (Unrau 1988).  Thus, the  two Park Service 

mandates of preserving resources, and providing for the enjoyment of the same, were 
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seemingly at odds with one another as tourism management was emphasized during 

the 20th century (Sellers 1997). 

Recreation and park management always results in ecological impacts to some 

degree.  Research on recreational disturbance of the land has generally been limited to 

recognizing localized effects of high-use sites in reducing one or more structural or 

community attributes such as overstory trees (James et al. 1979, Cole 1982), 

understory vegetation cover (LaPage 1967) and litter quantity (Frissell and Duncan 

1965, Cole and Fichtler 1983).  Recreational activities were recognized to be spatially 

variable (Bratton et al. 1978) and disturbance impacts were recognized to be 

gradational, including inter-site and buffer zones surrounding the high impact sites 

(McEwen and Tocher 1976, Stohlgren and Parsons 1986).  In addition to the physical 

impacts to density and cover, changes in species composition and dominance due to 

recreational disturbance have also been recognized (James et al. 1979, Cole 1995, 

Marion and Cole 1996).  Finally the range of impacts to the soil ecosystem and its 

connectivity to aboveground components is just being explored (Marion and Cole 

1996, Zabinski and Gannon 1997). 

Ecosystem recovery from recreational impact, its resilience, particularly long-

term resilience, is less well understood. At King’s Canyon National Park, in 

California, the forest floor and woody fuels at closed campsites had not recovered 

after 15 years (Parsons and DeBenedetti 1979).  Most studies though, have focused on 

short term results (1 to 5 years) at small sites immediately following the cessation of 

activity (Cole 1995).  Natural recovery of ground cover and soils from impacts has 

been found to be both rapid (Marion and Cole 1996) and slow (Cole and Ranz 1983) 

depending on site growing conditions.  Recovery rates also varied within sites due to 

spatially variable impacts (Stohlgren and Parsons 1986).  Few of these studies have 

examined broader impact zones surrounding central, high impact sites, and none have 

addressed overall forest composition, structure and biomass recovery. 

Many attributes of ecosystems such as composition, structure and function, 

will also be modified to varying degrees by natural disturbance.  Wildland fire is an 

important component of the forests of North America (Ahlgren and Ahlgren 1960, 

Agee 1993) and historically is the primary natural disturbance at the stand scale and 
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above in the forests of southwestern Oregon (Franklin and Dyrness 1973).  The 

ecological importance of wildland fire lies in its direct or indirect influence on almost 

every component of the ecosystem at a large spatial scale.   

The natural fire regime of Shasta red fir dominated forests is characterized by 

fire frequencies and intensities intermediate to those of other Pacific Northwest forests 

(Agee 1993).  However, fire is not a uniform process, and variation in timing, extent 

and frequency of fires produce dramatically different effects and legacies.  Fires in 

these forests are of variable intensity resulting in a patchwork of low-, moderate- and 

high-severity impacts on the biota (Pitcher 1987, Chappell 1991).   

Along with the most obvious effects, vegetation mortality and biomass 

consumption, fire also alters immediate and subsequent physical, chemical and 

biological properties of the soil (Dunn and DeBano 1977, Raison 1979, DeBano et al. 

1979, Dyrness et al. 1989) which are important modulators of ecosystem processes. 

Nitrogen is the most easily volatized nutrient during wildfire and ecosystem nitrogen 

losses are potentially higher in more mature forests with greater live biomass and 

forest floor accumulation, particularly with intense fires (McNabb and Cromack 

1990).  These factors, individually or in combination, can result in altered site 

conditions, favoring certain species during recolonization. 

Landscape level disturbances play critical roles, first through immediate 

affects, and then at long temporal scales interacting with the physical characteristics of 

the land and biota to influence the direction of forest community succession and 

structural development (White and Pickett 1985).  Disturbance such as wildland fire, 

particularly stand-replacing fire opens previously occupied space for recolonization.  

During secondary succession forest stands may follow multiple trajectories depending 

in part on many aspects of the disturbance event such as severity, timing, and size 

(Cattelino et al. 1979, White and Pickett 1985).   

Models of secondary succession have evolved from Clements (1916) early 

views of orderly, progression of “organic communities” to a predictable climax.  

Clements views were largely rejected in later models that recognized the importance 

of individual plant processes and environmental variables (Gleason 1926, Whittaker 

1953).  Egler (1954) determined that seral community progression was neither fixed 
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nor predictable.  His initial floristic composition model included chance (dispersal) 

and differential growth rates resulting in shifting community dominance.  More 

recently the disturbance regime itself was recognized to be a natural ecosystem 

process (White 1979).  Recolonization following fire can follow multiple pathways 

(Cattelino et al. 1979), and at any particular site, patterns of forest development have a 

deterministic component founded in life history traits of available species and a 

stochastic component reflecting site history and variation in disturbance (Halpern 

1989).   

The compositional and structural development of forests in the Pacific 

Northwest, including red fir-hemlock forests, has been the subject of much research 

(Cromack 1981, Means 1982, Stewart 1986, Pitcher 1987, Schoonmaker and McKee 

1988, Halpern and Franklin 1990, Taylor and Halpern 1991, Spies and Franklin 1996, 

Franklin et al. 2002).  However, most studies to date have been limited in the scope of 

ecosystem properties examined and the length of time following fire examined.   

Shortly after the establishment of the National Park Service fire suppression 

became the norm in managing the natural landscape during decades of rapidly 

expanding tourist visitation.  Forest management practices, such as fire suppression, 

can have unintended and detrimental effects on ecosystem properties including the 

modification and simplification of forest structure (Vale 1977, Vankat and Major 

1978, Bonnicksen and Stone 1982), lowering of community diversity (Loucks 1970, 

Taylor 1973) and the alteration of nutrient cycles (MacKenzie et al. 2005).  Changes 

associated with the interruption of the natural disturbance regimes are primarily 

associated with the loss of seral stages (younger stands) of forest communities and the 

creation of more uniform later successional landscapes (Loucks 1970, Keane et al. 

2002). 

Fire policy in the National Parks has evolved to address these concerns 

beginning with the recommendations of the 1963 Leopold Report (Leopold et al. 

1963) that declared that natural fires are recognized as natural phenomena contributing 

to the perpetuation of native species.  The Leopold report further stated that prescribed 

burning may be employed as a substitute for natural fire.  With management 

recognition of fire as an integral ecological process and the need to reverse fire 
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suppression effects; natural and prescribed fires were incorporated into Park land 

management programs (Kilgore 1976).  The evolution of Park Service fire 

management policy has continued and many western parks, including Crater Lake, 

now regard the inclusion of the natural fire regime as an integral consideration for the 

restoration and preservation of natural resources (NPS 2001a, NPS 2001b). 

In the following chapters I will examine the effects of natural fire and human 

recreational disturbance on forest ecosystems at Crater Lake National Park by looking 

at changes in aboveground composition, structure and biomass, and soil nitrogen 

dynamics.  I will examine the immediate effects of natural fire and changes with time 

during secondary succession.  I will examine ongoing effects of active recreational 

disturbance and changes following site abandonment. 

The forests of Crater Lake National Park are ideal to study these disturbance 

effects, juxtaposing active and abandoned recreational sites, recent natural fire sites, 

and relatively undisturbed forests that have never been logged.  Crater Lake National 

Park encompasses approximately 645 square kilometers surrounding the collapsed 

caldera of Mount Mazama at the southern end of the high Cascades physiographic 

province (Figure 1.1). The elevation in the Park ranges 1220 m to 2720 m at the 

summit of Mount Scott.  The Park encompasses ponderosa pine (Pinus ponderosa) 

and mixed conifer (or Abies concolor variant) forests at its lowest elevations, Shasta 

red fir (Abies magnifica var. shastensis), mountain hemlock (Tsuga mertensiana) and 

lodgepole pine (Pinus contorta) dominated forests at middle to upper elevations 

transitioning to white bark pine (Pinus albicaulis) and subalpine fields at the highest 

elevations. 

The study sites, which range in elevation from 1650 to 2160 meters, are 

predominantly located in upper montane Shasta red fir Zone (Franklin and Dyrness 

1973) and are dominated by mountain hemlock and Shasta red fir (Franklin 1964). 

The rigorous environment characteristic of cold, high elevation, Cascades Range 

forests contributes to their low understory diversity (Zobel et al. 1976).   

The forests of Crater Lake National Park are established on immature soils 

developed from the pre-Mazama lavas, Mazama lavas, and glowing avalanche 

deposits ejected during the culminating eruption of Mount Mazama (Williams 1942,  
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Figure 1.1.  Map of Oregon and the location of Crater Lake National Park in Klamath 
County. 
 

Harris 2005) approximately 7700 years ago (Bacon et al. 1997).  The parent material 

was predominantly volcanic ash, pumice and andesite fragments (Appendix A) 

(Natural Resources Conservation Service 2002).  

Crater Lake’s climate described by Sternes (1963) “has a very definite winter 

rainfall climate. Approximately 70% of the annual total occurs during the five months, 

November through March; less than 6% in the three summer months, June through 

August.  Practically all of this winter precipitation occurs in the form of snow with 

depths of 100 to 200 inches an almost yearly occurrence at the Park Headquarters”.  

Annual snowfall averaged 524 inches between 1931 and 2005 (Table 1.1) and 

somewhat less (473 inches) during the course of this study.  The summers are very 

dry, though thunderstorms occasionally occur.  Daytime temperatures during the 
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winter months average only slightly above freezing and nightly minimums average 

between 17 and 20 oF (NOAA 2007).  Summer temperatures are moderate, only 

occasionally exceeding 85, but freezing temperatures can occur during any month of 

the year (Sternes 1963).  

 

Table 1.1.  Climate data for Crater Lake National Park Headquarters including years 
of study (2001-2003) (NOAA 2007). 
 
Period (year) 1931-2005  2001-2003 
 
Temperature oF (oC) 
   Annual Average 38.2   (3.4) 39.3  (4.1) 
   Highest Monthly Average (July) 55.1  (12.8) 57.7  (14.3) 
   Lowest Monthly Average (Jan/Dec) 25.7  (-3.5) 26.5  (-3.1) 
   Annual Average Maximum 48.7  (9.3) 50.4  (10.2) 
   Highest Monthly Average Maximum (Aug/July) 69.2  (20.7) 72.4  (22.4) 
   Annual Average Minimum 27.7  (-2.4) 28.5  (-1.9) 
   Lowest Monthly Average Minimum (Jan/Feb) 17.8  (-7.9) 17.6  (-8.0) 
Precipitation, Annual Average inches (cm) 66.3  (168) 51.2  (130) 
Snowfall, Annual Average inches (cm) 524  (1331) 473  (1201) 

 

Crater Lake National Park has adopted a “vital signs approach to natural 

resource monitoring” that identify “key ecological processes that collectively indicate 

ecosystem health” (NPS 2001c).  They include keystone habitats, species and 

processes such as nutrient cycling.  In addition, recognition that “increased 

recreational use of the Park has resulted in increased impacts to natural resources and 

ultimately, the recreational experience” the Park plans to implement strategies that 

“will identify the factors that are leading to the disturbance of resources and establish 

guidelines for short and long-term vegetation rehabilitation on a park-wide basis” 

(NPS 2001c).  This research is designed to help Park management obtain these goals 

by characterizing ecological effects of natural fire, ecosystem changes with time 

following fire thus providing the basis for understanding the ecological impacts of 

recreation and other human stressors. 
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Chapter 2 
 

Natural Fire Effects on and Successional Development of Community Structure 
and Composition in Montane Forests, Crater Lake National Park, Oregon 
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ABSTRACT 

 

Many attributes of ecosystems such as composition, structure and function, 

will be modified to varying degrees following natural disturbance and during 

secondary succession forest stands and may follow multiple trajectories.  In the Shasta 

red fir (Abies magnifica var. shastensis)-mountain hemlock (Tsuga mertensiana) 

forests of Crater Lake National Park in southern Oregon, I quantified changes in 

aboveground community structure and composition following stand-replacing wildfire 

and during secondary succession.  These changes were quantified in a chronosequence 

of sites ranging in age from 1 to >300 years of age. 

Stand-replacing fires killed virtually 100% of the overstory trees, eliminating 

canopy cover and opening space.  Two years following fire, little plant colonization 

was established.  The availability of local seed sources, particularly seedbanking 

species, appears to have been an important determinant of the early-successional 

community composition.  Species capable of long-distance wind dispersal comprised 

≤22% of the understory species and proportionally ≤3% of the total cover.  The 

developing community was dominated by nitrogen-fixing species.  The 8-year post-

fire site had 12% understory cover, of which broadleaf lupine (lupinus latifolius) 

comprised the highest proportion.  The 24-year post-fire site had 39% total cover and 

was dominated by snowbrush ceanothus (Ceanothus velutinus) and associated shrubs. 

Conifer seedling densities measured 667 individuals/ha 8 years following fire and 

1714 individuals/ha 24 years after fire.  Extended tree maturation and variation in 

composition characterized the developing forest structure and composition during 

secondary succession.  This study documents diverse early successional communities 

and multiple successional pathways following wildland fire and thus the importance of 

fire in maintaining landscape diversity in high elevation Shasta red fir-mountain 

hemlock forests. 
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INTRODUCTION 

 

 Many attributes of ecosystems such as composition, structure and function, 

will be modified to varying degrees following natural disturbance.  During secondary 

succession forest stands may follow multiple trajectories depending on many aspects 

of the disturbance event such as severity, timing, and size (Cattelino et al. 1979, White 

and Pickett 1985).  Landscape level disturbances, as an interactive factor, play critical 

roles, first through immediate affects, and then at long temporal scales interacting with 

the physical characteristics of the land and biota to influence the direction of forest 

community succession and structural development (White and Pickett 1985).  

Wildland fire is an important component of the forests of North America (Ahlgren and 

Ahlgren 1960, Agee 1993) and is the primary natural disturbance acting at the stand 

scale and above in the forests of southwestern Oregon (Franklin and Dyrness 1973).   

 The National Park Service faces a complex task in its charge to preserve the 

natural resources of the lands under its management.  Effective natural resource 

management requires an understanding of how ecosystems function, including the 

ecological response to natural disturbance regimes or anthropogenically altered 

conditions.  For much of the 20th century fire was viewed as an apocalypse on the 

natural landscape and thus fervently and effectively suppressed in forests across the 

west (Kilgore 1971, Taylor 1973, Arno 1976, Vale 1977, Vankat and Major 1978, 

Kilgore 1981, Morrison and Swanson 1990) including Crater Lake National Park 

(Betts 1977).   

 Forest management practices, such as fire suppression, can have unintended 

and detrimental effects on ecosystem properties including the modification and 

simplification of forest structure (Vale 1977, Vankat and Major 1978, Bonnicksen and 

Stone 1982), lowering of community diversity (Loucks 1970, Taylor 1973) and the 

alteration of nutrient cycles (MacKenzie et al. 2005).  Changes associated with the 

interruption of the natural disturbance regimes are primarily associated with the loss of 

seral stages (younger stands) of forest communities and the creation of more uniform 

later successional landscapes (Loucks 1970, Keane et al. 2002). 
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Fire policy in the National Parks has evolved to address these concerns 

beginning with the recommendations of the 1963 Leopold Report (Leopold et al. 

1963) that declared that natural fires are recognized as natural phenomena contributing 

to the perpetuation of native species.  The Leopold report further stated that prescribed 

burning may be employed as a substitute for natural fire.  With management 

recognition of fire as an integral ecological process and the need to reverse fire 

suppression effects; natural and prescribed fires were incorporated into Park land 

management programs (Kilgore 1976).  The evolution of Park Service fire 

management policy has continued and many western parks now regard the inclusion 

of the natural fire regime as an integral consideration for the restoration and 

preservation of natural resources (NPS 2001a, NPS 2001b). 

Shasta red fir (Abies magnifica var. shastensis)-mountain hemlock (Tsuga 

mertensiana) forests are significant high elevation ecosystems of the southern 

Cascades and northern Sierra Nevada, and cover the largest area of the terrestrial 

landscape of Crater Lake National Park.  The natural fire regime of Shasta red fir 

dominated forests is characterized by fire frequencies and intensities intermediate to 

those of other Pacific Northwest forests (Agee 1993).  However, fire is not a uniform 

process, and variation in timing, extent and frequency of fires produce dramatically 

different effects and legacies.  Fires in these forests are of variable intensity resulting 

in a patchwork of low, moderate and high severity impacts on the biota (Pitcher 1987, 

Chappell 1991).   

The most accurate models of the effects of fire and forest development are 

likely to come from studies of natural stands.  The compositional and structural 

development of forests in the Pacific Northwest, including red fir-hemlock forests, has 

been the subject of much research (Cromack 1981, Means 1982, Stewart 1986, Pitcher 

1987, Schoonmaker and McKee 1988, Halpern and Franklin 1990, Taylor and Halpern 

1991, Spies and Franklin 1996, Franklin et al. 2002).  However, most studies to date 

have been limited in the scope of ecosystem properties examined and the length of 

time following fire examined.   

Studies of forest development following wildland fire are needed in these high 

elevation forests to better understand the ecological response to the natural fire regime, 
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assess the affects of past fire management, and provide information that would inform 

future management decisions.  The global objective of this study was to describe the 

effect of high-severity (>80% overstory mortality, i.e. stand-replacing) wildland fire 

on high montane Shasta red fir-mountain hemlock forests and to describe post-fire 

ecosystem succession.   Specific objectives were to characterize the effects of fire and 

fire legacy on aboveground plant composition and structure; to identify key plant 

species and functional groups associated with different stages of secondary 

succession; to identify stand structural development associated with different stages of 

secondary succession. 

 

METHODS 

 

STUDY APPROACH 

To provide a better understanding of how forest ecosystems are affected by, 

respond to, and develop with time following stand-replacing wildfire, a 

chronosequence approach was utilized in this study.  This approach substitutes space 

for time while keeping the remaining state variables unchanged to the greatest extent 

possible (Powers and Van Cleve 1989, Pickett 1989).  Forest structure and community 

composition were examined along an age sequence of sites that was comprised of sites 

recently burned by stand-replacing wildfire (1 to 24 years since fire), and sites that 

have progressed to mid (166 to 296 years) and late-successional (>300 years) forest 

stages.  Wildfire affects numerous aspects of the ecosystem; therefore a 

comprehensive array of ecosystem attributes was examined in this study.  Total 

aboveground biomass and fuels structure (including dead trees, downed wood and 

forest floor) is detailed in Chapter 3 of this dissertation. 

The structure and community composition of forests of varying ages along the 

chronosequence was determined through measurement of each major aboveground 

structural component of the sampled stand.  The community physical structure, or 

physiognomy, is concerned with the distribution and abundance of vegetation layers.  

Community floristics (species composition) measured in this study, concerns the 

distribution and abundance of the plant species. 
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STUDY AREA 

All study sites were selected within Crater Lake National Park, which 

encompasses 645 km2 surrounding the collapsed caldera of Mount Mazama at the 

southern end of the high Cascades physiographic province Oregon (Figure 2.1).  Sites 

were restricted to forests that were dominated by or would typically proceed to 

dominance by mountain hemlock and Shasta red fir.  Lodgepole pine (Pinus contorta 

var. latifolia), sub-alpine fir (Abies lasiocarpa) and western white pine (Pinus 

monticola) were common components of these forests. 

Three recently burned mid- to late-successional forest sites, with fires that 

occurred from 1 to 24 years prior to sampling, and with large, stand-replacing (high-

severity) burns were examined to describe short-term recent wildfire effects and 

responses in this forest type.  In the context of fire regimes in a forest ecosystem, high-

severity refers to >70% overstory mortality (Agee 1993).  The Goodbye Fire burned in 

1977, the Flying Fire in 1994, and the Border fire in 2001 (park records).  These sites 

were considered to be in the early stages of post-fire succession.  Mid and late-

successional sites were selected through examination of stand structure to complete a 

>300 year chronosequence (Table 2.1).  

Due to efficient wildfire suppression by the Park, a gap in forest stands at ages 

of 24 to 166 years existed.  Mid-successional sites refer to sites 166 to 296 years in 

age and that are in the biomass accumulation/competitive exclusion and maturation 

stages described by Franklin et al. (2002).  Late-successional sites refer to sites that 

are in the structural diversification and pioneer cohort loss stages of Franklin et al. 

(2002).  This latter stage is commonly referred to as old-growth forest (Oliver 1981). 

Ages of the three recent burn sites were obtained from park records.  Ages of the three 

mid-successional sites (Table 2.1) were determined by increment coring the largest 

trees at breast height and then adding the ages of cut seedlings of approximate breast 

height.  At least three of the largest trees at each site were cored.  Ring counts were 

performed on cut seedlings of approximate breast height of appropriate species at 

several open locations proximate to the Cold Spring, Mazama Village Late and 

Anderson Bluffs sites (Table 2.2).  Lodgepole pine seedlings were sampled in the
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Figure 2.1.  Location of study sites (by site age) in Crater Lake National Park, Oregon. 
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Table 2.1.  Stand ages when measured (years), relative successional status (early, mid and late), elevation (m) and solar radiationa of 
the sampled forests that comprise the chronosequence for this study in Shasta red fir-mountain hemlock forests, Crater Lake National 
Park.   
 
 Stand Successional   Solar 
Site (abbreviation) Age (years) Status Elevation (m) Radiationa 
 
Border Fire (BF) 1 early 1650 663 
Flying Fire (FF) 8 early 2090 690 
Goodbye Fire (GF) 24 early 2010 706 
Cold Spring adjacent (CSC) 166 mid 1770 673 
Crater Peak north (CP) 221 mid 2060 442 
Border Fire adjacent (BFC) 296 mid 1650 640 
Flying Fire adjacent (FFC) >300 late 2090 733 
Anderson Bluffs adjacent (ABC) >300 late 1950 670 
Mason’s Camp adjacent (MCC) >300 late 1890 658 
Mazama Village Late adjacent (MVLC) >300 late 1830 677 
Picnic Hill adjacent (PHC) >300 late 2160 656 
a Solar Radiation: Cal/sq.cm/day for June 22nd. Buffo et al. 1972.  Solar Radiation relates solar energy to a locations specific slope, aspect and latitude on a 
particular day of the year. 
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vicinity of the lodgepole pine dominated 166-year site.  Mountain hemlock and Shasta 

red fir seedlings were sampled and pooled from multiple locations (Table 2.2).   

The increment borer utilized was not sufficient to completely core the largest 

trees located at the late-successional forest sites.  However, several recently cut large 

trees (>100 cm dbh) were located in the vicinity of our study sites.  Ring counts were 

made from the stumps which were comparable in size to those of the largest trees of 

the late-successional forest sites.  In each case, trees >100 cm dbh were determined to 

be >300 years of age. 

 

Table 2.2.  Seedling ages (at dbh height) determined for the dominant tree species at 
sample sites adjacent to Anderson Bluffs (AB), Cold Spring (CS) and Mazama Village 
Late (MVL).  Ages are means (±1SE).  
 
Species Sampled Sites (years) n Age (years) 
 
Shasta red fir AB (>300), MVL (>300) 10 30 (1.3) 
Mountain hemlock CS (166), MVL (>300)   6 36 (1.3) 
Lodgepole pine CS (166)   5 38 (2.7) 

 

 As the latitude of the study areas were essentially the same, solar radiation 

(Table 2.1) reflects differences in aspect and slope among the research sites.  Slopes 

were generally low, ranging from 0 to 18 degrees.  Higher solar radiation values 

represent slopes with a more southerly aspect (i.e. Flying Fire, Goodbye Fire).  Only 

one site, Crater Peak (north), had a distinct northerly aspect. 

 

METHODS 

Plots and Transects 

In this paper, each sampled site is denoted as a “stand”, an area where the 

vegetation was treated as a unit for the purposes of description (Greig-Smith 1983).  

At each sampled site (Table 2.1), three macroplots 0.2 ha (20 x 100 m) in size, were 

established in which all measurements of structure and composition were made 

(Figure 2.2).  Large plots reduce edge effects, and rectangular plots also show lower 

variance than square plots (Greig-Smith 1983).  Previous studies in forests of the 

Pacific Northwest along with preliminary field investigation of the study sites 
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indicated this to be a suitable sample unit size for accurately characterizing the forest 

ecosystem (Agee and Huff 1987).   

Within each macroplot, a central, lengthwise baseline, 100 m in length, was 

established, from which nested subplots and transects originated in a modified 

systematic sampling design.  In complex communities containing several structural 

layers, such as forests, it is likely impossible to characterize the different layers on a 

common basis (Greig-Smith 1983).  Therefore, nested sampling transects and subplots 

appropriate to the size and distribution of the component to be measured were 

established in each macroplot.   

 
 

 
 
Figure 2.2.   Macroplot, subplot and transect design for sampling forest community 
composition and structure.  Species were identified and density, size and cover of 
forest strata were measured in the macroplot and nested subplots.  Trees >30 cm dbh 
were measured in the 20 x 100 m macroplot.  Trees 10-30 cm dbh were measured in 
the 10 x 50 subplot.  Small trees (<10 cm in diameter and >1.3 m in height) were 
measured in 2 x 10 m subplots (7 per macroplot).  Tree seedlings (<1.3 m in height) 
and shrubs were measured in 1 x 5 m subplots (7 per macroplot).  Herbaceous species 
were measured in 1 x 1 microplots (14 per macroplot). 
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Live Structural Components 

Trees: 

Due to complex structural relations, trees were partitioned into four strata 

(>30, 10-30 and <10 cm dbh, and <1.3 m height) which were measured in nested plots 

of appropriate size.  All trees sampled were identified to species and measured for 

diameter at 1.3 m height (dbh).   

Corresponding to the tree canopy, all trees >30 cm were measured in the entire 

20 x 100 m macroplot.  To measure sub-canopy trees (10-30 cm dbh), each macroplot 

was divided into four quarters, one of which was randomly selected for use as a 10 x 

50 m plot where all trees in this size class was measured.  Seven subplot origination 

points were established along the central baseline beginning at the 5 m mark and 

spaced at intervals of 15 m.  All subplots were distributed from these points using 

random azimuths (Figure 2.2).  Small trees (<10 cm in diameter and >1.3 m in height) 

were measured in 2 x 10 m subplots (seven per macroplot).  Tree seedlings (<1.3 m in 

height) were recorded in 1 x 5 meter subplots (seven per macroplot). Tree canopy 

cover as measured by the percent of 1 x 1 microplots (14 per macroplot) with canopy 

cover observed directly above. 

 

Understory: 

The subplots used to record tree seedlings were also used to record shrubs.  

Species and canopy cover of all shrubs were recorded in a 1 x 5 m subplot (seven per 

macroplot).  A 1 x 1 m microplot was located in each 1 x 5 m subplot.  An additional 1 

x 1 m microplot was placed 10 m along a line established from the origination point 

with an azimuth 180o from the original transect for a total of 14 microplots per 

macroplot.  Species and canopy cover of all herbaceous species were recorded in a 1 x 

1 m microplot (14 per macroplot).  Due to the sparse distribution of many understory 

species, the presence of all species was determined for each 20 x 100 m macroplot. 

The complexity of plants and the overlapping of adaptive strategies among 

species suggest that analysis of plant species by ecological function or guild is useful 

in interpreting ecosystem dynamics (Solbrig 1994, Korner 1994).  To allow for a more 

general examination of relationships between forms and function understory species 



 

 

26 

were categorized by functional group.  Since the grouping depends upon the aim, the 

functional groups defined here were expected to be relevant to post-fire community 

development.  Shifting life-form dominance during successional pathways from 

smaller, shorter-lived species to larger longer-lived species has been recognized for 

over a century (Cowles 1901).  Basic life-form categories have proven to be of great 

practical value (Korner 1994).  Basic life-form categories defined for this study were 

forbs, graminoids, carpeting carices and shrubs.  Herbaceous species were also 

categorized as annual or perennial.  In addition, since the life strategies of the “initial 

floristic composition” are important (Egler 1954), species were categorized based on 

dispersal/colonizing strategy, in particular long distance (wind) dispersal versus local 

origin (i.e. resprouting, soil seedbank and local transport). 

 

Analysis 

Ordination: 

 Ordination, non-metric multidimensional scaling (NMS) (Kruskal 1964, 

Mather 1976) provided a graphical depiction of herb-shrub community relationships 

and environmental variables along the temporal gradient of site age.  Species average 

site cover was the community measure used in the analysis.  To reduce noise from 

very infrequent species, those with fewer than two microplot occurrences (<5% 

frequency) were removed from the matrices.  The species cover matrix contained 35 

species.  The environmental matrix consisted of the variables; site age, elevation, and 

solar radiation (Table 2.1).   

The species matrix was left unrelativized since the question focused on 

absolute abundances rather than relative abundances, with an emphasis on dominant 

species as opposed to equally weighted species.  The data matrix was profiled by 

examining descriptive statistics for the purpose of suggesting data transformations.  

Plots were examined for potential outliers via a frequency distribution of average 

Sørensen distance between each plot and all other plots in species space.  No outliers 

were found (> 2.0 standard deviations larger than these averages). 

Sørensen distances were used to express community dissimilarity.  The slow-

and thorough autopilot mode of NMS in PC-ORD (McCune and Mefford 1999) used 
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the best of 40 runs with the real data along with 50 runs with randomized data for a 

Monte Carlo test of significance.  Random starting configurations were used with a 

maximum of 400 iterations allowed.  The final solution (number of axes) was 

determined by reduction in stress and final instability.  Autopilot mode selects the 

number of dimensions beyond which additional dimensions provide only small 

reductions (<5.0 stress units, with a corresponding Monte Carlo test result of a small 

probability (p <.05) that a similar final stress could have been obtained by chance.  An 

instability value of <10-4 over the final 15 iterations was desired.   

NMS autopilot in PC-ORD selected a 3-dimensional solution.  The stress for 

the final solution 6.25, with values below 10.0 considered satisfactory for 

interpretation.  Interpretation of stress is not sensitive to sample size (I) or 

dimensionality of solution (D), as long as I>4D (Kruskal and Wish 1978), which it 

was for these results.  Total variation explained (r2) was 63.9%, with axis 2 explaining 

30.9% of the variation, followed by axis 3 explaining 23%. 

Non-metric multidimensional scaling ordinates sample units in species space 

according to similarity in species composition.  Environmental variables were 

superimposed on the resulting ordination using a joint plot, based on the correlations 

of those variables with the axes of the community ordination (McCune and Mefford 

1999).  Relative significance of relationships to each axis was indicated by the length 

and direction of lines that represent individual variables and species. 

 

Statistics: 

Tests of significant differences between paired recently burned and unburned 

sites were conducted with the Wilcoxon rank-sum test with the level of significant 

difference set at 0.10.  Statistical analysis for significant differences between 

chronosequence sites was performed using ANOVA (F-protected Fishers LSD).  The 

significance level was set at 0.10.  
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RESULTS 

 

HIGH-SEVERITY FIRE EFFECTS 

 The sampled stands that underwent stand-replacing fires had a near 100% 

mortality of all trees.  The combustion factor of the forest floor was 86% (Chapter 3), 

leaving bare mineral soil exposed on the majority of the burn site.  Though typically 

depauperate, the forest understory (herbaceous and shrubs) at the 1-year post-fire 

paired site (296-year site) created 30% coverage (Table 2.3).  Still, only small 

understory patches (<1% cover) survived the severe fire. The amount of understory 

cover 1-year post-fire was not all that different from a majority of late-successional 

sites (Table 2.6). 

 

Table 2.3.  Species richness, and percent cover for the understory growth forms; forb, 
graminoid, and shrub, and for the total understory community at the 1-year old 
wildland fire site and an adjacent 296-year forest site, and at the 8-year old wildland 
fire site and an adjacent >300 year forest.  Percent cover of dominant, carpeting 
carices, Ross’ sedge (Carex rosii) and smooth woodrush (Luzula hitchcockii) is 
presented separately.  Values are means (±1SE).  Paired comparison (n=3) p-values 
(2-sided) are from the Wilcoxon rank-sum test. 
 
Site 1-year Unburned P-value 8-year Unburned P-value 
 
Forb  
     Richness 2.7 (0.9) 2.0 (0) 0.19 13.7 (2.3) 7.3 (1.9) 0.08 
     Cover (%) <0.1 (<0.1) 1.9 (0.4) 0.08 10.0 (2.3) 0.2 (0.1) 0.08 
 
Graminoid 
     Richness 0.3 (0.3) 0.7 (0.3) 0.66 5.7 (0.3) 2.0 (0) 0.08 
     Cover (%) <0.1 (<0.1) <0.1 (<0.1) 0.66 2.1 (1.0) <0.1 (<0.1) 0.08 
  
Carpeting Carices 
     Cover  (%) 0.3 (0.2) 0.1 (0.1) 0.51 0.1 (0.1) 0.2 (0.1) 0.51 
 
Shrubs 
     Richness 1.7 (0.3) 2.7 (0.3) 0.51 2.7 (1.2) 0.0 (0) 0.08 
     Cover (%) <0.1 (<0.1) 28.3 (3.8) 0.08 <0.1 (<0.1) 0.0 (0) 0.08 
 
Total Understory 
     Richness 5.7 (0.3) 6.0 (1.0) 0.66 23 (3.2) 10 (1.9) 0.08 
     Cover (%) 0.3 (0.1) 30.3 (3.5) 0.08 12.2 (2.1) 0.4 (0.2) 0.08 
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EARLY SUCCESSION 

Early succession was characterized by a shift from resprouting (survivor) understory 

species immediately following fire to colonizing and seedbanking species within the 

first decade.  Resprouting species accounted for the majority of understory species 

present one year post-fire.  Of the seven understory species present at the adjacent, 

unburned 296-year site, five (71%) were present at the 1-year site (Figure 2.3).  Site 

richness 1-year post-fire was very low as few colonizing species had established.  

Colonizing species (four) comprised 44% of the total understory (nine species) 1-year 

post-fire (Figure 2.3).  The cover was extremely sparse and patches of surviving Ross’ 

sedge (Carex rossii) produced the only measurable cover.  Conifer seedlings were not 

present one year following fire, nor were any present in a follow-up visit the next year 

(two years after fire).   
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Figure 2.3.  Resprouting and colonizing understory species richness at the 1- and 8-
year old wildland fire sites compared to the understory species richness at paired 
adjacent unburned (Unburned) sites (296 years old and >300 years old respectively).  
Resprouting species are those present at the burn site and also present vegetatively at 
the paired adjacent unburned site.  Colonizing/seedbanking species are those present at 
the burn site and not present vegetatively at the adjacent unburned site and thus arose 
from the soil seedbank or were dispersed to the site.   
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 The story was entirely different 8 years post-fire where the developing 

understory, which had more substantial coverage (12%), dominated by colonizing and 

seedbanking species.  Whereas the portion (64%) of species that resprouted (9 of the 

14 recorded at the unburned adjacent site) was comparable to the 1-year post-fire site, 

the total richness (25) of colonizing and seedbank species was considerably greater 

(Figure 2.3).  This greater richness of colonizing and seedbanking species comprised 

74% (34 of 43) of the understory species eight years post-fire. 

Less than 15% of the species present likely originated from offsite sources 

(Table 2.4) because few had physiological characteristics suitable for long distance 

wind dispersal, such as very small seeds combined with pappas.  Furthermore, the 

cover (<0.3%) generated by wind dispersed species was extremely sparse (Table 2.4).  

The two dominant cover species at the 8-year site, broadleaf lupine (Lupinus latifolius) 

and spreading groundsmoke (Gayophytum diffusum), that produced two-thirds of the 

total cover (12%), were likely species that originated form the soil seedbank.   

 

Table 2.4.  Understory richness and cover (%) of herbaceous annuals and long 
distance (wind) dispersers for the chronosequence of sites. 
 
Site Age (years) 1 8 24 166 221 296 >300 
 
Wind Dispersed Species 
     Richness 2 7 5 2 0 0 1 
     Relative Richness (% of Understory) 22 21 17 18 0 0 7 
     Cover (%) <0.1 0.4 0.3 <0.1 0 0 <0.1 
     Relative Cover (% of Understory) <1 3 1 <1 0 0 <1 
 
Annual Species 
     Richness 0 3 2 0 0 0 1 
     Relative Richness (% of Understory) 0 9 7 0 0 0 7 
     Cover (%) 0 2.3 <0.1 0 0 0 <0.1 
     Relative Cover (% of Understory) 0 19 <1 0 0 0 <1 

 

Perennial understory species dominated early succession as only three annual 

species, comprising <10% of the understory richness, colonized these sites (Table 

2.4).  Spreading groundsmoke was the only annual to generate significant cover 

(2.3%), and then only at the 8-year site.  All of these species were native. 

 Conifer seedling regeneration was extended over a period of decades on these 

severely burned sites.  The density of seedlings was 2.5-fold greater at the 24-year site  
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Table 2.5.  Density (individuals/ha) by species of conifer seedlings (<1.3 m in height) and conifer saplings (>1.3 m in height and <10 
cm dbh) for the chronosequence of sites (n=3).  The >300-site is the paired late-successional site adjacent to the 8-year site.  P-values 
are from ANOVA (F-protected Fishers LSD).  The significance level was set at 0.10.  Sites with the same letter are not significantly 
different.  Values are also presented for all late-successional (all >300) sites (means ±1SE).  
 
Site Age (years) 1 8 24 166 221 296 >300 P-value All >300 
 
Seedlings (<1.3 m height) 
   Shasta red fir 0 476 (344) 1714 (1004) 135 (135) 190 (190) 15810 (2819) 1143 (1003)  1219 (390) 
   Mountain hemlock 0 191 (191) 0 6953 (2905) 1429 (495) 5524 (1904) 286 (286)  5695 (3440) 
   Lodgepole pine 0 0 0 1048 (666) 0 0 0  0 
   Sub-alpine fir 0 0 0 13770 (5398) 0 0 0  305 (305) 
   Western white pine 0 0 0 0 0 1238 (343) 0  0 
   Total 0a 667 (252)a 1714 (1004)a 21905 (6077)b 1619 (666)a 22572 (3878)b 1429 (1288)a <0.01 7219 (3781)  
 
Trees <10 cm dbh (>1.3 m) 
   Shasta red fir 0 0 333 (333) 71 (41) 0 714 (436) 214 (41)  124 (50) 
   Mountain hemlock 0 0 0 928 (214) 0 976 (561) 143 (109)  152 (29) 
   Lodgepole pine 0 0 24 (24) 262 (156) 0 0 0  0 
   Sub-alpine fir 0 0 0 785 (366) 0 0 0  24 (24) 
   Western white pine 0 0 71 (71) 0 0 143 (41) 0  0 
   Total 0a 0a 428 (428)a 2047 (492)b 0a 1833 (1007)b 357 (143)a 0.02 300 (32)
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Table 2.6.  Plot and total site species richness, and plot cover for the understory growth forms; forb, graminoid, and shrub, and for the 
total understory community for the chronosequence of sites.  Plot richness is the mean (±1SE) of the number of species recorded in 
sampled macroplots (n=3 per site).  Site richness is the total number of species recorded in all 3 macroplots per site combined.  Plot 
cover of dominant, carpeting carices (Ross’ sedge, smooth woodrush) is presented separately.  The >300-site is the paired late-
successional site adjacent to the 8-year site.  Values are means (±1SE).  P-values are from ANOVA (F-protected Fishers LSD).  The 
significance level was set at 0.10.  Sites with the same letter are not significantly different.  Values are also presented for all late-
successional (all >300) sites (means ±1SE). 
 
Site Age (years) 1 8 24 166 221 296 >300  P-value All >300 
 
Forb  
     Plot Richness 2.7 (0.9)a 13.7 (2.3)b 11.3 (0.7)b 2.7 (1.2)a 2.7 (0.3)a 2.0 (0.0)a 7.3 (1.9)c <0.01 5.3 (0.9) 
     Site Richness 5 20 14 6 3 2 11  8.4 (1.6) 
     Cover (%) <0.1 (<0.1)a 10.0 (2.3)c 5.2 (1.2)c 3.2 (0.4)b <0.1 (<0.1)a 1.9 (0.4)b 0.2 (0.1)a <0.01 0.1 (<0.1) 
Graminoid 
     Plot Richness 0.3 (0.3)a 5.7 (0.3)c 4.3 (0.3)c 2.3 (0.3)b 0.0 (0.0)a 0.7 (0.3)a 2.0 (0.0)b <0.01 1.3 (0.7) 
     Site Richness 1 7 6 3 0 1 2  1.8 (0.9) 
     Cover (%) <0.1 (<0.1)a 2.1 (1.0)b 8.0 (1.4)c 0.2 (0.1)a 0.0 (0.0)a <0.1 (<0.1)a <0.1 (<0.1)a <0.01 <0.1 (<0.1) 
  
Carpeting Carices Cover 
     Ross’ sedge (%) 0.3 (0.2) <0.1 (<0.1) 0.1 (0.1) 4.7 (0.7) <0.1 (<0.1) 0.1 (0.1) 0.2 (0.1)  0.2 (<0.1) 
     Smooth woodrush (%) 0.0 (0.0) 0.1 (0.1) 0.0 (0.0) 0.0 (0.0) <0.1 (<0.1) 0.0 (0.0) 0.0 (0.0)  5.0 (4.4) 
     Total (%) 0.3 (0.2)a 0.1 (0.1)a 0.1 (0.1)a 4.7 (0.7)b <0.1 (<0.1)a 0.1 (0.1)a 0.2 (0.1)a <0.01 5.2 (4.4) 
 
Shrubs 
     Plot Richness 1.7 (0.3)bc 2.7 (1.2)c 6.3 (0.3)a 1.0 (0.0)bd 0.0 (0.0)d 2.3 (0.3)bc 0.0 (0.0)d <0.01 0.6 (0.2) 
     Site Richness 2 5 8 1 0 3 0  1.2 (0.5) 
     Cover (%) <0.1 (<0.1)a <0.1 (<0.1)a 26.7 (4.2)b 0.8 (0.7)a 0.0 (0.0)a 28.3 (3.8)b 0.0 (0.0)a <0.01 <0.1 (<0.1) 
 
Total Understory 
     Plot Richness 5.7 (0.3)a 23 (3.2)c 22.3 (1.2)c 7.0 (1.0)ab 4.7 (0.3)a 6.0 (1.0)a 10 (1.9)b <0.01 8.7 (1.6) 
     Site Richness 9 34 29 11 5 7 14  13 (2.7) 
     Cover (%) 0.3 (0.1)a 12.2 (2.1)b 39.9 (5.3)d 8.8 (1.1)b <0.1 (<0.1)a 30.3 (3.5)c 0.4 (0.2)a <0.01 5.3 (4.5)
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(1714 individuals/ha) relative to the 8-year site (666 individuals/ha) (Table 2.5).  

Seedlings were <2 m in height at the 24-year site.  Conifer seedling composition 

paralleled the overstory composition of the surrounding forest, and in the case of these 

two sites was dominated by Shasta red fir, though mountain hemlock seedlings were 

also present at the 8-year site.  

The most significant difference between the composition at the 24-year site 

and younger sites was the dominance of shrubs stimulated to germinate by fire, 

principally green-leaf manzanita (Arctostaphylos patula), snowbrush ceanothus 

(Ceanothus velutinus) and wax currant (Ribes cereum).  This compositional difference 

reflected a site difference in the seedbank and not a time since fire difference.  These 

shrub species are known to be prolific seedbanking species (Gratkowski 1962, 

Weatherspoon 1988, Keeley 1977, Steele and Geier-Hayes 1994) and were not present 

in the understory community of the surrounding unburned forests (personal 

observation).  Shrub species had a cover of ~27% and the total understory cover was 

~40% at the 24-year site. 

Understory richness between the 8- and 24-year sites was comparable (Table 

2.6) and the two sites shared 18 species, 53% of all those present at the 8-year site.  

The most apparent difference was the addition of five shrub species for a total of eight 

at the 24-year site.  Broadleaf lupine remained the dominant herbaceous species.  Forb 

cover at the 24-year site (5.2%) was half the forb cover at the 8-year site, whereas 

graminoid cover was 4-fold greater at the 24-year site (8%) compared to the 8-year 

site (Table 2.6).  Annuals comprised only 10% of the species richness 24-years post-

fire, and due to the shrub dominance only <1% of relative cover.   

 
Ordination 

Ordination, Nonmetric Multidimensional Scaling (NMS), was used to provide 

a graphical depiction of the understory community cover in relation to site age and the 

environmental variables of site elevation and daily solar radiation.  Axis 2 of the 

ordination, which explained the most variation in the plant community, was aligned 

positively with site age (time) (Figure 2.4).  The total variation explained (r2) by the  
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Figure 2.4.  Nonmetric Multidimensional Scaling (NMS) biplot (top) depicting 
ordination of sites based on understory community cover, and the relation to the 
environmental variables.  Axis 2 of the ordination, which explained the most variation 
in the plant community, was aligned positively with site age (time). Broadleaf lupines 
relationship to NMS axis 2 and 3 (bottom).  Axis 2 was the strongest axis.   The larger 
the triangle the stronger the association between broadleaf lupine and that particular 
site. 
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ordination was 64%, with axis 2 explaining 31% of the variation, followed by axis 3 

explaining 23%.  Broadleaf lupine was the species most strongly related to the 

strongest axis (axis 2).  Broadleaf lupine had a negative value and therefore was most 

strongly associated with the smaller values of the site age variable (i.e. early-

successional sites) (Figure 2.4).  

 

MID SUCCESSION 

Trees 

 The different forest structure and composition among the mid-successional 

sites further illustrates the potential different trajectories arising from the interactions 

of past disturbances, vegetation and abiotic site factors.  The size class distribution 

(Figure 2.5) at the 166-year site suggests a more or less continuous recruitment.  This 

site, which has not yet approached canopy closure, contained the highest density (553 

individuals/ha) of sub-canopy trees (10 to 30 cm dbh size class) in the chronosequence 

of sites (Table 2.7). Robust seedling and sapling regeneration has continued beneath 

an open canopy.  Lodgepole pine, a prolific colonizer where a seed source is available, 

dominated the overstory.  However, the composition of the current seedlings and 

saplings had shifted to shade tolerant mountain hemlock and sub-alpine fir (Table 2.5). 

The canopy dominants (<75 cm dbh) of the 221-year site were still smaller 

than those of late-successional sites.  Establishment conditions must have been 

particularly suitable to mountain hemlock since other species, principally Shasta red 

fir, are located in the vicinity but were almost non-existent in the stand in any size 

class.  Two trees, the largest a western white pine (101 cm dbh), were distinctly larger 

than the canopy dominants and likely represent survivors of the 221-year event.   

Conifer seedling density at the 221-year site (1619/ha) was considerably lower 

(Table 2.5) than the other mid-successional sites (>20,000/ha).  Suppressed seedlings 

and lack of trees 5 to 15 cm dbh (Table 2.5, Figure 2.5) were reflective of the low light 

conditions characteristic of a closed canopy forest.  The increased density at smaller 

size classes, due to continuous regeneration, readily apparent at the other two mid-

successional sites did not extend to the smallest size classes at the 221-year site  
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Figure 2.5.  The density of tree species (individuals/ha) distributed in dbh size classes 
for the 166-year (top), 221-year (middle) and 296-year (bottom) sites.  Dbh size 
classes are in 5 cm increments for all trees >10 cm dbh. 



 

 

37

Table 2.7.  Density (individuals/ha) and basal area (m2/ha) for 10 to 30 cm and >30 cm dbh size classes for the chronosequence of 
sites (n=3).  The >300-site is the paired late-successional site adjacent to the 8-year site.  Values are means (±1SE).  P-values are from 
ANOVA (F-protected Fishers LSD).  The significance level was set at 0.10.  Sites with the same letter are not significantly different.  
Values are also presented for all late-successional (all >300) sites (means ±1SE).  
 
Site Age (years) 1 8 24 166 221 296 >300 P-value All >300 
 
Trees 10-30 cm dbh 
   Density (Individuals/ha) 0.0 (0.0)a 0.0 (0.0)a 47 (47)ab 553 (84)d 133 (13)bc 214 (33)c 120 (23)bc <0.01 183 (36) 
   Basal Area (m2/ha) 0.0 (0.0)a 0.0 (0.0)a 1.2 (1.2)a 19 (2.9)d 6.0 (0.6)bc 6.7 (1.2)c 3.3 (1.0)ab <0.01 5.1 (0.9) 
 
Trees >30 cm dbh 
   Density (Individuals/ha) 1.7 (1.7)a 0.0 (0.0)a 3.3 (3.3)a 285 (13)d 386 (12)e 105 (8.0)b 160 (31)c <0.01 232 (29) 
   Basal Area (m2/ha) 0.4 (0.4)a 0.0 (0.0)a 0.1 (0.1)a 32 (0.4)c 60 (2.0)d 23 (0.4)b 61 (7.0)d <0.01 77 (8.0) 
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(Figure 2.5).  Even so, a wide range of size classes still occurred at this relatively 

protected, north slope site. 

The relatively low tree density and basal area (Table 2.7) at the 296-year site 

created an open canopy.  Therefore, the seedling size class (>20,000/ha) was 

inordinately large (Table 2.5) for a maturing stand.  The conifer seedling density 

indicated no impediment to conifer regeneration at this site.  The development of an 

open canopy at a site this age combined with dense regeneration may point to the 

affects of recurring, moderate disturbance(s). 

 

Understory 

 A reduction in understory community cover due to mid-successional canopy 

closure was dramatically demonstrated at the 166- and 221-year sites.  The 166-year 

site with its open canopy retained considerable understory coverage (9%), whereas 

understory cover at the closed canopy, 221-year site was quite low (<0.1%) (Table 

2.6). 

 The understory composition at the 166-year site reflected the transition from 

more open conditions.  Species common at the early-successional sites, such as 

broadleaf lupine and Ross’ sedge still dominated the understory.  However, species 

absent during early succession but common in later successional forests, such as 

grouse whortleberry (Vaccinium scoparium), prince’s-pine (Chimophila umbellata) 

and one-sided wintergreen (Pyrola secunda) were present at this successional stage.  

Annual species were entirely absent from this and other mid-successional sites. 

Understory species that relied on long-distance (wind) dispersal were absent. 

 The closed canopy 221-year site was the most species depauperate site of the 

chronosequence.  A total of five understory species (4.7 per plot) were present (Table 

2.6).  Graminoids were only represented by the mat-forming carices, Ross’ sedge and 

smooth woodrush. 

 As with the 166-year site, the somewhat open canopy of the 296-year site 

allowed for a mixed understory of both shade tolerant (prince’s pine, one-sided 

wintergreen) and open (Ross’ sedge, pinemat manzanita, Hall’s sedge) species.   

However, the understory at this site was dominated (30% cover) by a single shrub 
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species, grouse whortleberry.  While grouse whortleberry is widely common in high 

elevation, coniferous forests, it often achieves its greatest cover as a vigorous sprouter 

in the aftermath of low to moderate intensity wildfires (Johnson 1998). 

 

LATE SUCCESSION 

Trees 

 Late-successional sites (>300 years) were characterized by large overstory 

trees (>100 cm dbh) and a continuous range of smaller tree size classes from seedlings 

to sub-canopy forming a reverse J-shaped exponential curve (Figure 2.6).  The 

occurrence of an entire range of size classes produced complex vertical structure.  

Landscape level structural variability was apparent in the 2-fold range in overstory 

(>30 cm dbh) tree density (160 to 336 individuals/ha) and basal area (60 to 103 m2/ha) 

among the five late-successional study sites (Table 2.7).  The development of within 

site horizontal structural diversity was also apparent due to frequent canopy gaps and 

clumped regeneration.  Only 20% of the late-successional sites had canopy coverage 

>70%.  

A total of five tree species, Shasta red fir, mountain hemlock, sub-alpine fir, 

lodgepole pine and western white pine, occurred at the late-successional sites, with 

Shasta red fir and mountain hemlock sharing dominance on the sites (Figure 2.6).  On 

sites dominated by Shasta red fir in the largest size classes, mountain hemlock 

importance increased relative to Shasta red fir in the smaller size classes (Figure 2.6).  

At the two late-successional sites in which the largest size classes were dominated by 

mountain hemlock (not shown), the pattern of dominance generally repeated through 

lower strata. 

 

Understory 

 The spatial distribution of the late-successional understory could best be 

described as sparsely patchy.  Patches of high cover were due solely to presence of the 

mat-forming sedge, smooth woodrush.  For example, the site adjacent to Picnic Hill 

averaged 23% total cover (Table 2.6), almost entirely due to smooth woodrush.  Total  
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Figure 2.6.  The density of tree species (individuals/ha) distributed in dbh size classes 
for three late-successional (>300-year) sites, Flying Fire adjacent (top), Mazama 
Village Late adjacent (middle), and Mason’s Camp adjacent (bottom), with Shasta red 
fir dominating the largest size classes.  Dbh size classes are in 5 cm increments for all 
trees >10 cm dbh. 
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understory cover was <1.0% at the three sites lacking significant smooth woodrush 

cover.   

 Species richness was low, averaging 13 understory species per site, and varied 

nearly 4-fold, ranging from 6 to 22 species across late successional sites (Table 2.6).  

Composition likewise varied across the late-successional sites, reflecting the specific  

history and environmental conditions at each site.  Small, evergreen perennials, such 

as one-sided wintergreen, prince’s-pine and white-veined wintergreen (Pyrola picta) 

and saprofitic herbs, such as candystick (Allotropa virgata) and pinesap (Hypopitys 

monotropa) of the Ericaceae family typified the understory.  In addition, members of 

the Orchidaceae family, such as northwestern twayblade (Listera caurina) and spotted 

coral-root (Corallorhiza maculata), were found only at these late-successional sites.  

Light-adapted species (species common at early-successional sites), such as broadleaf 

lupine and flatseed rockcress (Arabis platysperma), were only present where canopy 

gaps developed.  Graminoid species were lower in richness compared to forbs at all 

sites.  Understory species that rely on long-distance (wind) dispersal were rare in late-

successional stands. 

 

DISCUSSION 

 

HIGH-SEVERITY FIRE EFFECTS 

Severe wildland fire had a dramatic effect on the structure and composition of 

the fir-hemlock ecosystem at Crater Lake National Park.  The fires were stand-

replacing, killing virtually 100 % of the overstory trees, eliminating canopy cover and 

opening space.  Comparison of the 1-year and 296-year sites and of the 8-year and 

>300 year sites suggest that advance conifer seedling regeneration was also entirely 

killed requiring re-establishment from seed sources.  Only small patches of understory 

shrub and herbaceous vegetation survived, even at locations that likely had 

considerable pre-fire cover. 

Fire also altered the soil environment and surface microclimate which in turn 

strongly influenced early successional dynamics.  For example, severe fire eliminated 
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>80% of the forest floor (Chapter 3 this dissertation) exposing a mineral soil seedbed.  

Fire also produced a pulse of plant available mineral-N (Chapter 4 this dissertation). 

 

EARLY SUCCESSION 

Tree regeneration at these sites was relatively slow compared to lower 

elevation forests in the years following high-severity wildland fire.  After two years, 

no conifer seedlings were observed at the Border Fire site and after eight years 666 

individuals/ha were measured at the Flying Fire site.  In contrast, 767 Douglas-fir 

seedlings/ha were measured two years after the Biscuit Fire in southwestern Oregon 

(Donato et al. 2006).  Seed availability did not appear to be a limiting factor as mature 

trees, which were present in the surrounding forest, produced heavy cone crops 

approximately every three years (Franklin et al. 1974).  Shasta red fir seedling pulses 

were recognized to occur at three to four year intervals at Crater Lake post-fire sites 

(Chappell 1991).  Pulses of first year seedlings in excess of 20,000/ha were also 

observed at two chronosequence sites (221-year Crater Peak and >300 year Flying 

Fire adjacent) during the course of this study.   

The rigorous environment of the Crater Lake sites following high-severity fire, 

including high elevation, recent volcanic soils and distinct southern exposure, may 

inhibit conifer establishment and slow early growth.  Despite the seedling pulses, 

Chappell (1991) noted delayed regeneration on high severity patches compared to 

moderate and low severity patches at Crater Lakes Goodbye Fire.  Extended and 

variable conifer establishment also were associated with higher severity burns and 

more rigorous site conditions in other studies of western, high elevation, conifer 

forests (Pitcher 1987, Taylor and Halpern 1991, Chappell and Agee 1996, Shatford et 

al. 2007).   

The results of this study suggest that conifer establishment following high-

severity fire in the high elevation forests at Crater Lake continues during the first few 

post fire decades and possibly longer.  Conifer seedling densities measured at the 24-

year site (1714 stems/ha) were more than 2-fold greater than those at the 8-year site 

despite competition from an extensive shrub field.  Natural regeneration at Crater Lake 

was comparable to natural regeneration measured in a recent study of nearby southern 
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Oregon and northern California forests (Shatford et al. 2007). They measured seedling 

densities in excess of 1000 stems/ha 9 to 19 years after high-severity wildland fire in 

high elevation, white fir (Abies concolor) forests. 

 The composition of the conifer regeneration generally mirrored the overstory 

composition of the surrounding unburned forest.  In contrast, the lodgepole 

domination at the 166-year site, which was positioned within fir-hemlock forest, 

underlies the importance of seed source availability.  Lodgepole pine is a prolific 

colonizer, where a seed source is available, often initiating a seral lodgepole pine stage 

during secondary succession following large-scale disturbance in these forests (Zeigler 

1978). 

 During the period of extended conifer seedling establishment, herbaceous and 

shrub vegetation colonized and dominated the sites.  Post fire understory cover was 

quite low (<1%), likely due to the severity of the fire and few adaptations of these 

species to survive high-severity fires.  In addition, understory cover was quite 

depauperate in mature fir-hemlock forests at Crater Lake.  In contrast, dominant, 

early-successional species were largely established within a few years post-fire in the 

northern Rocky Mountains (Lyon and Stickney 1976) and Oregon Cascades (Halpern 

1989).   

The availability of local seed sources appears to have been the most important 

determinant of the developing early-successional community composition and the 

between site diversity.  The life strategies of the “initial floristic composition” have 

been emphasized for their importance to the successional trajectory (Egler 1954).  Few 

of the colonizing species had physiological characteristics suitable for long distance 

wind dispersal, such as very small seeds combined with pappas.  Few of the early-

successional species were also present in the surrounding forest understory.  

Therefore, seedbank derived establishment was likely the most important mechanism 

for early-successional initiation at Crater Lake. 

The relative importance of long distance dispersal, local dispersal and the soil 

seedbank for post-fire colonization has been found to vary in previous studies of 

western forests.  Resprouting and on-site sources were also recognized as the primary 

means of post-fire establishment in the northern Rocky Mountains (Lyon and Stickney 
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1976) and Oregon Cascades (Halpern 1989).  In contrast, windblown dispersal was 

found to be an important factor following high-severity wildland fire in the northern 

Rocky Mountains (Stickney 1983) and Hells Canyon (Havlina 1995).   

The diversity of the dominant seral vegetation in this study was likely due to 

between site variations in the soil seedbank.  Many plant species are adapted to 

periodic fire via seedbanking in the soil, germination following seed scarification, 

exposure of a mineral soil seedbed and increased light conditions (Papavassiliou and 

Arianoutsou 1993).  Snowbrush ceanothus seed may be present in extremely large 

quantities and remain dormant in the soil for in excess of 100 years (Gratkowski 1962, 

Weatherspoon 1988).  Greenl-leaf manzanita (Keeley 1977) and wax currant (Steele 

and Geier-Hayes 1994) likewise produce long-lived seeds that are capable of surviving 

beneath developing forests until the next fire event. 

The shrub species, snowbrush ceanothus (Gratkowski 1962), currants (Crane 

and Fischer 1986) and manzanitas (Kauffman and Martin 1985), that dominated the 24 

year post-fire site, are capable of germinating following seed scarification by fire.  

While dominating this post-fire site within 10 years (Chappell 1991), shrubs were 

negligible components of the surrounding, undisturbed mature forests (Chappell 1991, 

personal observation).  In contrast, shrub cover was negligible at the 8-year site. 

In addition to sharing seedbanking qualities, dominant early-successional 

species, ceanothus (Youngberg and Wollum 1976), lupine (Hendricks and Boring 

1999) and possibly currants, also possess the ability to symbiotically fix nitrogen.  

Snowbrush ceanothus, which is particularly well-adapted to exposed conditions 

resulting from intense fire (Zavitkovski and Newton 1968), has been shown to fix 

upwards of 100 kg/ha/yr, increasing nitrogen in the litter and surface 23 cm of soil 

during 10 years following clearcut and slash burn (Youngberg and Wollum 1976).  

Broadleaf lupine, a legume, was the understory species most strongly associated with 

the early-successional end of the chronosequence at Crater Lake.  Nitrogen is critical 

for plant growth and with a low temperature of volatilization is lost in relatively large 

quantities during stand-replacing fires (Kauffman et al. 1992).  The recent volcanic 

soils of the Park are low in nitrogen (Kerle 1985, Chapter 4 this Dissertation), and the 

pulse of available nitrogen produced by wildland fire (Chapter 4) is short-lived, 



 

 

45 

generally lasting no more than two years (Dunn et al. 1979).  The developing 

community, dominated by nitrogen-fixing species and herbaceous vegetation, may 

play an important role during early succession by seasonally producing labile leaf and 

fine root litter (Hobbie 1992, Cornelissen 1996, Hendricks and Boring 1999) and 

replenishing ecosystem nitrogen lost to high-severity fire. 

 

MID SUCCESSION 

 Two conclusions, extended tree maturation and variation in community 

structure and composition, were apparent from description of the mid-successional 

sites (100-300 years).  Extended maturation of overstory dominants likely reflects the 

overall rigorous environment also observed at early-successional sites.  Variation and 

diversity in community structure and composition however, points to site specific 

differences in the factors of disturbance, weather following the fires, topography and 

species availability.  

The conifer establishment that began during early succession was apparently a 

continuous process as observed from the near continuous size class structure of the 

mid-successional sites.  The continuous regeneration, which resulted in a reverse J 

exponential size class structure (Means 1982, Pitcher 1987), was interrupted only at 

sites achieving canopy closure in this study.  Studies in other western forests that have 

a variable fire regime have also noted extended establishment (Means 1982, Pitcher 

1987, Shatford et al. 2007).  On the other hand, northern forests experiencing stand-

replacing fires at long fire return intervals tend to establish new cohorts over more 

compressed time periods (Heinselman 1981, Anderson et al. 2004). 

The extended cohort establishment and resulting open canopy allowed for the 

persistence of early successional understory species at certain mid-successional sites. 

As noted by Franklin et al. (2002), some sites never achieve canopy closure due to low 

productivity, low initial stem densities and frequent disturbances. 

Developing vegetation also interacts with disturbance legacy and site factors to 

influence successional trajectory.  For example, mountain hemlock and sub-alpine fir 

establishment was promoted under the developing lodgepole pine overstory at the 166-

year site whereas further, shade-intolerant lodgepole pine establishment was low.  
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Stewart (1986) found that the establishment of western hemlock (Tsuga heterophylla) 

and Pacific silver fir (Abies amabilis) seedlings were facilitated in the shade of 

Douglas-fir.  On the other hand, more protected sites, such as north slopes, suitable for 

early mountain hemlock establishment (Means 1990, Chappell and Agee 1996), 

developed directly to mountain hemlock dominance during mid succession.  The 

resulting site-to-site variation contributed to the landscape diversity promoted by the 

natural fire regime at Crater Lake. 

 

LATE SUCCESSION 

The forest stands >300 years in age exemplified many of the characteristics 

expected of late-successional conifer forests (Franklin et al. 2002), such as very large 

trees, large dead trees and large downed wood (chapter 3 this dissertation), canopy gap 

development associated with overstory mortality, and regeneration of overstory 

species in gaps.  The understory was dominated by shade intolerant species. 

  The late-successional research sites were also characterized by a continuous 

size class structure and an apparent lack of recent significant fire disturbance.  

Franklin and Waring (1980) cited three primary mechanisms in producing continuous 

age class structure in old growth Pacific Northwest forests, 1) gradual recolonization; 

2) competing vegetation; and 3) multiple subsequent disturbances.  These mechanisms 

operated variously at all stages of the chronosequence thus developing multiple 

successional pathways that in addition to producing continuous age class structure 

produced structural and compositional diversity.  For example, gradual recolonization 

was apparent at the two most recent post-fire sites.  Competing vegetation, in the form 

of shrub fields and lodgepole pine, was present at later sites, and recurring fire has 

been well documented, though at irregular intervals, in red fir forests (Pitcher 1987, 

Chappell 1991). 

 The lack of recognizable fire disturbance at the late-successional Shasta red fir-

mountain hemlock forest sites may reflect (or exceed) the historical variability in the 

Park documented by Chappell (1991) or it may point to recent effects of fire 

exclusion.  Fire exclusion was practiced in the Park for much of the 20th century and 
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only since the late 1970’s has fire been incorporated in management practices (Betts 

1977).   

The cascading effects of fire exclusion in western forests have become an 

increasingly important management issue (Keane et al. 2002, Peterson et al. 2006).  

Fire exclusion effects such as the loss of early-successional communities and 

decreased diversity (Taylor 1973, Martin and Sapsis 1992), increased fuel loads (Arno 

1976, Arno et al. 1995) and modification of forest structure (Bonnicksen and Stone 

1982, Mutch et. al. 1993) have been increasingly substantiated, particularly in forests 

with short fire return intervals.  However, landscapes with high fire regime variability 

tend to have the greatest landscape diversity (Romme 1992, Swanson et al. 1990, 

Brown et al.1994, Keane et al. 2002).   

The Shasta red fir-mountain hemlock forests of Crater Lake have a variable 

fire regime and this study documents diverse early-successional communities and 

multiple successional pathways following stand-replacing wildland fire and thus the 

importance of fire in maintaining landscape diversity in this high elevation ecosystem. 
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ABSTRACT 

 

Large-scale disturbance events such as wildland fire result in immediate, 

dramatic effects on ecosystem biomass, particularly when the fires are stand-replacing.  

These fires will also influence post-fire production, mortality and decomposition 

which are the processes that influence ecosystem biomass dynamics of forests during 

secondary succession.  In the Shasta red fir-mountain hemlock forests of Crater Lake 

National Park in southern Oregon, I quantified changes in aboveground forest biomass 

following stand-replacing wildfire and during secondary succession.  These changes 

were quantified on a chronosequence of sites ranging in age from 1 to >300 years of 

age. 

Stand-replacing wildland fires killed virtually 100% of the vegetation; 

converting live biomass to dead wood and in the process consumed 87% of the forest 

floor and resulted in a 27% loss in total aboveground biomass (TAGB).  The largest 

quantity of large downed wood (131 Mg/ha) occurred at the 24-year post-fire site due 

to the disintegration of standing dead trees.  Large downed wood plus large downed 

wood derived forest floor comprised 64% of the TAGB pool at the 24-year post-fire 

site compared to 9% at the 8-year post fire site.  Total aboveground biomass remained 

high and accumulation followed a general U-shaped curve.  At mid-successional sites 

(166-296 years of age) live tree biomass ranged from 174-370 Mg/ha, large downed 

wood biomass ranged from 23-59 Mg/ha and TAGB ranged from 387-597 Mg/ha.  At 

late successional sites (>300 years of age) live tree biomass ranged from 450-801 

Mg/ha, large downed wood biomass ranged from 20-68 Mg/ha and TAGB ranged 

from 661-1016 Mg/ha.  This study documents the changes in aboveground biomass 

pools due to high-severity wildland fire and during secondary succession including the 

important contribution of dead trees and downed wood to post-fire TAGB during tree 

biomass re-accumulation and their potential influence on ecosystem processes.   
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INTRODUCTION 

 

Large-scale disturbance events such as wildland fire result in immediate, 

dramatic effects on ecosystem biomass, particularly when the fires are stand-replacing.  

Stand-replacing wildland fires kill trees and other plants, convert live biomass to dead 

wood, and alter fuel loads.  These fires will also influence post fire production, 

mortality and decomposition which are the processes that influence ecosystem 

biomass dynamics of forests during secondary succession.  Following disturbances, 

the amount, structure, and dynamics of aboveground biomass pools are intimately tied 

to fundamental ecosystem processes influencing species composition, nutrient cycling, 

disturbance potential and wildlife use.  

A striking attribute of coniferous forests throughout the Pacific Northwest is 

their high quantities of aboveground biomass in late-successional forests (Franklin and 

Dyrness 1973, Franklin and Waring 1980, Kauffman et al. 1992) that is most evident 

in the growth and size of the trees (Long 1982).  The effects of landscape level 

disturbance on forest carbon pools and the subsequent changes through secondary 

succession have significant roles in the global carbon cycle. 

Wildland fire is the primary natural disturbance in forests of southwest Oregon 

(Franklin and Dyrness 1973, Agee 1993) and the natural fire regime of these forests is 

characterized by variable fire frequencies and intensities intermediate to those of other 

Pacific Northwest forests (Agee 1993).  High-severity (>70% overstory mortality, i.e. 

stand-replacing) burns on average constitute a significant area (23%) of wildland fires 

in the Shasta red fir forests of Crater Lake (Chappell 1991). 

National Park Service management philosophy with regards to wildland fire 

management has evolved since the original policy of complete suppression to protect 

the naturescape (Graber 1985, NPS 2001a, NPS 2001b).  The Leopold Report 

(Leopold et al. 1963) transformed National Park Service goals on natural resource 

management and recommended the reintroduction of fire into fire dependent 

communities.  Beginning in the late 1970’s, naturally ignited wildfires have 

occasionally been allowed to burn under close observation at Crater Lake National 
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Park (Betts 1977).  The evolution of Park Service fire management policy continues to 

this day (NPS 2001a, NPS 2001b). 

Lower elevation forests in the Pacific Northwest have been studied with 

respect to fire affects and post-disturbance changes in biomass and fuels (Grier 1976, 

Grier and Logan 1977, Agee and Huff 1987, Spies et al. 1988, Harcombe et al. 1990, 

Agee 1993, Acker et al. 2000).  However, few studies have been conducted in high 

elevation forests where fire regimes are quite different (Grier et al. 1981, Westman 

1987).  Very little is known of either the patterns of biomass loss (biomass combustion 

and subsequent decomposition of residual biomass following fire) or the patterns of 

biomass reaccumulation in high elevation forests of the Pacific Northwest.  Studies of 

forest development following wildfire are needed to better understand affects of past 

fire management and help assist future management decisions. 

Shasta red fir (Abies magnifica var. shastensis)-mountain hemlock (Tsuga 

mertensiana) forests are a significant high elevation ecosystem of the southern 

Cascades and northern Sierra Nevada, and cover the largest area of the terrestrial 

landscape of Crater Lake National Park. The high elevation Shasta red fir-mountain 

hemlock forests of Crater Lake grow in a climate characterized by a short growing 

season, heavy winter snowpack and recent volcanic soils.  Cold high elevation forests 

can accumulate substantial forest floor biomass due to slower decomposition (Attiwill 

and Adams 1993).   The natural fire regime of Shasta red fir dominated forests is 

characterized by fire frequencies and intensities intermediate to those of other Pacific 

Northwest forests (Agee 1993). 

The global objective of this study was to quantify post fire response following 

stand-replacing wildland fire in Shasta red fir-mountain hemlock forests of Crater 

Lake National Park.  Specifically I quantified the pattern of forest structure and 

biomass reaccumulation in the decades to centuries following stand-replacing fires 

using a chronosequence approach.  An improved understanding of forest structure, 

biomass and fuel loading changes during forest development following wildland fire 

will provide information beneficial for the future management of the montane forest 

ecosystems.   
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METHODS 

 

STUDY APPROACH 

To provide a better understanding of how forest ecosystems are affected by, 

respond to, and develop with time following stand-replacing wildland fire, a 

chronosequence approach was utilized in this study through substituting space for time 

while keeping the remaining state variables unchanged to the greatest extent possible 

(Powers and Van Cleve 1989, Pickett 1989).  Aboveground forest biomass and fuels 

distribution were examined along an age sequence of sites that was comprised of sites 

recently burned by stand-replacing wildland fire (1 to 24 years since fire), and sites 

that have progressed to mid (166 to 296 years) and late-successional (>300 years) 

forest stages.  Wildland fire affects numerous aspects of the ecosystem; therefore I 

examined a comprehensive array of ecosystem attributes; forest structure (fuels) and 

biomass were examined in this study and community composition and structure were 

detailed in Chapter 2 of this dissertation. 

The total aboveground biomass of forests of varying ages along the 

chronosequence was determined through measurement of each major aboveground 

structural component of the sampled forest stand.  From an ecosystem context, this 

included live and dead trees (divided into two strata), downed wood and the forest 

floor.  Except at the 24-year site, the herbaceous and shrub understory contributed 

minimal (<1%) biomass and were not included.  In this study, the vegetative 

community was the biota of interest and therefore the animal community was not 

included. 

 

STUDY AREA 

All study sites were located within Crater Lake National Park, which 

encompasses 645 km2 surrounding the collapsed caldera of Mount Mazama at the 

southern end of the high Cascades physiographic province Oregon (Figure 3.1).  Sites 

were restricted forests that were dominated by or would typically proceed to 

dominance by mountain hemlock (Tsuga mertensiana) and Shasta red fir (Abies 

magnifica var. shastensis).  Lodgepole pine (Pinus contorta), sub-alpine fir (Abies  
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Figure 3.1.  Location of study sites (by site age) in Crater Lake National Park, Oregon. 

 

lasiocarpa) and western white pine (Pinus monticola) were common components of 

these forests. 
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Three recently burned mid- to late-successional forest sites; with fires that 

occurred from one to 24 years prior to sampling, and with large, stand-replacing (high-

severity) burns were available to examine recent wildfire effects in these forests.  In 

the context of fire regimes in a forest ecosystem, high-severity refers to >70% 

overstory mortality (Agee 1993).  The Goodbye Fire burned in 1977, the Flying Fire  

in 1994, and the Border fire in 2001 (park records).  These sites were in the early stage 

of post-fire secondary succession.  The 8- and 24-year sites burned in late-successional 

stands, whereas the 1-year site burned in a younger (lower biomass) stand.  Since post-

fire biomass and fuels quantities are largely a carryover from pre-fire biomass levels, 

the 1-year site was not comparable in most regards to the other sites for evaluating 

biomass and fuel loading changes due to wildfire.  Mid- and late-successional sites 

were selected through examination of stand structure to complete a >300 year 

chronosequence (Table 3.1).   

Due to efficient wildfire suppression by the Park, a gap in forest stands at ages 

of 24 to 166 years existed.  Mid-successional sites refer to sites 166 to 296 years in 

age and that are in the biomass accumulation-competitive exclusion and maturation 

stages described by Franklin et al. (2002).  Late-successional sites refer to sites that 

are in the structural diversification and pioneer cohort loss stages of Franklin et al. 

(2002).  This latter stage is commonly referred to as old-growth forest (Oliver 1981). 

Ages of the three recent burn sites were obtained from park records.  Ages of 

the three mid-successional sites (Table 3.1) were determined by increment coring the 

largest trees at breast height and then adding the ages of cut seedlings of approximate 

breast height.  At least three of the largest trees at each site were cored.  Ring counts 

were performed on cut seedlings of approximate breast height of appropriate species at 

several open locations proximate to the Cold Spring, Mazama Village Late and 

Anderson Bluffs sites (Table 3.2).  Lodgepole pine seedlings were sampled in the 

vicinity of the lodgepole pine dominated 166-year site.  Mountain hemlock and Shasta 

red fir seedlings were sampled and pooled from multiple locations (Table 3.2).   

The increment borer utilized was not sufficient to completely core the largest 

trees located at the late-successional forest sites.  However, several recently cut large 

trees (>100 cm dbh) were located in the vicinity of our study sites.  Ring counts were 
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Table 3.1.  Stand ages when measured (years), relative successional status (early, mid and late), elevation (m) and solar radiationa of 
the sampled forests that comprise the chronosequence for this study in Shasta red fir-mountain hemlock forests, Crater Lake National 
Park.   
 
 Stand Successional   Solar 
Site (abbreviation) Age (years) Status Elevation (m) Radiationa 
 
Border Fire (BF) 1 early 1650 663 
Flying Fire (FF) 8 early 2090 690 
Goodbye Fire (GF) 24 early 2010 706 
Cold Spring adjacent (CSC) 166 mid 1770 673 
Crater Peak north (CP) 221 mid 2060 442 
Border Fire adjacent (BFC) 296 mid 1650 640 
Flying Fire adjacent (FFC) >300 late 2090 733 
Anderson Bluffs adjacent (ABC) >300 late 1950 670 
Mason’s Camp adjacent (MCC) >300 late 1890 658 
Mazama Village Late adjacent (MVLC) >300 late 1830 677 
Picnic Hill adjacent (PHC) >300 late 2160 656 
a Solar Radiation: Cal/sq.cm/day for June 22nd. Buffo et al. 1972.  Solar Radiation relates solar energy to a locations specific slope, aspect and latitude on a 
particular day of the year. 
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made from the stumps which were comparable in size to those of the largest trees of 

the late-successional forest sites.  In each case, trees >100 cm dbh were determined to 

be >300 years of age. 

As the latitude within the study area was essentially the same, solar radiation 

(Table 3.1) reflects differences in aspect and slope among the research sites.  Slopes 

were generally low, ranging from 0 to 18 degrees.  Higher solar radiation values 

represent slopes with a more southerly aspect (i.e. Flying Fire, Goodbye Fire).  Only 

one site, Crater Peak (north), had a distinctly northerly aspect. 

 

Table 3.2.  Seedling ages (at dbh height) determined for the dominant tree species at 
sample sites adjacent to Anderson Bluffs (AB), Cold Spring (CS) and Mazama Village 
Late (MVL).  Ages are means (±1SE).  
 
Species Sampled Sites (years) n Age (years) 
 
Shasta red fir AB (>300), MVL (>300) 10 30 (1.3) 
Mountain hemlock CS (166), MVL (>300)   6 36 (1.3) 
Lodgepole pine CS (166)   5 38 (2.7) 

 

METHODS 

Plots and Transects 

In this paper, each sampled site is denoted as a “stand”, an area where the 

vegetation was treated as a unit for the purposes of description (Greig-Smith 1983).  

At each sampled site (Table 3.1), three macroplots 0.2 ha (20 x 100 m) in size, were 

established in which all measurements of biomass and fuel loadings were made 

(Figure 3.2).  Large plots reduce edge effects, and rectangular plots also show lower 

variance than square plots (Greig-Smith 1983).  Previous studies in forests of the 

Pacific Northwest along with preliminary field investigation of the study sites 

indicated this to be a suitable sample unit size for accurately characterizing the forest 

ecosystem (Agee and Huff 1987).   

Within each macroplot, a central, lengthwise baseline, 100 m in length, was 

established, from which nested subplots and transects originated in a modified 

systematic sampling design.  In complex communities of several structural layers, 

such as forests, it may be impossible to characterize the different layers on a common 
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basis (Greig-Smith 1983).  Therefore, nested sampling transects and subplots 

appropriate to the size and distribution of the component to be measured were 

established in each macroplot.  
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Figure 3.2.   Macroplot, subplot and transect design for sampling forest biomass and 
structure.   Species were identified and density, size and cover of forest strata were 
measured in the macroplot and nested subplots.  Trees >30 cm dbh were measured in 
the 20 x 100 m macroplot.  Trees 10-30 cm dbh were measured in the 10 x 50 m 
subplot.  Small trees (<10 cm in diameter and >1.3 m in height) were measured in 2 x 
10 m subplots (7 per macroplot).  Tree seedlings (<1.3 m in height) and shrubs were 
measured in 1 x 5 m subplots (7 per macroplot).  The forest floor was measured in 1 x 
1 m microplots (14 per macroplot).  Downed wood (1-, 10-, 100- and >1000-hour 
fuels) was measured along the nested (2, 3, 6 and 12 m respectively) transects (7 per 
macroplot).   
 

Structural Components 

Downed Wood: 

Downed wood mass was calculated via the planar intercept technique (Brown 

1974).  Seven transect origination points were established along the central baseline 

beginning at the 5 m mark and spaced at intervals of 15 m.  All transects for 
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measuring downed wood were distributed from these points using random azimuths 

(Figure 3.2).   

The number and diameter of sound and rotten downed wood >7.5 cm diameter 

(>1000-h fuels) were measured along a 12 m transect (seven per macroplot).  Each 

transect contained nested shorter transects of 6 m, 3 m, and 2 m, to measure the 

quantity of downed wood intersections in diameter categories of 2.5 - 7.5 cm (100-h 

fuels), 0.6 - 2.5 cm (10-h fuels), and <0.6 cm (1-h fuels) respectively.  Downed wood 

was measured if it was located above the forest floor surface.  To determine wood 

mass it was required to determine the specific gravity of the wood particles in the 

forests.  To do so I collected random samples from each downed wood size class (two 

per macroplot for specific gravity determination in the laboratory.   

The specific gravity of samples was based on oven dry weight and oven dry 

volume (Krahmer and Van Vliet 1983).  Individual samples were weighed after oven-

drying at 100o C for 48 hours and the volume of each oven dry sample was then 

determined by weighing in water. Average wood specific gravities (dry g/cm3) were 

used to calculate downed wood biomass of each size class.  The average specific 

gravity of sound large wood (>1000-h fuels) was also used to calculate snag and live 

tree biomass. 

Downed wood biomass (Mg/ha) was calculated for four size classes (0-0.6, 

0.6-2.5, 2.5-7.5, >7.5 cm) using the following two equations (Brown 1974): 

 

0-7.5 cm size classes, Biomass = (π
2/8*n*d2*s*a*c)/NL 

 

>7.5 cm size class, Biomass = (π
2/8*Σd2*s*a*c)/NL 

 

where n is the total number of sample intersections in the fine wood sizes, d is the 

quadratic mean diameter (cm) for each of the smaller size class and the diameter (cm) 

for each intersected piece of the large (>7.5 cm) size class, s is the specific gravity for 

each size class, a is the non-horizontal correction factor, to adjust for particles not 

laying horizontal as assumed under planar transect theory, c is the slope correction 

factor for converting biomass on a slope basis to a horizontal basis (1.0 for slopes 
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<10o), and NL is the total length (m) of sampling lines for each size class per sample 

area (Brown 1974) (Table 3.3). 

 
Table 3.3.  Variable values for downed wood biomass equations by size class (Brown 
1974) and species, where d is the quadratic mean diameter (cm) for each of the smaller 
size classes (n = sample number of d) and the diameter (cm) for each intersected piece 
of the large (>7.5 cm) size class, s is the specific gravity (g/cm3) for each size class, a 
is the non-horizontal correction factor, to adjust for particles not laying horizontal as 
assumed under planar transect theory, and NL is the total length (m) of sampling lines 
for each size class per sample area.  Values for d and s are means (±1SE). 
 
Size Class (cm) db         n sb         aa NL 
 
0-0.6 (all) 0.36 (0.01) 63 0.475 (0.010) 1.15 14 
0.6-2.5 (all) 1.12 (0.12) 63 0.485 (0.013) 1.13 21 
2.5-7.5 (all) 3.58 (0.77) 55 0.465 (0.010) 1.1 42 
>7.5 sound 
  Mountain hemlock-Shasta red fir   0.471 (0.018) 1.0 84 
  Lodgepole pine   0.488 (0.021) 1.0 84 
>7.5 rotten 
  Mountain hemlock-Shasta red fir   0.306 (0.029) 1.0 84 
  Lodgepole pine   0.293 (0.016) 1.0 84 
a Brown 1974. 
b This study. 
 

Forest Floor: 

Forest floor (the organic horizon above mineral soil but not including 

overlying woody or living vegetative material) biomass was determined by measuring 

forest floor depths and determining forest floor bulk densities.  A 1 x 1 m microplot 

was placed 10 m along each downed wood transect.  An additional 1 x 1 m microplot 

was placed 10 m along a line established from the origination point with an azimuth 

180o from the original transect for a total of 14 microplots per macroplot.  Depth (cm) 

was measured in the corner of each 1 x 1 m microplot (14 per macroplot).  Bulk 

density was determined from forest floor samples collected from random microplots 

(1-2 per macroplot) using a 5.6 cm diameter corer (4-6 per site).  Individual sample 

volumes (cm3) were calculated from field measured depths and corer diameter (5.6 

cm).  Samples were weighed in the laboratory after oven-drying at 65o C for 48 hours.  

Bulk densities (g/cm3) were calculated by dividing the oven dry weights by the 

volumes.  The average density for each site was calculated by weighting individual 

sample densities by their collected volume, thus giving greater weight to those 
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samples of greater depth and representing a larger proportion of the forest floor.  The 

average forest floor bulk density (g/cm3) was calculated for each site (Table 3.4) by 

the equation: 

 

 Bulk density (site) = Σ bds(ds/sd) 

 

where bds is the sample bulk density (g/cm3), ds is the sample depth (cm), and sd is the 

sum of the sample depths (per site).  Forest floor bulk density was then used to 

calculate forest floor biomass (Mg/ha) for each of the three macroplots at each site by 

the equation:   

 

 Biomass = bd*d*100 

 

where bd is the bulk density (g/cm3), and d is the average litter depth (cm) obtained 

from field measures and 100 is the value for the conversion of g/cm2 to Mg/ha. 

 

Table 3.4.  Forest floor bulk densities (g/cm3) calculated for each site and the number 
of samples collected for determination. 
 
Site Age (years) Bulk Density (g/cm3) n 
 
Border Fire 1 0.215 2 
Flying Fire 8 0.193 7 
Goodbye Fire 24 0.256 6 
Cold Spring adjacent 166 0.205 6 
Crater Peak 221 0.191 6 
Border Fire adjacent 296 0.180 6 
Flying Fire adjacent >300 0.223 6 
Andersons Bluff adjacent >300 0.201 6 
Mason’s Camp adjacent >300 0.199 4 
Mazama Village Late adjacent >300 0.228 4 
Picnic Hill adjacent >300 0.192 5 
 

Trees: 

 Live tree biomass was determined using species specific allometric equations 

relating stem dbh to the volume or biomass of the various tree components (stem, 

branches and foliage).  Lab determined dry wood densities were used to calculate stem 
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biomass.  All trees sampled for biomass were partitioned into three strata (>30, 10-30 

and <10 cm dbh), identified to species and measured for diameter at 1.3 m height 

(dbh) in nested plots of appropriate size (Chapter 2 this dissertation).   

It was feared that the published equations for tree mass would yield inaccurate 

estimates for the forests of Crater Lake’s environment.  Therefore, at locations 

proximate to sampled macroplots, stems of intact, recently downed trees were 

measured to determine the relationship between dbh and stem volume for development 

of allometric biomass equations for Shasta red fir, mountain hemlock and lodgepole 

pine (Pinus contorta).  For sampled trees, the species was recorded, and the length and 

diameter at breast height and at selected distance intervals along the stem were 

measured. 

The dbh-stem volume relationships were determined for a range of dbh’s of 

each of the three tree species, Shasta red fir, mountain hemlock and lodgepole pine, 

which dominated the study sites.  The volume was calculated for each of the series of 

measured sections (frustums of a cone) of each sampled tree and then totaled for each 

individual tree to produce the stem volume.  Equations relating stem volume to dbh 

were determined via regression analysis (Table 3.5).   

Individual stem biomass was determined by multiplying calculated volumes by 

the lab determined dry wood density for large sound wood (0.471 g/cm3 for Shasta red 

fir and mountain hemlock, and 0.488 g/cm3 for lodgepole pine).  Total aboveground 

biomass for each tree of these species was determined by calculating biomass values 

for total foliage, live and dead branch biomass which came from published equations 

(Table 3.5), and adding to the calculated stem biomass.  Total aboveground biomass 

for the two less common tree species, subalpine fir (Abies lasiocarpa) and western 

white pine (Pinus monticola), was calculated using published equations (Table 3.5). 

 

Dead Trees: 

Dead tree biomass was determined using allometric equations relating stem 

dbh to stem volume and using lab determined dry wood densities to calculate stem 

biomass.  All sampled dead trees were partitioned into three strata (>30, 10-30 and 
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<10 cm dbh) and measured for height and diameter at 1.3 m height (dbh) in nested 

plots of appropriate size in the same fashion as with live trees (Chapter 2).   

Standing dead tree biomass was calculated by determining individual stem 

volumes which were multiplied by the specific gravity (0.471 g/cm3 for Shasta red fir 

and mountain hemlock, 0.488 g/cm3 for lodgepole pine) determined via laboratory 

analysis.  First, diameter-height relationships were determined in the same fashion as 

for live trees.  The combined Shasta red fir-mountain hemlock equation was used for 

sites dominated by those species, and a separate lodgepole pine equation was used for 

lodgepole pine dominated site (Table 3.5). 

Most dead trees had tops broken to various degrees, however, the top 

diameters were not field measured and therefore estimation was necessary for volume 

calculation.  To estimate broken top diameters, an average taper (T in cm/m) was first 

calculated for each dbh by the following equation: 

 

 Average taper = dbh/Hp 

 

where dbh (cm) is the diameter at 1.3 m, and Hp (m) is the projected height which was 

determined by regression (Table 3.5). 

 The top diameter (Dt in cm) of broken-top snags was then calculated by the 

following equation:  

 

 Top diameter = dbh – (T*H) 

 

where dbh is the diameter at breast height (cm), T is the calculated taper (cm/m), and 

H is the field measured height (m) of individual dead trees. 

Volume of  individual dead trees was then calculated by first calculating the 

top volume (Vt in m3), the volume that is missing due to the broken top, using the 

appropriate regression equation (Table 3.5) where Dt is substituted for dbh.  The 

combined Shasta red fir-mountain hemlock diameter-volume regression equation was 

used for dead trees at sites dominated by these two species, and the lodgepole pine 

diameter-volume regression equation was used at sites dominated by that species.  
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Table 3.5. Equations for height, volume, and biomass of tree and shrub components are reported by species.  Height (H) is reported in 
m.  Stem volume (VST) and Bark volume (VBK) are reported in m3.  Stem biomass (BST), bark biomass (BBK), dead branch biomass 
(BDB), foliage biomass (BFT), live branch biomass (BLB), and total aboveground biomass (TAGB) are reported in kg.  Diameter 
breast height (DBH) is reported in cm.  Canopy volume (CV) is reported in cm3.  For equations following the form: lnY = a + blnX 
and Y = a + blnX, where a and b are regression coefficients, Y is the dependent variable, X is the independent variable, and ln 
indicates logarithms to the base e.  For equations following the form: Y = aX^b, X^b is the independent variable to the power of the 
regression coefficient value of b. 
 
Species    Y  X Equation     a  b  n r2 X range 
 
Trees 
 
Abies magnifica3  H  DBH Y = a + blnX     -31.898 15.331  21 .89 11.5 – 140.5 
Abies magnifica3  VST+VBK DBH Y = aX^b      0.00007 2.6526  21 .99 11.5 – 140.5 
 
Abies procera1   BFT  DBH lnY = a + blnX     -4.8728 2.1683    6 .99 18.8 – 111.0 
Abies procera1   BLB  DBH lnY = a + blnX     -4.1817 2.3324    6 .94 18.8 – 111.0 
 
Abies (pooled)1   BST  DBH lnY = a + blnX     -3.73889 2.6825  20 .96 8.7 – 111.0 
Abies (pooled)1   BBK  DBH lnY = a + blnX     -6.1918 2.8796  20 .98 8.7 – 111.0 
Abies (pooled)1   BFT  DBH lnY = a + blnX     -3.4662 1.9278  25 .94 8.7 – 111.0 
Abies (pooled)1   BLB  DBH lnY = a + blnX     -4.8287 2.5585  26 .95 8.7 – 111.0 
 
Pinus (pooled)1   BST  DBH lnY = a + blnX     -4.2847 2.7180  14 .98 15.5 – 79.5 
Pinus (pooled)1   BBK  DBH lnY = a + blnX     -4.2062 2.2475  14 .95 15.5 – 79.5 
Pinus (pooled)1   BDB  DBH lnY = a + blnX     -3.7969 1.7426  14 .53 15.5 – 79.5 
Pinus (pooled)1   BFT  DBH lnY = a + blnX     -3.9739 2.0039  33 .89 2.5 – 79.5 
Pinus (pooled)1   BLB  DBH lnY = a + blnX     -5.2900 2.6524  33 .95 2.5 – 79.5 
 
Pinus contorta3   H  DBH Y = a + blnX     -25.162 13.464  11 .81 12.5 – 48.5 
Pinus contorta3   VST+VBK DBH Y = aX^b     0.00008 2.6047  11 .98 12.5 – 48.5 



 

 

71

Table 3.5.  Continued. 
 
Species    Y  X Equation     a  b  n r2 X range 
 
Trees 
 
Pinus contorta1   BFT  DBH lnY = a + blnX     -3.6187 1.8362  19 .84 2.5 – 28.7 
Pinus contorta1   BLB  DBH lnY = a + blnX     -4.6004 2.3533  19 .89 2.5 – 28.7 
 
Tsuga mertensiana3  H  DBH Y = a + blnX     -29.774 14.514  21 .88 13.0 – 114.0 
Tsuga mertensiana3  VST+VBK DBH Y = aX^b     0.00008 2.5909  21 .99 13.0 – 114.0 
Tsuga mertensiana1  BDB  DBH lnY = a + blnX     -9.9449 3.2845    6 .98 17.0 – 54.6 
Tsuga mertensiana1  BFT  DBH lnY = a + blnX     -3.8169 1.9756  11 .97 17.0 – 76.2 
Tsuga mertensiana1  BLB  DBH lnY = a + blnX     -5.2581 2.6045  11 .99 17.0 – 76.2 
 
Abies/Tsuga (pooled)3  H  DBH Y = a + blnX     -31.128 15.008  42 .88 11.5 – 140.5 
Abies/Tsuga (pooled)3  VST+VBK DBH Y = aX^b     0.00007 2.6267  42 .99 11.5 – 140.5 
 
Shrubs 
 
Arctostaphylus (pooled)2 TAGB  CV Y = a + blnX   -6.1575 0.9789  10 .99 1,560 – 2,103,904 
Ceanothus velutinus2  TAGB  CV Y = a + blnX   -7.6750 1.0475  10 .99 21,924 – 3,588,480 
Prunus  (pooled)2  TAGB  CV Y = a + blnX   -9.2957 1.1059  11 .99 11,760 – 6,551,454 
Ribes (pooled)2   TAGB  CV Y = a + blnX   -6.0076 0.9399  10 .95 616 – 2,307,888 
 
1Gholz et al. 1979. 
2Ross and Walstad 1986. 
3This study.
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Volume of the existing dead trees (V in m3) was then calculated by the 

following equation:  

 

 Dead tree volume = Vp - Vt 

 

where Vp is the projected volume (VST+VBK) calculated using the dbh in the 

regression equations (Table 3.5). 

After summing snag volume for each macroplot and converting to hectares, 

dead tree biomass (B in Mg/ha) was then calculated by the following equation: 

 

 Dead tree biomass = V*D 

 

where V is the volume and D is the appropriate dry wood density (0.471 g/cm3 for 

Shasta red fir and mountain hemlock sites, and 0.488 g/cm3 for lodgepole pine sites) 

from sound large downed wood specific gravity determined in the laboratory.   

 

Understory: 

The understory (shrubs and herbaceous vegetation) was usually a minor 

biomass component composing <1% of the TAGB of the forest community.  Except at 

the 24-year Goodbye Fire site, understory biomass therefore was not measured.   

Because the 24-year site was dominated by shrubs, the biomass was determined using 

published allometric equations where shrub biomass was based on shrub canopy 

volume (Table 3.5). 

Height and the area of canopy cover of all shrubs species were measured in 

seven 1 x 5 m subplots per macroplot.  The canopy volume of each individual shrub 

was determined by multiplying the measured height by the measured canopy cover of 

each shrub located in the subplot.  Published allometric equations for snowbrush 

ceanothus (Ceanothus velutinus), manzanita species (Arctostaphylos spp), currant 

species (Ribes spp) and cherry species (Prunus spp) were used to relate shrub canopy 

volume to aboveground shrub biomass (Table 3.5). 
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Modeled Data: 

 Modeled data was combined with real data to create two figures, downed wood 

(Figure 3.4) and TAGB components (Figure 3.7); otherwise the areas under the curves 

connecting the 24 and 166 year sites would misrepresent biomass quantities during 

this time period.  Modeled data points at 60 and 125 years were derived from 

trendlines (Table 3.6) produced from measured chronosequence data. 

 

Table 3.6.  Chronosequence biomass trendline equations and R2 values used to create 
modeled data points in Figures 3.4 and 3.7.  X values are age (years) and Y values are 
biomass (Mg/ha). y = -3E-05x3 + 0.0209x2 - 3.6035x + 206.01 
 
Biomass Component Trendline Equation R2 

 
Live Trees Y = 1.9232X – 40.746 .99 
Dead Trees Y = -0.0001X3 + 0.0724X2 - 11.396X + 446.12 .81 
Large Downed Wood Y = -0.00003X3 + 0.0209X2 – 3.6035X +206.01 .99 
Forest Floor Y = 21.063lnX – 9.9606  .76 
 

Statistical Analysis: 

 Statistical analysis for significant differences between the recently burned and 

unburned sites was performed using a t-test.  Statistical analysis for significant 

differences between chronosequence sites was performed using ANOVA (F-protected 

Fishers LSD).  The significance level was set at 0.10.  

 

RESULTS 

 

HIGH-SEVERITY FIRE EFFECTS 

 High-severity wildfires resulted in 100% overstory mortality, produced a 

dramatic loss in total aboveground biomass and profound changes in the distribution 

of fuel loads.  Eight years following fire the combination of wildfire and 

decomposition resulted in 27% loss in total aboveground biomass (TAGB) compared 

with its adjacent >300-year unburned stand (Figure 3.3).  In addition, live tree biomass 

(529 Mg/ha) was converted to dead trees, increasing dead tree biomass by greater than 

ten-fold (Table 3.7).  Downed wood, large (>1000-h fuels) (33 vs. 20 Mg/ha) and fine 

(1-, 10- and 100-h fuels) (9.1 vs. 7.2 Mg/ha) were not significantly different (p>.10) 
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when comparing the 8- and >300-year sites respectively.  However, fine downed wood 

was considerably lower (1 Mg/ha) immediately after fire that burned in a lower 

biomass stand.  The forest floor, a vital resource substrate and important for the carry 

of surface fires in these ecosystems, was 86% lower at the 8-year site (12 Mg/ha) 

compared to the adjacent >300-year site (85 Mg/ha) (Figure 3.3, Table 3.7).  
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Figure 3.3.  Aboveground biomass components (live trees, dead trees, large downed 
wood, and forest floor) are presented in a paired comparison of an 8-year-old wildland 
fire site and an adjacent >300-year late-successional forest site.  Biomass units are 
Mg/ha. 
 

CHANGES DURING SECONDARY SUCCESSION 

Early Successional Communities 

 In the first decades following high-severity wildland fire, the most dramatic 

changes in site biomass were characterized by the rapid decomposition and transfer to 

the forest floor of the large quantity of standing dead trees.  At the 24-year site, 

standing dead tree biomass (109 Mg/ha), while still greater than the later successional 

quantities, was 4-fold lower than the amount at the 8-year site (442 Mg/ha) (Table 
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3.7).  Large downed wood spiked to 131 Mg/ha at the 24-year site, 4-fold the quantity 

at the 8-year site and 2.5-fold greater than later successional levels.  Large downed 

wood, which was disproportionately rotten versus sound (Figure 3.4), rapidly 

disintegrated forming a seral forest floor stage almost entirely comprised of 

decomposed large wood.  Litter contribution from shrubs and understory was minimal, 

and conifer litter contribution was non-existent.  Due to the large contribution of 

decomposed large wood, the forest floor biomass at the 24-year site (89 Mg/ha) was 7-

fold greater than the forest floor biomass at the 8-year site (12 Mg/ha) and was 

comparable to the forest floor biomass at later successional sites (Table 3.7, Figure 

3.5). 
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Figure 3.4.  Generalized trends of changes in large downed wood (sound and rotten 
1000-h fuels) modeled on real and trend derived data points for the chronosequence. 
Data points at 60 and 125 years were derived from trendlines produced from measured 
chronosequence data. The >300-year data are an average of the late-successional sites.   
 

In this chronosequence of sites, the mass of large wood (dead tree combined 

with large downed was at a minimum at 166 years after fire (Table 3.7).  Based on the 

modeled data for the entire chronosequence (Figure 3.4 and 3.6), remnant dead trees 

would likely have continued their rapid deterioration and decomposition during the 

time period following the 24-year site while the regenerating forest in its early stages 

would have contributed little in the way of newly dead tree biomass.  Total dead wood 
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biomass likely was at its lowest point around 100 years after wildland fire (Figure 

3.7). 
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Figure 3.5.  Changes in forest floor biomass (Mg/ha) are presented with time along the 
chronosequence sites. The >300-year data is an average of the late-successional sites.  
The trendline equation is Y = 21.063lnX – 9.9606 (R2 = .76). 

 

Fine downed wood, which was much reduced immediately following fire, was 

measured in the range of pre-fire levels at the 8-year site (9.1 Mg/ha) due to branch 

fall from fire killed trees (Table 3.7).  A lack of source material coupled with 

decomposition likely resulted in the significantly lower (p<.10) fine downed wood 

levels (4.3 Mg/ha) at the 24-year site. 

Tree biomass as a percentage of TAGB was very low at the 8- and 24-year 

post-fire sites.  Tree regeneration was in its formative stages at the 8-year site and the 

existing seedlings contributed negligible biomass.  Tree regeneration at the 24-year 

site (5.7 Mg/ha) still comprised less than 2% of the site TAGB (345 Mg/ha) (Table 

3.7). 

Substantial shrub dominance was present at the 24-year site, one potential 

early-successional trajectory.  The shrub biomass (5.7 Mg/ha) comprised less than 2% 

of the TAGB (Table 3.7), however the shrubs contributed an important fine fuels 

component and hence fire hazard to this site. 
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Table 3.7.  Biomass (Mg/ha) of aboveground forest components partitioned into live trees, dead trees, fine downed wood (1-, 10- and 
100-h fuels), large (>1000-h fuels) downed wood (sound, rotten and total), forest floor, and total aboveground for the chronosequence 
of sites (age in years).  Shrub biomass was determined for only one site (24-year) where it comprised >1% of TAGB.  The >300-site is 
the paired late-successional site adjacent to the 8-year site.  Values are means (±1SE).  P-values are from ANOVA (F-protected 
Fishers LSD).  The significance level was set at 0.10.  Sites with the same letter are not significantly different.  Values are also 
presented for all late-successional (all >300) sites (means ±1SE).  
 
Site Age (years) 8 24 166 221 296 >300 P-value All >300 
 
Live Trees 0.0 (0.0)a 5.7 (5.7)a 239 (11)c 370 (11)d 174 (3.7)b 529 (50)e <.001 616 (60) 
Dead Trees 442 (9.8)d 109 (10)c 28 (5.1)a 53 (6.6)ac 81 (21)bc 40 (20)a <.001 36 (4.0) 
Down Wood 
     Fine 9.1 (1.0)b 4.3 (0.9)a 8.2 (1.3)b 12 (0.5)c 7.0(0.5)b 7.2 (1.1)b .002 7.7 (1.0) 
     Sound Large 26 (10)a 29 (26)a 18 (4.2)a 38 (2.6)a 12 (4.7)a 1.8 (1.3)a .36 19 (8.7) 
     Rotten Large 7.0 (4.0)a 102 (15)c 4.3 (0.7)a 15 (3.5)a 47 (15)b 18 (17)a <.001 20 (4.9) 
     Total Large 33 (7.3)ab 131 (21)d 23 (3.8)a 53 (0.9)bc 59 (11)c 20 (18)a <.001 39 (11) 
Shrubs na 5.7 (1.8) na na na na na na  
Forest Floor 12 (4.3)a 89 (13)b 89 (5.5)b 109 (15)b 110 (14)b 85 (21)b .003 105 (15) 
Total Aboveground 496 (3.4)c 345 (38)a 387 (18)ab 597 (9.2)d 431 (8.9)b 681 (38)e <.001 805 (64) 
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Mid-Successional Communities 

The pioneer cohort dominated the overstory at all three mid-successional sites, 

but had yet to attain its greatest biomass or late-successional characteristics.  The 166-

year site represents a trajectory where lodgepole pine established following 

disturbance and dominated the early seral stages but had developed only a partially 

closed canopy.  The 221-year site was located on a north slope where the mountain 

hemlock cohort developed a dense, closed canopy.  The horizontal diversity and 

somewhat open mountain hemlock-Shasta red fir canopy of the 296-year site, was 

suggestive of effects from an additional disturbance event(s) during stand 

development. 

Total aboveground biomass likely was lowest during stand ages (50-100 years) 

leading up to these mid-successional stages (Figure 3.7).  Live tree biomass was 

significantly greater at all three mid-successional sites (p<.10) compared to the 24-

year site (Table 3.7).  Among these sites tree biomass was greatest at the 221-year site 

(370 Mg/ha), which was occupied by a dense stand of mountain hemlock, and lowest 

at the 296-year site (173 Mg/ha).  The live tree and total biomass at the 296-year site 

sharply deviated from the observed trend of substantial biomass accumulation with 

time since stand initiation (Figures 3.6 and 3.7). 

Recent mortality at mid-successional sites created dead trees and contributed 

new material to downed wood biomass.  Large downed wood was greater at the 221- 

(53 Mg/ha) and 296-year (59 Mg/ha) sites than all sites excepting the 24 year site 

(Table 3.7).  Total dead wood (dead trees plus large downed wood) was lowest at the 

166-year site (51 Mg/ha) where it comprised 13% of TAGB (387 Mg/ha).  Dead tree 

biomass was greater at older mid-successional sites as the emerging forest experienced 

stem mortality due to competitive exclusion and disturbance events (such as 

windstorms).  The unusually high total dead wood biomass (140 Mg/ha) and percent 

of TAGB (32%) at the 296-year site (Table 3.7) may have been a legacy of 

disturbance.   
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Figure 3.6.  Changes in live tree and dead tree biomass (Mg/ha) are presented with 
time along the chronosequence sites. The >300 year data is an average of the late-
successional sites.  The live trees trendline (Y = 1.9232X – 40.746, R2 = .99) excludes 
the 296-year data point which is shown enhanced and is considered an outliner.  The 
dead trees trendline equation is Y = -0.0001X3 + 0.0724X2 - 11.396X + 446.12 (R2 = 
.81). 
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Figure 3.7.   Generalized trends of changes in total aboveground biomass (Mg/ha) 
components (live trees, dead trees, large downed wood, and forest floor) modeled on 
real and trend derived data points for the chronosequence. Data points at 60 and 125 
years were derived from trendlines produced from measured chronosequence data. 
The >300-year data are an average of the late-successional sites. 
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Forest floor biomass at mid-successional sites (89-110 Mg/ha) was dominated 

by conifer litter, and was not significantly different from the 24-year site (89 Mg/ha) 

or among the three mid-successional sites. 

 

Late-Successional Communities 

 Forests in a late-successional stage along the chronosequence had the greatest 

aboveground biomass largely because of the mass contributed by the individual trees.  

The mean total aboveground biomass (805 Mg/ha) of late-successional sites, of which 

live trees comprised 77% (616 Mg/ha), was significantly greater than the respective 

biomass for all younger sites (Table 3.7). 

 Biomass of dead wood and forest floor components was similar or was slightly 

lower at late-successional sites compared to mid-successional sites.  Average dead tree 

biomass (36 Mg/ha, range 27-55 Mg/ha) was lower at late-successional sites (Table 

3.8) compared to the 221-year (53 Mg/ha) and 296-year (81 Mg/ha).  The range of 

large downed wood (20-68 Mg/ha) at late-successional sites (Table 3.8) on the other 

hand, was inclusive of the 221-year site (53 Mg/ha) and the 296-year site (59 Mg/ha) 

values.  Average late-successional forest floor biomass (105 Mg/ha) was essentially 

unchanged compared to mid-successional values, though the percent comprising the 

TAGB was slightly lower (17% vs. 18-26%). 

 
Table 3.8.  Minimum, maximum, and mean (±1SE) values of aboveground biomass 
(Mg/ha) for late-successional (>300 years) forest sites (n=5). 
 
Component Minimum Maximum Average 
 
Live Trees 450 801 616 (60) 
Dead Trees 27 55 36 (4.0) 
Downed Wood 
     Fine 4.1 10 7.7 (1.0) 
     Sound Large 1.8 47 19 (8.7) 
     Rotten Large 3.5 34 20 (4.9) 
     Total Large 20 68 39 (11) 
Forest Floor 66 157 105 (15) 
Total Aboveground 661 1016 805 (64) 

 

The variation and range of certain late-successional biomass components was 

considerable, emphasizing the importance of site specific histories.  Large downed 
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wood in particular was extremely variable among sites.  There was a 26-fold range 

(1.8 to 47 Mg/ha) of large sound downed wood and a 10-fold range (3.5 to 34 Mg/ha) 

of large rotten downed wood (Table 3.8).  However, total large downed wood varied 

less than 4-fold (20-68 Mg/ha).  The variation in TAGB among late-successional sites 

was quite high and ranged from 661 to 1016 Mg/ha).  TAGB generally paralleled the 

ranges for live tree biomass (450 to 801 Mg/ha). 

 

DISCUSSION 

 

HIGH-SEVERITY FIRE EFFECTS 

Severe wildfire had immediate and dramatic effects on the biomass and fuels 

measured in the Shasta red fir-mountain hemlock ecosystem chronosequence at Crater 

Lake National Park.  With 100% fire-caused overstory mortality, aboveground 

biomass and C pools were shifted from live trees to dead; fine downed wood and 

forest floor fuels were nearly entirely consumed. 

In addition to climatic differences and moisture content at the time fire, total 

biomass consumption by wildfire will vary by forest type because of differences in 

forest structure or the partitioning of fuels.  For example, Fahnestock and Agee (1983) 

estimated that high intensity wildfire in western Washington would consume 5% of 

tree stem biomass, 30% of dead wood and 80% of the forest floor biomass.  Therefore, 

greater TAGB consumption by wildfire could be expected in forests with a higher 

proportion of forest floor fuels which have high surface to volume ratios. 

Severe wildfire in the late-successional fir-hemlock forests at Crater Lake 

resulted in a 27% loss in total aboveground biomass (TAGB) (Figure 3.3).  Expected 

biomass loss based on estimates of percent biomass consumption in true fir-mountain 

hemlock forests in western Washington by Fahnestock and Agee (1983) was in the 

range of 20%.  Aboveground biomass consumption in western Washington conifer 

forests were expected to be in the range of 27%, however the forest floor comprised a 

higher percent (18%) of the TAGB (836 Mg/ha) in these forests (Grier et al. 1981) 

compared to 13% of the TAGB (805 Mg/ha) at Crater Lake.  The higher measured 

losses from this study were based on the biomass of an 8-year post-fire site.  This is 
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likely a high estimate of fire consumption since this estimate includes decomposition 

of dead trees and downed wood produced by the fire in addition to the biomass 

consumption of the fire. 

In contrast, western Washington forests with smaller proportions of forest floor 

fuels (5-6%), but with higher TAGB, such as Douglas-fir (Pseudotsuga menziesii) 

forests (983 Mg/ha) (Grier and Logan 1977), western hemlock forests (1765 Mg/ha) 

(Agee and Huff 1987), and western hemlock-western redcedar-Sitka spruce forests 

(1194 Mg/ha) (Grier 1976), had lower combustion factors with a range of TAGB loss 

from 13 to16%.  

The majority of the fire-killed trees at Crater Lake remained as standing dead 

trees for more than a decade before falling.  The increase in large dead and downed 

wood (415 Mg/ha) at the 8-year site was half that documented three years after severe 

wildfire in a western Washington western hemlock forest (881 Mg/ha) (Agee and Huff 

1987).  However, the late-successional Shasta red fir-mountain hemlock forests at 

Crater Lake had a substantially lower initial quantity of large dead wood and thus the 

relative increase in large dead wood after fire was much greater at Crater Lake (8-fold) 

than in the western Washington western hemlock forest (2.4-fold). 

 

CHANGES WITH SUCCESSION 

The most significant biomass process during the early stages of succession was 

the rapid disintegration and decomposition of the dead wood biomass generated by 

wildfire.  For example, most of the dead wood was contained in standing dead trees 

eight years post-fire.  However, at the 24-year site, most of the large wood was located 

on the forest floor (78% rotten) where it was decomposing and in turn being 

incorporated into the forest floor.  Fully 64% of the TAGB at the 24-year site was in 

large downed wood and large downed wood derived forest floor, whereas only 9% of 

the TAGB at the 8-year site was so distributed.  Large downed wood plus the forest 

floor comprised a similar percentage (63%) of the TAGB in a western Washington 

western hemlock forest 19 years after wildland fire (Agee and Huff 1987).  

With the consumption of the forest floor during wildland fire a key reservoir of 

available and sequestered nutrients was transformed and some was lost from the site 



 

 

83 

(Grier 1975, Dyrness et al. 1989, Kauffman et al. 1992).  The large quantity of post-

fire dead wood acts as an N-reservoir which may play an important role through its 

disintegration and decomposition in the replenishment of the forest floor nutrient 

substrate.  Large downed wood and dead trees contributed 45% (83 Mg/ha) of the 

TAGB and 19% of the total system biomass in a comparable low-N, 23 year old, 

western Washington Pacific silver fir forest (Grier et al. 1981). 

In contrast to the other chronosequence sites, the 24-year site had a substantial 

shrub field, one of several potential early-successional trajectories in these forests 

(Gordon 1970, Franklin and Dyrness 1973, Chappell 1991).  While the large rotten 

fuels would not contribute to a flame front and carry of a fire, shrub fuels, particularly 

attached dead fuels and fine live fuels (including volatile foliage) are important 

components that influence fire behavior (Debano et al. 1998) and would greatly 

increase the re-burn potential of this particular site. 

While multiple stresses, including shrub competition, acted on the natural 

regeneration, conifer seedlings numbered 1710 individuals/ha at the 24-year site. 

Certainly, early-successional growth conditions would be expected to vary at different 

sites.  The decomposition that exceeds reaccumulation early in post fire succession 

appears to be reversed at time frames of less than 100 years producing a U-shaped 

curve with TAGB lowest 50-100 years after stand-replacing fire.  Nevertheless TAGB 

and C pools remained quite high at all points along this chronosequence of natural 

forest regeneration.  This is unlike TAGB and hence C pools of logged forests where 

large quantities of biomass are removed greatly altering TAGB (Spies and Cline 

1989). 

The general U-shaped model for TAGB accumulation was also followed by 

each of the major biomass components but with time lags due to the relationships of 

their derivation.  For example, the biomass of live trees, which were killed in the fire, 

instantaneously declined from peak to a minimum.  Tree death produced the peak in 

dead tree biomass which then declined with its subsequent decomposition and fall. 

The forest floor, all but eliminated during severe fire recovered rapidly in biomass 

(though not necessarily quality) with large wood decomposition.  The re-accumulation 

of live biomass took longer and provided the source material (with a time lag for 
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mortality) that ultimately rebuilt the pools of dead wood.  This U-shaped trend during 

secondary succession has been described for changes in large dead wood (Harmon et 

al. 1986, Agee and Huff 1987, Spies et al. 1988) and total biomass (Bormann and 

Likens 1979, Chapin et al. 2002). 

The long time-span over which these forests grow and mature increases the 

odds of recurring disturbances and related affects on biomass as reflected in the mid-

successional sites.  Mean fire return intervals of all fires (surface and stand-replacing) 

in the Park’s Shasta red fir forests have been measured at 39 years (Chappell 1991).  

The unusually low TAGB of the 296-year site, which was <50% of the 221-year site, 

was most telling.  The 296-year site was clearly an outlier in the linear increase in live 

tree biomass of the other sites (Figure 3.6).  Additionally, dead trees and rotten large 

downed wood were at their highest levels since early succession, and may represent a 

legacy of the disturbance.  Forest floor biomass however, was similar to other mid- 

and late-successional sites.  Given this information for a stand of this age, it seems 

likely that one or more less than high-severity, yet significant, disturbance event(s) has 

occurred at least several decades in the past.  In addition to fire, wind is also an 

important natural disturbance in red fir forests (Taylor and Halpern 1991).   

Low-severity disturbance was also evident at other sites.  Wind-induced 

mortality was observed at the 221-year site (snapped boles) as well as one late-

successional site (Anderson Bluffs) (windthrow).  Disturbance may also have played a 

part in creating the partially open canopy at the 166-year site. 

The total aboveground biomass and C pools of Pacific Northwest late-

successional, coniferous forests surpasses every other ecosystem in the world 

(Franklin and Waring 1980, Kauffman et al. 1992).  In the Pacific Northwest the 

TAGB of Crater Lake’s Shasta red fir-mountain hemlock forests are comparable to 

high elevation, red fir forests located in the Sierra Nevada of California (Westman 

1987).  The live tree biomass of a 180-year Sierra Nevada red fir forest (298 Mg/ha) 

fit nicely between the 166-year (239 Mg/ha) and the 221-year (370 Mg/ha) values at 

Crater Lake.  The live tree biomass of a 250-year Sierra Nevada site (666 Mg/ha) was 

within the range of late-successional Crater Lake sites.  It is likely that TAGB was 

similar in the northern California sites. 
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While the TAGB of Crater Lakes forests are high at the global scale, it still 

does not rank among the top west-slope PNW forests.  For example, live tree biomass 

(604 Mg/ha) in lower elevation Pacific Northwest, 70-170 year, Douglas-fir forests 

(Franklin and Waring 1980) was more than double that at the 166-year, mid-

successional Crater Lake site.  Sub-alpine, 180 year silver fir (Abies amabilis) forests 

of the Washington Cascades had 20% greater live tree biomass (447 Mg/ha) and 50% 

greater TAGB (837 Mg/ha) compared to the 221 year stand at Crater Lake (Grier et al. 

1981).  These quantities approached those found at the late-successional (>300 year) 

stands at Crater Lake.  Pacific Northwest Douglas-fir/western hemlock forests >250 

years averaged 40% greater live tree biomass (868 Mg/ha) than Crater Lake’s late-

successional forests (Fujimori et al. 1976). 

Large downed wood at Crater Lake’s late-successional forests was similar in 

quantity to other southern Cascades red fir-mountain hemlock forests.  For example, 

large downed wood biomass in forests with an overstory averaging ≥70 cm dbh, 

ranged from 4 to 80 Mg/ha, averaging 42 Mg/ha (Blonski and Schramel 1981).  In 

comparison, Crater Lake’s late-successional sites averaged 39 Mg/ha with a range of 

20 to 68 Mg/ha.   

However, downed wood biomass was found to be considerably greater in 

many other PNW forests.  For example, lower elevation, old-growth (>200 years age) 

Douglas-fir forests of the Oregon Cascades averaged nearly twice the downed wood 

biomass (73 Mg/ha) compared to Crater Lake (Spies et al. 1988).  Site moisture was 

found to be a major factor, producing a two-fold range in the quantity of downed 

wood biomass of Douglas-fir forests of the Oregon and Washington Cascades and the 

Oregon Coast Range (Spies et al. 1988).  These Douglas-fir forests did not reach 

maximum downed wood biomass until 400-500 years of age.  Large downed wood 

biomass in very moist (250-400 cm annual precipitation), western Washington western 

hemlock/Douglas-fir >500 years of age was 11-fold greater (442 Mg/ha) compared to 

late-successional forests at Crater Lake (Agee and Huff 1987). 

Due in part to never having been logged, Crater Lake National Park retains a 

substantial amount of late-successional forest.  Total fire suppression was practiced by 

Park management for approximately 70 years during the 20th century and does not 
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appear to have altered the fuel loading out of the historical range of variability as has 

been the case in many western ecosystems with shorter fire return intervals (Arno 

1976, Keane et al. 2002, Peterson et al. 2006).  For the future functioning of these 

forests, it will be important to allow natural processes (including wildfire) to operate.  

With continued natural ecosystem function and appropriate management strategies, 

these forests will retain their magnificent natural character for future generations. 
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Chapter 4 
 

Natural Fire Effects on and Successional Development of Soil Nitrogen Dynamics 
in Montane Forests, Crater Lake National Park, Oregon 
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ABSTRACT 

 

Large-scale disturbance events such as wildland fire result in immediate, 

dramatic effects on ecosystem nitrogen pools and fluxes, particularly when the fires 

are stand-replacing.  During secondary succession the strong interaction between the 

changing biotic community and the nitrogen cycle is manifested through feedbacks by 

which each continually influences and is influenced by the other.  In the Shasta red fir-

mountain hemlock forests of Crater Lake National Park in southern Oregon, I 

quantified changes in soil nitrogen dynamics following stand-replacing wildfire and 

during secondary succession.  These changes were quantified on a chronosequence of 

sites ranging in age from 1 to >300 years of age. 

Stand-replacing wildland fires resulted in a 27% loss of the total aboveground 

biomass (TAGB) and a proportional loss in ecosystem N.  Surface soil total N (663 

kg/ha) and mineral-N (4.35 mg/kg soil) were 70% and 300% greater respectively two 

years post-fire.  The greatest negative net mineralization (immobilization) (-9 

kg/ha/yr) and net nitrification rates (-3 kg/ha/yr) were recorded at the 9-year site.  

Surface soil total C (48 Mg/ha) and total N (1692 kg/ha) peaked at the 25-year site.  

High mineral-N fluxes and relatively low C:N ratios (<30) at the early-successional 

sites (aged 9 and 25 years) were associated with high covers of herbaceous and N-

fixing vegetation. 

Forest floor total C (48 Mg/ha) and total N (1013 kg/ha) peaked at the mid-

successional 222-year site.  Surface soil total C (<26 Mg/ha), total N (<760 kg/ha) and 

mineral-N (<2 mg/kg soil) pools and associated fluxes and mineralization rates were 

lower at sites 222 years and older.  These changes likely reflect a major shift in 

nutrient acquisition from the mineral soil to the forest floor associated with increasing 

conifer dominance and reduced herbaceous cover at mid-successional sites.  This 

study documents the changes to soil N dynamics due to high-severity wildland fire and 

the potential relationships between soil N and the biotic community during post-fire 

succession. 
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INTRODUCTION 

 

The unusual degree of biological control underlying the nitrogen cycle 

suggests a close relationship between nitrogen cycle dynamics and ecosystem 

succession (Reiners 1981).  It is generally recognized that of all the plant nutrients, 

nitrogen has the most impact on growth.  In many natural ecosystems, nitrogen 

availability is limited by low inputs and is therefore tightly conserved within the 

system (Sollins et al. 1980, Vitousek and Howarth 1991).  This is particularly true for 

cold, high elevation forests that have short growing seasons and experience slow litter 

decomposition (Attiwill and Adams 1993, Hart and Perry 1999).   

Disturbance disrupts tight nutrient cycling.  In many western ecosystems, 

including ponderosa pine (Pinus ponderosa) (Ryan and Covington 1986, Covington 

and Sackett 1992), Douglas-fir (Pseudotsuga menziesii) (Grier 1975), and chapparal 

(Debano et al. 1979, Dunn and Debano 1977), the short-term fire effects on N cycling 

have been studied and are reasonably well known.  Nitrogen is volatilized at relatively 

low temperatures, and therefore is one of the most easily lost nutrients during fire 

(Debano et al. 1998, Neary et al. 1999).  Fire also produces a pulse of plant available, 

mineral nitrogen and alters the surface environment, in turn affecting decomposition 

and nitrogen mineralization rates. 

The effects of fire on the total N pool and cycling may be particularly dramatic 

in the high-biomass, late-successional conifer forests of the Pacific Northwest.  The N 

pool in terrestrial ecosystems is on average 99% organically bound (Rosswall 1976).  

The aboveground organic pool, which is at greater risk of consumption during fire 

than the belowground pool, is greater in forests than other ecosystems (Anderson 

1991, Neary et al. 1999).  For example 27% of the aboveground biomass was 

consumed by stand-replacing wildland fire in late-successional Shasta red fir-

mountain hemlock forests at Crater Lake (Chapter 3 this dissertation).  In addition, the 

forest floor, an important nutrient substrate (Chapin et al. 2002) and soil insulator 

(Agee 1993), can be almost entirely consumed during stand-replacing wildland fire. 

In fire prone ecosystems, plant communities are adapted to, interact with and 

respond to the fire regime (Volland and Dell 1981, Kauffman 1990, Agee 1993).  The 
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trajectory of secondary succession is intimately linked with disturbance severity, the 

legacy of the pre-fire community, and biotic and abiotic interactions that unfold during 

succession.  The strong interaction between the changing biotic community and the 

nitrogen cycle is manifested through feedbacks by which each continually influences 

and is influenced by the other (Chapin et al. 2002). 

It has been suggested that the change in N capital due to fire, particularly high-

intensity burning, has a greater impact on the productivity of N stressed ecosystems 

than on more productive ecosystems (Barnett 1989, McNabb and Cromack 1990, 

Debano et al. 1998, Neary et al. 1999).  Mechanisms that may offset N losses during 

secondary succession include symbiotic N-fixation, asymbiotic N-fixation, 

atmospheric deposition and enhanced N retention in the plant-soil system. 

A number of methods have been used to assess the availability of soil mineral-

N, including ion exchange resins (IERs) (Binkley and Matson 1983), which may 

mimic plant uptake.  Extractable pools of mineral-N have provided interpretable data 

on availability in prior studies that have examined the effects of fire (Covington and 

Sackett 1992).  Although many studies have examined the short-term effects of fire, 

few studies have been conducted to examine long-term soil N dynamics in conjunction 

with succession following fire (Turner 1981, Van Cleve and Viereck 1981, Brais et al. 

1995, Giesen 2004, Perez et al. 2004), and high elevation forests in particular have 

been little-studied in this regard.   

Studies of N dynamics during succession following wildland fire are needed in 

the Shasta red fir-mountain hemlock ecosystem to better understand the ecological 

relationship of this critical nutrient and the developing communities.  The global 

objective of this study was to examine soil N dynamics during ecosystem succession 

following high-severity (stand-replacing) wildland fire in relatively undisturbed, 

Shasta red fir-mountain hemlock forests.  Specific objectives were to quantify changes 

in soil total N and C pools, and mineral-N pools and fluxes due to wildland fire and 

with time following wildland fire.  Forest floor total N, C and mineral-N pool changes 

were also quantified with time following wildland fire.  Relating the response of soil N 

dynamics to the natural fire regime and to changes in the developing aboveground 

community structure and composition and fuels (Chapter 2 and 3 this dissertation) 
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during secondary succession will help in the understanding of past fire management 

effects and assist future management decisions. 

 

METHODS 

 

STUDY APPROACH 

To provide a better understanding of how forest ecosystems are affected by, 

respond to, and develop with time following stand-replacing wildland fire, a 

chronosequence approach was utilized in this study.  This approach substitutes space 

for time while keeping the remaining state variables unchanged to the greatest extent 

possible (Powers and Van Cleve 1989, Pickett 1991).  Soil N dynamics were 

examined along an age sequence of sites that was comprised of sites recently burned 

by stand-replacing wildland fire (2 to 25 years since fire), and sites that have 

progressed to mid- (167 to 297 years) and late-successional (>300 years) forest stages. 

In this study, the pool and fluxes (soil surface influx and flux at 9-cm soil 

depth) of plant available, mineral-N, and relative changes between ammonium (NH4
+-

N) and nitrate (NO3
--N) for all fluxes were determined for the surface soil rooting 

zone in a chronosequence of sites representing montane forest development following 

high-severity wildfire.  Changes in the mineral-N pool and associated fluxes due to 

disturbance and subsequent forest development are expected to be sufficiently large to 

be captured by the sampling methodology and extract analysis. 

 

 

STUDY AREA 

All study sites were selected in Crater Lake National Park, which encompasses 

645 km2 surrounding the collapsed caldera of Mount Mazama at the southern end of 

the high Cascades physiographic province Oregon (Figure 4.1).  Sites were restricted 

to forests that were dominated by or would typically proceed to dominance by 

mountain hemlock (Tsuga mertensiana) and Shasta red fir (Abies magnifica var. 

shastensis).  Lodgepole pine (Pinus contorta), sub-alpine fir (Abies lasiocarpa) and 

western white pine (Pinus monticola) were common components of these forests.   
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Figure 4.1.  Location of study sites (by site age) in Crater Lake National Park, Oregon. 

 

Three recently burned mature forests, with fires that occurred from 2 to 25 

years prior to sampling, and with large, high-severity (stand-replacing) burns were  
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examined to describe short-term recent wildfire effects and responses in this forest 

type.  In the context of fire regimes in a forest ecosystem, high-severity refers to >70% 

overstory mortality (Agee 1993).  The Goodbye Fire burned in 1977, the Flying Fire 

in 1994, and the Border fire in 2001 (park records).  These sites were considered to be 

in the early stages of post-fire succession.  Mid- and late-successional sites were 

selected through examination of stand structure to complete a >300-year 

chronosequence (Table 4.1).  A gap in forest stands from ages 25 to 167 existed partly 

due to wildfire suppression by the Park which limited wildfires to one quarter acre or 

less between 1930 and 1977 (park records).  Mid-successional sites refer to sites 167 

to 297 years in age and that are in the biomass accumulation/competitive exclusion 

and maturation stages described by Franklin et al. (2002).  Late-successional sites 

refer to sites that are in the structural diversification and pioneer cohort loss stages of 

Franklin et al. (2002).  This latter stage is commonly referred to as old-growth forest 

(Oliver 1981). 

 
Table 4.1.  Stand ages when measured (years), elevation (m) and solar radiationa of the 
sampled forests that comprise the chronosequence for this study in Shasta red fir-
mountain hemlock forests, Crater Lake National Park.   
 
 Stand   Solar 
Site (abbreviation)      Age (years) Elevation (m) Radiationa 
Border Fire (BF) 2  1650 663 
Flying Fire (FF) 9  2090 690 
Goodbye Fire (GF) 25  2010 706 
Cold Spring adjacent (CSC) 167  1770 673 
Crater Peak north (CP) 222 2060 442 
Border Fire adjacent (BFC) 297 1650 640 
Flying Fire adjacent (FFC) >300 2090 733 
a Solar Radiation: Cal/sq.cm/day for June 22nd. Buffo et al. 1972.  Solar Radiation relates solar energy 
to a locations specific slope, aspect and latitude on a particular day of the year. 
 

Ages of the three recent burn sites were obtained from park records.  Ages of 

the three mid-successional sites were determined by increment coring the largest trees 

at breast height and then adding the ages of cut seedlings of approximate breast height 

(Chapter 2 this dissertation).   

The increment borer utilized was not sufficient to completely core the largest 

trees located at the late-successional forest sites.  However, several recently cut large 
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trees (>100 cm dbh) were located in the vicinity of our study sites.  Ring counts were 

made from the stumps which were comparable in size to those of the largest trees of 

the late-successional forest sites.  In each case, trees >100 cm dbh were determined to 

be >300 years of age. 

 

METHODS 

Field sampling 

 At each of the seven chronosequence sites a systematic sampling design was 

used for soil N and C sampling.  Three 100 m sampling transects were established 

within the zone of high burn severity with three potential sampling points each at 25, 

50 and 75 m (Figure 4.2).  Eight of the nine potential sampling points at each site were 

randomly selected for resin core installation. 

 

 

Figure 4.2.  At each of the seven chronosequence sites a systematic sampling design 
was used for resin core sampling.  Three 100 m sampling transects were established 
with three potential sampling points each at 25, 50 and 75 m.  Eight of the nine 
potential sampling points were randomly selected for resin core installation. 
 

The resin core method (DiStefano and Gholz 1986, Powers 1990) was used to 

quantify NH4
+-N and NO3

--N changes in the top 9 cm of mineral soil.  PVC pipe, 5 cm 

in diameter, was first cut into 10-cm core sections.  Fine mesh resin bags were 

25m 50m 75m 
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constructed of nylons with enclosed circular vinyl tubing tied with nylon fishing line.  

The circular tubing created a disc shape and allowed a snug fit in the PVC core.  Three 

grams (± 0.05 g) of J.T. Baker analyzed, Dowex HCR-W2 (1927-01, lot Y09601) 

cation exchange resin, or J.T. Baker analyzed, Dowex Marathon A (1901-01, lot 

Y15592) anion exchange resin (Table 4.2) was added to each mesh bag.  Separate 

anion and cation exchange resins were used since the potential release of amino 

compounds by anion resins could interfere with NH4
+-N analysis (Langlois et al. 

2003). 

 

Table 4.2.  Chemical and physical properties for the ion exchange resins used in resin 
core sampling. 
 
Resin Property Cation Anion   
 
Mesh Size (um) 420-1200 525-625 
Type strong acid strong base 
Total Exchange Capacity (wet vol. meq/mL) 2.0 1.4  
Moisture Content (%) na 53 
Active Group sulfonic acid (SO3

-) trimethylamine (type I) 
Initial Exchange Ion H+ Cl- 

 

Sampling was initiated following snowmelt in spring 2003.  At each sampling 

location, the forest floor horizon was carefully removed.  At the start of the sampling 

period, a soil sample of the top 10 cm of mineral soil, representing the initial mineral 

N pool, was collected with a hand auger at each location. These samples were 

transported on ice back to the lab.  At the same time, a soil core was collected in a 10 

cm, open-ended PVC tube, fitted into a steel sheath and hammered into the soil.  After 

removal of the sheath, the bottom 1 cm of soil was removed from each core and a 

cation and an anion resin bag were (anion bag at the bottom) fitted into the bottom of 

the tube in contact with the remaining soil core.  The PVC tube containing the soil 

core and fitted lower resin bags was placed back into the core sample hole for 

incubation with the top situated level with the top of the surrounding soil (Figure 4.3).  

A second pair of anion and cation resin bags was placed at the soil surface adjacent to 

the PVC tube (Powers 1990) and the forest floor horizon was carefully replaced.  The 

purpose of the outer placement of the upper pair of resin bags was to capture mineral-
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N passing from the forest floor down into the mineral soil, without affecting the actual 

N dynamics within the incubating soil core.  These resin cores provide in-situ soil 

incubation, isolated from plant uptake but open to the natural variation in 

environmental conditions, while accounting for N inputs and outputs. 

 

 

9 cm

Forest Floor

Mineral Soil

Anion Resin Cation Resin

 

Figure 4.3.  Design of 9 cm deep resin core sampling method as installed at each 
sampling location.  The open top of the soil-filled core is located at the forest floor-
soil interface and one anion and one cation resin bag are located adjacent to the core.  
A second set of cation and anion resin bags is stacked (with the cation above) in the 
bottom 1 cm of the 10 cm core. 
 

After incubating for one year, the resin cores were collected after snowmelt in 

2004.  At two sites, the 9-year and adjacent >300-year sites, separate incubations were 

conducted for the summer-growing season and the winter-wet season.  Growing 

season samples were incubated from July 23, 2003 through November 1, 2003, and 

winter-wet season samples were installed on November 1, 2003 for incubation until 

spring snowmelt July 1 (9-year site), and July 14 (>300-year site) in 2004.  All 

samples were transported on ice back to the lab. 
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Since soil solution mineral N concentration is in part dependent upon total soil 

N, initial pool soil samples were also used for the determination of total C and N 

concentrations for the top 9 cm of the mineral soil.  Six samples, two per macroplot, 

were selected at each site.  A measure of soil bulk density at each site was necessary to 

determine total C and N quantities for the top 9 cm of mineral soil.  Soil samples for 

bulk density were collected using an AMS hammer type, 10 cm depth (196.4 cm3) 

core sampler.  Six samples were collected, one per randomly selected microplot (two 

per macroplot). Likewise, the influx of mineral-N from the overlying forest floor is in 

part dependent upon the total N content of the forest floor.  Forest floor total C and N 

concentrations were determined from samples (six per site, two per macroplot) 

previously collected for biomass determination (Chapter 3 this dissertation).  Total 

forest floor biomass, which was necessary to determine forest floor total C and N, was 

calculated for each site (Chapter 3 this dissertation) using 42 sub-samples per site 

instead of the 6 analyzed for C and N.  

 

Lab analysis 

All soil samples were extracted for mineral-N soon after arrival at the lab.  

Resin bag samples were stored on ice until extraction.  Samples were extracted for 

NH4
+-N (cation resins), NO3

--N (anion resins), and NH4
+-N and NO3

--N (soils) using 

KCl extraction procedures (Vitousek 2003).  The soil core samples were sieved with a 

2 mm screen and 10 g subsamples were weighed out into solo cups.  A 50 ml solution 

of 2M KCl was added to each sample (including a blank) and shaken by hand for one 

minute.  The samples then sat at room temperature for 24 hours.  Funnels were set up 

with Whatman #40 filter paper for extract filtration.  Each filter was first leached three 

times with 30 ml of 2M KCl.  A few ml of extract supernatant was then poured 

through the filters to rid the funnels of pure KCl.  The sample extract was then poured 

through the filter paper into clean solo cups and transferred into scintillation vials 

before being stored frozen.   

Prior to KCl extraction, resin beads were first separated from the mesh bags.  

Fine soil particles were separated from resin beads using a combination of freezer 

paper (Stephen Hart pers. comm.) and riffle pans.  Extraction of the resin beads for 
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KCl then followed as above for soils.  Following extraction the resin samples were air 

dried and weighed.  Extract analysis for NH4
+-N (Astoria Pacific International-a 2002, 

Astoria Pacific International-b 2002), and NO3
--N (Astoria-Pacific International-c 

2002) were performed using an ALPKEM Rapid Flow Analyzer at the Oregon State 

University Department of Fisheries and Wildlife Lab. 

Bulk density was determined in the lab for forest floor samples and soil 

samples.  Forest floor and soil samples were weighed after oven-drying at 65o C and 

100o C respectively for 48 hours.  Forest floor sample volumes (cm3) were calculated 

from field measured depth and corer diameter (5.6 cm).  Bulk densities (g/cm3) were 

calculated by dividing the oven dry weights by the volumes.  Bulk densities were 

necessary to calculate C and N pools contained in site forest floor and surface soil. 

Subsamples of previously sieved, initial pool soil samples (0-9 cm depth) were 

finely ground by morter and pestle and then oven-dried for 72 hours at 65o C.  

Samples were analyzed for total C and N concentration by the induction furnace 

method (Nelson and Sommers 1996) on a Carlo-Erba NCS element analyzer at the 

Oregon State University Department of Fisheries and Wildlife Lab. Soil and forest 

floor total C and N for each site were then calculated by multiplying the above 

determined average C and N concentrations of each sample by the respective soil and 

forest floor bulk densities determined for each site. 

 

Resin Core Calculations  

 Mineral soil surface influx, and flux at a soil depth of 9 cm were determined 

for NH4
+-N, NO3

--N and dissolved inorganic nitrogen (DIN = NH4
+-N + NO3

--N).  

Soil pool values for NH4
+-N, NO3

--N and DIN were determined at pre-incubation and 

post-incubation times. 

 Soil net N-mineralization (DIN) and net nitrification was determined for each 

resin core using equation (1).  A negative value represents net immobilization in the 

core.   

 

1) Net mineralization-nitrification (core) = final soil pool + flux at 9-cm – initial 

soil pool – surface influx 
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Net mineralization and nitrification were calculated only for entirely recovered cores 

since some resin cores were disturbed or damage (probably by wildlife) during 

incubation.  As with the values of influx and 9-cm flux from the resin samples, the net 

mineralization and nitrification values were averaged for each site.  All graphs show 

means and standard error bars for sub-replicate samples collected at each site.  The 

error bars illustrate the within-site variability. 

 

Statistical Analyses 

Tests of significant differences between paired recently burned and unburned 

sites were conducted with a 2-sample t-test.  Statistical analysis for significant 

differences between chronosequence sites was performed using ANOVA (F-protected 

Fishers LSD).  The significance level was set at 0.10.  

 

RESULTS 

 

HIGH-SEVERITY FIRE EFFECTS 

C, N and Mineral-N Pools 

 Stand-replacing fires had significant impacts on forest floor and soil N pools 

and dynamics that were apparent two years after fire (Table 4.3).  Compared with an 

adjacent unburned 297-year old site, soil total C concentration was 21% greater (3.02 

vs. 2.50%) and soil total N concentration (0.09 vs. 0.06%) was 50% greater at the 2-

year post-fire site, although only the difference in total N concentration was 

statistically significant (p<0.01).  Differences in soil total C and N were even greater 

due to the greater soil bulk density of the 2-year site (0.821 vs. 0.694 g/cm3).  

Compared with the adjacent unburned 297-year old site, soil total C was 43% greater 

(22.3 vs. 15.6 Mg/ha) and soil total N (663 vs. 390 kg/ha) was 70% greater at the 2-

year post-fire site (p=0.03 and <0.01 respectively).  The soil C:N ratio was lower at 

the 2-year site (33.6) compared with the adjacent 297 year site (40.0) (p=0.05).  The 

soil NH4
+-N pool at the 2-year site (4.31 mg/kg soil) was ~5 times greater than at the 

297-year site (p=0.01); however, the small soil NO3
--N pools (0.036 and 0.044 mg/kg 

soil) were nearly identical.   
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 The differences in forest floor C and N pools between adjacent burned and 

unburned sites were primarily due to differences in forest floor biomass resulting from 

fire consumption.  Forest floor C concentrations were similar (p=0.79) between the 2-

year post-fire site (44.3%) and the adjacent unburned 297-year site (42.6%), however 

the 4-fold difference in biomass produced a similar difference in the total C pool (11.1  

 

Table 4.3.  Comparison of surface soil (0-9 cm) total C concentration (%), total C 
(Mg/ha), total N concentration (%), total N (kg/ha) C:N ratio, NH4

+-N pool (mg/kg, 
mg/kg N), NO3

--N pool (mg/kg, mg/kg N), DIN (NH4
+-N + NO3

--N) pool (mg/kg, 
mg/kg N), NO3

--N:DIN (%), NH4
+-N influx (surface) (kg/ha/yr), NO3

--N influx 
(surface) (kg/ha/yr), NH4

+-N 9-cm depth flux (kg/ha/yr), NO3
--N 9-cm depth flux 

(kg/ha/yr), and net nitrification (kg/ha/yr) between the 2-year post-fire site with the 
adjacent unburned 297-year site.  C, N and mineral-N pools were sampled on June 28, 
2003.  DIN influxes, DIN 9-cm depth fluxes and net mineralization are not presented 
because the 2-year site NH4

+-N and NO3
--N samples were from different locations.  

Mineral-N fluxes and net mineralization were sampled June 28, 2003 to July 1, 2004. 
Values are means (±1 SE).  P-values are from a 2-sample t-test. 
 
Site Age (years) 2-Year 297-Year Unburned P-value 
 
Forest Floor 
   Biomass (Mg/ha) 25.1 (4.5) 110 (14) <0.01 
   C (%) 44.3 (5.01) 42.6 (3.50) 0.79 
   Total C (Mg/ha) 11.1 (1.26) 46.9 (3.85) <0.01 
   N (%) 0.59 (0.15) 0.75 (0.08) 0.34 
   Total N (kg/ha) 149 (46.4) 823 (88.0) <0.01 
   C:N Ratio 88.3 (28.6) 62.1 (10.4) 0.31 
 
Soil (0-9 cm) 
   Bulk Density (g/cm3) 0.821 (0.008) 0.694 (0.022) <0.01 
   Total C (%) 3.02 (0.29) 2.50 (0.26) 0.20 
   Total C (Mg/ha) 22.3 (2.1) 15.6 (1.6) 0.03 
   Total N (%) 0.09 (0.006) 0.06 (0.006) <0.01 
   Total N (kg/ha) 663 (41) 390 (36) <0.01 
   C:N Ratio 33.6 (2.14) 40.0 (2.06) 0.05 
   NH4

+-N Pool (mg/kg) 4.31 (1.17) 0.91 (0.16) 0.01 
   NH4

+-N Pool (g/kg N) 4.65 (1.22) 1.47 (0.24) 0.02 
   NO3

--N Pool (mg/kg) 0.036 (0.009) 0.044 (0.004) 0.44 
   NO3

--N Pool (g/kg N) 0.039 (0.009) 0.072 (0.006) <0.01 
   DIN Pool (mg/kg) 4.35 (1.18) 0.95 (0.16) 0.01 
   DIN Pool (g/kg N) 4.69 (1.22) 1.54 (0.23) 0.02 
   NO3

--N:DIN (%) 1.4 (0.5) 5.8 (1.2) <0.01 
   NH4

+-N Influx (kg/ha/yr) 3.03 (1.91) 0.78 (0.25) 0.13 
   NO3

--N Influx (kg/ha/yr) 0.288 (0.13) 0.056 (0.017) 0.04 
   NH4

+-N 9-cm Flux (kg/ha/yr)  1.87 (0.97) 0.20 (0.15) 0.04 
   NO3

--N 9-cm Flux (kg/ha/yr) 0.077 (0.038) 0.047 (0.031) 0.59 
   Net Nitrification (kg/ha/yr) -0.232 (0.12) -0.035 (0.02) 0.07 
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vs. 46.9 Mg/ha) (p<0.01) (Table 4.3).  Forest floor N concentrations were likewise not 

significantly different (p=0.34) between the 2-year site (0.59%) and the adjacent 

unburned site (0.75%).  Once again, total N was significantly different (p<0.01) 

between the two sites (149 vs. 823 kg/ha) primarily due to the lower post-fire biomass 

at the 2-year site. 

 

Mineral-N Fluxes 

 The soil mineral-N fluxes were greater and more variable at the 2-year site 

compared with the adjacent 297-year unburned site.  Mean NH4
+-N and NO3

--N 

surface influxes (3.03 and 0.288 kg/ha/yr) were four and five times greater, 

respectively, at the 2-year post-fire site compared with the 297-year unburned site 

(Table 4.3), although only the difference in NO3
--N influx was statistically significant 

(p=0.04).  The NH4
+-N and NO3

--N fluxes were based on a small number (3) of 

samples at the 2-year site due to animal damage to soil surface resins.  Mean NH4
+-N 

influx was greater by a factor of 10 than NO3
--N on both sites.  Mean NH4

+-N flux at 

9-cm soil depth was nine times greater at the 2-year site (1.87 kg/ha/yr) compared to 

the 297-year unburned site (0.20 kg/ha/yr) (p=0.04).  Mean NO3
--N fluxes at 9-cm soil 

depth (0.077 vs. 0.047 kg/ha/yr), were not significantly different (p=0.59), and as with 

the soil pools and surface influxes NO3
--N fluxes at 9-cm soil depth were small 

compared to NH4
+-N fluxes.   

 

CHANGES DURING SUCCESSION 

C, N and Mineral-N Pools  

Forest floor total N concentration was highest at the 9-year post-fire site (1.13%) and 

then lowest at the 25-year post-fire site (0.45%) (Table 4.4) coinciding with a large 

input of woody litter derived from decomposing logs (Chapter 3 this dissertation).  

The forest floor C:N ratio was correspondingly highest (91.1) at the 25-year post-fire 

site.  Total N contained in the forest floor (N concentration*forest floor biomass) was 

lowest (148 and 140 kg/ha) at the two most recent fire sites due to the relatively small 

quantity of forest floor biomass remaining post-fire (Table 4.4).  Despite the low N 

concentration of the woody input, forest floor total N was significantly greater 
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Table 4.4.  Forest floor biomass (Mg/ha), total C concentration (%), total C (Mg/ha), total N concentration (%), total N (kg/ha), C:N 
ratio, and surface soil (0-9 cm) bulk density (g/cm3) total C concentration (%), total C (Mg/ha), total N concentration (%), total N 
(kg/ha), C:N ratio, NH4

+-N pool (mg/kg soil), NH4
+-N (mg/kg N), NO3

--N pool (mg/kg soil), NO3
--N (mg/kg N), DIN (NH4

+-N +  
NO3

--N) (mg/kg soil), DIN (mg/kg N) and NO3
--N:DIN (%) for the chronosequence of sites.  Forest floor total N was determined by 

multiplying the biomass of each site by the respective percent total N.  Numbers are means (±1SE).  P-values are from ANOVA (F-
protected Fishers LSD).  The significance level was set at 0.10.  Sites with the same letter are not significantly different.   
 
Site Age (years) 2 9 25 167 222 297 >300 P-value 
 
Forest Floor 
   Biomass (Mg/ha) 25.1 (4.5)a 12.4 (4.3)a 89.2 (13)b 88.7 (5.5)b 109 (15)b 110 (14)b 85.0 (21)b <0.01 
   C (%) 44.3 (5.01) 47.3 (2.31) 41.0 (4.18) 44.0 (2.82) 44.1 (4.54) 42.6 (3.50) 35.0 (2.60) 0.29 
   Total C (Mg/ha) 11.1 (1.26)a 5.86 (0.28)a 36.6 (3.73)bc 39.0 (2.50)c 48.1 (4.95)d 46.9 (3.85)d 29.8 (2.21)b <0.01 
   N (%) 0.59 (0.15)ab 1.13 (0.18)d 0.45 (0.03)a 1.06 (0.08)d 0.93 (0.08)cd 0.75 (0.08)bc 0.68 (0.03)ab <0.01 
   Total N (kg/ha) 148 (37.6)a 140 (21.7)a 401 (26.7)b 940 (70.9)de 1013 (87.1)e 821 (87.6)d 578 (25.5)c <0.01 
   C:N Ratio 88.3 (28.6)bc 52.4 (14.5)a 91.1 (15.9)c 41.5 (3.89)a 47.4 (2.16)a 56.8 (10.4)b 51.5 (3.87)a 0.02 
    
Soil (0-9 cm) 
   Bulk Density (g/cm3) 0.82 (0.008)c 1.08 (0.02)d 1.04 (0.02)d 0.62 (0.02)a 0.74 (0.07)b 0.69 (0.02)b 0.83 (0.04)c <0.01 
   C (%) 3.02 (0.29)ab 3.56 (0.40)a 5.11 (0.58)c 5.87 (0.29)c 3.68 (0.38)a 2.50 (0.26)b 3.40 (0.41)ab <0.01 
   Total C (Mg/ha) 22.3 (2.13)ab 34.6 (3.89)d 47.6 (5.44)f 32.7 (1.61)cd 24.6 (2.51)b 15.6 (1.60)a 25.3 (3.03)bc <0.01 
   N (%) 0.09 (0.006)ab 0.13 (0.014)b 0.18 (0.019)c 0.20 (0.013)c 0.09 (0.008)ab 0.06 (0.006)a 0.10 (0.01)b <0.01 
   Total N (kg/ha) 663 (40.8)b 1341 (131)c 1692 (177)d 1127 (73.4)c 599 (53.7)ab 390 (36.0)a 759 (77.8)b <0.01 
   C:N Ratio 33.6 (2.14)a 25.8 (1.28)b 28.4 (1.37)b 29.4 (1.26)bc 41.2 (1.78)d 40.0 (2.06)d 33.1 (1.59)ac <0.01 
   NH4

+-N (mg/kg) 4.31 (1.17)c 2.21 (0.51)b 1.62 (0.27)ab 1.53 (0.17)ab 0.77 (0.07)a 0.91 (0.16)a 1.06 (0.19)ab <0.01 
   NH4

+-N (g/kg N) 4.65 (1.22)b 1.60 (0.32)a 0.88 (0.11)a 0.77 (0.10)a 0.92 (0.14)a 1.47 (0.24)a 1.01 (0.10)a <0.01 
   NO3

---N (mg/kg) 0.036 (0.009)a 3.11 (1.22)c 1.69 (0.79)b 0.18 (0.17)a 0.0 (0.0)a 0.044 (0.004)a 0.059 (0.03)a <0.01 
   NO3

--N (g/kg N) 0.039 (0.009)a 2.02 (0.51)c 0.89 (0.41)b 0.093 (0.03)a 0.0 (0.0)a 0.072 (0.006)a 0.045 (0.03)a <0.01 
   DIN (mg/kg) 4.35 (1.18)b 5.31 (1.65)b 3.31 (1.02)b 1.71 (0.17)a 0.77 (0.06)a 0.95 (0.16)a 1.11 (0.21)a <0.01 
   DIN (g/kg N) 4.69 (1.22)b 3.62 (0.69)b 1.77 (0.51)a 0.87 (0.10)a 0.92 (0.14)a 1.54 (0.23)a 1.06 (0.10)a <0.01 
   NO3

--N:DIN (%) 1.4 (0.5)a 54.7 (5.0)d 37.8 (7.1)c 10.4 (2.8)b 0.0 (0.0)a 5.8 (1.2)ab 4.4 (2.8)ab <0.01
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(p<0.10) at the 25-year site (401 kg/ha) compared to the 9-year site (136 kg/ha).  

Forest floor N concentration trended gradually lower and the C:N ratio widened at 

sites 167 years and older (Figure 4.4).  Forest floor total N was highest at the 222-year 

mid-successional site (1013 kg/ha) as accumulating forest floor biomass offset lower 

total N concentrations.  With total N concentration trending lower and forest floor  
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Figure 4.4.  Forest floor C:N ratio and total N concentration (%) for the 
chronosequence of sites.  
 

biomass essentially unchanged, forest floor total N was significantly lower compared 

to the 222-year site (p<0.10) at the 297-year site (821 kg/ha) and again at the >300-

year late-successional site (578 kg/ha) (Table 4.4, Figure 4.5).  Forest floor C 

concentrations were not significantly different (p=0.29) across the chronosequence 

and therefore the amount of total C was largely dependent upon forest floor biomass 

(Table 4.4). 

Surface (9-cm) soil total C and N concentrations were higher, not immediately 

following fire, but during the early part of the successional chronosequence (Table 4.4, 

Figure 4.6).  The highest concentrations of soil C and N occurred at the 25-year 

(5.11% and 0.18% respectively) and 167-year sites (5.87% and 0.20% respectively) 

(Table 4.4).  The C and N concentrations at these sites were significantly greater 

(p<0.10) than concentrations at all other sites.  The significantly higher (p<0.10) soil 

bulk density at the 25-year site (1.04 g/cm3) compared to the 167-year site (0.62  
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Figure 4.5.  Forest floor biomass (Mg/ha) and total N (kg/ha) for the chronosequence 
of sites.  
 

g/cm3) contributed to the highest surface (9-cm) soil total C (47.6 Mg/ha) and total N 

(1692 kg/ha) at the 25-year site (Table 4.4).  The surface soil C:N ratio was lowest 

(<30), corresponding to the highest N concentrations, at sites between 9 and 167 years 

(Table 4.4, Figure 4.6).  At sites 222 years and older surface soil N concentrations  
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Figure 4.6.  Surface soil (0-10 cm) C:N ratio and total N concentration (%) for the 
chronosequence of sites.  
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(≤0.10%) were significantly lower (p<0.10), being 50% or less that of the 167-year 

site.  Surface soil C concentrations were also lower at older sites, however, the change 

was not as precipitous as with N.  The result was greater C:N ratios (Figure 4.6), 

significantly so (p<0.10) at the 222-year (42.1) and 297-year (40.0) sites (Table 4.4).   

The peak of the post-fire, surface (0-9 cm) soil NO3
--N pool, which was 

highest on the 9-year site (3.11 mg/kg soil), lagged behind the peak of the NH4
+-N 

pool, which was highest at the youngest (2-year) site (4.31 mg/kg soil) (Table 4.4, 

Figure 4.7).  The NH4
+-N pool trended gradually lower with time since fire, leveling 

off at approximately 1.0 mg/kg at sites 222 years and older (Table 4.4, Figure 4.7); 

whereas the NO3
--N pool was more abruptly lower with time after the 25-year site.  

The NO3
--N comprised a high proportion of DIN (55 and 38%) at the early-

successional 9- and 25-year sites but ≤10% at all other sites.   
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Figure 4.7.  Spring (July) 2003 soil mineral-N concentration (mg/kg) for the 
chronosequence of sites.  
 

Mineral-N Fluxes 

 Fluxes in soil mineral-N had an over all U-shaped pattern through the 

chronosequence, being highest early in succession, lowest in the middle before rising 

again on the oldest sites (especially influxes) (Figures 4.8 and 4.9).  Mineral soil 

surface influx from the overlying forest floor was highest for both DIN (10.2 kg/ha/yr) 
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and NO3
--N (6.58 kg/ha/yr) at the 9-year site (Table 4.5).  Compared to the mid-

successional sites, influxes of DIN and NO3
--N were also significantly higher (p<0.10) 

at the >300-year late-successional site (3.74 and 0.842 kg/ha/yr respectively) (Table 

4.5).   

Dissolved inorganic-N fluxes at the 9-cm soil depth were highest at the 9- 

(4.60 kg/ha/yr) and 25-year sites (4.63 kg/ha/yr) (Table 4.5).  Mineral-N fluxes at 9-

cm depth were very low (<0.25 kg/ha/yr) at mid-successional sites and were not 

significantly different (p>0.10) at the late-successional site (0.637 kg/ha/yr DIN, 0.345 

kg/ha/yr NO3
--N) (Table 4.5).  The dominant mineral-N form changed with time since 

fire.  Ammonium dominated the flux by 11-fold 2 years post-fire but the dominance 

was reversed at the 9- and 25-year post-fire sites where nitrate dominated the flux by 

~20-fold (Table 4.5).   

Mineral-N influx was always greater than the 9-cm depth flux (Table 4.5) at 

the same site.  The greatest magnitude difference between influx and 9-cm flux was at  
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Figure 4.8.  Soil surface influxes and 9-cm depth fluxes of DIN (NH4

+-N + NO3
--N) 

(kg/ha/yr) for soil resin cores for the chronosequence of sites. No data due to animal 
disturbance are indicated by nd.  Negative values represent the 9-cm flux out of the 
soil core.   
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Table 4.5.  DIN (NH4
+-N + NO3

--N) and NO3
--N soil surface influxes (kg/ha/yr), 9-cm soil depth fluxes (kg/ha/yr), resin core net 

fluxes (9-cm depth flux – surface influx) (kg/ha/yr), net soil pool changes (final soil pool – initial soil pool) (kg/ha/yr) and 
mineralization (nitrification) (final soil pool + 9-cm depth flux – initial soil pool – surface influx) (kg/ha/mo) from July 2003 to July 
2004 for the chronosequence of sites.  No data due to animal disturbance are indicated by nd. Numbers are means (±1SE).  P-values 
are from ANOVA (F-protected Fishers LSD).  The significance level was set at 0.10.  Sites with the same letter are not significantly 
different. 
 
Site Age (years) 2 9 25 167 222 297 300+ P-value 
 
DIN (kg/ha/yr) 
   Influx nd 10.2 (0.007)b nd 0.898 (0.69)a 0.300 (0.13)a 0.831 (0.24)a 3.74 (0.86)b <0.01 
   9-cm Depth Flux 0.775 (0.69)a 4.60 (1.42)b 4.63 (1.97)b 0.165 (0.14)a 0.011 (0.007)a 0.243 (0.17)a 0.637 (0.18)a <0.01 
DIN Resin Core (kg/ha/yr) 
   Net Flux  nd -5.60 nd -0.733 -0.289 -0.588 -3.10  
   Net Soil Pool Change nd -3.45 nd -0.251 0.973 -0.189 2.02 
   Net Mineralization nd -9.05 (0.75)c nd -0.984 (0.55)ab 0.684 (0.38)a -0.777 (0.33)ab -1.08 (0.99)b <0.01 
 
NO3

---N (kg/ha/yr) 
   Influx  0.288 (0.13)a 6.58 (1.30)c nd 0.424 (0.41)ab 0.007 (0.003)a 0.056 (0.02)a 0.842 (0.03)b <0.01 
   9-cm Depth Flux 0.077 (0.04)a 4.42 (1.39)b 4.41 (1.86)b 0.035 (0.03)a 0.003 (0.002)a 0.047 (0.03)a 0.345 (0.14)a  <0.01 
NO3

---N Resin Core (kg/ha/yr) 
   Net Flux  -0.211 -2.16 nd -0.389 -0.004 0.009 -0.497 
   Net Soil Pool Change -0.021 -1.03 nd -0.093 0.030 -0.044 0.112 
   Net Nitrification  -0.232 (0.12)a -3.19 (1.59)b nd -0.482 (0.36)a 0.026 (0.03)a -0.035 (0.02)a -0.385 (0.36)a <0.01 
   



 

 

112 

the 9-year site where fluxes were highest.  The proportion of the NH4
+-N 9-cm depth 

flux compared to surface influx was small at all sites.  In contrast the 9-cm depth NO3 
--N flux was 67% of the influx at the 9-year site and >40% of the influx at the 297- 

and >300-year sites.  
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Figure 4.9.  Soil surface influxes and 9-cm depth fluxes of NO3

--N (kg/ha/yr) for soil 
resin cores for the chronosequence of sites. No data due to animal disturbance are 
indicated by nd.  Negative values represent the 9-cm flux out of the soil core.   
 

Mineralization-Immobilization 

Net soil (0-9 cm depth) mineral-N fluxes and pool changes were greatest at the 

9-year site producing the highest levels of net immobilization (negative net 

mineralization and nitrification) (Figure 4.10).  High DIN and NO3
--N influxes (10.2 

and 6.58 kg/ha/yr respectively) at the 9-year site resulted in the most negative net 

fluxes (-5.60 and -2.16 kg/ha/yr respectively) (Table 4.5).  The 9-year site also had the 

greatest soil DIN and NO3
--N pool decreases (-3.45 and -1.03 kg/ha/mo respectively) 

and thus the greatest net immobilization of DIN (-9.05 kg/ha/yr) and NO3
--N (-3.19 

kg/ha/yr) among the sites (Table 4.5).  Net mineralization and nitrification rates were 

negative (except for the 222 year site) and were generally balanced near zero all other 

sites (Figure 4.10).   
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Figure 4.10.  Net mineralization (DIN) and nitrification (final soil pool + 9-cm depth 
flux – initial soil pool – surface influx) (kg/ha/yr), from July 2003 to July 2004, for the 
chronosequence of sites.  No data due to animal disturbance are indicated by nd.  
Positive values represent net mineralization and negative values represent net 
immobilization. 
 

SEASONAL CHANGES 

Mineral-N Fluxes 

A comparison of summer (July-September 2003) and winter (October 2003-

June 2004) seasonal mineral-N flux rates revealed considerable differences between 

the recently burned 9-year site and the >300-year site (Figures 4.11 and 4.12).  The 

summer NH4
+-N soil surface influx rate (0.770 kg/ha/mo) was 7-fold greater than the 

winter influx rate (0.111 kg/ha/mo) at the 9-year site (Table 4.6).  Meanwhile, 

seasonal variation in NH4
+-N fluxes were not significantly different (p>0.10) at the 

>300-year site.  The NH4
+-N flux rates at 9-cm depth were low (≤0.034 kg/ha/mo) at 

both sites and not significantly different between seasons (Table 4.6).  Thus high 

NH4
+-N flux rates at the 9-year site are summer (growing season) driven while rates 

change little seasonally at the >300-year site.   

Seasonal comparisons of NO3
--N fluxes were altogether different, particularly 

at the 9-year site where there was no significant difference (p>0.10) between the 

summer and winter season flux rates (Table 4.6, Figure 4.12).  The lower NO3
--N flux  
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Table 4.6.  Seasonal summer (July-September 2003) and winter (October 2003-June 
2004) NH4

+-N, NO3
--N and DIN (NH4

+-N + NO3
--N) soil surface influxes and 9-cm 

soil depth fluxes (kg/ha/mo) for the 9-year and >300-year sites.  Numbers are means 
(± 1SE).  P-values are from ANOVA (F-protected Fishers LSD).  The significance 
level was set at 0.10.  Sites with the same letter are not significantly different. 
 

Site (year) 9 9 >300 >300 
Season Summer Winter Summer Winter P-value 
 
NH4

+-N 
   Influx (kg/ha/mo) 0.770 (0.23)b 0.111 (0.06)a 0.329 (0.14)a 0.208 (0.07)a 0.10 
   9-cm Depth Flux (kg/ha/mo) 0.034 (0.005) 0.007 (0.006) 0.020 (0.008) 0.026 (0.01) 0.63 
NO3

--N 
   Influx (kg/ha/mo) 0.601 (0.004)c 0.527 (0.15)c 0.003 (0.001)a 0.096 (0.04)b <0.01 
   9-cm Depth Flux (kg/ha/mo) 0.379 (0.12)b 0.364 (0.21)b 0.003 (0.002)a 0.039 (0.02)a <0.01 
DIN 
   Influx (kg/ha/mo) 1.37 (0.23)b 0.638 (0.13)a 0.332 (0.14)a 0.304 (0.09)a <0.01 
   9-cm Depth Flux (kg/ha/mo) 0.414 (0.12)b 0.371 (0.22)b 0.023 (0.009)a 0.065 (0.02)a <0.01 

 

rates (<0.10 kg/ha/mo) at the >300-year site were not significantly different (p>0.10) 

between seasons (though more than an order of magnitude greater during the winter 

season).  Rates of DIN flux were seasonally different only for the surface influx at the 

9-year site where the difference was driven by the higher summer season NH4
+-N 

influx. 
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Figure 4.11.  Seasonal summer (July-September 2003) and winter (October 2003-June 
2004) soil surface influx and 9-cm depth flux of NH4

+-N (kg/ha/mo) for the 9- and 
>300-year sites.  Negative values represent the 9-cm flux out of the soil core. 
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Figure 4.12.  Seasonal summer (July-September 2003) and winter (October 2003-June 
2004) soil surface influx and 9-cm depth flux of NO3

--N (kg/ha/mo) for the 9- and 
>300-year sites.  Negative values represent the 9-cm flux out of the soil core. 
 

Mineralization-Immobilization 

Seasonal differences in net mineralization (immobilization) rates were 

substantial at the 9-year site but not at the >300-year site (Figure 4.13).  Net 

nitrification (immobilization) rates were not different between summer and winter 

seasons at either the 9-year or >300-year site.  Driven by a summer DIN influx rate 

that was twice the winter influx rate, resulting in a negative net flux (-0.986 kg/ha/mo) 

at the 9-year site, net mineralization (immobilization) was significantly more negative 

(p<0.10) during the summer (-1.36 kg/ha/mo) compared to the winter (-0.506 

kg/ha/mo) season (Table 4.7).  In contrast, net NO3
--N immobilization was lower but 

seasonally similar at the 9-year site.   

At the >300-year site, net mineralization and nitrification rates were balanced 

near zero for both summer and winter seasons.  Net fluxes and soil pool changes of 

NO3
--N were very small (<0.060 kg/ha/mo) during both seasons at the >300-year site.   
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Figure 4.13.  Seasonal summer (July-September 2003) and winter (October 2003-June 
2004) net mineralization (DIN) and nitrification (final soil pool + 9-cm depth flux – 
initial soil pool – surface influx) ) for the 9- and >300-year sites (kg-N/ha/mo).  
Negative values represent net immobilization. 
 
 
At the >300-year site, the higher DIN influx (negative net flux) was balanced by an 

increase in the soil pool during both seasons. 

 
Table 4.7.  Seasonal summer (July-September 2003) and winter (October 2003-June 
2004) net DIN and NO3

--N resin core fluxes (9-cm depth flux – surface influx) 
(kg/ha/mo), net soil pool changes (final soil pool – initial soil pool) (kg/ha/mo) and net 
mineralization and nitrification (final soil pool + 9-cm depth flux – initial soil pool – 
surface influx) (kg/ha/mo) for the 9- and >300-year sites. 
 
Site (year) 9 9 >300 >300 
Season Summer Winter Summer Winter P-value 
 
DIN (kg/ha/mo) 
   Net Flux -0.956 -0.267 -0.309 -0.239 
   Net Soil Pool -0.404 -0.243 0.309 0.137 
   Net Mineralization -1.36 (0.58)b -0.506 (0.15)a <-0.001 (0.20)a -0.124 (0.09)a 0.02 
NO3

--N (kg/ha/mo) 
   Net Flux -0.222 -0.163 0.0 -0.057 
   Net Soil Pool -0.038 -0.105 <-0.001 0.013 
   Net Nitrification -0.260 (0.20)bc -0.268 (0.26)c <-0.001 (0.004)a -0.044 (0.04)a 0.10 
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DISCUSSION 

 

HIGH-SEVERITY FIRE EFFECTS 

High-severity wildfire had a dramatic effect on forest N dynamics.  Ecosystem 

N was lost in the process of biomass combustion and the primary substrate in mature 

forests responsible for releasing N available for biotic uptake, the forest floor, was 

largely consumed.  Soil pools and fluxes were greater compared to unburned forest 

stands. 

The total N pool is on average 99% organically bound (Rosswall 1976).  Since 

high-severity fire in Crater Lake’s fir-hemlock forests consumed approximately 27% 

of the total aboveground biomass (Chapter 3 this dissertation) a proportional quantity 

of N was likely consumed, though a portion was retained in the ecosystem via ash 

deposition.  The forest floor consumption measured in this study was relatively high 

(77-86%) (Chapter 3 this dissertation) compared to other studies in red-fir forests 

(Kilgore 1971) and other PNW ecosystems, such as western hemlock (Tsuga 

heterophylla) (Fahnestock and Agee 1983). Total N lost from the forest floor was 

proportional to biomass consumed as reported by Grier (1975) and Dyrness et al. 

(1989). 

In this study both C and N concentrations were higher in surface soil compared 

with an adjacent unburned site 2 years after fire, but the N difference was 

proportionally greater, lowering the C:N ratio.  High consumption burning has been 

reported to have varying affects on soil C and N in different ecosystems, increasing in 

Alaskan spruce forests (Dyrness et al. 1989), decreasing in western Washington 

conifer forests (Grier 1975) and remaining unchanged in Washington, eastern 

Cascades, pine-fir and pine-spruce forests (Baird et al. 1999).   

A pulse of mineralized nitrogen, converted from organic-N via 

pyromineralization, has been recognized in studies of fire affects in many systems 

(Dunn et al. 1979, Ryan and Covington 1986, Covington and Sackett 1992, Dumontet 

et al. 1996).  The larger (4-fold) surface soil NH4
+-N pool at the 2-year post-fire site 

compared to the adjacent unburned site likewise may be due to pyromineralization.  

The fate of this NH4
+-N flush in part depends upon the severity of the fire (Neary et al. 
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1999) and fire’s impact on plant and microbial populations that normally immobilize 

mineral-N (Vitousek and Matson 1985, DeBano et al. 1998).  The plant community 

strongly competes for available nitrogen; however, high-severity fire almost 

completely eliminated the extant plant community.  Two years following fire, little 

plant colonization was established (Chapter 2 this dissertation) to take advantage of 

this available nitrogen resource.  The microbial population is also diminished by high-

severity fire, but tends to recover much more quickly (Dunn and DeBano 1977). 

With lower plant demand, the potential fate of soil NH4
+-N, which readily 

adsorbs to soil mineral surfaces and organic matter (Chapin et al. 2002), also includes 

ammonia volitization (at pH >8), nitrification, and movement to lower soil horizons.   

Nitrifying microbes are particularly susceptible to soil heating (Dunn and DeBano 

1977); however, after a lag period recovering populations have been reported to 

convert pyromineralized NH4
+-N to NO3

--N, often substantially for up to two years 

following fire (DeBano et al. 1979, Dunn et al. 1979, Covington and Sackett 1992, 

Chorover et al. 1994).  At the 2 year post-fire site there was evidence of NH4
+-N 

mobility and low microbial demand for NH4
+-N that was not equal to the available 

surface soil pool. 

 

EARLY SUCCESSION 

The high fluxes of mineral-N at the 9-year post-fire site likely reflect 

accelerated microbial decomposition of plentiful labile herbaceous litter derived from 

the colonizing vegetation.  The pyromineralization effects would likely have long 

since subsided on a site of this age (Dunn et al. 1979, Dumontet et al. 1996), and the 

decomposing carry-over wood was of low quality (high C:N).  However, the 

developing community was dominated by herbaceous vegetation, including N-fixing 

lupines, which seasonally would have produced labile leaf and fine root litter (Hobbie 

1992, Cornelissen 1996).  The consistently high NH4
+-N and NO3

--N influxes and soil 

pools, as well as the relatively low C:N ratio in both the litter and the soil, likely 

reflect these inputs and their availability for plant uptake.  Microbial demand for 

mineral-N in the surface soil was also high at the 9-year site as indicated by the 

highest levels of net DIN and NO3
--N immobilization.  Nitrification may be enhanced 
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for decades following fire by the presence of charcoal which is thought to adsorb 

polyphenols or other inhibitory compounds (Zackrisson et al. 1996, DeLuca et al 

2006).  The 9-cm depth flux was dominated by the more mobile NO3
--N indicating the 

continued potential for leaching losses.  However, the resin core sampling design 

precluded plant uptake, and under ambient conditions this available N may have been 

largely immobilized by the rapidly developing plant community.   

The deteriorating snags and large downed wood on the 25-year site contributed 

a large quantity of low quality organic material to the young forest floor.  Despite the 

resulting high C:N ratio, total N tripled in the forest floor compared to the 9-year site.  

The increase in total C and N in the surface soil was likely a result of selective 

decomposition, whereby more recalcitrant components are incorporated into the soil. 

Despite the large inputs of low quality decomposing wood, the 25-year site 

maintained high soil mineral N pools, fluxes and a C:N ratio below 30.  The site was 

dominated by shrubs (Chapter 2 this dissertation), such as snowbrush ceanothus 

(Ceanothus velutinus), capable of fixing nitrogen and producing labile leaf and fine 

root litter, and root exudates in addition to that produced by the accompanying 

herbaceous community.  Snowbrush ceanothus has been shown to fix upwards 100 kg/ 

ha/yr 10 years (Youngberg and Wollum 1976) and 17 years (McNabb and Cromack 

1983) following clearcut and slash burn.  The high cover of nitrogen fixing species 

early in succession may indicate an important role of seral communities in 

replenishing ecosystem nitrogen lost during high-severity wildland fire, particularly at 

low soil nitrogen (≤0.10%) sites such as Crater Lake (Kerle 1985, this study). 

 

MID SUCCESSION 

A major shift in the soil N dynamics occurred between early- and mid-

successional sites.  The surface soil C:N ratio increased dramatically and the pools and 

fluxes of mineral-N were much reduced compared with early successional sites.  

Regenerating forests generally rely on soil nutrients until the forest floor layer has 

rebuilt (Turner 1975, Grier et al. 1981).  Forest floor total N reached its peak at mid-

successional sites in this study as litter biomass accumulated and total N concentration 

remained relatively high.  With increasing conifer dominance and reduced herbaceous-
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shrub cover, mineral-N inputs from the accruing forest floor into the surface soil were 

diminished resulting in little plant available N.  Similarly, elevated NH4
+-N in the 

forest floor at sites >25 years post-fire was not transferred to the underlying mineral 

soil in Montana ponderosa pine and Douglas-fir forests (MacKenzie et al. 2004).  This 

low surface influx indicates high demand within the forest floor or possibly low 

mineralization.  Colder, high elevation, old growth forests have been shown to have 

smaller net mineralization compared with lower elevation forests (Hart and Perry 

1999).  However, despite low net mineralization, rapid microbial turnover produced 

high gross mineralization in a mature conifer forest (Davidson et al. 1992).   

High demand was also apparent in the surface soil during mid-succession by 

the lowest chronosequence levels of mineral-N flux at 9-cm depth.  Soil NO3
--N 

remained dramatically lower at post-fire sites older than 27 years in boreal forest 

(Brais et al 1995).  Studies in faster growing Douglas-fir forests also showed tight 

cycling at a younger age, with only 5 mg/m2/mo N (0.5 kg/ha/mo N) transferred from 

soil to subsoil (Cole et al. 1967).  As the forest floor mineralization failed to keep up 

with demand during mid-succession, it is likely that emphasis increased on nutrient 

conservation strategies, including internal redistribution (Turner 1981), and a shift in 

nutrient acquisition, in the form of increased reliance on fungal acquisition via 

mycorrhizae, which may directly access organic N in the forest floor (Johnson et al. 

1982, Schimel and Bennett 2004).   

 

LATE SUCCESSION 

The demand for mineral-N appeared to be slightly lower at the oldest (>300-

year) site, as the forest floor, a location of high demand on mid-successional sites, 

became somewhat “leaky” with higher NH4
+-N and NO3

--N fluxes into surface soil.  

The forest floor C:N ratio however, remained high indicating continued efficient 

internal nutrient conservation.  The mineral-N influx was readily consumed in the 

underlying surface soil where 9-cm depth fluxes remained very low.  Davidson et al. 

(1992) also found low net nitrification in association with high gross mineralization in 

a mature conifer forest underlying the importance of mineral-N production and 

consumption.  The tight cycling of Shasta red fir-mountain hemlock system is 
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apparent in the comparison with a lower elevation, mature Douglas-fir ecosystem in 

which the N transfer from surface soil to below 30 cm soil depth was approximately 5-

fold greater (0.25 kg/ha/mo) (Sollins et al. 1980). 

The surface soils of the Crater Lake Shasta red fir-mountain hemlock forests 

sequestered relatively high amounts of C (>2.5%, >15 Mg/ha) throughout the 

chronosequence.  The resulting C:N ratio was >33 for sites 222 years and older and 

>25 for all sites in the chronosequence.  A variety of old-growth conifer forests at 

different elevations in the Oregon Cascades all contained >17 Mg/ha soil C (>30 

kg/Mg soil C) for the surface 15 cm of soil (McNabb et al. 1986).  Shasta red fir 

forests in the northern California Cascades had a lower soil organic content (8-33 

kg/Mg soil C) and a correspondingly lower C:N ratio (15-19) (Powers 1990).  Hart 

and Perry (1999) point to the lower N-mineralization rates obtained in soils incubated 

at higher elevations as evidence of higher C:N ratios and thus the potential for greater 

C sequestration in high elevation forests.  

 

SEASONAL VARIATION 

Seasonal variation in mineral-N fluxes was dramatic within individual sites 

and between two sites aged 9 years since fire and >300 years.  NH4
+-N fluxes and 

resulting mineralization rates were likely driven by the seasonal availability of labile 

herbaceous litter at the early successional 9-year site.  Whereas the late-successional 

(>300-year) site, which did not have substantially greater herbaceous growth during 

the summer, relied on the decomposition of the accrued forest floor throughout the 

year for continuous NH4
+-N inputs.  The less substantial increases in NH4

+-N fluxes at 

the >300-year site during the summer likely reflect the affect of warmer temperatures 

on decomposition (Powers 1990).  MacKenzie et al. (2004) also suggest that labile 

organic material may accumulate during dry seasons and then be rapidly mineralized 

during warm, wet periods.  The NH4
+-N influx from the overlying forest floor which 

accrued during winter and was collected after spring snowmelt, may represent 

continued winter decomposition or flushing of accumulated NH4
+-N.  Microbial 

activity has been shown to continue beneath mountain winter snowpacks (Weiss 

2003).  However, microbial demand or soil adsorption in the surface soil remained 
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high during the winter at the >300-year site, as 9-cm depth flux was just as small as 

during the summer season. 

The seasonal variations in NO3
--N dynamics were less pronounced and likely 

due as much to soil moisture (Powers 1990) and the higher mobility of NO3
--N, as to 

other factors such as NH4
+-N availability and mineral-N demand.  Hart and Perry 

(1999) also found little difference between soil nitrification rates in both high 

elevation Pacific silver fir and lower elevation Douglas-fir old growth forests in the 

Oregon Cascades.  At the 9-year site, winter NO3
--N flux rates were high and similar 

to summer fluxes, indicating continued winter season nitrification.  Lower plant 

demand during the winter combined with continued nitrification accentuates the 

potential for leaching losses.   

While much smaller in overall magnitude than at the 9-year site, NO3
--N flux 

rates at the >300-year site were significantly greater during the winter season when 

precipitation and snowmelt increased soil moisture.  Since the NH4
+-N influx was 

seasonally similar, the lack of influx of more mobile NO3
--N from the forest floor 

during the summer indicates either that more efficient biotic uptake of NO3
--N 

occurred with lower moisture levels during the summer, or that conditions limited 

nitrification in the forest floor during the summer.  Organic horizon gross nitrification 

rates in a Sierra Nevada mature conifer were found to be higher during summer 

months compared to winter months (Davidson et al. 1992).  Davidson et al. (1992) 

found the opposite for mineral soil nitrification in which rates were highest during the 

winter.  Hart and Perry (1999) though found little difference between soil nitrification 

rates in both high elevation Pacific silver fir and lower elevation Douglas-fir old 

growth forests in the Oregon Cascades.  The 9-cm soil depth flux which was small 

throughout the year in this study compared to the influx from the overlying forest floor 

indicates a persisting high demand for NO3
--N and thus tight nutrient cycling in the 

surface soil at the >300-year site.   

The close relationship between the biological community and the nitrogen 

cycle was disrupted by high-severity fire.  Natural processes in this fire-adapted 

ecosystem operated during secondary succession to reconnect the biological 

community with the nitrogen cycle.  This study documents the potential importance of 
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the early seral community and large wood retention for maintaining and replenishing 

ecosystem nitrogen consumed in wildland fire. 
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Chapter 5 
 

Recreational Impacts and Recovery of Forest Structure, Biomass and Soils at 
Crater Lake National Park, Oregon 
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ABSTRACT 

 

Recreation always impacts ecosystems to some degree, and impacts on forest 

structure, biomass and soils have long been some of the most recognized effects of 

recreational activity.  At Crater Lake National Park in southern Oregon, I quantified 

differences in forest structure, biomass and soils at active recreational sites compared 

to undisturbed forest sites.  Recovery of recreational impacts was quantified by 

comparing abandoned recreational sites and undisturbed forest sites.   

 Large tree (>30 cm dbh) density and biomass were 31% and 34% lower 

respectively and total above ground biomass (TAGB) was 41% lower at active 

recreational sites compared to undisturbed controls.  At active recreational sites dead 

trees were rare, downed wood was practically eliminated over time due to firewood 

collection by park visitors and the forest floor had only 50% or less of the biomass 

measured at undisturbed sites.  Bare soil exposure averaged 12% at active sites with a 

high of 26% at the mid-successional site.  Undisturbed control sites averaged 0.1% 

bare soil exposure.  Soil bulk density, a measure of soil compaction was 40% greater 

at active sites compared to undisturbed control sites.  Differences were greater at late-

successional sites compared to mid-successional sites. 

 Large tree density and biomass remained lower, 43% and 59% respectively, at 

the late-successional site abandoned for 40 years as did TAGB (57% lower).  In 

contrast, tree density and biomass at abandoned mid-successional sites were similar to 

undisturbed control sites.  Dead trees and large downed wood at abandoned sites were 

consistently more similar to undisturbed controls sites than active site comparisons.  

The forest floor biomass which was not different in the comparison of abandoned mid-

successional and undisturbed sites was still >50% lower at the abandoned late-

successional sites compared to undisturbed control sites.  Soil bulk density also 

remained 34% lower at the late-successional site abandoned for 40 years.  However, 

bare soil exposure averaged 1% 40 years following abandonment.  This study 

documents the differential impacts of recreation on forests of differing successional 

stage, in particular greater impacts to late-successional forests. 
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INTRODUCTION 

 

Crater Lake was designated as a National Park in 1902 and is revered as a 

sanctuary for undisturbed montane ecosystems surrounding the extraordinary vista of 

Crater Lake itself.  Since its inception with the 1916 Organic Act, the National Park 

Service has been charged with preserving these resources; “…which purpose is to 

conserve the scenery and the natural and historic objects and the wild life therein…” 

(U. S. C. 1916).  However, the Park Service was also provided with another mandate 

in the Organic Act; “…to provide for the enjoyment of the same in such manner and 

by such means as will leave them unimpaired for the enjoyment of future 

generations”.   These dual mandates continue to drive a balancing act in the 

management of Park resources today (NPS 2001a, NPS 2001b, NPS 2004).  Despite a 

century of management under these dual mandates, little is understood of the 

ecological effects of recreation on the Park’s terrestrial ecosystems. 

While Crater Lake has a long history of visitation, first by native peoples and 

then early settlers, accelerated human activities, including Park development and 

visitation, have altered and continue to impact these unique ecosystems.  During the 

20th century as tourism management was emphasized, annual visitation increased from 

just over 10, 000 in 1916, the year of National Park Service establishment, to half a 

million by the early 1960’s and has maintained that level since (Unrau 1988).  In order 

to accommodate the increasing demand, and recognizing differential use of Park areas 

by visitors, the Park has designated areas of concentrated use for “acceptable levels” 

of alteration (NPS 2001b).  These areas include campgrounds, picnic grounds and 

other areas of visitor interest particularly along the main travel corridors. 

The Parks roads and recreational facilities are open only during the snow-free 

summer months.  The majority of Park visits last only a few hours, consisting of 

accessing the park’s primary attraction, vistas of Crater Lake, via the two main 

entrance roads and the rim drive.  The most obvious anthropogenic influences on this 

landscape are embodied in the construction of roads and Park facilities providing 

access to this attraction.  However, localized heavy visitor use, at supporting 
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recreational sites within the designated high use areas, such as campgrounds and 

picnic areas, also impacts the very landscape that attracted visitors in the first place.   

Recreation always impacts ecosystems to some degree, and impacts on forest 

structure, biomass and soils have long been some of the most recognized effects of 

recreation.  Loss of trees (Lutz 1945, Cole 1982) and ground cover (Frissell and 

Duncan 1965) from campsites were common.  Impacts to the surface and soil included 

the loss of surface organic matter (Settergren and Cole 1970, Cole and Fichtler 1983), 

increased soil compaction (LaPage 1967, Cole 1982), reduced infiltration rates (Lutz 

1945, James et al. 1979) and reduced microbial communities (Zabinski and Gannon 

1997).  Greater impacts to soils (James et al. 1979) and vegetation (Marion and Cole 

1996) were recorded with increased duration or intensity of recreational activity.  

Recreational activities were recognized to be spatially variable (Bratton et al. 1978) 

and disturbance impacts were recognized to be gradational, including inter-site and 

buffer zones surrounding the high impact sites, such as campfire and tent sites 

(McEwen and Tocher 1976, Stohlgren and Parsons 1986). 

Ecosystem recovery from recreational impact, its resilience, particularly long-

term resilience, is less well understood.  Most studies have focused on short term 

results (1 to 5 years) at small sites immediately following the cessation of activity.  

Natural recovery of ground cover and soils from impacts has been found to be both 

rapid (Marion and Cole 1996) and slow (Cole and Ranz 1983).  Marion and Cole 

(1996) attributed the relatively rapid recovery to better growing conditions (i.e. 

relatively fertile soils, long growing seasons and periodic flooding) in the deciduous 

forests of the eastern United States compared to natural areas in the western United 

States.  At King’s Canyon National Park, in California, the forest floor and woody 

fuels at closed campsites had not recovered after 15 years (Parsons and DeBenedetti 

1979).   Recovery rates also varied within sites due to spatially variable impacts 

(Stohlgren and Parsons 1986).  Few of these studies have examined broader impact 

zones surrounding central, high impact sites, and none have addressed overall forest 

structure and biomass recovery. 

NPS Management Polices (2001a) reaffirms the Park Service’s commitment to 

the original dual mandate: “the laws do give the Service the management discretion to 



 

 

133 

allow impacts to Park resources and values when necessary and appropriate to fulfill 

the purposes of a park, so long as the impact does not constitute impairment of the 

affected resources and values.”  But what exactly constitutes impairment?  To assess 

whether an impact impairs resources and values, the impact must first be characterized 

and the range of effects understood.  The global objective of this study was to 

determine the ecological impacts of recreation at high use sites on ecosystem attributes 

in montane forests of Crater Lake National Park at the entire area (ecosystem) basis 

and at long temporal scales   Specific objectives were to characterize differences in 

forest structure, fuels, biomass and soils between active recreational and control sites, 

and to measure the recovery of these attributes at abandoned sites.  A better 

understanding of the ecological basis of recreational impacts and their potential for 

recovery will help management minimize future impacts and provide information 

necessary for the restoration of abandoned sites in high elevation forests. 

 

METHODS 

 

STUDY APPROACH 

To provide a better understanding of how forest ecosystems are affected by 

ongoing recreational disturbance, and how these ecosystems recover following site 

abandonment, a comparative approach was adopted in this study by measuring 

community structural components, biomass and soils at active sites and paired 

undisturbed control sites.  In addition to the local comparisons of paired stands, 

landscape level trends were evaluated, either by examining the constancy in the 

direction of change for all sets of paired comparisons, or by grouping results (i.e. all 

active sites vs. all control sites).  Recreational disturbance potentially affects numerous 

aspects of the ecosystem, therefore a comprehensive array of ecosystem attributes was 

examined in this study (see Chapter 5 for comparisons of community composition). 

The community physical structure, or physiognomy, is concerned with the 

distribution and abundance of vegetation layers.  From an ecosystem context, this 

includes all vegetative components alive or dead, including dead trees and downed 

wood.  The biomass of each major structural component (live trees, dead trees, 
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downed wood and forest floor) was also determined.  Recreational disturbance 

typically results in trampled ground (Cole 1987), therefore the associated impacts to 

the forest floor layer and underlying soils were examined.   

 

STUDY AREA 

All study sites were located within Crater Lake National Park, which 

encompasses 645 km2 surrounding the collapsed caldera of Mount Mazama at the 

southern end of the high Cascades physiographic province Oregon (Figure 5.1).  The 

study area was located in the upper montane, mountain hemlock (Tsuga mertensiana) 

- Shasta red fir (Abies magnifica var. shastensis) forests of Crater Lake National Park.   

Potential study sites, consisting of active recreational sites (e.g. campgrounds 

and picnic areas) and abandoned sites, were identified for research in conjunction with 

the National Park Service in 2001 (Kritzer 2001).  Final selection was based on 

inspections of those sites determined to be large enough for plot establishment as 

detailed below.  Four, active recreationally stressed sites and three abandoned stressed 

sites were selected for inclusion in this study (Table 5.1).   

Recorded use of Picnic Hill by tourists as a rim campground goes back to the 

1870s (Unrau 1988, Steve Mark NPS pers. comm.).  Campground facilities were 

constructed in the 1920s.  The campground was closed in 1975 and subsequently 

opened as an expansive picnic area with picnic tables, fire pits and grills.  Mason’s 

Camp is an appendage of the Lost Creek Campground (16 units).  Mason’s Camp is a 

primitive, dispersed camping area that includes a large clearing used in periodic 

ceremonial events (Kritzer 2001, Steve Mark NPS pers. comm.).  Mazama Village is 

the largest active campground (198 units) in the Park.  Sections of the campground 

nearer the bridge were actively used during the Parks early years as part of the Camp 

Arant-Annie Spring Camp.  Modern facilities were established and the campground 

was expanded beginning in the late 1950s. 

The abandoned Annie Spring Campground included in this study was part of the 

adjacent Camp Arant-Annie Spring Camp and was used as an overflow area for 

Mazama Village Campground until abandoned approximately 1970 (Kritzer 2001, 

Steve Mark NPS pers. comm.).  Earlier use of this area extends back to 1865 as a stop  
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Figure 5.1.  Location of active study sites, Mazama Village Late (MVL), Mazama 
Village Mid (MVM), Picnic Hill (PH), Mason’s Camp (MC), and abandoned study 
sites, Annie Spring (AS), Cold Spring (CS), Anderson Bluffs (AB) in Crater Lake 
National Park, Oregon.
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Table 5.1.  Sites (active and abandoned) included in the study with year established, year abandoned, stand successional stage (mid or 
late) and stand age (years), and elevation in meters. 
 
  
Site Status   Successional 
   Name Year Establisheda Year Abandoneda Status (age-years) Elevation (m) 
 
Active 
   Picnic Hill 1870s active Late (>300) 2160 
   Mason’s Camp 1955    active Late (>300) 1830 
   Mazama Village Campground 
      Late 1957-1962 active Late (>300) 1830 
      Mid 1957-1962 active Mid (202) 1830 
 
Abandoned 
   Anderson Bluffs 1890s 1980s Late (>300) 1890 
   Annie Spring post-1865    1950s (1970) Late (>300) 1830 
      (Ranger Station Campground 
      or Camp Arant at Anna Spring)  
   Cold Spring Campground post-1865 1960s (1972) Mid (162) 1780   
a Unrau (1988), Kritzer (2001), Steve Mark NPS (pers. comm.) 
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along the original wagon road.  Cold Spring Campground was also a stop along the 

original wagon road and it is likely that Native American use preceded that.  

Campground facilities were constructed beginning in 1937 and the site persisted as an 

overflow camp until about 1972.  Anderson Bluffs was abandoned as a camp area by 

1941 and more recently used as a dump site (Steve Mark NPS pers. comm.). 

Mid-successional sites refer to sites that are in the biomass accumulation-

competitive exclusion and maturation stages described by Franklin et al. (2002).  Late-

successional sites refer to sites that are in the structural diversification and pioneer 

cohort loss stages of Franklin et al. (2002).  This latter stage is commonly referred to 

as old-growth forest (Oliver 1981). 

Ages of the two lodgepole pine dominated mid-successional sites (Table 5.1) 

were determined by increment coring the largest trees at breast height and then adding 

the ages of cut seedlings of approximate breast height (Chapter 2 this dissertation).  

Due to the active nature of the Mazama Village site, tree ages determined for the 

adjacent control were used for the active site.  At least three of the largest trees at each 

site were cored.  Lodgepole pine seedlings were sampled in the vicinity of the 

lodgepole pine dominated Cold Spring site. 

The increment borer utilized was not sufficient to completely core the largest 

trees located at the late-successional forest sites.  However, several recently cut large 

trees (>100 cm dbh) were located in the vicinity of our study sites.  Ring counts were 

made from the stumps which were comparable in size to those of the largest trees of 

the late-successional forest sites.  In each case, trees >100 cm dbh were determined to 

be >300 years of age. 

Relatively intact forest sites (controls) were selected in the proximity of each 

study site, though not necessarily adjacent.  Paired sites were selected to match, as 

similarly as possible, elevation, slope and azimuth, soils, overstory stage and general 

community composition of the corresponding study site.  Controls lacked the activities 

characteristic of the recreational sites and were selected for minimum evidence of 

human disturbance (past and present) in general (e.g., old trails, cut stumps, etc.). 
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METHODS 

Plots and Transects 

In this paper, each sampled site (active, abandoned and control) is denoted as a 

“stand”, an area where the vegetation was treated as a unit for the purposes of 

description (Greig-Smith 1983).  At each sampled site (Table 5.1), three macroplots 

0.2 ha (20 x 100 m) in size, were established in which all measurements of community 

structure were made (Figure 5.2).  Large plots reduce edge effects, and rectangular 

plots also show lower variance than square plots (Greig-Smith 1983).  Previous studies 

in forests of the Pacific Northwest along with preliminary field investigation of the  
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Figure 5.2.   Macroplot, subplot and transect design for sampling forest structural, 
biomass and soil components.   Species were identified and density, size and cover of 
forest strata were measured in the macroplot and nested subplots.  Trees >30 cm dbh 
were measured in the 20 x 100 m macroplot.  Trees 10-30 cm dbh were measured in 
the 10 x 50 m subplot.  Small trees (<10 cm in diameter and >1.3 m in height) were 
measured in 2 x 10 m subplots (7 per macroplot).  Tree seedlings (<1.3 m in height) 
and shrubs were measured in 1 x 5 m subplots (7 per macroplot).  Herbaceous species 
were measured in 1 x 1 m microplots (14 per macroplot).  Downed wood (1, 10 100 
and >1000 hour fuels) was measured along the nested transects.  The forest floor and 
soil were measured in the 1 x 1 m microplots. 
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study sites indicated this to be a suitable sample unit size for accurately characterizing 

the forest ecosystem (Agee and Huff 1987).   

Within each macroplot, a central, lengthwise baseline, 100 m in length, was 

established, from which nested subplots and transects originated in a modified 

systematic sampling design.  In complex communities of several structural layers, 

such as forests, it is likely impossible to characterize the different layers on a common 

basis (Greig-Smith 1983).  Therefore, nested sampling transects and subplots 

appropriate to the size and distribution of the component to be measured were 

established in each macroplot.   

  

Structural Components 

Downed Wood: 

Downed wood mass was calculated via the planar intercept technique (Brown 

1974).  Seven transect origination points were established along the central baseline 

beginning at the 5 m mark and spaced at intervals of 15 m.  All transects for 

measuring downed wood were distributed from these points using random azimuths 

(Figure 5.2).   

The number and diameter of sound and rotten downed wood >7.5 cm diameter 

(>1000-h fuels) was measured along a 12 m transect (seven per macroplot).  Each 

transect contained nested shorter transects of 6 m, 3 m, and 2 m, to measure the 

quantity of downed wood intersections in diameter categories of 2.5 - 7.5 cm (100 hr. 

fuels), 0.6 - 2.5 cm (10-h fuels), and <0.6 cm (1-h fuels) respectively.  Downed wood 

was measured if it was located above the forest floor surface.  To determine wood 

mass it was required to determine the specific gravity of the wood particles in the 

forests.  To do so I collected random samples from each downed wood size class (two 

per macroplot for specific gravity determination in the laboratory.   

The specific gravity of samples was based on oven dry weight and oven dry 

volume (Krahmer and Van Vliet 1983).  Individual samples were weighed after oven-

drying at 100o C for 48 hours and the volume of each oven dry sample was then 

determined by weighing in water. Average wood specific gravities (dry g/cm3) were 

used to calculate downed wood biomass of each size class.  The average specific 
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gravity of sound large wood (1000-h fuels) was also used to calculate snag and live 

tree biomass. 

Downed wood biomass (Mg/ha) was calculated for four size classes (0-0.6, 

0.6-2.5, 2.5-7.5, >7.5 cm) using the following two equations (Brown 1974): 

 

0-7.5 cm size classes, Biomass = (π
2/8*n*d2*s*a*c)/NL 

 

>7.5 cm size class, Biomass = (π
2/8*Σd2*s*a*c)/NL 

 

where n is the total number of sample intersections in the fine wood sizes, d is the 

quadratic mean diameter (cm) for each of the smaller size class and the diameter (cm) 

for each intersected piece of the large (>7.5 cm) size class, s is the specific gravity for 

each size class, a is the non-horizontal correction factor, to adjust for particles not 

laying horizontal as assumed under planar transect theory, c is the slope correction 

factor for converting biomass on a slope basis to a horizontal basis (1.0 for slopes 

<10o), and NL is the total length (m) of sampling lines for each size class per sample 

area (Brown 1974) (Table 5.2). 

 

Table 5.2.  Variable values for downed wood biomass equations by size class (Brown 
1974) and species, where d is the quadratic mean diameter (cm) for each of the smaller 
size classes (n = sample number of d) and the diameter (cm) for each intersected piece 
of the large (>7.5 cm) size class, s is the specific gravity (g/cm3) for each size class, a 
is the non-horizontal correction factor, to adjust for particles not laying horizontal as 
assumed under planar transect theory, and NL is the total length (m) of sampling lines 
for each size class per sample area.  Values for d and s are means (±1SE). 
 
Size Class (cm) db         n sb         aa NL 
 
0-0.6 (all) 0.36 (0.01) 63 0.475 (0.010) 1.15 14 
0.6-2.5 (all) 1.12 (0.12) 63 0.485 (0.013) 1.13 21 
2.5-7.5 (all) 3.58 (0.77) 55 0.465 (0.010) 1.1 42 
>7.5 sound 
  Mountain hemlock-Shasta red fir   0.471 (0.018) 1.0 84 
  Lodgepole pine   0.488 (0.021) 1.0 84 
>7.5 rotten 
  Mountain hemlock-Shasta red fir   0.306 (0.029) 1.0 84 
  Lodgepole pine   0.293 (0.016) 1.0 84 
a Brown 1974. 
b This study. 
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Forest Floor: 

Forest floor (the organic horizon above mineral soil but not including 

overlying woody or living vegetative material) biomass was determined by measuring 

forest floor depths and determining forest floor bulk densities.  A 1 x 1 m microplot 

was placed 10 m along each downed wood transect.  An additional 1 x 1 m microplot 

was placed 10 m along a line established from the origination point with an azimuth 

180o from the original transect for a total of 14 microplots per macroplot.  Depth (cm) 

was measured in the corner of each 1 x 1 m microplot (14 per macroplot).  Forest floor 

bulk density was determined from forest floor samples collected from random 

microplots (1-2 per macroplot) using a 5.6 cm diameter core (4-6 per site).  Individual 

sample volumes (cm3) were calculated from field measured depths and corer diameter 

(5.6 cm).  Samples were weighed in the laboratory after oven-drying at 65o C for 48 

hours.  Densities (g/cm3) were calculated by dividing the oven dry weights by the 

volumes.  The average density for each site was calculated by weighting individual 

sample densities by their collected volume, thus giving greater weight to those 

samples of greater depth and representing a larger proportion of the forest floor.  The 

average forest floor bulk density (g/cm3) was calculated for each site (Table 5.3) by 

the equation: 

 

 Bulk density (site) = Σ bds(ds/sd) 

 

where bds is the sample bulk density (g/cm3), ds is the sample depth (cm), and sd is the 

sum of the sample depths (per site).  Forest floor bulk density was then used to 

calculate forest floor biomass (Mg/ha) for each of the three macroplots at each site by 

the equation:   

 

 Biomass = bd*d*100 

 

where bd is the bulk density (g/cm3), and d is the average litter depth (cm) obtained 

from field measures and 100 is the value for the conversion of g/cm2 to Mg/ha. 
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Table 5.3.  Site specific (recreational and paired control) average forest floor bulk 
densities (g/cm3) and number of samples collected for determination. 
 
Site Rec Site n Control n 
 
Active 
   Mazama Village Mid 0.254 6 0.119 7 
   Mazama Village Late 0.228 7 0.228 4 
   Masons Camp 0.216 4 0.199 4 
   Picnic Hill 0.170 6 0.192 5 
Abandoned 
   Andersons Bluff 0.180 6 0.201 6 
   Annie Spring 0.149 4 0.228 4 
   Cold Spring 0.204 6 0.205 6 
 

Soil Compaction: 

Soil compaction was determined through measurements of bulk density 

collected from active recreational sites, and controls.  Surface soils samples (0-10cm 

depth) were collected using an AMS hammer type, (196.4 cm3) core sampler.  We 

partitioned recreation sites by level of use into two types – high use and low use sites.  

High use sites were defined as predominantly bare soil areas surrounding designated 

recreational locations such as picnic tables and fire pits.  Areas between high use sites, 

where the forest floor was still present, were designated as low use inter-site areas.  At 

each macroplot, samples were collected at randomly selected, high use sites (four per 

macroplot).  Samples were also collected in randomly selected microplots of the low 

use, inter-site areas of active sites (three per macroplot).  At each control site, six 

samples per macroplot were collected in randomly selected microplots.  Soil samples 

were weighed in the laboratory after oven-drying at 100o C for 48 hours.  Bulk density 

(g/cm3) for each soil sample was calculated by the following equation:  

 

Soil bulk density = wd/v 

 

where wd is the soil dry weight (g) and v is the sample core volume (196.4 cm3).  
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Trees: 

Due to complex structural relations, trees were partitioned into four strata 

(>30, 10-30 and <10 cm dbh, and <1.3 m height) which were measured in nested plots 

of appropriate size.  All trees sampled were identified to species and measured for 

diameter at 1.3 m height (dbh).   

Corresponding to the tree canopy, all trees >30 cm were measured in the entire 

20 x 100 m macroplot.  To measure sub-canopy trees (10-30 cm dbh), each macroplot 

was divided into four quarters, one of which was randomly selected for use as a 10 x 

50 m plot where all trees in this size class was measured.  Seven subplot origination 

points were established along the central baseline beginning at the 5 m mark and 

spaced at intervals of 15 m.  All subplots were distributed from these points using 

random azimuths (Figure 5.2).  Small trees (<10 cm in diameter and >1.3 m in height) 

were measured in 2 x 10 m subplots (seven per macroplot).  Tree seedlings (<1.3 m in 

height) were recorded in 1 x 5 meter subplots (seven per macroplot). 

Live tree biomass was determined using species specific allometric equations 

(Chapter 3 this dissertation) relating stem dbh to the volume or biomass of the various 

tree components (stem, branches and foliage).  Lab determined dry wood densities 

were used to calculate stem biomass.   

 

Dead Trees: 

Dead tree biomass was determined using allometric equations relating stem 

dbh to stem volume and using lab determined dry wood densities to calculate stem 

biomass (Chapter 3 this dissertation).  All sampled dead trees were partitioned into 

three strata (>30, 10-30 and <10 cm dbh) and measured for height and diameter at 1.3 

m height (dbh) in nested plots of appropriate size in the same fashion as with live 

trees.   

 

Understory: 

The subplots used to record tree seedlings were also used to record shrubs.  

Species and canopy cover of all shrubs were recorded in a 1 x 5 m subplot (seven per 

macroplot).  A 1 x 1 m microplot was located in each 1 x 5 m subplot.  An additional 1 
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x 1 m microplot was placed 10 m along a line established from the origination point 

with an azimuth 180o from the original transect for a total of 14 microplots per 

macroplot.  Species and canopy cover of all herbaceous species were recorded in a 1 x 

1 m microplot (14 per macroplot).  Due to the sparse distribution of many understory 

species, the presence of all species was determined for each 20 x 100 m macroplot. 

The understory (shrubs and herbaceous vegetation) was a very minor biomass 

component composing <1% of the TAGB of the forest community, therefore 

understory biomass was not determined. 

 

Statistical Analysis 

 Tests of significant differences between recreational sites and paired controls 

were conducted with the Wilcoxon rank-sum test with the level of significant 

difference set at 0.10.  One-sided p-values were determined for all active site 

comparisons since disturbance effects were expected.  Two-sided p-values were 

determined for abandoned sites due to the potential for variable recovery affects.  In 

addition to the local comparisons of paired stands, landscape level trends of the 

understory were evaluated where possible using the sign test to examine the constancy 

in the direction of change for all sets of paired comparisons.  Due to the small number 

of research sites, this test was only applicable in the analysis of the four active site 

comparisons.  The sign test was significant for systematic difference (p-value <0.10) 

only when the differences of all four paired comparisons were in the same direction. 

 

RESULTS 

 

FOREST STRUCTURE 

Recreational Effects 

 There were profound differences in forest structure between active recreational 

and control sites.  Except for herbaceous cover, significant differences were always 

the result of a reduction in the structural component at the recreational site.  The most 

consistent landscape scale differences (across all sites) in live forest structure between 

the active sites and controls, were in the largest diameter tree class (>30 cm dbh), and 
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in the seedlings.  The density and basal area of large trees at active sites was lower by 

an average of 31% and 35% respectively, relative to paired controls.  Undisturbed, 

late-successional forest sites averaged 229 to 336 stems/ha with a basal area of 79 to 

103 m2/ha (Table 5.4).  Mazama Village Late experienced the greatest individual site 

reductions, 41% and 52% respectively.  Large tree density and basal area was 

significantly lower in three of the four comparisons of individual sites and paired 

controls (p<0.10). 

Understory trees (10-30 cm dbh and <10 cm dbh) did not show as clear a 

pattern.  While a lower density at active sites relative to controls was recorded at three 

of the four sites, the difference was significantly lower at only one site for the paired 

comparisons (Table 5.4).  Seedling density at the landscape scale, like large trees, was 

dramatically lower (73 % average difference) at all four recreational sites, with the 

mid-successional, Mazama Village Mid site (29,500 stems/ha for the control) 

experiencing the greatest relative difference (-82 %).  Within site variability was high 

for seedlings, and differences were significant (p<0.10) for only two of the paired 

comparisons (Table 5.4). 

Dead tree density differences were as dramatic as live tree differences.  At the 

landscape scale, mean densities were lower for both dead tree sizes at all active sites 

compared to paired controls (Table 5.4).  Densities of large dead trees (>30 cm dbh) at 

undisturbed sites ranged from 35 to 45 stems/ha and were lower by an average of 68% 

at active sites.  Densities of dead trees 10-30 cm dbh ranged from 6.7 to 120 stems/ha 

and were on average 93% lower at active sites.  However, whereas the density of large 

dead trees was significantly lower at three of the four sites in paired comparisons, only 

one of the paired comparisons for the smaller size class was significant (p<0.10).   

Herbaceous cover, likely responding to the reduction in tree cover, was 

significantly greater (p<0.10) on three of the four active sites in paired comparisons 

with controls (Table 5.4).  At the stand scale, the greatest difference in cover between 

an active site and its paired control was observed at the mid-successional site 

(Mazama Village Mid), which at ~23% cover was 3-fold greater that its control.  

Considerable variety of herbaceous cover was exhibited among the control sites.  
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Table 5.4.  Comparison of forest structural components (i.e. strata of live trees, seedlings, shrubs, herbs and dead trees) at active 
recreational sites and paired controls.  Mazama Village Mid is mid-successional and Mazama Village Late, Mason’s Camp and Picnic 
Hill are late-successional sites.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 1-sided.  Components in bold show 
differences in the same direction for all paired comparisons.  
 
 Mazama Village Mid         Mazama Village Late               Mason’s Camp              Picnic Hill   
Component Rec Site    Control      P-value      Rec Site    Control      P-value      Rec Site    Control      P-value     Rec Site Control    P-value 
 
Trees >30 cm dbh 
   Density (stems/ha) 174 (6.0) 259 (107) 0.50 199 (13) 336 (38) 0.04 149 (7.3) 234 (16) 0.04 190 (7.6) 229 (21) 0.04 
   Basal area  (m2/ha) 23 (1.7) 33 (13.3) 0.50 49 (3.8) 103 (4.4) 0.04 49 (2.0) 78 (6.3) 0.04 68 (8.0) 85 (1.5) 0.09 
Trees 10-30 cm dbh 
   Density  (stems/ha) 500 (31) 714 (59) 0.04 287 (47) 193 (13) 0.50 166 (77) 320 (99) 0.09 80 (24) 127 (27) 0.33 
   Basal area (m2/ha) 11.7 (2.4) 17.5 (2.2) 0.09 7.4 (1.3) 5.5 (0.2) 0.50 4.9 (2.4) 7.6 (3.6) 0.19 2.8 (1.1) 2.9 (1.3) 0.50 
Trees <10 cm dbh 
    Density (stems/ha) 1499 (468) 2594 (726) 0.19 524 (270) 333 (86) 0.50 143 (0) 357 (149) 0.33 24 (24) 262 (119) 0.04 
    Basal area (m2/ha) 2.2 (0.63) 2.2 (0.39) 0.50 0.6 (0.3) 0.3 (0.11) 0.50 0.5 (0.18) 0.9 (0.49) 0.50 <.01(<.01) 0.1 (.04) 0.04 
Seedlings (stems/ha)*103 4.9 (2.9) 29.5 (18) 0.09 2.8 (1.3) 12 (5.5) 0.09 0.48 (0.10) 1.3 (0.78) 0.26 0.76 (0.26) 2.38 (1.96) 0.50 
Shrub Cover (%) <0.1 1.0  <0.1 <0.1  3.4 (1.4) <0.1  <0.1 <0.1  
Herb Cover (%) 22.9 (3.6) 7.4 (3.9) 0.04 5.9 (2.0) 0.2 (0.12) 0.04 2.3 (0.68) 0.2 (0.06)   0.04 15.3 (5.1) 23.0 (0.89) 0.33 
Dead Tree Density 
   >30 cm dbh (stems/ha) 10 (0) 40 (5.8) 0.04 20 (2.9) 35 (19) 0.33 12 (6.7) 40 (5.8) 0.04 8.3 (1.7) 45 (10) 0.04 
   10-30 cm dbh (stems/ha) 13 (13) 67 (37) 0.14 13 (6.7) 120 (53) 0.04 0.0 (0.0) 13 (6.7) 0.14 0.0 (0.0) 6.7 (6.7) 0.33 
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Herbaceous cover in the late-successional Shasta red fir-mountain hemlock forests 

was typically very sparse, however, two carpet-forming carices Ross’ carex (Carex 

rossii) and smooth woodrush (Luzula hitchcockii) were observed in mono-specific 

patches.  Carex patches were responsible for the higher covers measured at two 

control sites, Mazama Village Mid (7.4 %) and Picnic Hill (22.9%) (Table 5.4).  

Picnic Hill, with the highest control cover, was the one site with reduced (though not 

significant) herbaceous cover, on its active site.  Shrub cover remained extremely low 

at all sites. 

 

Abandoned Sites  

 The most evident change in forest structure following site abandonment was 

the substantial increase in the densities of understory trees (Figures 5.3 and 5.4).  Each 

of the three abandoned sites represented a unique combination of original stand 

structure and land use history and associated trajectory following abandonment. 
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Figure 5.3.  Density of each live and dead tree strata as percentage relative to the 
density of those strata measured at paired controls for sites set in late-successional 
forest. Active site percentages represent the average of the three active late-
successional sites (Mazama Village Late, Masons Camp and Picnic Hill).  The 
abandoned site percentages represent the late-successional site (Annie Spring) 
abandoned for 40 years. 
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Forty years following abandonment, understory tree densities at the late-

successional Annie Spring site were greater than control densities, and the greatest 

difference was in the <10 cm dbh strata (1856 vs. 333 individuals/ha).  The high 

variation associated with the understory strata values (Table 5.5) reflects patchiness at 

the within-site scale.  Due to this variation, only the <10 cm dbh difference was 

significant (p=0.08). 

 While the opened canopy released the understory following abandonment, the 

density and basal area of the largest trees (>30 cm dbh) was on average still lower at 

all abandoned sites compared to controls (24 % and 34 % respectively) (Table 5.5).  In 

particular, the density of large trees (190 individuals/ha) at the late-successional Annie 

Spring site was still comparable after 40 years abandonment to the late-successional 

forests of the active recreational sites (Figure 5.3) and lagged the recovery apparent at 

the mid- successional (Cold Spring) site (Figure 5.4).  Though still significantly 

different (p=0.08) 40 years after abandonment, the density of large trees at Cold 

Spring (254 individuals/ha) was only 11% lower than its paired control (Figure 5.4).  

The understory tree density at the abandoned mid-successional site (Cold Spring) was 

not significantly lower than the density at the paired control (Figure 5.4).  The  
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Figure 5.4.  Density of each live and dead tree strata as percentage relative to the 
density of that strata measured at paired controls for active (Mazama Village Mid) and 
abandoned (Cold Spring) sites established in mid-successional forest. 
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Table 5.5.  Comparison of forest structural components (i.e. strata of live trees, seedlings, shrubs, herbs and dead trees) at abandoned 
recreational sites and paired controls.  Anderson Bluffs and Annie Spring are late-successional sites and Cold Spring is a mid-
successional site.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 2-sided.  Components in bold show differences in 
the same direction for all paired comparisons. 
 
 Anderson Bluffs              Annie Spring  Cold Spring   
Component Rec Site     Control     P-value Rec Site     Control     P-value Rec Site Control     P-value  
 
Trees >30 cm dbh 
   Density (individuals/ha) 162 (27) 200 (10.4) 0.66 190 (5.0) 336 (37.9) 0.08 254 (6.7) 286 (13.2) 0.08 
   Basal area (m2/ha)        41.7 (5.1) 60.0 (4.8) 0.08 41.3 (1.0) 103 (4.4) 0.08 29.0 (1.3) 31.6 (0.4) 0.19 
Trees 10-30 cm dbh 
   Density  (individuals/ha) 87 (43.7) 167 (35.3) 0.38 514 (283) 193 (13.3) 0.66 520 (76) 560 (84) 1.0 
   Basal area (m2/ha)        2.7 (1.5) 6.4 (1.4) 0.19 13.0 (6.3) 5.5 (0.2) 0.66 19.0 (2.8) 19.3 (2.9) 1.0 
Trees <10 cm dbh 
   Density  (individuals/ha) 24 (24) 190 (71) 0.13 1856 (722) 333 (86) 0.08 1404 (463) 2047 (492) 0.19 
   Basal area (m2/ha) 0.01 (0.01) 0.73 (0.35) 0.08 1.8 (0.91) 0.30 (0.11) 0.19 1.7 (0.66) 2.6 (0.52) 0.38 
Seedlings (individuals/ha)*103 1.91 (0.25) 20.9 (5.47) 0.08 14.8 (1.52) 12.3 (5.45) 0.66 14.0 (1.23) 19.4 (5.74) 0.66 
Shrub Cover (%) <0.1 <0.1  <0.1 <0.1  <0.1 0.41 (0.34) 
Herb Cover (%) 1.0 (0.72) 2.8 (0.22) 0.08 7.8 (2.4) 0.2 (0.12) 0.08 17.4 (0.80) 7.9 (1.0) 0.08 
Dead Tree Density 
   >30 cm dbh (individuals/ha) 18.3 (1.7) 28.3 (4.4) 0.19 40 (15.2) 35 (19) 1.0 12 (6.7) 40 (5.8) 0.08 
   10-30 cm dbh (individuals/ha) 20 (11.5) 20 (11.5) 1.0 40 (23) 120 (53) 0.13 0.0 (0.0) 13 (6.7) 0.28 
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densities of the released understory and seedlings at the opened late-successional site 

were very similar after 40 years of abandonment to that at the mid-successional site 

(Table 5.5). 

The state of recovery was affected by time since abandonment.  The recovery 

observed at the long abandoned sites was further advanced than at the site most 

recently abandoned, Anderson Bluffs (abandoned in 1980).  At this site even the 

densities of the smallest trees, <10 cm (24 individuals/ha) and seedlings (1910 

individuals/ha) were lower compared to the paired control (Table 5.5). 

Dead trees density and structure appeared to be substantially recovered only at 

late-successional forest sites (Figures 5.3 and 5.4).  For example, large dead tree 

density was still significantly lower after 40 years compared to control (12 vs. 40 

individuals/ha) at the mid-successional site (Cold Spring) but almost identical between 

the abandoned late-successional Annie Spring site and control (40 vs. 35 

individuals/ha) after the same length of recovery (Table 5.5).  Even at the most 

recently abandoned late-successional site (Anderson Bluffs) dead tree density was 

similar to the paired control for both large and 10-30 cm dbh dead trees. 

Herbaceous cover was substantially higher compared to paired controls at the 

two sites abandoned for the longest periods likely due to the continued open canopy 

conditions (Table 5.5).  In contrast, herbaceous cover at the most recently abandoned 

site (Anderson Bluffs) site was lower than the depauperate level found in the 

undisturbed control (2.8%).  Shrub cover was <1% at all sites. 

 

ABOVEGROUND BIOMASS 

Recreational Effects 

 There was a dramatic reduction in aboveground biomass and fuels components 

at recreational sites compared to controls.  Total aboveground biomass (consisting of 

trees, dead trees, down wood, and forest floor) was on average 41% lower at all 

recreational sites compared to undisturbed controls (Table 5.6).   Differences in paired 

comparisons were significant (p<0.10) at all sites.  The greatest difference (469 vs. 

1016 Mg/ha) occurred at the site with the highest biomass (Mazama Village Late).  
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Table 5.6.  Biomass (Mg/ha) of above ground forest components (i.e. live trees, dead trees, fine downed wood (1-, 10- and 100-h 
fuels), large (>1000-h fuels) downed wood (sound, rotten and total), forest floor, and total above ground) at active recreational sites 
and paired controls.  Mazama Village Mid is mid-successional and Mazama Village Late, Mason’s Camp and Picnic Hill are late-
successional sites.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 1-sided.  Components in bold show differences in 
the same direction for all paired comparisons. 
 
 Mazama Village Mid Mazama Village Late Mason’s Camp Picnic Hill 
Component Rec Site    Control      P-value      Rec Site    Control      P-value       Rec Site    Control      P-value      Rec Site    Control      P-value 
 
Live Trees 170 (20) 244 (75) 0.50 377 (39) 801 (26) 0.04 410 (25) 648 (50) .040 544 (78) 653 (13) 0.33 
Dead Trees 7.5 (1.4) 23 (3.1) 0.04 31 (22) 27 (14) 0.50 5.8 (4.9) 44 (17) .095 1.8 (0.4) 45 (13) 0.04 
Downed Wood   
     Fine 0.33 (.06) 5.1 (2.2) 0.04 0.90 (.43) 10 (1.3) 0.04 4.8 (1.4) 8.3 (.77) .040 3.4 (1.6) 4.1 (1.0) 0.50 
     Sound Large 0.00 (0.0) 13 (6.2) 0.04 3.9 (2.6) 17 (3.8) 0.04 7.9 (3.2) 1.4 (.91) .50 11 (11) 29 (20) 0.19 
     Rotten Large 2.0 (2.0) 5.1 (2.0) 0.19 0.0 (0.0) 3.5 (2.3) 0.04 2.4 (1.0) 24 (13) .331 15 (15) 34 (3.9) 0.33 
     Total Large 2.0 (2.0) 18 (8.1) 0.09 3.9 (2.6) 20 (4.9) 0.04 10 (4.0) 25 (13) .331 26 (14) 63 (22) 0.33 
Forest Floor 38 (4.8) 74 (12) 0.04 55 (9.7) 157 (19) 0.04 64 (12) 111 (7.6) .040 27 (3.0) 66 (2.0) 0.04 
Total Aboveground 217 (19) 364 (66) 0.04 469 (61) 1016 (40) 0.04 494 (39) 837 (14) .040 602 (87) 831 (44) 0.09 
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The reductions in total biomass were largely paralleled by reductions (34%) in 

live tree biomass, the dominant biomass component.  However, differences in paired 

comparisons were significant (p<0.10) at only two sites (Mazama Village Late and 

Mason’s Camp) (Table 5.6).  Once again, the differences were greater at late-  

successional forest sites, with the largest difference (377 vs. 801 Mg/ha) occurring at 

the Mazama Village Late site reflecting the loss of larger, older trees.   

Dead tree biomass was significantly lower on average (83%) at three of the 

four recreational sites compared to undisturbed controls.  The greatest difference (1.8 

vs. 45 Mg/ha) occurred at the Picnic Hill site.  The disparity at the remaining site 

(Mazama Village Late) was due to the presence of a single, extremely large, recently 

dead tree.   

The quantities of all surface fuel components were considerably lower at active 

recreational sites compared to paired controls.  Large downed wood (>1000-h fuels), 

which ranged from 18 to 63 Mg/ha at the undisturbed sites, was on average 67% lower  

at the active sites in paired comparisons (Table 5.6).  Likewise, fine downed wood (1-, 

10- and 100-h fuels), which ranged from 4.1 to 10 Mg/ha at the undisturbed sites, was 

on average 61% lower at the active sites in paired comparisons.  The paucity of 

downed wood at all active sites is a result of ongoing recreational demand for 

firewood.  The large downed wood that remained at active sites was too large to easily 

be used for firewood. 

The forest floor comprised the second largest biomass component (66 to 157 

Mg/ha), behind live trees, at the undisturbed sites.  Differences for paired comparisons 

were significant (p<0.10) at all sites, with active sites averaging 54% lower forest 

floor biomass than paired undisturbed sites.  The greatest difference (55 vs. 157 

Mg/ha) occurred at the Mazama Village Late site.  

 

Abandoned Sites 

 Changes to the major biomass components associated with abandonment 

largely depended upon the forest’s successional stage.  The biomass of many structural 

components at the abandoned mid-successional site was comparable to that of paired 
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controls (Figure 5.5).   However, the biomass of fewer components at the abandoned 

late-successional sites was comparable to that of controls (Figure 5.6).  Total 

aboveground biomass remained significantly lower (p<0.10) at all three sites  
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Figure 5.5.  Biomass of major aboveground forest components as a percentage relative 
to the biomass of that component at paired controls for active (Mazama Village Mid) 
and abandoned (Cold Spring) sites located in mid-successional forest. 
 

compared to controls (Table 5.7), averaging 40% lower at the two late-successional 

forest sites.  The mid-successional abandoned site though was only 11% lower in total  

aboveground biomass than its control compared to a 40% difference for the paired 

mid-successional active site difference (Figure 5.5).  The greatest difference (57% 

lower) remained at the late-successional site (Annie Spring) with the greatest total 

biomass difference (436 vs. 1016 Mg/ha). 

Live trees, the dominant biomass component, paralleled the trends of the total 

biomass; and live tree biomass recovered (as a percent of control) relatively slower at 

the late-successional forest sites compared to mid-successional sites. Tree biomass at 

all abandoned sites (218 to 325 Mg/ha) remained lower than at controls (241 to 801 

Mg/ha), however the difference was significant only at the two late-successional sites 

(Table 5.7).  The differences between late-successional, abandoned sites and controls 

were greater for tree biomass than large tree density.  To be counted in the large tree 

strata, trees at recovering sites needed to grow to a minimum of 30 cm dbh.  However 
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the biomass of the oldest and largest trees lost from late-successional sites may have 

been >300 years in the making and could not be replaced in as little time as 40 years. 

 Dead tree biomass, which ranged from 14.7 to 31.7 Mg/ha, had essentially 

recovered to control levels at all sites.  The largest remaining difference (45%), though 

not significant, existed at the most recently abandoned site (Anderson Bluffs) (Table 

5.7).  In comparison, three of four active sites averaged 83% lower dead tree biomass 

than paired controls (Table 5.6). 

 Large downed wood biomass (sound, rotten, and total), was not significantly 

different in any paired comparison.  Abandoned sites averaged 73% of large downed 

wood found at undisturbed sites which ranged from 20.5 to 68.1 Mg/ha (Table 5.7).  

The recovery of large downed wood was a little surprising in light of the enigmatic 

difference in fine downed wood.  Fine downed wood (1-, 10- and 100-h fuels) which 

ranged from 3.8 to 5.8 Mg/ha at abandoned sites was significantly lower at all sites 

compared to controls.  These results indicate that within a few decades following  
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Figure 5.6.  Biomass of major above ground forest components as a percentage 
relative to the biomass of that component at paired controls for sites located in late-
successional forest. Active site percentages represent the average of the three active 
late-successional sites (Mazama Village Late, Masons Camp and Picnic Hill).  The 
abandoned site percentages represent the late-successional site (Annie Spring) 
abandoned for 40 years. 
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Table 5.7.  Comparison of biomass (Mg/ha) of above ground forest components (i.e. live trees, dead trees, fine downed wood (1-, 10- 
and 100-h fuels), large (>1000-h fuels) downed wood (sound, rotten and total), forest floor, and total above ground) at abandoned 
recreational sites and paired controls.  Anderson Bluffs and Annie Spring are late-successional sites and Cold Spring is a mid-
successional site.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 2-sided. Components in bold show differences in 
the same direction for all paired comparisons. 
 
 Andersons Bluff Annie Spring Cold Spring  
Component Rec Site Control     P-value Rec Site Control     P-value Rec Site Control     P-value 
 
Live Trees 296 (30.3) 450 (46.9) 0.08 325 (21.7) 801 (25.8) 0.08 218 (26.0) 241 (9.6) 0.66 
Dead Trees 14.7 (4.1) 26.8 (10.7) 0.66 23.9 (9.8) 26.9 (14.1) 1.0 31.7 (10.4) 27.9 (5.1) 1.0 
Downed Wood   
     Fine 3.77 (0.10) 8.92 (2.46) 0.08 5.80 (0.40) 10.2 (1.31) 0.08 4.90 (0.70) 8.16 (1.24) 0.08 
     Sound Large 12.6 (9.2) 47.4 (43.8) 1.0 7.76 (2.74) 16.7 (3.80 0.19 12.4 (2.97) 18.5 (4.24) 0.33 
     Rotten Large 30.9 (18.7) 20.7 (8.6) 0.33 11.1 (9.02) 3.78 (2.32) 1.0 1.97 (1.97) 4.31 (0.71) 0.66 
     Total Large 43.5 (15.6) 68.1 (48.2) 1.0 18.9 (7.74) 20.5 (4.89) 1.0 14.4 (1.37) 22.8 (3.75) 0.19 
Forest Floor 42.1 (13.8) 107 (12.5) 0.08 62.4 (6.61) 157 (18.8) 0.08 72.6 (13.5) 88.8 (5.52) 0.38 
Total Aboveground 400 (18.1) 661 (64.9) 0.08 436 (11.4) 1016 (39.7) 0.08 342 (9.0) 388 (17.6) 0.08 
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disturbance in these forests, dead tree and large wood biomass was not significantly 

different compared to undisturbed sites. 

Within 40 years of abandonment, the forest floor biomass at the mid-

successional site (Mazama Village Mid) was not significantly different than its control 

(88.8 Mg/ha) (Table 5.7).  However, the forest floor biomass at the two late-  

successional abandoned sites (42.1 and 62.4 Mg/ha) remained significantly lower than 

at paired controls (107 and 157 Mg/ha) (p=0.08).  The percent difference of these 

paired comparisons (~40%) is nearly identical to the percent difference between late-

successional active sites and paired controls (39%).  Therefore, at younger forest sites 

with lower biomass, the forest floor may recover in a matter of decades, whereas 

recovery rates at higher biomass, late-successional sites appears to be limited or at a 

slower rate during the same time frame. 

 

SOILS 

Recreational Effects 

Recreational disturbance produced consistent and profound effects on surface 

soils.  Concurrently with the loss of forest floor, bare soil exposure was dramatically 

greater at all four active sites compared to paired controls.   The undisturbed controls 

were very consistent in their lack of bare soil exposure, averaging <0.1% of the 

surface area (Table 5.8).  In contrast, the active sites averaged 11.9% bare soil 

exposure, with a high of 25.9% at the Mazama Village Mid site.  

Soil compaction, as measured by soil bulk density, was consistently greatest at 

high use locations in the active sites relative to both low use locations at active sites, 

and control sites (Figure 5.6).  Soil bulk density of the volcanically derived, sandy soil 

of the forests at Crater Lake is very low, averaging 0.684 g/cm3 for the control sites 

(Table 5.8).  High use areas of active sites, characterized by near total loss of 

vegetation and forest floor due to recreational use, averaged 40% higher soil bulk 

density at 0.959 g/ cm3.  High use areas were primarily created at tent-sites and areas 

around picnic tables and fire pits, but also from very high use trails.  Low use areas 

were active site regions interstitial to high use areas.  While soil bulk density of high 

use areas was significantly different than paired controls (p-value <0.10) at all sites,  
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Figure 5.6.  Soil bulk density (g/cm3) at active site high use and low use areas, and 
paired control sites.  Mazama Village Mid is mid-successional and Mazama Village 
Late, Mason’s Camp and Picnic Hill are late-successional sites.  Standard error bars (± 
1 SE) are for within site sub-samples. 
 

low use area soil bulk density at two of the four active sites (Mazama Village Mid, and 

Picnic Hill) was not significantly different from that of paired controls (Table 5.8).   

 

Abandoned Sites 

 With time following site abandonment, the forest floor and soil recovered 

towards undisturbed, control levels.  Forest floor depth (2.34 cm) and bare soil 

exposure (6.8%) at the most recently abandoned site (Anderson Bluffs) were still in 

range measured for active sites.  Due to the lesser forest floor depth at the undisturbed, 

mid-successional forest (4.33 cm), the forest floor at the Cold Spring site (3.56) was 

largely recovered after only 40 years and not significantly different from its control 

(Table 5.9).  However, the recovering forest floor at Annie Spring (4.19 cm) was still 

significantly lower (p=0.08) than its late-successional forest control (6.90 cm).  Thus, 

as with biomass, while adequate for mid-successional forest floor recovery, 

abandonment over 40 years was an insufficient time period to eliminate effects of past 

recreational use on forest floor properties at late-successional sites. 
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Table 5.8.  Comparison of litter depth, bare soil exposure and soil (0-10 cm depth) bulk density (high and low use areas) at active 
recreational sites and paired controls.  Mazama Village Mid is mid-successional and Mazama Village Late, Mason’s Camp and Picnic 
Hill are late-successional sites.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 1-sided.  Components in bold show 
differences in the same direction for all paired comparisons. 
 
 Mazama Village Mid Mazama Village Late Mason’s Camp Picnic Hill 
Component Rec Site    Control      P-value      Rec Site    Control      P-value       Rec Site    Control      P-value      Rec Site    Control      P-value 
 
Litter Depth (cm)  1.5 (0.19) 3.7 (0.62) .040 2.4 (0.42) 6.9 (0.82) .040 2.9 (0.57) 5.6 (0.38) .040 1.6 (0.18) 3.4 (0.10) .040 
 
Bare Soil 
Exposure (%) 25.8 (7.0) 0.2 (0.2) .040 9.6 (5.1) 0.0 (0.0) .040 9.6 (7.8) 0.1 (0.1)  .040 2.8 (0.5) 0.0 (0.0) .040 
 
Soil Density (g/cm3) 
   High Use Areas 0.84 (0.01) 0.61 (0.02) .040 0.94 (0.07) 0.61 (0.02) .040 1.06 (0.03) 0.87 (0.04) .040 1.00 (0.07) 0.65 (0.01) .040 
   Low Use Areas 0.63 (0.02) 0.61 (0.02) .191 0.81 (0.02) 0.61 (0.02) .040 0.98 (0.05) 0.87 (0.04) .191 0.69 (0.04) 0.65 (0.01) .331 
 
 
Table 5.9.  Comparison of litter depth, bare soil exposure and soil (0-10 cm depth) bulk density (high and low use areas) at abandoned 
recreational sites and paired controls.  Anderson Bluffs and Annie Spring are late-successional sites and Cold Spring is a mid-
successional site.  Values are means (±1SE).  Wilcoxon rank-sum test p-values are 2-sided.  Components in bold show differences in 
the same direction for all paired comparisons. 
 
 Andersons Bluff Annie Spring Cold Spring  
Component Rec Site Control     P-value Rec Site Control     P-value Rec Site Control     P-value 
 
Litter Depth (cm)  2.34 (0.77) 5.33 (0.62) .080 4.19 (0.44) 6.90 (0.82) .080 3.56 (0.66) 4.33 (0.27) .512 
 
Bare Soil Exposure (%) 6.8 (1.7) 0.0 (0.0) .080 1.3 (0.1) 0.0 (0.0) .080 0.7 (0.3) 0.3 (0.3) .191 
 
Soil Density (g/cm3) 
   High Use Areas 0.98 (0.03) 0.65 (0.01) .080 0.92 (0.09) 0.61 (0.02) .080 0.78 (0.06) 0.62 (0.01) .080 
   Low Use Areas 0.77 (0.03) 0.65 (0.01) .080 0.66 (0.08) 0.61 (0.02) .662 0.68 (0.02) 0.62 (0.01) .080 
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As the forest floor re-accumulated on abandoned sites, bare soil exposure 

diminished.  After 40 years of abandonment, bare soil exposure of 1.3% at Annie 

Spring and 0.7% at Cold Spring were considerably closer to undisturbed forest  

levels than the bare soil exposure (6.8%) at the more recently abandoned Anderson 

Bluffs (Table 5.9). 

The decline of soil compaction following site abandonment proceeded more 

slowly than forest floor accumulation.  Soil bulk densities at high use areas (0.78 to 

0.98 g/cm3) (Table 5.9) were significantly higher than paired controls (p=0.08).  High 

use area soil density for all abandoned sites averaged 43% higher than controls, and 

remained in the range of that measured at active site high use areas.  Soil bulk 

densities at two of three low use areas remained slightly, but significantly higher 

compared to controls (p=0.08).   

For sites with similar control soil bulk densities, the percentage difference in 

soil bulk density of high use areas relative to paired undisturbed sites was lower for 

both active (38%) and abandoned (26%) mid-successional sites compared to active 

(54%) and abandoned (51%) late-successional sites.  This suggests that soil  
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Figure 5.7.  Soil bulk density (g/cm3) at abandoned site high use and low use areas, 
and paired control sites (years since abandonment).  Anderson Bluffs and Annie 
Spring are late-successional sites and Cold Spring is a mid-successional site.  Standard 
error bars (± 1 SE) are for within site sub-samples. 
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compaction may be greater and recovery may also be slower at late-successional forest 

sites compared to mid-successional sites.   

 

DISCUSSION 

 

RECREATIONAL IMPACTS 

 Concentrated recreation had dramatic but predictable impacts on montane 

forest ecosystem structure, biomass and soils at Crater Lake National Park.  The most 

apparent impacts were likely associated with site conversion and maintenance, and 

with subsequent ground level activities of Park visitors. 

 Recreational development and activity resulted in a reduction in tree density 

and total tree biomass at all active sites compared to surrounding forests.  The greatest 

reductions occurred at recreational sites with the greatest original biomass.  These sites 

invariably were established in older, late-successional (old growth) forest. 

Within sites, high use areas surrounded structures of visitor focus, such as 

picnic tables and fire pits, whereas low use areas were interstitial, comprising the 

remainder of the recreational site.  Repeated trampling of ground at high use areas 

dramatically altered the forest floor environment.  The forest floor and herbaceous 

vegetation were completely eliminated, exposing bare mineral soil which became 

significantly compacted. 

The forest floor has a pivotal function by insulating the soil (Agee 1993) and 

acting as a key source of available and sequestered nutrients (Chapin et al. 2002).  By 

insulating the soil, the forest floor moderates temperature extremes and moisture loss 

which can be detrimental to the microbial community.  An important microbial 

community (including mycorrhizae) also inhabits and decomposes the forest floor.  

With the loss of forest floor the microbial community and ultimately the forest 

vegetation, in part through disrupted mycorrhizal relationships, also experience the 

loss of not only available nutrients but the long-term store of nutrients slowly released 

via litter decomposition. 

Repeated trampling on bare soil resulted in soil compaction.  Soil compaction 

reduces porosity and permeability (LaPage 1967, Cole 1982), which can inhibit water 
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and gas infiltration by up to 20-fold (Lutz 1945, James et al. 1979).  Soil compaction 

has a negative effect on both the microbial community and plant root growth (Zabinski 

and Gannon 1997).  Plant roots may also be exposed and abraded as the soil surface is 

broken (Settergren and Cole 1970, Cole 1981).  The potential for soil erosion is 

greatly enhanced with the removal of the forest floor and the underlying soils direct 

exposure to human activity and natural elements such water runoff (Hammitt and Cole 

1998). 

 High use areas were imbedded in the surrounding inter-site area which 

comprised the majority (70 to 80%) of designated recreational sites at Crater Lake.  

While trees and understory vegetation were retained to a greater degree in inter-site 

areas compared to high use sites they were dramatically altered nonetheless.  Similar 

inter-site impacts have been found in studies of recreational sites elsewhere.  Saplings 

were found to be reduced by 80% in inter-site areas of a developed Michigan 

campground (McEwen and Tocher 1976).  The lower level of trampling that occurred 

in inter-site areas generally did not eliminate the forest floor and the understory 

herbaceous vegetation was the one component that generally increased at active sites 

compared to the sparse understory of undisturbed, closed canopy forests of Crater 

Lake.  Stohlgren and Parsons (1986) found that areas experiencing intermediate levels 

of trampling retained tufts of vegetation and surface sod but speculated that soil 

organic matter and macronutrients were at an increased risk for loss. 

 Downed wood is an important ecosystem component serving many vital 

functions (Harmon et al. 1986).  Campsite recreation commonly reduces downed 

wood over large areas (Bratton et al. 1979), and the Crater Lake campsites were no 

exception.  Downed wood of all sizes was typically scavenged for firewood.  In 

addition to providing habitat and cover for invertebrates and small vertebrates, 

downed wood is a resource base for decomposers and also a major component of 

nutrient and carbon cycles.  Like the forest floor, downed wood provides a long-term 

source, slowly returning nutrients available for plant uptake. 

 Dead trees, the source of the largest downed wood, were also eliminated from 

active recreational sites.  Though the Park does not have an official plan for dead tree 

removal, trees are removed if they are considered a hazard to visitors (Michael Murray 
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pers. comm.).  Dead trees, as with downed wood, provide many vital ecosystem 

functions, including animal nesting and foraging, and an important component of 

nutrient and carbon cycles. 

 Even though focused recreation is not considered to be as destructive a land 

use compared to livestock or logging, impacts on the forest ecosystem were pervasive.  

The most pronounced impacts were observed at recreational sites established in late-

successional forests, where larger, older trees were removed and the thicker forest 

floor was degraded to a greater extent.  Thus, recreation altered ecosystem structure 

and reduced total above ground biomass to a greater extent in late-successional forest 

settings compared to mid-successional forest settings.  Changes in ecosystem function, 

such as nutrient and carbon cycling, likely accompanied these impacts. 

 

RECOVERY FOLLOWING ABANDONMENT 

Mid-successional forest sites may not only be more resistant to recreational 

impacts they may also be more resilient than mature forest sites.  Within 40 years the 

abandoned, mid-successional site had recovered from most of the recreational impacts 

to forest structure and biomass.  For many of the components, the time required for 

recovery at the mid-successional forest site was simply not as long as at the late-

successional site.  For example, trees were not as old or as large, and tree and forest 

floor biomass were not as great in the undisturbed, mid-successional forest.  The mid-

successional forests by their very nature had a high density of understory stems and 

seedlings.  The overstory was not closed in the undisturbed, mid-successional forest 

allowing a greater proliferation of the herbaceous layer.   

The story was very different at abandoned late-successional forest sites.  The 

combination of original late-successional forest structure, and release during 40 years 

of abandonment, resulted in a remnant overstory surrounded by an exploding 

understory more typical of a mid-successional site.  Fast and slow recovery of forest 

structure has been observed following recreational site closures elsewhere.  A shift to 

younger size classes was observed following 15 years of closure at a high Sierra 

wilderness recreation site (Parsons and DeBenedetti 1979).  Wood and litter were 

incompletely recovered compared to controls (60% and 80%) after 15 years (Parsons 
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and DeBenedetti 1979).  Understory cover was only 37% of controls after 8 years of 

campsite closure in Idaho’s Selway-Bitterroot Wilderness (Cole and Ranz 1983). On 

the other hand, Marion and Cole (1996) attributed relative rapid recovery to better 

growing conditions (i.e. relatively fertile soils, long growing seasons and periodic 

flooding) in the deciduous forests of the eastern United States compared to natural 

areas in the western United States.  In the high elevation Cascades of Crater Lake 40 

years is still a short time in the recovery of a forest ecosystem that was originally 

dominated by trees >300 years old.  

It is also possible that some differences recorded between recreational sites and 

undisturbed sites were due to pre-existing conditions.  For example, sites may have 

been chosen for recreational use that already had preferable attributes such open areas 

for campsites.  These sites may also have been previously used and altered in a similar 

fashion by Native Americans.  However, records relating to such use are lacking.  

Regardless, the results suggest that forest recovery has occurred at abandoned mid-

successional sites and that forest recovery at abandoned late-successional sites, if it is 

to occur, will take longer than the initial 40 years. 

Consideration of differential impacts of recreation on forests of differing 

successional stage should be included in land-use plan involving forest conversion for 

recreational purposes.  Late-successional forests suffer greater ecosystem impacts that 

also take longer to recover than mid-successional forests.  These lasting impacts, that 

also include impacts to the soil system and the unknown affects on ecosystem function 

are worthy of further consideration. 

 

LITERATURE CITED 

 

Agee, J. K.  1993.  Fire ecology of Pacific Northwest forests.  Island Press, 
Washington D.C.  493 p. 

 
Agee, J. K. and M. H. Huff.  1987.  Fuel succession in a western hemlock/Douglas-fir 

forest.  Canadian Journal of Forest Research 17:697-704. 
 
Bratton, S. P., M. G. Hickler, and J. H. Graves.  1978.  Visitor impact on backcountry 

campsites in the Great Smoky Mountains.  Environmental Management 
2(5):431-442. 



 

 

164 

Brown, J. K.  1974.  Handbook for inventorying downed woody material.  USDA 
Forest Service General Technical Report INT-GTR-16.  24 p. 

 
Chapin , F. S., P. A. Matson, H. A. Mooney. 2002.  Principles of terrestrial ecosystem 

ecology.  Springer, New York.  436 p. 
 
Cole, D. N.  1981. Vegetational changes associated with recreation use and fire 

suppression in the Eagle Cap Wilderness, Oregon: Some management 
implications.  Biological Conservation 20:247-270. 

 
Cole, D. N.  1982.  Wilderness campsite impacts: effect of amount of use.  USDA 

Forest Service Research Paper INT-284.  34 p. 
 
Cole, D. N. 1987.  Research on soil and vegetation in wilderness: A state-of-

knowledge review.  Pages 135-177 in: Lucas (compiler), Proceedings of the 
National Wilderness Research Conference: Issues, state-of-knowledge, and 
future directions.  USDA Forest Service Intermountain Research Station, 
Ogden, Utah. 

 
Cole, D. N. and E. G. S. Schreiner.  1981.  Impacts of backcountry recreation: site 

management  and rehabilitation - An annotated bibliography.  USDA Forest 
Service General Technical Report INT-121.  58 p. 

 
Cole, D. N. and R. K. Fichtler.  1983.  Campsite impact on three western wilderness 

areas.  Environmental Management 7(3):275-288. 
 
Cole, D. N. and B. Ranz.  1983. Temporary campsite closures in the Selway-Bitterroot 

Wilderness.  Journal of Forestry 81:729-732. 
 
Frissell, S. S. Jr. and D. P. Duncan.  1965.  Campsite preference and deterioration in 

the Quentico-Superior canoe country.  Journal of Forestry 63:256-260. 
 
Gholz, H. L., C. C. Grier, A. G. Campbell and A. T. Brown.  1979.  Equations for 

estimating biomass and leaf area of plants in the Pacific Northwest.  Research 
Paper no. 41.  Forest Research Lab, Oregon State University, Corvallis.  39 p. 

 
Greig-Smith, P.  1983.  Quantitative plant ecology (Studies in ecology volume 9). 

University of California Press, Berkeley.  359 p. 
 
Hammitt, W. E. and D. N. Cole.  1998.  Wildland recreation: Ecology and 

management.  John Wiley & Sons, Inc.  New York.  361 p. 
 
Harmon, M. E., J. F. Franklin, F. J. Swanson, P. Sollins, S. V. Gregory, J. D. Lattin, 

N. H. Anderson, S. P. Cline, N. G. Aumen, J. R. Sedell, G. W. Lienkaemper, 
K. Cromack, Jr., and K. W. Cummins.  1986.  Ecology of coarse woody debris 
in temperate forest ecosystems.  Pages 133-302 in: Advances in Ecological 



 

 

165 

Research, volume 15.  A. Macfadyen and E. D. Ford (eds.), Academic Press, 
Harcourt Brace Jovanovich, Publishers, London. 

 
James, T. D., D. W. Smith, E. E. Mackintosh, M. K. Hoffman and P. Monti.  1979.  

Effects of camping recreation on soil, jack pine (Pinus banksiana), and 
understory vegetation in a northwestern Ontario park.  Forest Science 25:233-
249. 

 
Krahmer, R. L. and A. C. Van Vliet.  1983.  Wood technology and utilization, FP 210.  

O.S.U. Bookstores, Inc., Corvallis.   
 
Kritzer, K. N.  2001.  Report on the archeological survey of eleven proposed fungus 

survey macroplots, Crater Lake National Park, Oregon.  USDI Crater Lake 
National Park, Crater Lake, OR.   

 
LaPage, W. F.  1967.  Some observations on campground trampling and groundcover 

response.  USDA Forest Service Research Paper NE-RP-68.  11 p. 
 
Lutz, H. J.  1945.  Soil conditions of picnic grounds in public forest parks.  Journal of 

Forestry 43:121-127. 
 
Marion, J. L. and D. N. Cole. 1996.  Spatial and temporal variation in soil and 

vegetation impacts on campsites.  Ecological Applications 6(2):520-530. 
 
McEwen, D. and S. R. Tocher.  1976.  Zone management: Key to controlling 

recreational impact in developed campsites.  Journal of Forestry 74:90-93.   
 
NPS.  2001a.  Management policies. U.S. Department of the Interior. Washington, 

D.C. 
 
NPS.  2001b. Strategic Plan for Crater Lake National Park. 
 
NPS.  2004.  Draft General Management Plan/Environmental Impact Statement, 

Crater Lake National Park. 
 
Parsons, D. J. and S. H. DeBenedetti.  1979.  Wilderness protection in the high Sierra: 

Effects of a fifteen year closure.  Pages 1313-1318 in: Linn, R. M. (ed.), 
Proceedings, first conference on scientific research in the National Parks.  
USDI Transactions and Proceedings Series, Number 5, Washington, D.C.. 

 
Settergren, C. D. and D. M. Cole.  1970.  Recreation effects on soil and vegetation in 

the Missouri Ozarks.  Journal of Forestry 68:231-233. 
 
Stohlgren, T. J. and D. J. Parsons.  1986.  Vegetation and soil recovery in wilderness 

campsites closed to visitor use.  Environmental Management 10(3):375-380. 
 



 

 

166 

U. S. C.  1916.  Title 16, sections 1-4, An act to establish a National Park Service, and 
for other purposes (U. S. Organic Act).  39 (Stat. 535). 

 
Unrau, H. D.  1988.  Administrative history: Crater Lake National Park, Oregon. 

Volume 1. 
 
Zabinski, C. A. and J. E. Gannon.  1997.  Effects of recreational impacts on soil 

microbial communities.  Environmental Management 21:233-238. 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

 

167 

Chapter 6 
 

Recreational Impacts and Recovery of Forest Composition at Crater Lake 
National Park, Oregon 
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ABSTRACT 

 

Recreational activities at campgrounds and picnic areas impact ecosystems to 

varying degrees and changes to floristic composition are often less recognizable than 

forest structural impacts. At Crater Lake National Park in southern Oregon, I 

quantified differences in forest composition at active recreational sites compared to 

undisturbed forest sites.  Recovery of recreational impacts was quantified by 

comparing abandoned recreational sites and undisturbed forest sites.   

Recreational disturbance at Crater Lake altered successional sequences 

opening the way for establishment of early seral species.  Lodgepole pine (Pinus 

contorta var. latifolia) an aggressive pioneering species had higher dominance in the 

overstory of active recreational sites compared to undisturbed sites.  Total understory 

cover and graminoid richness were generally greater at active recreational sites 

compared to undisturbed sites.  Increased understory cover was largely due to Ross’ 

carex (Carex rossii).  Compositional similarity based on similarity indices was higher 

between recreational impacted, mid-successional sites and undisturbed mid-

successional sites than betweem late-successional forest pairs.  

The greater differences determined at late-successional forest settings 

compared to mid-successional settings persisted 40 years following site abandonment.  

The lasting nature of these impacts was the result of the establishment and retention of 

early seral species, which likely reflect the long-term impacts to forest structure.  

Lodgepole pine retained a higher abundance in the overstory and graminoids retained 

a higher abundance in the understory.  Orchid species lost from active late-

successional sites were not recovered at abandoned sites.  Although the number of 

sample sites was small, the results of this study were suggestive that recreational sites 

located in late-successional forest settings produce significantly greater and long-

lasting compositional impacts compared to recreational sites located in earlier 

successional forests.   
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INTRODUCTION 

 

Recreational activities at campgrounds and picnic areas impact ecosystems to 

varying degrees.  The ecological importance of human activities is a function of the 

magnitude and permanence of their effects (Franklin and Aplet 2002).  Whereas some 

of the most apparent impacts affect ecosystem structure, particularly ground level 

structure (Chapter 5 this dissertation), changes to floristic composition are often less 

recognizable to the casual visitor and scientist alike.  It is important to understand the 

effects of recreational disturbance (the effects on the ecosystem resulting from human-

related stresses) in relation to the historical range of natural variability in the 

ecosystem.   

Shasta red fir (Abies magnifica var. shastensis)-mountain hemlock (Tsuga 

mertensiana) forests are a significant high elevation ecosystem of the southern 

Cascades and northern Sierra Nevada, and are one of the most abundant forest types at 

Crater Lake National Park.  Mountain hemlock and Shasta red fir have been described 

as climax dominant tree species (Franklin and Dyrness 1973, Zeigler 1978).  Due to 

disturbance and succession these forests like all ecosystems are dynamic and in a 

constant state of change (Chapter 2 this dissertation).   

 Plant community progression has been recognized to be neither fixed nor 

entirely predictable due to the dynamic nature of ecosystems (Egler 1954).  

Environmental variables, and individual plant processes, such as dispersal and 

differential growth rates are important and result in shifting dominance (Gleason 1926, 

Whittaker 1953).  Even so, unaltered ecosystems operate within a historic range of 

variability determined by the environmental and interactive factors of their location 

(Franklin and Aplet 2002).  

Plant species are adapted to a particular range of environmental conditions and 

such conditions are usually altered with recreational use.  Altered environmental 

conditions will affect plant establishment and growth conditions (Kuss 1986).  For 

example, the loss of canopy trees at campsites opened space and increased light 

penetration to the forest floor (Lutz 1945, Chapter 5 this dissertation).  Life history 

strategies of individual species result in different tolerances to the physical impacts 



 

 

170 

associated with recreational disturbance (Liddle and Greig-Smith 1975, Cole 1995).  

For example, differential tolerance to human trampling impact produced a 

compositional shift in species and life-forms in the western USA (Cole 1995).  

Extreme physical impacts in areas of concentrated activity often eliminated understory 

vegetation (Stohlgren and Parsons 1986), however, the tolerance of surviving plants in 

inter-site areas depended upon individual species morphology and physiology (James 

et al. 1979, Cole 1995, Marion and Cole 1996).  More competitive species, including 

exotics, often gain a foothold at disturbed sites. 

Recreational impacts to forest structure and soils in western ecosystems can 

last decades and possibly longer (Parsons and DeBenedetti 1979, Hartley 1999, 

Chapter 5 this dissertation) and may likewise produce long-lasting effects on the biotic 

composition that ultimately affect ecosystem function.  Studies on vegetation 

resistance and resilience have tended to focus on short term recovery of the understory 

community at small sites (Cole and Ranz 1983, Cole 1995).  Studies are lacking that 

extend the research to include impacts on tree composition and potential long-term 

successional trajectory. 

National Park Service management polices (NPS 2001) affirmed the Park 

Service’s commitment to the original dual mandate: “the laws do give the Service the 

management discretion to allow impacts to Park resources and values when necessary 

and appropriate to fulfill the purposes of a park, so long as the impact does not 

constitute impairment of the affected resources and values.”  But what exactly 

constitutes impairment?  To assess whether an impact impairs resources and values, 

the impact must first be characterized and the range of effects understood.  The global 

objective of this study was to determine the ecological impacts of recreation at high 

use recreational sites on ecosystem attributes in montane forests of Crater Lake 

National Park at ecosystem scales and at relatively long (decadal) temporal scales   

Specific objectives were to characterize differences in forest composition between 

active recreational and control sites, and to measure its recovery at abandoned sites.  A 

better understanding of the ecological basis of recreational impacts and their potential 

for recovery will help management minimize future impacts and provide information 

necessary for the restoration of abandoned sites in high elevation forests. 
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METHODS 

 

STUDY APPROACH 

To provide a better understanding of how forest ecosystems are affected by 

ongoing recreational disturbance, and how these ecosystems recover following site 

abandonment, a comparative approach was adopted in this study by measuring 

community floristics (vegetative species composition) at active sites and paired, 

undisturbed control sites.  In addition to the local comparisons of paired stands, 

landscape level trends were evaluated where possible, either by examining the 

constancy in the direction of change for all sets of paired comparisons, or by grouping 

results (i.e. all active sites vs. all control sites).  Recreational disturbance potentially 

affects numerous aspects of the ecosystem; therefore a comprehensive array of 

ecosystem attributes was examined in this study (see Chapter 5 for comparisons of 

structure, biomass and soils). 

Community floristics measured in this study, concerns the distribution and 

abundance of the vegetative species.  At each site, all above ground vegetative species 

were identified and the density or cover was measured for each species.   

 

STUDY AREA 

All study sites were located within Crater Lake National Park, which 

encompasses 645 km2 surrounding the collapsed caldera of Mount Mazama at the 

southern end of the high Cascades physiographic province Oregon (Figure 6.1).  The 

study area was located in the upper montane, mountain hemlock - Shasta red fir forests 

of Crater Lake National Park.  

Potential study sites, consisting of active recreational sites (e.g. campgrounds 

and picnic areas) and abandoned sites, were identified for research in conjunction with 

the National Park Service in 2001 (Kritzer 2001).  Final selection was based on 

inspections of those sites determined to be large enough for plot establishment as 

detailed below.  Four, active recreationally stressed sites and three abandoned stressed 

sites were selected for inclusion in this study (Table 6.1) (see Chapter 5 for  

description). 
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Figure 6.1.  Location of active study sites, Mazama Village Late (MVL), Mazama 
Village Mid (MVM), Picnic Hill (PH), Mason’s Camp (MC), and abandoned study 
sites, Annie Spring (AS), Cold Spring (CS), Anderson Bluffs (AB) in Crater Lake 
National Park, Oregon. 
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Table 6.1.  Sites (active and abandoned) included in the study with year established, year abandoned, stand successional stage (mid or 
late) and stand age (years), and elevation in meters. 
  
Site Status   Successional 
   Name Year Establisheda Year Abandoneda Status (age-years) Elevation (m) 
 
Active 
   Picnic Hill 1870s active Late (>300) 2160 
   Mason’s Camp 1955    active Late (>300) 1830 
   Mazama Village Campground 
      Late 1957-1962 active Late (>300) 1830 
      Mid 1957-1962  active Mid (202) 1830 
 
Abandoned 
   Anderson Bluffs 1890’s 1980s Late (>300) 1890 
   Annie Spring post-1865    1950s (1970) Late (>300) 1830 
      (Ranger Station Campground 
      or Camp Arant at Anna Spring)  
   Cold Spring Campground post-1865 1960s (1972) Mid (162) 1780   
a Unrau (1988), Kritzer (2001), Steve Mark NPS (pers. comm.) 
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Mid-successional sites refer to sites that are in the biomass accumulation-

competitive exclusion and maturation stages described by Franklin et al. (2002).  Late-

successional sites refer to sites that are in the structural diversification and pioneer 

cohort loss stages of Franklin et al. (2002).  This latter stage is commonly referred to 

as old-growth forest (Oliver 1981). 

Ages of the two mid-successional sites (Table 5.1) were determined at control 

sites by increment coring the largest trees at breast height and then adding the ages of 

cut seedlings of approximate breast height (Chapter 2 this dissertation).  Due to the 

active nature of the Mazama Village site, tree ages determined for the adjacent control 

were used for the active site.  At least three of the largest trees at each site were cored.  

Lodgepole pine seedlings were sampled in the vicinity of the lodgepole pine 

dominated Cold Spring site. 

The increment borer utilized was not sufficient to completely core the largest 

trees located at the late-successional forest sites.  However, several recently cut large 

trees (>100 cm dbh) were located in the vicinity of our study sites.  Ring counts were 

made from the stumps which were comparable in size to those of the largest trees of 

the late-successional forest sites.  In each case, trees >100 cm dbh were determined to 

be >300 years of age. 

Relatively intact forest sites (controls) were selected in the proximity of each 

study site, though not necessarily adjacent.  Paired sites were selected to match, as 

similarly as possible, elevation, slope and azimuth, soils, overstory stage and general 

community composition of the corresponding study site.  Controls lacked the activities 

characteristic of the recreational sites and were selected for minimum evidence of 

human disturbance (past and present) in general (e.g., old trails, cut stumps, etc.). 

 

METHODS 

Plots and Transects 

In this paper, each sampled site (active, abandoned and control) is denoted as a 

“stand”, an area where the vegetation was treated as a unit for the purposes of 

description (Greig-Smith 1983).  At each sampled site (Table 6.1), three macroplots 

0.2 ha (20 x 100 m) in size, were established in which all measurements of community  
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Figure 6.2.   Macroplot, subplot and transect design for sampling forest structural, 
biomass and soil components.   Species were identified and density, size and cover of 
forest strata were measured in the macroplot and nested subplots.  Trees >30 cm dbh 
were measured in the 20 x 100 m macroplot.  Trees 10-30 cm dbh were measured in 
the 10 x 50 m subplot.  Small trees (<10 cm in diameter and >1.3 m in height) were 
measured in 2 x 10 m subplots (7 per macroplot).  Tree seedlings (<1.3 m in height) 
and shrubs were measured in 1 x 5 m subplots (7 per macroplot).  Herbaceous species 
were measured in 1 x 1 m microplots (14 per macroplot). 
 

composition were made (Figure 6.2).  Large plots reduce edge effects, and rectangular 

plots also show lower variance than square plots (Greig-Smith 1983).  Previous studies  

in forests of the Pacific Northwest along with preliminary field investigation of the 

study sites indicated this to be a suitable sample unit size for accurately characterizing 

the forest ecosystem (Agee and Huff 1987).   

Within each macroplot, a central, lengthwise baseline, 100 m in length, was 

established, from which nested subplots originated in a modified systematic sampling 

design.  In complex communities of several structural layers, such as forests, it is 

likely impossible to characterize the different layers on a common basis (Greig-Smith 
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1983).  Therefore, nested sampling subplots appropriate to the size and distribution of 

the component to be measured were established in each macroplot.   

 

Trees: 

Due to complex structural relations, trees were partitioned into four strata 

(>30, 10-30 and <10 cm dbh, and <1.3 m height) which were measured in nested plots 

of appropriate size.  All trees sampled were identified to species and measured for 

diameter at 1.3 m height (dbh).   

Corresponding to the tree canopy, all trees >30 cm were measured in the entire 

20 x 100 m macroplot.  To measure sub-canopy trees (10-30 cm dbh), each macroplot 

was divided into four quarters, one of which was randomly selected for use as a 10 x 

50 m plot where all trees in this size class was measured.  Seven subplot origination 

points were established along the central baseline beginning at the 5 m mark and 

spaced at intervals of 15 m.  All subplots were distributed from these points using 

random azimuths (Figure 6.2).  Small trees (<10 cm in diameter and >1.3 m in height) 

were measured in 2 x 10 m subplots (seven per macroplot).  Tree seedlings (<1.3 m in 

height) were recorded in 1 x 5 meter subplots (seven per macroplot). 

Relative dominance of tree species in the >30 cm dbh size class was 

determined by calculating importance values (IV) (Barbour et al. 1999).  Importance 

refers to the relative contribution of individual species to the entire community 

comprising the respective strata.  Measures of basal area and density were combined 

to determine IVs by the following equation: 

 

 IV trees = [(Ds/Dt + Bs/Bt)/2]*100 

 

where Ds is the density of a tree species, Dt is the density of all trees, Bs is the basal 

area of a tree species and Bt is the total tree basal area.  IVs were multiplied by 100 to 

make relative to a 0-100 scale. 
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Understory: 

Field measures of the understory (shrub and herbaceous vegetation) 

composition and cover were recorded in nested subplots.  Species and canopy cover of 

all shrubs were recorded in a 1 x 5 m subplot (seven per macroplot).  Species and 

canopy cover of all herbaceous species were recorded in a 1 x 1 m microplot (14 per 

macroplot).  Due to the sparse distribution of many understory species, the presence of 

all species was also determined for each 20 x 100 m macroplot.   

The complexity of plants and the overlapping of adaptive strategies among 

species suggest that analysis of plant species by ecological function or guild is useful 

in interpreting ecosystem dynamics (Solbrig 1994, Korner 1994).  To allow for a more 

general examination of relationships between forms and function understory species 

were categorized by functional group.  Since the grouping depends upon the aim, the 

functional groups defined here were expected to be relevant to potential changes due 

to recreational disturbance.  Basic life-form categories have proven to be of great 

practical value (Korner 1994).  Basic understory life-form categories defined for this 

study were forbs, graminoids, carpeting carices and shrubs. 

Relative dominance of species in the understory community was determined 

by calculating importance values (IV) (Barbour et al. 1999).  Measures of cover and 

frequency were combined to determine IVs by the following equation:  

 

 IV herb-shrubs = [(Fs/Ft + Cs/Ct)/2]*100 

 

where Fs is the frequency of a herb-shrub species, Ft is the frequency of all herb-shrub 

species, Cs is the cover of a herb-shrub species and Ct is the total herb-shrub cover.  

IVs were multiplied by 100 to make relative to a 0-100 scale. 

 To emphasize different compositional relationships, three indices of similarity 

were used to compare the understory communities of the active sites with those of 

paired controls.  Different indices preserve and emphasize different information in the 

data (e.g. emphasis on rare species, common species or species proportions).  The 

Sørensen coefficient is based on the percent of shared species using presence/absence 

data.  Since each species is given equal weight regardless of abundance, the Sørensen 
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coefficient (0-100) weighs common and rare species equally (Krebs 1999) with a 0 

value equaling no shared species, and a 100 value equaling all species shared between 

sites.  The Sørensen coefficient (S) was calculated by the following equation:  

 

 Sørensen coefficient = [2a / (2a + b + c)]*100 

 

where a is the number of species common to both sites, b is the number of species 

specific to site 1, and c is the number of species specific to site 2 (Sørensen 1948). 

 Using quantitative data, the Bray-Curtis similarity index (BC), based on 

differences in absolute values (cover) as originally suggested by Czekanowski (1913), 

was calculated by the following equation:  

 

 Bray-Curtis = [2 Σ min(x1p, x2p)] / Σ(x1p + x2p) 

 

where xqp is the amount (cover) of species p in stand q (Bray and Curtis 1957).  By 

using absolute values (unrelativized), the Bray-Curtis index gives greater weight to 

more common species (Krebs 1999).   

 By relativizing the quantitative values of species cover for each site, the 

Percent Similarity index compares community proportions with greater weight given 

to common species. If two sites were completely similar in their species composition 

and relative abundance for each species, the Percentage Similarity index of the two 

sites would be 100.  The Percent Similarity index (PS) was calculated by the following 

equation:  

 

 Percent Similarity = Σmin(p1i, p2i) 

 

where p1i is the relative amount (cover) of species i in site 1 and p2i is the relative 

amount (cover) of species i in site 2 (Krebs 1999). 
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Statistical Analysis: 

 Tests of significance difference between recreational sites and paired controls 

were conducted with the Wilcoxon rank-sum test with the level of significant 

difference set at 0.10.  One-sided p-values were determined for all active site 

comparisons since disturbance effects were expected.  Two-sided p-values were 

determined for abandoned sites due to the potential for variable recovery affects.  In 

addition to the local comparisons of paired stands, landscape level trends of the 

understory were evaluated where possible using the sign test to examine the constancy 

in the direction of change for all sets of paired comparisons.  Due to the small number 

of research sites, this test was only applicable in the analysis of the four active site 

comparisons.  The sign test was significant for systematic difference (p-value <0.10) 

only when the differences of all four paired comparisons were in the same direction. 

 

RESULTS 

 

TREE COMPOSITION 

Recreational Effects 

A pronounced shift in species dominance was observed at active recreational 

sites compared to undisturbed sites.  Lodgepole pine (Pinus contorta var. latifolius) 

had a greater density (Table 6.2) and importance (Figure 6.3) at active sites compared 

to undisturbed sites.  In contrast, a decrease was observed in two species, mountain 

hemlock and Shasta red fir, that dominated undisturbed sites.  The compositional 

differences between disturbed and undisturbed stands among different tree strata 

revealed potential effects on long-term forest succession.  

At late-successional sites, the increase in lodgepole pine was apparent in the 

larger size classes (10-30 and >30 cm dbh).  The differences were significant (p=0.08) 

for these size classes at Mazama Village Late and for the 10-30 cm size class at 

Mason’s Camp (Table 6.2).  Mazama Village Late had the greatest difference in these 

size classes combined (175 individuals/ha) compared to its paired control (3.3 

individuals/ha) (Table 6.2).  The Picnic Hill site, located along the rim of Crater Lake  
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Table 6.2.  Density of tree species (individuals/ha) presented by dbh size classes (cm) of each active recreational site and paired 
control.  Mazama Village Mid is mid-successional.  Mazama Village Late, Mason’s Camp and Picnic Hill are late-successional.  
Values are means (± 1SE).  Paired comparison (n=3) p-values (2-sided) are from the Wilcoxon rank-sum test. 
 
Site Seedlings (*103) Trees <10 cm dbh Trees 10-30 cm dbh Trees >30 cm dbh 
     Tree Species Rec Site Control P-value Rec Site Control P-value Rec Site Control P-value Rec Site Control P-value 
 
Mazama Village Mid 
     Shasta red fir 0.67 (0.67) 12 (10) 0.19 24 (24) 405 (274) 0.38 0.0 6.7 (6.7) 0.66 1.7 (1.7) 12 (12) 1.0 
     Mountain hemlock 0.48 (0.10) 9.8 (5.6) 0.08 143 (41) 1428 (180) 0.08 67 (18) 460 (155) 0.08 10 (7.6) 105 (98) 0.83 
     Lodgepole pine 1.3 (0.62) 3.2 (1.9) 0.38 1023 (433) 524 (274) 0.38 307 (66) 173 (88) 0.28 130 (18) 130 (7.6) 1.0 
     Sub-alpine fir 2.5 (1.8) 4.5 (2.2) 0.66 309 (242) 214 (124) 1.0 127 (75) 73 (41) 0.83 32 (19) 12 (3.3) 0.66 
     Western white pine 0.0 0.0                   0.0  0.0  0.0 0.0  0.0 0.0  
 
Mazama Village Late 
     Shasta red fir 0.95 (0.47) 3.4 (2.3) 0.38 71 (71) 95 (48) 1.0 47 (27) 20 (20) .66 30 (15) 65 (28) 0.66 
     Mountain hemlock 1.4 (0.87) 6.7 (2.6) 0.83 119 (63) 119 (24) 1.0 100 (40) 127 (18) 1.0 127 (6.0) 265 (28) 0.08 
     Lodgepole pine 0.0 0.0  71 (41) 0.0 0.28 140 (64) 0.0 0.08 35 (10) 3.3 (1.7) 0.08 
     Sub-alpine fir 0.38 (0.38) 2.2 (1.1) 0.38 262 (262) 119 (86) 1.0 0.0 40 (23) 0.38 6.7 (1.7) 1.7 (1.7) 0.19 
     Western white pine 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0  
 
Mason’s Camp 
     Shasta red fir 0.48 (0.10) 0.86 (0.33) 0.51 95 (24) 262 (104) 0.38 80 (50) 213 (29) 0.19 118 (9.3) 155 (31) 0.66 
     Mountain hemlock 0.0 0.48 (0.48) 0.66 24 (24) 95 (48) 0.38 20 (12) 80 (42) 0.51 18.3 (11) 67 (22) 0.51 
     Lodgepole pine 0.0 0.0  0.0 0.0  53 (33) 0.0 0.08 5.0 (2.9) 1.7 (1.7) 0.19 
     Sub-alpine fir 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0 
     Western white pine 0.0 0.0  24 (24) 0.0 0.66 13 (6.7) 27 (6.7) 0.38 8.3 (1.7) 10 (2.9) 0.83 
 
Picnic Hill 
     Shasta red fir 0.0 0.0  0.0 0.0  6.7 (6.7) 0.0 0.66 0.0 1.7 (1.7) 0.66 
     Mountain hemlock 0.76 (0.25) 2.4 (1.9) 1.0 24 (24) 262 (119) 0.08 80 (23) 127 (27) 0.38 188 (9.3) 227 (19) 0.08 
     Lodgepole pine 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0 
     Sub-alpine fir 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0 
     Western white pine 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0 
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Figure 6.3.  Tree strata Importance Values (IV) presented for dbh size classes (cm) of 
three recreational sites (Mazama Village Late, Mason’s Camp, and Mazama Village 
Mid) and paired controls.  Mazama Village Mid is mid-successional.  Mazama Village 
Late and Mason’s Camp are late-successional.  Picnic Hill was a monospecific site 
and was therefore not included.  Tree species are Shasta red fir (ABMA), mountain 
hemlock (TSME), lodgepole pine (PICO), sub-alpine fir (ABLA) and western white 
pine (PIMO).  Importance Values for each respective strata sum to 100. 
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Figure 6.3.  Continued. 

 

and locally out of the range of lodgepole pine, responded differently where reduced 

tree density at the active site remained entirely mountain hemlock in composition.   

The greater density of lodgepole pine in the overstory at the late-successional 

sites was accompanied by a lower density of mountain hemlock and Shasta red fir.  

Mountain hemlock and Shasta red fir (>30 cm dbh) were lower at the Mazama Village 

Late and Mason’s Camp sites compared to controls (Table 6.2), but due to spatial 

variability only the difference in mountain hemlock at Mazama Village Late (127 vs. 

265 individuals/ha) was statistically significant (p=0.08).  Sub-alpine fir (Abies 

lasiocarpa) remained an important understory tree species in at the Mazama Village 

Late site and the paired control (Figure 6.3). 

The differences in overstory composition at late-successional sites did not 

translate into differences in seedling composition.  Lodgepole pine was not present in 

the seedling strata at these sites.  Whereas, seedling density was reduced for all species 

at active sites, the differences were not significant (Table 6.2), and community 

proportions remained similar to controls.  The active late-successional sites do not 

share the overall stability in species composition across size class strata which were 

exhibited at the paired control sites, and which may characterize these late-

successional forests where undisturbed for long periods (Figure 6.3). 
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Lodgepole pine importance was higher across all size classes at the active mid-

successional site (Mazama Village Mid) compared to the paired control (Figure 6.3).  

In contrast, mountain hemlock importance was lower across all size classes.   The 

densities of Mountain hemlock, which was dominant at the undisturbed site (Figure 

6.3), were lower across all size classes at the active site and significantly so compared 

to controls (p=.080) for the three size classes <30 cm dbh.  Lodgepole pine densities 

were not significantly different (p>0.10) compared to controls for any size class.  Sub-

alpine fir importance at the active, mid-successional site was greatest in the seedling 

strata once again. 

 

Abandoned Sites  

 Impacts to sub-canopy tree composition were somewhat cryptic compared to 

the dramatic visual impacts to structure and biomass; however the changes were 

similarly long-lasting.  The availability and establishment of lodgepole pine played an 

important role.   

The overstory was still open relative to the control site 40 years following 

abandonment at the late-successional, Annie Spring site; where the density of the 

dominant species, mountain hemlock (130 individuals/ha) and Shasta red fir (3 

individuals/ha), were significantly lower (p=0.08) than at the paired control (65 and 

265 individuals/ha respectively) (Table 6.3).  Lodgepole pine, essentially absent from 

the paired control, was significantly greater at the abandoned site (p=0.08), and now 

occurs on this site in densities similar to those seen at active sites (Table 6.3).  

Regeneration was actively filling in the openings at the abandoned site. Mountain 

hemlock dominated the robustly developing understory in much the same fashion as at 

the paired control, however, lodgepole pine was now a significant presence in the 

seedlings. 

Lodgepole pine was only minimally represented at the more recently 

abandoned (20 years) Anderson Bluffs site and compositional proportions of dominant 

species were similar to the paired control (Figure 6.4).  Mountain hemlock, the 

dominant species at the paired control (Figure 6.4), had a significantly lower (p=0.08) 

seedling density (950 vs. 19,000 individuals/ha) at the abandoned site (Table 6.3).  
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Table 6.3.  Density of tree species (individuals/ha) presented by dbh size classes (cm) of each abandoned recreational site and paired 
control.  Cold Spring is mid-successional.  Anderson Bluffs and Annie Spring are late successional.  Anderson Bluffs has been 
abandoned for 20 years.  Annie Spring and Cold Spring have been abandoned for 40 years.  Values are means (+ 1SE).  Paired 
comparison (n=3) p-values (2-sided) are from the Wilcoxon rank-sum test. 
 
Site Seedlings (*103) Trees <10 cm dbh Trees 10-30 cm dbh Trees >30 cm dbh 
     Tree Species Rec Site Control P-value Rec Site Control P-value Rec Site Control P-value Rec Site Control P-value 
 
Anderson Bluffs 
     Shasta red fir 0.67 (0.38) 2.2 (0.58) 0.19 0.0  48 (24) 0.28 0.0 13 (6.7) 0.28 18 (1.7) 8.3 (4.4) 0.13 
     Mountain hemlock 0.95 (0.42) 19 (4.9) 0.08 24 (24) 143 (71) 0.38 73 (41) 153 (29) 0.19 125 (28) 190 (10) 0.19 
     Lodgepole pine 0.10 (0.10) 0.0 0.66 0.0 0.0  6.7 (6.7) 0.0 0.66 10 (5.0) 0.0 0.28 
     Sub-alpine fir 0.0 0.0  0.0 0.0  0.0 0.0  1.7 (1.7) 0.0 0.66 
     Western white pine 0.19 (0.19) 0.0 0.66 0.0 0.0  6.7 (6.7) 0.0 0.66 6.7 (1.7) 1.7 (1.7) 0.19 
 
Annie Spring 
     Shasta red fir 2.4 (0.67) 3.4 (2.3) 1.0 238 (63) 95 (48) 0.19 13 (6.7) 20 (20) 1.0 3.3 (1.7) 65 (28) 0.08 
     Mountain hemlock 8.9 (1.8) 6.7 (2.6) 0.66 1142 (459) 119 (24) 0.08 420 (239) 127 (18) 0.66 130 (21) 265 (28) 0.08 
     Lodgepole pine 3.0 (2.1) 0.0 0.08 405 (227) 0.0 0.28 53 (35) 0.0 0.28 57 (15) 3.3 (1.7) 0.08 
     Sub-alpine fir 0.48 (0.48) 2.2 (1.1) 0.19 71 (41) 119 (86) 0.83 27 (18) 40 (23) 0.83 0.0 1.7 (1.7) 0.66 
     Western white pine 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0  
 
Cold Spring 
     Shasta red fir 2.3 (0.0) 0.19 (0.19) 0.08 547 (249) 71 (41) 0.13 20 (12 ) 0.0 0.28 3.3 (1.7) 0.0 0.28 
     Mountain hemlock 3.4 (1.8) 4.5 (0.81) 0.66 381 (167) 928 (214) 0.13 120 (80) 120 (61) 1.0 1.7 (1.7) 6.7 (6.7) 1.0 
     Lodgepole pine 5.0 (2.1) 0.95 (0.58) 0.08 452 (227) 262 (156) 0.83 380 (50) 347 (24) 1.0 245 (7.6) 253 (27) 1.0 
     Sub-alpine fir 3.2 (0.67) 14 (5.2) 0.08 24 (24) 785 (366) 0.13 0.0 87 (6.7) 0.08 3.3 (1.7) 25 (12) 0.19 
     Western white pine 0.0 0.0  0.0 0.0  0.0 0.0  0.0 0.0
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Lodgepole pine has substantial presence in forests within 1 km of the Anderson Bluff 

sites.  Current lodgepole pine seedling density is low (100 individuals/ha) at the 

abandoned Anderson Bluffs site, however with time, this stand may shift to a 

different, more mixed composition of mountain hemlock, Shasta red fir and pines 

compared to the mountain hemlock dominated control stand. 

A subtle delay in the succession from lodgepole pine to mountain hemlock-fir 

forest was apparent at the mid-successional site abandoned for 40 years (Cold Spring). 

The overstory of both abandoned and control sites was dominated by lodgepole pine  

(245 and 253 individuals/ha, respectively) (Table 6.3) which decreased in importance 

in the understory (Figure 6.4).  At the abandoned site, lodgepole pine maintained co-

dominance in the seedling and <10 cm dbh stages (Figure 6.4) whereas mountain 

hemlock and sub-alpine fir dominated these size classes at the paired control (Figure 

6.4).  Lodgepole pine seedling density was significantly greater (p=0.08) at Cold 

Spring (5000 individuals/ha) compared to the control (950 individuals/ha).   
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Figure 6.4.  Tree strata Importance Values (IV) is presented for dbh size classes (cm) 
of three abandoned recreational sites (Anderson Bluffs, Annie Spring, Cold Spring) 
and paired controls.  Cold Spring is mid-successional.  Anderson Bluffs and Annie 
Spring are late-successional.  Anderson Bluffs has been abandoned for 20 years.  
Annie Spring and Cold Spring have been abandoned for 40 years.   Tree species are 
Shasta red fir (ABMA), mountain hemlock (TSME), lodgepole pine (PICO), sub-
alpine fir (ABLA) and western white pine (PIMO).  Importance Values for each 
respective strata sum to 100. 
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Figure 6.4.  Continued. 

 

UNDERSTORY 

Recreational Effects 

A shift occurred in both the growth form and species composition of the 

understory layer at recreational sites compared to controls.  Though the ground-

carpeting carices Ross’ sedge (Carex rossii) and smooth woodrush (Luzula  

hitchcockii) dominated the understory at active and control sites, non-carpeting 

graminoid species became increasingly important at the active sites.  Similarity indices 
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Table 6.4.  Total site and plot species richness, and plot cover presented for the understory growth forms; forb, graminoid, and shrub, 
and for the total understory community at active recreational sites and paired controls.  Plot cover of dominant, carpeting carices 
(Ross’ sedge, smooth woodrush) is presented separately.  Mazama Village Mid is mid-successional.  Mazama Village Late, Mason’s 
Camp and Picnic Hill are late successional.  Plot values are means (± 1SE).  Paired comparison (n=3) p-values (1-sided for 
graminoids, all others two sided) are from the Wilcoxon rank-sum test.  Components in bold denote differences between means of 
paired comparisons in the same direction for all four sites (sign test p-value = 0.06).  
 
 Mazama Village Mid Mazama Village Late Mason’s Camp Picnic Hill 
Component Rec Site    Control      P-value      Rec Site    Control      P-value       Rec Site    Control      P-value      Rec Site    Control        P-value 
                                                
Forb 
     Plot Richness 3.7 (0.3) 3.0 (1.0) 0.33 3.0 (0.6)    5.0 (2.1) 0.33 2.0 (1.0)    4.7 (0.3) 0.06 6.7 (1.5) 6.3 (1.2) 0.50  
     Site Richness 4 5  4                9  4                7  12 12 
     Plot Cover (%) <0.1 1.2 (0.6) 0.27 <0.1 <0.1  <0.1 <0.1  1.2 (0.5) 0.1 (<0.1) 0.13 
Graminoid       
     Plot Richness 3.7 (0.7) 2.0 (0.6)    0.09 2.0 (0.6)    1.0 (0.6) 0.19 0.3 (0.3) 0.0 0.50 9.7 (1.5) 2.7 (0.3) 0.04 
     Site Richness 6 3                3                2  1                0.0  15 5 
     Plot Cover (%) 1.7 (1.0) <0.1 0.04 0.1             <0.1  <0.1 0.0  3.0 (1.6) 0.1 (0.1) 0.04 
Ross’ sedge 
     Plot Cover (%) 19.1 (4.0) 6.0 (3.3)    0.09 5.8 (1.9) 0.1 (0.1) 0.09 2.3 (0.7) 0.1 (0.1) 0.09 1.2 (0.6) 0.3 (0.2) 0.38 
Smooth woodrush 
     Plot Cover (%) 2.2 (1.3) 0.2 (0.2) 0.38 <0.1 <0.1  0.0             0.0  9.6 (4.0) 22.5 (0.7) 0.09 
Shrub 
     Plot Richness 0.7 (0.3) 0.3 (0.3) 0.66 0.3 (0.3) 0.3 (0.3) 1.0 1.0 (0.0) 0.7 (0.3) 0.66 2.0 (0.6) 1.3 (0.3) 0.51 
     Site Richness 1 1  1 1  1                1  3 3 
     Plot Cover (%) <0.1 0.5 (0.5) 0.66 <0.1 <0.1  1.7 <0.1 0.08 <0.1 <0.1 
Total Understory 
     Plot Richness 9.3 (0.3) 7.9 (1.2) 0.19 6.7 (1.5) 8.0 (1.5) 0.51 4.7 (0.9) 6.3 (0.3)    0.19 20.0 (2.6) 14.3 (1.8) 0.28 
     Site Richness 13 11  10              14  7                9  33 22 
     Plot Cover (%) 22.9 (3.6) 8.0 (3.5) 0.08 5.9 (2.0)  0.2 (0.1) 0.08 5.9 (0.9) 0.2 (0.1) 0.08 15.3 (5.2) 23.0 (0.9) 0.66 
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revealed that the major difference between paired sites was the increased cover of the 

dominant carices at the active sites.  

Graminoid richness and cover (excluding carpeting-carices) were greater at all 

active sites compared to controls (Table 6.4).  Though the difference in richness was 

statistically significant (p<0.10) for two of the comparisons, the cover remained very 

low.  The greatest difference occurred at the Picnic Hill site, where graminoid richness 

increased three-fold to an average of 9.7 species per macroplot, and 15 total species 

across the site.   

Forb richness tended to be unchanged or lower at active sites compared with 

controls (Table 6.4), though a shift in importance values compared with graminoids 

occurred.  Typical late-successional forest forbs such as prince’s pine (Chimophila 

umbellata) and one-sided wintergreen (Pyrola secunda), and mid-successional forest 

herbs such as broadleaf lupine (Lupinus latifolius) were replaced by native graminoid 

species in secondary importance at three of four recreational sites (Table 6.5). 

 
Table 6.5.  Importance Values (IV), the relative contribution (dominance) of 
individual species to the entire community, are presented for key understory species 
(IV >5.0) at active recreational sites and paired controls.  Mazama Village Mid is mid-
successional.  Mazama Village Late, Mason’s Camp and Picnic Hill are late 
successional.  IVs summed to 100 at each site. 
 
    Active Sites    Paired Controls 
Site Species (form) IV Species (form) IV 
 
Mazama Village Carex rossii (gr) 66.7 Carex rossii (gr) 67.5 
Mid Stipa occidentalis (gr) 12.1 Lupinus latifolius (fo) 22.8 
 Luzula hitchcockii (gr)   9.0 Vaccinium scoparium (fo)   5.6 
 Sitanion hystrix (gr)   8.3  
 
Mason’s Camp Carex rossii (gr) 68.6 Carex rossii (gr)  59.3 
 Arctostaphylus  28.5 Chimophila  28.5 
 nevadensis (sh)  umbellata (fo) 
 
Mazama Village Carex rossii (gr) 86.8 Carex rossii (gr) 79.1 
Late Stipa occidentalis (gr)     6.5 Pyrola secunda (fo)   8.3 
 
Picnic Hill Luzula hitchcockii (gr) 43.3 Luzula hitchcockii (gr) 84.2 
 Carex rossii (gr) 10.2 Carex rossii (gr)   5.0 
 Hieracium gracile (fo)    8.6 
 Carex halliana (gr)   7.9 
 Carex multicostata (gr)   6.7 
 Juncus parryi (gr)   5.5 
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Ross’ sedge and smooth woodrush were separated from graminoids as a 

distinct growth form due to their consistent role in creating a low growing, carpet-like 

ground cover while the remaining graminoids tended to occur individually with a 

more erect growth form.  The cover of Ross’ sedge tended to be greater at all active 

sites compared with controls, and was significantly so at three sites (p< 0.10).  The 

tendency of Ross’ sedge to thrive in more open, and possibly more disturbed environs, 

was also observed separately in the control sites, where its cover was greatest in the 

young forest site (6.0%), compared to mature forest sites (<0.3%). 

Smooth woodrush cover was relatively high at only one set of paired sites, the 

late successional Picnic Hill.  In contrast to Ross’ sedge, smooth woodrush cover was 

significantly lower (p=0.09) at the active site (22.5%) compared to the paired control 

(9.6%) (Table 6.4).   

Comparisons of understory composition using standard similarity indices 

(Figure 6.5) revealed that the most distinct differences between paired sites were due 

to differences in the abundance of common species, particularly at late-successional 

forest sites.  The Bray-Curtis (BC) index, which uses absolute values of cover and thus 

gives greater weight to more common species, produced decidedly lower values of 

similarity (compared to the other indices) at three of four paired sites (Figure 6.5).  

The BC index was lowest for Mazama Village Late and Mason’s Camp, reflecting 

these sites much greater (though modest) values of understory cover compared to the 

miniscule understory cover of paired controls.  In other words, the common understory 

species of the active sites were much more abundant at the active sites than at paired 

controls.  Despite these differences in cover, sites had much higher similarities based 

on the proportionality of species in common, as measured by the Percent Similarity 

(PS) index (Figure 6.5).   

A final comparison, using the percent of shared species (Sørensen Coefficient), 

showed that the recreational site set in mid-successional forest (Mazama Village Mid) 

shared a higher percent of understory species with its control than the three mature 

forest sites did with their respective paired controls (Figure 6.5).   

An upland suite of the Orchidaceae family may have been negatively impacted 

at active recreational sites.  Three species of orchids, western rattlesnake-plantain 
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(Goodyera oblongifolia), northwestern twayblade (Listera caurina), and spotted coral-

root (Corallorhiza maculata), with an average species richness of 2.5 per site, were 

present at the two late-successional forest control sites located below rim level.  No 

orchid species were present at active sites. 
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Figure 6.5.  Three similarity indices, Sørensen Coefficient (SC), Bray-Curtis Index 
(BC), and Percentage Similarity Index (PS), are presented for the paired comparisons 
of the active recreational sites and controls.  Mazama Village Mid is mid-successional.  
Mazama Village Late, Mason’s Camp and Picnic Hill are late-successional.  The 
Sørensen coefficient provides an index of shared species using presence/absence data, 
thus giving equal weight to each species regardless of species abundance.  Sørensen 
coefficient (0-100) with 0 = no shared species and 100 = all species shared between 
sites.  The Bray-Curtis Index is based on differences in absolute values (cover). By 
relativizing species values (cover) for each site, the Percentage Similarity Index 
compares community proportions.  If two sites were completely similar in their 
species composition and relative abundance for each species, the Percentage Similarity 
Index of the two sites would be 100.   
 

Abandoned Sites  

A more substantial difference in understory composition existed at abandoned 

late-successional forest sites (Anderson Bluffs and Annie Spring) than at the mid-

successional site (Cold Spring).  The cover of the ground carpeting carex (Ross’ 

sedge) was higher, and non-carpeting, graminoid species replaced forbs in secondary  
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Table 6.6.  Mean (± 1SE) and total site species richness and mean (± 1SE) cover of understory growth forms; forb, graminoid, and 
shrub. Dominant, carpeting carices (Ross’ sedge, smooth woodrush) are presented separately.  Cold Spring is mid-successional.  
Anderson Bluffs and Annie Spring are late successional.  Anderson Bluffs has been abandoned for 20 years.  Annie Spring and Cold 
Spring have been abandoned for 40 years.  Paired comparisons Wilcoxon rank-sum Test (n=3), 1-sided p-value for Graminoids, all 
others 2-sided.  Components in bold denotes differences between means of paired comparisons in the same direction for all three sites.  
 
 Anderson Bluffs Annie Spring Cold Spring 
Component Rec Site Control  P-value Rec Site Control P-value Rec Site Control P-value 
                                                
Forb 
     Plot Richness 2.7 (0.88) 2.3 (0.33) 1.0 2.7 (1.2) 5.0 (2.1) 0.51 6.0 (1.5) 2.7 (1.2) 0.28 
     Site Richness 5 3  5 9  9 6 
     Cover (%) 0.10 (0.08) 0.02 (<0.01) 0.66 1.4 (1.4) 0.05 (0.02) 0.83 5.8 (1.3) 3.2 (0.41) 0.28 
Graminoid       
     Plot Richness 2.7 (0.88) 0.0 (0.0) 0.08 3.3 (0.33) 0.67 (0.33) 0.08 2.0 (0.0) 2.3 (0.33) 1.0 
     Site Richness 4 0  4 2  2 3 
     Cover (%) 0.02 (0.01) 0.0 (0.0) 0.08 0.11 (0.05) 0.01 (<0.01) 0.08 1.0 (0.14) 0.18 (0.18) 0.08 
Ross’ sedge 
     Cover (%) 0.85 (0.75) 0.27 (0.19) 1.0 4.8 (1.4) 0.15 (0.15) 0.08 10.7 (0.80) 4.7 (0.50) 0.08 
Smooth woodrush 
     Cover (%) 0.0 (0.0) 2.58 (0.15) 0.08 1.6 (1.3) 0.01 (<0.01) 0.19 0.0 (0.0) 0.0 (0.0) 
Shrub 
     Plot Richness 0.0 (0.0) 0.67 (0.33)  0.67 (0.67) 0.33 (0.33) 1.0 .067 (0.33) 1.0 (0.58) 1.0 
     Site Richness 0 1  2 1  2 2 
     Cover (%) 0.0 (0.0) <0.01 (<0.01)  0.01 (0.01) <0.01 (<0.01)  0.01 (0.01) 0.41 (0.33) 0.19 
Total Understory 
     Plot Richness 6.3 (1.3) 5.0 (0.58) 0.66 8.7 (1.7) 7.7 (1.5) 1.0 9.7 (1.7) 7.0 (1.5) 0.38 
     Site Richness 10 6  13 14  14 12 
    Cover (%) 0.98 (0.73) 2.87 (0.18) 0.08 7.9 (2.4) 0.22 (0.13) 0.08 17.5 (0.79) 8.5 (0.81) 0.08 
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importance at late-successional, forest sites.  Cover of common control site species, 

led by Ross’ sedge, was greater at the abandoned mid-successional site. 

Total understory cover was significantly different (p=0.08) at the three 

abandoned sites compared to controls (Table 6.6).  The difference was primarily due 

to the ground-carpeting carex, Ross’ sedge, which was significantly greater at the two 

sites, Annie Spring (4.8% cover) and Cold Spring (10.7% cover) abandoned for 40 

years compared to paired controls (0.15% and 4.7% cover, respectively) (Table 6.6).   

Significant differences (p=0.08) were also found in the non-carpeting, 

graminoid composition in which richness was greater at the abandoned sites set in 

late-successional forest (2.7 and 3.3) compared to controls (0.0 and 0.67 respectively) 

(Table 6.6).  Graminoid richness was not different at the mid-successional site (Cold 

Spring), and forb and shrub richness were not significantly different at any abandoned 

site compared to controls. 

Differences in species importance values (IV) at abandoned sites were more 

apparent at the late-successional sites.  Carpeting-carices had the highest IVs, though, 

secondarily important species were different.  For example, broadleaf lupine and  

 
Table 6.7.  Importance Values (IV), the relative contribution (dominance) of 
individual species to the entire community, are presented for key understory species 
(IV >5.0) at abandoned recreational sites and paired controls.  Cold Spring is mid-
successional.  Anderson Bluffs and Annie Spring are late-successional.  Anderson 
Bluffs has been abandoned for 20 years.  Annie Spring and Cold Spring have been 
abandoned for 40 years.  IVs summed to 100 at each site. 
 
    Abandoned Sites    Paired Controls 
Site Species (form) IV Species (form) IV 
 
Anderson Bluffs Carex rossii (gr) 79.2 Luzula hitchcockii (gr) 86.8 
 Arabis platysperma (fo) 12.3 Carex rossii (gr) 10.6 
 
Annie Spring Carex rossii (gr) 54.7 Carex rossii (gr) 79.1 
 Luzula hitchcockii (gr) 21.1 Pyrola secunda (fo)   8.3 
 Lupinus latifolius (fo) 11.4 
 Stipa occidentalis (gr)   5.6 
 
Cold Spring Carex rossii (gr) 47.7 Carex rossii (gr) 50.0 
 Lupinus latifolius (fo) 29.3 Lupinus latifolius (fo) 37.5 
 Stipa occidentalis (gr) 12.3 Stipa occidentalis (gr)   5.3 
 Sitanion hystrix (gr)   6.3 
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graminoid species were secondarily important at the late-successional, Annie Spring 

site (abandoned 40 years) whereas the common late-successional forest, understory 

species, one-sided wintergreen, was of secondary importance at its undisturbed 

control.  On the other hand, species IVs were similar between the mid-successional 

Cold Spring site (abandoned 40 years) and its paired control. 

The two sites abandoned for 40 years have similarity indices (with paired 

controls) that are similar to those of the paired active sites of the same forest stage.  

The mid-successional pair (Cold Spring) had a much higher BC similarity index 

(abundant species), than the late successional pair (Annie Spring) (Figure 6.6).  In 

keeping with the active sites, the SC (species equally weighted) and PS (community 
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Figure 6.6.  Three similarity indices, Sørensen Coefficient (SC), Bray-Curtis Index 
(BC), and Percentage Similarity Index (PS), are presented for the paired comparisons 
of the abandoned recreational sites and controls.  Cold Spring is mid-successional.  
Anderson Bluffs and Annie Spring are late-successional.  Anderson Bluffs has been 
abandoned for 20 years.  Annie Spring and Cold Spring have been abandoned for 40 
years.  The Sørensen coefficient provides an index of shared species using 
presence/absence data, thus giving equal weight to each species regardless of species 
abundance.  Sørensen coefficient (0-100) with 0 = no shared species and 100 = all 
species shared between sites.  The Bray-Curtis Index is based on differences in 
absolute values (cover). By relativizing species values (cover) for each site, the 
Percentage Similarity Index compares community proportions.  If two sites were 
completely similar in their species composition and relative abundance for each 
species, the Percentage Similarity Index of the two sites would be 100.   
 



 

 

194 

proportions) indices were higher than the BC similarity index for these two forest 

sites. 

The more recently abandoned Anderson Bluffs site deviated by having very 

low similarities for all three indices.  Anderson Bluffs was likely in the early stages of 

recovery from a different degree of disturbance and/or the paired control may not be 

very representative of this site in the undisturbed state. 

As with other impacts the loss of orchid species to recreational disturbance will 

likely be slow to recover.  The Annie Spring site contained one species of orchid after 

40 years of recovery compared to its paired control which contained three species. 

 

DISCUSSION 

 

RECREATIONAL IMPACTS 

Campground and picnic sites had dramatic but predictable impacts on montane 

forest ecosystem composition at Crater Lake National Park.  The most apparent shifts 

in composition were in late-successional forest settings associated with altered forest 

structure related to the loss of overstory trees and the physical impact of trampled 

ground (Chapter 5 this dissertation).  

Late-successional undisturbed forests of this zone are characterized by 

mountain hemlock and/or Shasta red fir as overstory dominants plus a few minor 

associates such as sub-alpine fir and western white pine (Pinus monticola) (Franklin 

and Dyrness 1973, this study).  Large-scale disturbances in these forests often initiate 

a seral lodgepole pine stage during secondary succession (Zeigler 1978).  Lodgepole 

pine germinates best on bare soil or disturbed forest floor (Lotan and Critchfield 

1990), if a seed source exists.  In the absence of lodgepole pine establishment, 

regeneration will likely reflect the composition of the surrounding forest (Chapter 2 

this dissertation).  Where lodgepole pine establishes mountain hemlock and/or Shasta 

red fir succeed the lodgepole pine over a period of time potentially stretching 200 

years or more, in the absence of disturbance such as stand-replacing fire (Ziegler 

1978). 
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Recreational disturbance at Crater Lake alters successional sequences.  The 

species that increased due to the disturbance of opened canopy, increased light 

penetration, and disturbed ground, were early seral species.  The greatest 

compositional changes were at the recreational sites set in forests at late-successional 

stages.   

In addition to the greater presence of lodgepole pine, recreational sites set in 

mature forest experienced a shift in understory composition favoring graminoids.  The 

shift to graminoids has been noted in numerous other studies in a review of 

recreational impacts (Hammitt and Cole 1998).  Visitor trampling likely had as much 

impact on the understory composition as did altering the overstory canopy conditions.  

Graminoids are more tolerant to trampling compared to forbs and shrubs, and plants 

with an erect growth form and above-ground perennating tissues (chamaephytes) are 

particularly susceptible (Cole 1995).   

Trampling disturbance has likely had a significant impact on the upland orchid 

species found in mature mountain hemlock-Shasta red fir forests.  None of the three 

orchid species, western rattlesnake-plantain, northwestern twayblade, and spotted 

coral-root, identified at the undisturbed controls, were present at mid-successional or 

active recreational sites.  These orchids have shallow rooting systems (McLean 1968) 

and form relationships with forest floor dwelling mycorrhizae (Taylor and Douglas 

1995) making them particularly susceptible to forest floor disturbance.  Western 

attlesnake-plantain, for example, is most abundant in old growth forest (Spies 1991, 

Halpern and Spies 1995), and its resistance to trampling is moderate and its resilience 

is low (Cole 1988).  Northwestern twayblade prefers decaying wood substrate (Taylor 

and Douglas 1995), something of a rarity at active recreational sites (Chapter 5 this 

dissertation). 

Impacts to composition were less at the mid-successional site.  The altered 

environmental conditions due to the opened canopy and increased light penetration 

were not different at undisturbed, mid-successional sites at Crater Lake (Chapter 5 this 

dissertation).  The species favored by this environment, both trees and understory, 

were already in place at the impacted site.  Lodgepole pine, the most aggressive, early 

successional tree species, successfully regenerated at this site.  
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Recreational impacts likewise reinforced the already dominant understory 

species.  Recreational impacted, mid-successional sites had a much higher 

compositional similarity to undisturbed mid-successional sites than did late-

successional forest pairs.  These results appear to be consistent with other studies 

showing that resistance to impact was much higher at more open graminoid dominated 

sites compared to closed forest, forb dominated sites (Marion and Cole 1996). 

 

RECOVERY FOLLOWING ABANDONMENT 

 Recreational impacts to forest composition at Crater Lake were not only 

significant but long-lasting.  The greater changes incurred at late-successional forest 

settings compared to mid-successional settings persisted following site abandonment.  

The lasting nature of these impacts was the result of the establishment and retention of 

early seral species, which likely reflect the long-term impacts to forest structure 

(Chapter 5 this dissertation). 

 The loss of canopy cover at mature sites will likely take decades to recover.  In 

the interim, the establishment of seral lodgepole pine, if a seed source is available, 

during and after active site use ensures its inclusion in the affected forest community 

for an extended period of decades to centuries.  Similarly an understory dominated by 

early successional species will likely persist until recovery of the forest canopy.   

 Although the number of sample sites was small, the results of this study were 

suggestive that recreational sites located in late-successional forest settings produce 

significantly greater and long-lasting compositional impacts compared to recreational 

sites located in earlier successional forests.  These possibly less obvious impacts may 

be of great importance to ecosystem function.  Ecosystem composition and structure 

are intimately linked to ecosystem function through energy and material flow 

pathways.  Changes to the fundamental processes that comprise ecosystem function 

may be more cryptic, yet ultimately more important than readily visible impacts 

(Franklin and Aplet 2002).  Consideration of differential impacts of recreation on 

forests of differing successional stage should be included in land-use plan involving 

forest conversion for recreational purposes.   
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Few studies have been conducted to examine the long-term effects of 

recreation on ecosystem composition, structure and function (Parsons and DeBenedetti 

1979).  In retrospect, the extent of recreational impacts can only be fully understood in 

relation to the ecosystem’s historical range of variability.  To understand the 

ecological importance of human impacts, a reasonable record of the natural range of 

the Parks ecosystems, a “base datum of normality” (Leopold 1949), should be the first 

goal of ecosystem management. 
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Effective natural resource management requires an understanding of how 

ecosystems function and how anthropogenically altered conditions relate to natural 

ecosystem variability.  National Park Service management polices (NPS 2001a) 

reaffirms the Park Service’s commitment to the original dual mandate: “the laws do 

give the Service the management discretion to allow impacts to Park resources and 

values when necessary and appropriate to fulfill the purposes of a park, so long as the 

impact does not constitute impairment of the affected resources and values.”  But what 

exactly constitutes impairment?     

In this study I have attempted to determine the ecological importance of 

recreational effects on the ecosystem by quantifying the differences between actively 

used (and abandoned) recreational sites and undisturbed paired sites.  I have also 

attempted to contribute to the baseline of ecosystem “resources” and thus provide an 

ecological framework through which the effects of recreational disturbance may be 

more fully understood.  To this end I characterized the effect of the dominant natural 

disturbance in this region (wildland fire) and ecosystem changes with time following 

fire in Crater Lake’s Shasta red fir-mountain hemlock forests.  While the effects of 

natural fire are often dramatic, it must be remembered that these ecosystems are 

adapted to periodic fire and that fire’s effects and community and ecosystem changes 

during post-fire secondary succession are natural processes.   

The fundamental nature of these two disturbances, natural fire and human 

recreation, is very different. Compared to the ongoing seasonal stresses imparted at 

active recreational sites, wildland fire is a relatively discreet event.  The mortality and 

biomass combustion produced by wildland fire in part depends on temporal and site 

specific factors including fuel loading, weather, topography and season of burn.  

While recreational disturbance also involves mortality and biomass loss due to initial 

site preparation, long-term maintenance and visitor use, including regular trampling of 

ground-level components; the resulting impacts to the ecosystem are very different.  

These differences were not only apparent through impacts at active sites but also 

through different changes with time following cessation of disturbance. 

In this study, I focused on high-severity (near 100% overstory mortality) burn 

patches of fires that burned in late-successional forests.  The natural fire regime in 
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Shasta red fir-mountain hemlock forests is characterized by variable frequencies and 

intensities (Agee 1993) resulting in low-, moderate- and high-severity burn patches 

within individual fires (Pitcher 1987, Chappell 1991).  The most dramatic effects of 

high-severity natural fire at Crater Lake were the immediate mortality of trees and 

other plants and the conversion of live biomass to dead wood. 

In contrast, many live trees remained at active recreational sites and with 

respect to mortality the active recreational sites might be considered a disturbance of 

moderate-severity.  However total aboveground biomass (TAGB) reduction was 

greater at recreational sites (~40% lower compared to controls) compared to the high-

severity burn sites (27% lower).  Unconsumed biomass remained on site in the form of 

dead trees and downed wood following natural fire.  At active recreational sites dead 

trees were rare and downed wood was practically eliminated over time due to 

firewood collection by park visitors.  Dead trees provide critical ecosystem services, 

including animal nesting and foraging, and are an important component of nutrient and 

carbon cycles.  Downed wood, in addition to providing habitat and cover for 

invertebrates and small vertebrates, is a resource base for decomposers and also a 

major component of nutrient and carbon cycles (Harmon et al. 1986).   

The forest floor was largely reduced by both high-severity natural fire (>80%) 

and recreational disturbance (>50%) and within-site spatial variability was typical of 

both disturbances.  The forest floor, like dead wood, provides critical ecosystem 

services including soil insulation and providing a key source of available and 

sequestered nutrients.  Nitrogen is critical for plant growth and with a low temperature 

of volatilization is lost in relatively large quantities during stand-replacing fires 

(Kauffman et al. 1992).  By insulating the soil, the forest floor moderates temperature 

extremes and moisture loss which can be detrimental to the soil microbial community.  

An important microbial community (including mycorrhizae) also inhabits and 

decomposes the forest floor.  With the loss of forest floor, the microbial community 

and ultimately the forest vegetation, in part through disrupted mycorrhizal 

relationships, also experience the loss of not only available nutrients but the long-term 

store of nutrients slowly released via litter decomposition.   
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At recreational sites the forest floor was completely eliminated in the 

immediate vicinity of high use locations (picnic tables, fire pits and tent sites) which 

occupy 20-30% of these sites.  Throughout the larger interstitial areas of recreational 

sites the forest floor was largely retained, though whether it retained intact ecological 

functioning was uncertain. 

In the process of killing vegetation, stand-replacing natural fire creates open 

space initiating secondary succession.  During secondary succession forest stands may 

follow multiple trajectories depending on many aspects of the disturbance event such 

as severity, timing, and size, and interactions with biota and the physical 

characteristics of the land (Cattelino et al. 1979, White and Pickett 1985).  While 

trajectories of composition and structure will vary from site to site, a general 

successional pattern can be anticipated following natural fire that was different from 

changes at recreational sites following abandonment.  

An early seral community established in the first decades following stand-

replacing natural fire that was dominated by shrub and herb species adapted to 

periodic fire via seedbanking in the soil, germination following seed scarification, 

exposure of a mineral soil seedbed and increased light conditions.  Forest management 

practices, such as fire suppression, that interrupt natural disturbance regimes can have 

unintended and detrimental effects on ecosystem properties including the alteration of 

nutrient cycles (MacKenzie et al. 2006), the lowering of community diversity (Loucks 

1970, Taylor 1973) and the modification and simplification of forest structure (Vale 

1977, Vankat and Major 1978, Bonnicksen and Stone 1982).  These changes were 

primarily due to the loss of early-successional communities from the landscape 

(Loucks 1970, Keane et al. 2002).  

In addition, many of the dominant seral species that colonized Crater Lake’s 

post-fire sites, such as broadleaf lupine (Lupinus latifolius) and snowbrush ceanothus 

(Ceanothus velutinus) are nitrogen-fixers.  Higher soil mineral-N fluxes were 

measured at the early-successional sites.  The developing community, dominated by 

nitrogen-fixing species and herbaceous vegetation, may play an important role during 

early succession by seasonally producing labile leaf and fine root litter (Hobbie 1992, 
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Cornelissen 1996, Hendricks and Boring 1999) and replenishing ecosystem nitrogen 

lost to high-severity fire.  

In contrast, recreational disturbance resulted in only partial overstory removal; 

and ground level disturbance to understory vegetation was less severe across the 

interstitial regions that comprised the majority of the recreational areas.  Trees still 

dominated the vegetation at recreational sites.  Understory vegetation, which increased 

in interstitial regions due to the opened canopy, shifted to more trampling-tolerant 

graminoid dominance.  Fire-adapted species requiring seed scarification for 

germination and nitrogen-fixing species typical of early-successional post-fire sites 

were lacking at recreationally disturbed sites.   

Most significantly, recreation altered ecosystem structure and reduced total 

aboveground biomass to a greater extent in late-successional forest settings compared 

to mid-successional forest settings.  These results appear to be consistent with other 

studies showing that resistance to impact was much higher at more open graminoid-

dominated sites compared to closed forest, forb-dominated sites (Marion and Cole 

1996).  Changes to the fundamental processes that comprise ecosystem function, such 

as nutrient and carbon cycling, and which may be more cryptic, yet ultimately more 

important than readily visible impacts (Franklin and Aplet 2002), were likely greater 

at late-successional sites. 

Mid-successional forest sites may not only be more resistant to recreational 

impacts they may also be more resilient than late-successional forest sites.  Within 40 

years the abandoned, mid-successional site had recovered from most of the 

recreational impacts to forest structure and biomass.  For many of the structural 

components, the time required for recovery at the mid-successional forest site was 

simply not as long as for the late-successional site.  For example, trees were not as old 

or as large, and tree and forest floor biomass were not as great in the undisturbed, mid-

successional forest.  The mid-successional forests by their very nature had a high 

density of understory saplings and seedlings. 

In contrast, recovery of forest structure and biomass at abandoned recreational 

sites set in late-successional forest was a longer-term process.  After 40 years of 

abandonment, live tree, forest floor and total aboveground biomass were still <50% of 
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the paired undisturbed site.  This site, with a remnant overstory surrounded by conifer 

seedlings and released saplings, combined late- and mid-successional live-biomass 

forest characteristics; and structurally these characteristics were similar to those 

expected for post-moderate-severity fire sites.  However, dead tree and downed wood 

biomass were not comparable to the higher quantities evident at post-fire sites.  

Furthermore, coverage of early seral herbaceous species, such as broadleaf lupine, was 

lacking 20 years following recreational abandonment unlike coverage during the first 

decades post-fire.  Lupine and graminoid coverage 40 years post-abandonment once 

again was more similar to that of mid-successional sites. 

In addition to the establishment of early seral fire-adapted species following 

stand-replacing fire, ecosystem changes during secondary succession were further 

characterized by the continuous process of conifer establishment. Continuous conifer 

establishment occurred notwithstanding site specific differences due to disturbance, 

environment and species availability.  Site differences did however contribute to 

variation and diversity in post-fire community structure and composition.  Live tree 

biomass and TAGB accumulation outpaced decomposition at time frames of more 

than 100 years post-fire and continued through the old sites (>300 years).  The 

resulting TAGB curve exhibited a general U-shaped pattern with TAGB lowest 50-

100 years after stand-replacing fire due to rapid disintegration and decomposition of 

the dead wood biomass generated by wildland fire.   

Wildland fire and secondary succession following fire are natural and 

important processes in the ecosystems at Crater Lake National Park.  Fire exclusion 

was practiced in the Park for much of the 20th century and only since the late 1970’s 

has fire been incorporated in management practices (Betts 1977, NPS 2001a, NPS 

2001b).  The cascading effects of fire exclusion in western forests, including the loss 

of early-successional communities and decreased diversity (Taylor 1973, Martin and 

Sapsis 1992), have become an increasingly important management issue (Keane et al. 

2002, Peterson et al. 2006).   

This study documents diverse early-successional communities and multiple 

successional pathways following stand-replacing wildland fire and thus the importance 

of fire in maintaining landscape diversity in the high elevation forest ecosystems at 
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Crater Lake.  This study also documents the importance of fire-adapted, nitrogen-

fixing plants in the early-successional community and their potential contribution in 

replenishing ecosystem nitrogen lost during fire.  Finally, natural successional 

processes produced suitable conifer regeneration over time to reforest even high-

severity burn sites. 

Although the number of sample sites was small, the results of this study were 

suggestive that recreational sites located in late-successional forest settings produce 

significantly greater and longer-lasting impacts compared to recreational sites located 

in earlier successional forests.  The ecological importance of human activities is a 

function of the magnitude and permanence of their effects (Franklin and Aplet 2002).  

In the high elevation Cascades of Crater Lake 40 years is still a short time in the 

recovery of a forest ecosystem that was originally dominated by trees >300 years old.  

Consideration of differential impacts of recreation on forests of differing successional 

stage should be included in land-use plan involving forest conversion for recreational 

purposes.   
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Appendix A.  Classification of soils following the Soil Survey of Crater Lake National Park, Oregon (Natural Resources Conservation 
Service, 2002) located at the research sites, Anderson Bluffs (AB), Anderson Bluffs Control (ABC), Annie Spring (AS), Border Fire 
(BF), Border Fire Adjacent (BFA), Cold Spring (Cold Spring), Cold Spring Control (CSC), Crater Peak (CP), Flying Fire (FF), Flying 
Fire Adjacent (FFA), Goodbye Fire (GF), Mason’s Camp (MC), Mason’s Camp Control), Mazama Village (MV), Mazama Village 
Control (MVC), Picnic Hill (PH) and Picnic Hill Control (PHC) at Crater Lake National Park, Oregon.   
 
Soil Name Taxonomic Class Sites Present 
 
Castlecrest gravelly ashy sandy loam Ashy, amorphic Typic Vitricryands AS, BF, BFA, CS, CSC, MV, MVC 
 
Castlecrest ashy loamy sand Ashy, amorphic Typic Vitricryands MC, MCC 
 
Cleetwood-Castlecrest-Llaorock complex Ashy, glassy, nonacid Vitrandic Cryopsamments FF, FFA 
 Ashy, amorphic Typic Vitricryands 
 Medial-skeletal, amorphic Vitric Haplocryands 
 
Cleetwood-Sunnotch-Castlecrest complex Ashy, glassy, nonacid Vitrandic Cryopsamments PH, PHC 
 Ashy-skeletal, amorphic Typic Vitricryands 
 Ashy, amorphic Typic Vitricryands 
 
Redcone-Cinder land complex Ashy-skeletal, amorphic Typic Duricryands GF 
 
Redcone-Rock outcrop complex Ashy-skeletal, amorphic Typic Duricryands CP 
 
Unionpeak-Castlecrest-Sunnotch complex Ashy, amorphic Typic Duricryands AB, ABC, MCC 
 Ashy, amorphic Typic Vitricryands 
 Ashy-skeletal, amorphic Typic Vitricryands 
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Appendix B.  Scientific names, authors and common names for plant species 
identified at the research sites at Crater Lake National Park, Oregon.  Scientific names 
and authors follow the Flora of the Pacific Northwest (Hitchcock and Cronquist 2001), 
except as noted where The Jepson Manual (Hickman 1993) 2 is used. 
 
Scientific Name Author Common Name 
 
Trees 
Abies lasiocarpa (Hook.) Nutt. sub-alpine fir 
Abies magnifica var. shastensis (Murray) Lemmon Shasta red fir 
Pinus albicaulis Engelm. white bark pine 
Pinus contorta var. latifolia Engelm. lodgepole pine 
Pinus monticola Dougl. western white pine 
Tsuga mertensiana (Bong.) Carr. mountain hemlock 
 
Shrubs 
Amelanchier alnifolia Nutt. western serviceberry 
Arctostaphylos nevadensis Gray pinemat manzanita 
Arctostaphylos patula Greene green-leaf manzanita 
Ceanothus velutinus Dougl. snowbrush ceanothus 
Prunus emarginata (Dougl.) Walp bittercherry 
Ribes binominatum2 Hel. ground gooseberry 
Ribes cereum Dougl. wax currant 
Ribes erythrocarpum Cov. & Leib. Crater Lake currant 
Ribes viscosissimum Pursh sticky currant 
Sorbus scopulina Greene Cascade mountain-ash 
Symphorocarpus mollis Nutt. creeping snowberry 
Vaccinium scoparium Leiberg grouseberry 
 
Ferns 
Cheilanthes gracillima D. C. Eat. lace lip-fern 
 
Forbs  
Allotropa virgata T. & G. candystick 
Anaphlis margaritacea (L.) B. & H. pearly-everlasting 
Antenneria alpina (L.) Gaertn. alpine pussytoes 
Arabis platysperma Gray flatseed rockcress 
Arabis rectissima2 Greene rector’s cress 
Arenaria pumicola2 Cov. & Leib. pumice sandwort 
Aster ledophyllus Gray Cascade aster 
Castilleja sp.  paintbrush 
Chamaesaracha nana Gray dwarf chamaesaracha 
Chimophila umbellata (L.) Bart. little prince’s-pine 
Collomia tinctoria Kell. yellow-staining collomia 
Corallorhiza maculata Raf. spotted coral-root 
Dicentra formosa (Andr.) Walp. Pacific bleeding heart 
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Appendix B.  Continued. 
 
Scientifice Name Author Common Name 
 
Epilobium angustifolium L. fireweed 
Epilobium ciliatum2 Raf. northern willowherb 
Epilobium glaberrimum Barbey smooth willowherb 
Eriogonum umbellatum Torr. sulfur buckwheat 
Gayophytum diffusum T. & G. spreading groundsmoke 
Gnaphalium canescens2 DC. everlasting cudweed 
Goodyera oblongifolia Raf. western rattlesnake-plantain 
Hackelia californica (Gray) Johnst. California stickweed 
Haplopappus bloomeri Gray rabbitbrush goldenweed 
Hieracium albiflorum Hook. white-flowered hawkweed 
Hieracium gracile Hook. slender hawkweed 
Hypopitys monotropa Crantz pinesap 
Kelloggia galioides Torr. kelloggia 
Listera caurina Piper northwestern twayblade 
Lupinus latifolius Agarth broadleaf lupine 
Lupinus lepidus Dougl. dwarf mountain lupine 
Microseris alpestris (Gray) Q. Jones alpine lake agoseris 
Penstemon davidsonii Greene Davidson’s penstemon 
Phacelia hastata Dougl. silverleaf phacelia 
Phlox diffusa Benth. spreading phlox 
Polygonum douglasii Greene Douglas’ knotweed 
Polygonum newberryi Small Newberry’s knotweed 
Pyrola picta Smith white vein wintergreen 
Pyrola secunda L. one-sided wintergreen 
Rubus lasiococcus Gray dwarf bramble 
Senecio triangularis Hook. arrowleaf groundsel 
Spraguea umbellata Torr. umbellate pussypaws 
Veratrum viride Ait. corn lilly 
Viola bakeri Greene (Hitchc.) Baker’s violet 
 
Graminoids 
Agrostis variabilis Rydb. mountain bentgrass 
Bromus carinatus H. & A. California brome 
Calamagrostis canadensis (Michx.) Beauv. bluejoint reedgrass 
Carex halliana Bailey Hall’s sedge 
Carex multicostata Mack. many-ribbed sedge 
Carex pachystachya Cham. thick-headed sedge 
Carex rossii1 Boott. Ross’ sedge 
Carex spectabilis Dewey showy sedge 
Carex whitneyi2 Olney Whitney’s sedge 
Deschampsia atropurpurea (Wahl.) Scheele mountain hairgrass 
Juncus mertensianus Bong. Mertens’ rush 
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Appendix B.  Continued. 
 
Scientifice Name Author Common Name 
 
Juncus parryi Engelm. Parry’s rush 
Luzula hitchcockii Hamet-Ahti smooth woodrush 
Phleum alpinum L. alpine timothy 
Poa nervosa (Hook.) Vasey Wheeler’s bluegrass 
Sitanion hystrix (Nutt.) Smith bottlebrush 
Stipa occidentalis Thurb. western needlegrass 
Trisetum spicatum (L.) Richter downy oatgrass 
1May also include C. inops. 
2The Jepson Manual (Hickman 1993). 
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Appendix C.  Understory plant species cover (%) for the chronosequence of research sites at Crater Lake National Park, Oegon.  Site 
ages in years.  Cover of <0.1% = tr. 
 
Species   2 9 25 167 222 297 >300 >300 >300 >300 >300 
 
Carex rossii   0.3 tr 0.1 4.7 tr 0.1 0.2 0.3 0.1 0.1 0.3 
Hieracium gracile  tr tr  tr tr       0.1 
Pyrola secunda  tr   0.1 tr 0.1  tr tr tr tr 
Juncus parryi   tr   tr       tr 
Chimophila umbellata  tr   tr tr 1.8  tr tr tr 
Lupinus lepidus  tr          tr 
Gnaphalium canescens tr tr tr 
Arctostaphylus nevadensis tr tr 0.7   tr   tr 
Vaccinium scoparium  tr   0.8  28.1  tr  tr 
Anaphalis margaritacea   tr tr   
Arabis rectissima   0.1 
Bromus carinatus   0.4 tr 
Carex halliana   1.2    tr tr 
Carex multicostata   tr        tr 
Collomia tinctoria   0.5 tr 
Dicentra formosa   tr 
Sitanion hystrix   0.3 3.4 tr      tr 
Epilobium angustifolium  0.1 0.2 tr 
Epilobium ciliatum   tr 
Eriogonum umbellatum  0.2 tr        tr 
Cheilanthes gracillima  tr 
Gayophytum diffusum  1.7 tr    tr 
Happlopayyus bloomeri  0.2 
Hieracium albiflorum   0.3 0.1 
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Appendix C.  Continued. 
 
Species   2 9 25 167 222 297 >300 >300 >300 >300 >300 
 
Luzula hitchcockii   tr   tr   2.6  tr 22.5 
Lupinus latifolius   6.4 4.2 3.1   0.1    tr 
Phacelia hastata   0.2 0.1 
Polygonum douglasii   0.1 
Polygonum newberryi   tr         tr 
Poa nervosa    tr         tr 
Spraguea umbellata   tr         tr 
Stipa occidentalis   0.1 3.3 0.1       0.1 
Viola bakeri    tr tr 
Ceanothus velutinus   tr 7.3 
Ribes erythrocarpum   tr         tr 
Ribes viscosisimum   tr 2.4 
Sorbus scopulina   tr         tr 
Arabis platysperma    tr    tr 
Castilleja sp.     tr 
Carex pachystachya    tr 
Carex whitneyi    0.1 
Chamaesaracha nana    0.3 
Hackelia californica    0.2 
Arctostaphylus patula    6.4 
Prunus emarginata    0.5 
Ribes binominatum    4.5 
Ribes cereum     4.9 
Symphorocarpus mollis   tr 
Hypopitys monotropa     tr tr   tr  tr 
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Appendix C.  Continued. 
 
Species   2 9 25 167 222 297 >300 >300 >300 >300 >300 
 
Pyrola picta       tr    tr tr tr 
Allotropa virgata        tr  tr tr 
Aster ledophyllus        tr 
Corallorhiza maculata        tr  tr tr 
Microseris alpestris        tr    tr 
Arabis platysperma          tr  tr 
Goodyera oblongifolia          tr 
Listera caurina          tr tr 
Juncus mertensianus            tr 
Arenaria pumicola            tr 
Phlox diffusa             tr 
Rubus lassiococcus            tr 
 



 

 

 


