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Abstract
approved.
s Semprini

Laboratory scale microcosm studies were conducted using site specific
groundwater and aquifer solids to assess the feasibility of stimulating indigenous
microorganisms in-situ to biologically transform Trichloroethylene (TCE) and its lesser

chlorinated daughter products dichloroethylene (DCE) and vinyl chloride (VC). Three
different treatments were conducted to determine the best approach for biologically

remediating TCE under site specific conditions: anaerobic reductive dechlorination,
aerobic cometabolism and sequential anaerobic/aerobic stimulation. Studies were
conducted in batch serum bottles containing aquifer solids, groundwater and a gas
headspace.

Long-term (302 days) TCE anaerobic reductive dechlorination studies compared

lactate, benzoate and methanol as potential anaerobic substrates. Site characteristic
sulfate concentrations in the microcosms averaged 1,297 mg/L and TCE was added to

levels of 2.3 mg/L. Substrates were added at one and a half times the stoichiometric
electron equivalent of sulfate. Nutrient addition and bioaugmentation were also studied.
Both benzoate and lactate stimulated systems achieved complete sulfate-reduction and

prolonged dechlorination of TCE to VC and ethylene. Dechlorination was initiated
between 15 to 20 days following lactate utilization and sulfate-reduction in the presence

of approximately 300 mg/L sulfate. Benzoate amended microcosms did not initiate

dechlorination until 120 to 160 days following the complete removal of available
sulfate. After 302 days of incubation lactate and benzoate amended microcosms
completely transformed TCE to VC with 7 to 15% converted to ethylene. Re-additions
of TCE into both systems resulted in its rapid transformation to VC. The dechlorination
of VC to ethylene was very slow and appeared to be dependent on VC concentration.
Hydrogen addition at 10-3 and 10-4 atmospheres had no effect on the transformation of

VC. Rapid methanol utilization resulted in its nearly stoichiometric conversion to
methane and carbon dioxide without significant sulfate-reduction or dechlorination

occurring. Nutrient addition slightly enhanced dehalogenation with lactate but inhibited
it with benzoate. Bioaugmentation with a TCE dechlorinating culture from a previous
benzoate amended Point Mugu microcosm effectively decreased lag-times and
increased overall dechlorination.

Aerobic cometabolism studies evaluated methane, phenol and propane as
cometabolic growth substrates. Methane and phenol amended microcosms were able to
remove only 50 to 60% of the added TCE after four stimulations, while propane
utilizers were unable to cometabolize any TCE. Primary substrate utilization lag-times
of 4 to 5 days, 0 to 0.5 days and 40 to 45 days were observed for methane, phenol and
propane, respectively. Cometabolism of VC was possible in the presence of methane.
Complete removal of 210 pg/L VC was achieved after 2 stimulations with methane

under strictly aerobic conditions. Methane utilization and VC oxidation required nitrate
addition, indicating that the system was nitrate limited. A sequential anaerobic/aerobic
microcosm study failed to achieve methane utilization and VC transformation likely due
to oxygen being utilized to re-oxidize reduced sulfate in the system.
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Naval Air Weapons Station, Point Mugu California, IRP Site 24

1.

1.1

INTRODUCTION

Site Background

Point Mugu Naval Air Weapons Station (NAWS) is located along the California

coastline between Ventura and the Santa Monica Mountains. It has been operated and
maintained by the Navy since 1945 as a center for naval weapons system testing and
evaluation while providing range, technical and base support for fleet users and various

Department of Defense (DOD) agencies. The Installation Restoration Program (IRP)
Site 24 consists of two smaller adjacent underground storage tank (UST) locations
formerly identified as Sites 23 and 55 in a western portion of the NAWS facility. Tanks
consisted of one 550 gallon concrete oil/water separator (Site 23) installed in 1970 and
operated until 1989 when it was removed and replaced, and a 500 gallon steel UST (Site
55) operated from the late 1950s to the early 1960s. The steel UST was used to store
waste etching and washing solutions from circuit board etching and cleaning operations
conducted at the site (OHM Remediation Services, Corp., 1997 & 1998).

Site investigations indicated that the USTs and associated piping have released

chlorinated solvents and petroleum hydrocarbons into the subsurface. Groundwater and
subsurface soil sampling has detected tetrachloroethylene (PCE), trichloroethylene
(TCE), 1,2- and 1,1-dichloroethylene (1,2-DCE and 1,1-DCE), vinyl chloride (VC), 1,1
and 1,2-dichloroethane (1,1- and 1,2-DCA), 1,1,1- and 1,1,2-trichloroethane (1,1,1- and
1,1,2-TCA), chloroform (CF), carbon tetrachloride (CT), total recoverable petroleum
hydrocarbons (TRPH) and BTEX (benzene, toluene, ethylbenzene, and xylenes) at
various levels in the vicinity of the two former USTs (OHM Remediation Services,

Corp., 1997). Although, only PCE, TCE, 1,1-DCA, 1,2-DCA, 1,1-DCE, 1,2-DCE, and
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from approximately 5 to 10 ft bgs. Primarily sand with some silty sand and silt extends
below the clay layer to a depth of 85 to 90 ft bgs. Site investigations have resulted in
the installation of 51 monitoring wells screened in three separate zones of the
Semiperched Aquifer throughout IRP Site 24. The groundwater gradient is generally in
a southerly direction (toward the ocean and a drainage ditch) at 0.01 to 0.001 feet per

foot (ft/ft). Some mounding is evident, possibly due to salt water intrusion and a
leaking utility main, creating a slight upward vertical gradient in sections of the aquifer.
High tide depth to water (dtw) in January of 1997 was 2.75 to 4.3 ft bgs and is subject to

seasonal and tidal fluctuations. The corresponding high tide dtw in July of 1997 was
1.5 to 2 ft deeper. Although groundwater contamination is primarily above the clay
layer, the clay layer has not impeded contaminant transport. As a result, groundwater
contamination has been observed in the uppermost region of the Semiperched aquifer
from 5 to 30 feet bgs, and is localized in areal extent around the former UST locations
with plumes generally less than 1000 feet across.

Due to coastal influences and salt water intrusion the overall water quality of the
uppermost aquifer is low with very high total dissolved solids (TDS) concentrations of

500 to 60,000 mg/L (ppm) and high sulfate levels of 34 to 5,500 mg/L. In addition, low
nitrate levels (generally less than 1.0 mg/L) of 0.04 to 3.4 mg/L and dissolved oxygen
concentrations of 0.1 to 3.7 mg/L are characteristic of the groundwater in IRP Site 24
monitoring wells.

In response to groundwater contamination issues and concerns the Department
of the Navy, Naval Facilities Engineering Command Southwest Division, contracted
with OHM Remediation Services, Corp. (OHM) under Remedial Action Contract

(RAC) No. N68711-93-D-1459 to establish and manage a RAC team. The RAC team
was charged with evaluating current technologies to recommend and design a feasible

cleanup strategy for the site. The RAC team consisted of OHM, Montgomery Watson,
Battelle National Laboratories and Oregon State University. Primary oversight,
management and review as well as various field activities were conducted by OHM,
with additional project management, field support and design work conducted by
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Montgomery Watson. Battelle National Laboratory was responsible for modeling pilot
and full scale system designs, technical review, and system design. The Civil,
Construction and Environmental Engineering Department of Oregon State University
provided additional technical review and conducted bench scale studies to asses the
feasibility of biologically remediating the contaminated aquifer at IRP Site 24.
What follows are the results and analysis of the bench scale studies as conducted
by the author under the guidance of Dr. Lewis Semprini in Merryfield Hall
Environmental Laboratory at Oregon State University.

1.2

Scope of Work

Bench scale studies were conducted using groundwater and aquifer solids
collected from IRP Site 24 monitoring wells and soil borings to assess the feasibility of
stimulating indigenous microorganisms in the subsurface to biologically degrade TCE

and its lesser chlorinated daughter products DCE and VC. The primary compound of
concern, TCE, was selected for the bench scale studies because of its high levels of up

to 2,700 mg/L encountered in the groundwater (Table 1). Three different
bioremediation (biostimulation) schemes for the removal of TCE were studied. Studies
were conducted in microcosm bottles containing site groundwater and aquifer solids as
outlined below:

Anaerobic studies were conducted comparing benzoate, lactate and methanol as
potential growth substrates for sulfate-reduction and precursors to fermentation
products which could act as terminal electron donors in the dechlorination of

TCE. The benefit and affect of adding nutrients (vitamins and trace minerals)
was analyzed to see if this process could be enhanced under the bench scale

study conditions. The affect of bioaugmentation was also studied using
groundwater and aquifer solids from a previous benzoate/TCE microcosm study.

5

Aerobic TCE cometabolism studies were conducted comparing three alternative
primary substrates (methane, phenol, and propane) which have previously been
shown to stimulate oxygenase enzyme systems and the subsequent degradation
of TCE to varying degrees.

In response to regulatory concerns that a strictly anaerobic treatment scheme
could result in the accumulation of increased levels of VC at the site, a
sequential anaerobic/aerobic study also was conducted to assess weather or not

VC could be removed aerobically through methane cometabolism. This study
consisted of a strictly aerobic VC-methane cometabolism bottle study in
addition to a benzoate amended sequential anaerobic/aerobic bottle study
conducted by George Pon which will be briefly outlined.

Due to the limited success of TCE degradation for the initial aerobic
cometabolism study and the success of the anaerobic study in its early stages, the
anaerobic study constitutes the majority of this work. Therefore, the anaerobic literature

review, study results and evaluation are the primary focus of this written work. The
aerobic and sequential studies are presented in the Appendices in an abbreviated format
and only a small portion of the literature review focuses on aerobic cometabolism.

1.3

Acknowledgement

This research was sponsored by OHM Remediation Services Corp. under
Remedial Action Contract (RAC) No. N68711-93-D-1459 with the Department of the

Navy, Naval Facilities Engineering Command Southwest Division. Although this
research was presented to the RAC team (OHM Remediation Services Corp., Battelle
National Laboratories, and OSU Department of Civil, Construction and Environmental
Engineering) it does not necessarily represent the opinions of any of its members or the
Department of the Navy.
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2.

2.1

LITERATURE REVIEW

Sources & Significance of TCE Contamination

Considerable attention has been given to the means by which anthropogenic

compounds can be naturally degraded in the environment. Of particular concern are a
group of chlorinated aliphatic hydrocarbons (CAH) known as chlorinated ethylenes
(ethenes) consisting of PCE, TCE, the three DCE isomers (1,1-; cis-1,2-; and trans -1,2

DCE) and VC. As a very effective degreaser and solvent, TCE was widely used and
accepted by the government, industry and public alike from the 1940s to the 1970s
(Schaumburg, 1990; Gerritse et al., 1995). In the absence of any regulations governing
disposal, land disposal was the industry standard of practice for the treatment and
disposal of many waste products that are now regulated hazardous substances
(Schaumburg, 1990). In addition to direct land disposal, chlorinated solvents have also
been introduced into the environment through leaking landfills, USTs and piping
systems. As a result of their widespread use as dry cleaning and industrial solvents, and
improper handling, storage, and disposal, chlorinated ethylenes are now one of the most
frequently observed groundwater contaminants found in the United States (Westrick et
al., 1984).

Upwards of 75% of the public water systems in the US rely on groundwater to
supply the needs of 50% of the population in urban areas, and 95% of the drinking
water needs in rural areas (Zoller, 1994). Based on epidemiological and animal data,

PCE, TCE and the three DCE isomers are all suspected human carcinogens. As a
common transformation end-product of the higher chlorinated ethylenes in
environmental systems VC is a known human carcinogen. Therefore, as known and
suspected human carcinogens, these relatively stable and non-reactive groundwater

contaminants pose a threat to public health. Subsequently, maximum contaminant
levels (MCLs) (Table 1.1) have been established by the US Environmental Protection
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Agency to protect the public from exposure to these and other contaminants of concern
(Maximum Contaminant Levels for Primary Drinking Water Standards, 1995).
Due to their physical characteristics and recalcitrance to degradation, chlorinated

ethylenes are persistent in subsurface environments. Characterized as dense nonaqueous phase liquids (DNAPLs) with low solubility's in water, these relatively mobile
compounds are denser than water and usually occur as a separate phase (NAPL phase)

and/or are sorbed onto soil matrices (Pavlostathis and Jaglal, 1991). Subsequently, they
are able to generate large and persistent contaminant plumes through desorbtion and

dispersion processes occurring in groundwater aquifers. Compounds like TCE, with
low boiling points (87.1 °C for TCE), are also characterized as volatile compounds,
which will readily partition (volatilize) into the air where it has a half life of about one
day (Schaumburg, 1990).

Historically, the standard practice for remediating chlorinated ethylene
contaminated groundwater has been by physical treatment methods. Conventional
pump-and-treat methods with surface treatment systems such as air strippers or
activated carbon absorption which only transfer the contaminants from one medium to

another without destroying them (Cartwright, 1991). In addition, pump-and-treat
systems are often incapable of meeting remedial objectives such as MCLs, can
contaminate clean groundwater by drawing it through contaminated zones, and can

become cost prohibitive over time due to pumping costs (Cartwright, 1991). However,
over the past decade and a half, researchers have been studying and documenting the

transformation of various chlorinated compounds including CAHs by naturally
occurring microorganisms under both aerobic and anaerobic conditions. Following
years of laboratory and on-site research which demonstrates the effective

biotransformation of anthropogenic compounds to non-toxic end products,
bioremediation is finally being accepted as viable technology and is being proposed for
implementing pilot and full-scale site clean-up operations.
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2.2

Chlorinated Aliphatic Hydrocarbon Transformation

The transformation of CAHs can occur through three major pathways: reductive

dechlorination, oxidation and hydrolysis (Rittmann et al., 1994). Reductive
dechlorination/dehalogenation is an anaerobic process in which the carbon-chlorine
bonds of CAHs undergo hydrogenolysis to replace chlorine atoms with hydrogen atoms

(Gerritse & Gottschal, 1996, and Zinder & Gossett, 1995). Anaerobic CAH
transformation by reductive dechlorination has been observed to occur through both
abiotic (chemical) reactions (Gantzer & Wackett, 1991; Schanke & Wackett, 1992;

Matheson & Tratnyek, 1994; Orth & Gillham, 1996) and direct metabolism for energy

production and bacterial growth (Holliger & Zehnder, 1993; Gerritse et al., 1996). Both
abiotic and biotic reductive dechlorination processes are believed to be catalyzed by
reduced transition metal ions such as iron, cobalt and nickel, present in microbial
enzymes and cofactors (Gantzer & Wackett, 1991).

The aerobic transformation of CAHs has been attributed to cometabolic
oxidation processes carried out by microbial populations stimulated by other growth

substrates (Semprini, 1995). An oxidative transformation mechanism, the
cometabolism of CAHs is catalyzed by non-specific enzymes (oxygenases) produced by

microorganisms for other purposes. Hydrolysis, although the simplest and most
common mechanism associated with the dehalogenation of CAHs, will not be discussed
due to the strong resistance of chlorinated ethylenes to the nucleophilic substitution
reactions associated with hydrolytic dehalogenation (Rittmann et al., 1994).

2.3

Biostimulation

It is now widely accepted that microorganisms capable of degrading various
contaminants are present in the subsurface. Unfortunately, suitable environmental
conditions may not exist to foster natural microbial growth and contaminant
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transformations (McCarty & Semprini, 1993). Engineering methods will need to be
implemented to stimulate the subsurface environment if conditions are not conducive to

microbial growth and contaminant transformation. Through biostimulation, the
introduction of inorganic nutrients and/or carbon and energy sources (electron
donor/acceptor), microbial systems can be stimulated to foster the breakdown of

contaminants. The addition of nitrate and oxygen as an electron acceptor is often
enough to stimulate the direct metabolism of non-halogenated organics like petroleum
hydrocarbons, which are used as energy and carbon sources through biologically

mediated oxidation/reduction processes (Norris, 1994). It has been shown in many
studies that for CAHs like TCE a suitable carbon and energy source needs to be added
along with adequate amounts of oxygen before any contaminant transformation will be
realized. Under anaerobic conditions the presence of a suitable electron donor and
acceptor pair is also crucial for the transformation of CAHs. Much of the challenge
associated with achieving and maximizing biologically mediated CAH transformation is
in determining the appropriate nutrients and the suitable carbon and energy sources

required by the indigenous microorganisms. Extensive research into the aerobic and
anaerobic transformation of CAHs has resulted in the identification of various growth
substrates that will stimulate microbial systems capable of realizing the transformation
of chlorinated ethylenes.

2.4

Effects of Redox Potential & Chloride Substitution

CAHs can be either oxidized or reduced depending on their degree of chloride

substitution and the redox (oxidation/reduction) potential of the system. Anaerobic
(anoxic) and aerobic (oxic) environments have inversely related potentials for the
transformation of CAHs based on the degree of chloride substitution (Vogel et al.,

1987). Increased ethylene chlorination increases reductive transformation reaction
potentials and rates while decreasing oxidative transformation reaction potentials and
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rates. Whereas lower chloride substitution increases oxidative reaction potentials while
decreasing reductive transformation potentials. The chemical potential of the system,
which is primarily dependent on the oxic/anoxic conditions, also effects the rate and
mechanism of CAH transformation.

2.4.1

Redox Potential

Redox potential is a key controlling factor in the mechanism, rate and extent of
CAH transformation through either abiotic (chemical) or biotic (biological) processes.

Measured in millivolts, the redox potential indicates whether a system has oxidizing or
reducing conditions, and controls the strength and direction in which electron transfer
will occur. As a measure of the energy available in the form of chemical bonds and the
transfer of electrons, it is defined as the energy gained in the transfer of 1 mole of
electrons from an oxidant to produce hydrogen (H2) (Freeze & Cherry, 1979).

Aerobic environments, having oxidizing conditions are associated with positive
redox potentials, whereas anaerobic environments, often characteristic of groundwater
systems, are associated with more reducing conditions and negative redox potentials.
Semprini et al. (1992a) noted that CAH reductive transformation rates are generally

faster under more reducing conditions. Another study by Assaf-Anid et al. (1994)
showed a direct correlation between redox potential and the rate of CT reductive
dechlorination by vitamin B12. Kastner (1991) also observed that under sulfate reducing

conditions, PCE was only reduced to TCE and c-DCE following a decrease in redox
potential to between -100 and -150 mV, associated with sulfide production.

Methanogenesis has primarily been associated with the reductive transformation
of CAHs, indicating that more reducing conditions characteristic of methanogenic
systems are required for dechlorination. The redox potential of methanogenic systems
is generally around -250 mV (Zehnder & Stumm, 1988). Pavlostathis and Zhuang
(1991) dechlorinated TCE to c-DCE in the presence of sodium-sulfide as a reducing
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agent. Redox potentials of -264 to -301 mV suggested that dechlorination was a result
of strong reducing conditions in the presence of a small amount of reducing equivalents

provided by yeast extract. Redox potential is also dependent on the aqueous and
geochemistry of a system due the presence of various minerals and ions, and the
occurrence of chemical and biological processes. In the order of increasing reducing
potentials (decreasing redox potential), common electron acceptors for anaerobic
microbial processes are nitrate (denitrification), Manganese (IV) (manganese reduction),

iron (Fe') (iron reduction), sulfate (sulfate reduction) and carbon dioxide
(methanogenesis) (Semprini et al., 1995).

2.4.2

Anaerobic Systems

It has been observed that the degree of chloride substitution is directly related to

the potential degree and rate of CAH transformation in anaerobic systems. Under
anaerobic conditions a higher the degree of chloride substitution results in a greater
potential for transformation (Vogel et al., 1987; Zinder and Gossett, 1995; Semprini et
al., 1992a). Freedman and Gossett (1989) observed that as PCE was reduced to less
substituted intermediates the remaining chloride ions become more difficult to remove.
Subsequently, the less chlorinated intermediates like TCE, DCE and VC are

transformed at slower rates and have a tendency to accumulate (Pavlostathis and
Shuang, 1991; Schollhorn et al., 1995; and Di Stefano et al., 1992). The following
observed maximum rates for the dechlorination of PCE and its intermediates by an
anaerobic batch enrichment culture (Gerritse et al., 1995) show the relationship between

the degree of chloride substitution and transformation rate: PCE to TCE, 341

[tmol/L/day; TCE to c-DCE, 159 [imol/L/day; c-DCE to VC, 99 'Amon/day; t-DCE to
VC, 22 [imol/L/day. It should be noted that the dechlorination rates for the DCE
isomers also vary significantly, indicating that structural orientation can also effect
transformation potential. Abiotic studies by Gantzer and Wackett (1991) with
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transition-metal coenzymes have also indicated that within different classes of CAHs,
rates of reductive dechlorination decrease with decreasing chlorine content.

2.4.3

Aerobic Systems

Although the more highly chlorinated ethylenes are easier to transform under
anaerobic conditions than less chlorinated ones, the inverse is true for aerobic systems;

transformation rates decrease with increasing degree of chloride substitution. Semprini
et al. (1990) and Hopkins et al. (1993a) observed that the relative rate and extent of
oxidation for the less chlorinated ethylenes, DCE and VC, were greater than those for

TCE during field and lab studies. Field studies resulted in relative transformations of
20-30% for TCE, 45-55% for c-DCE, 80-90% for t-DCE, and 90-95% for VC within a

two meter flow field (Semprini et al, 1990). In addition, fully chlorinated aliphatic
compounds such as PCE and CT have been shown to be recalcitrant to aerobic oxidative
transformations (Fogel et al., 1986; Henson et al., 1988; Wackett & Gibson, 1988;

Chang & Alvarez-Cohen, 1995). A survey of CAH transformation mechanisms by
Vogel et al. (1987) indicated that as a general rule CAHs become more oxidized with
increasing chloride substituents making them more susceptible to reductive
transformations and less so to oxidative transformations.

2.5

Metabolism & Cometabolism

Numerous studies have demonstrated that isolated organisms or mixed cultures
stimulated with adequate nutrients and/or growth substrates will transform CAHs

through either direct metabolism or cometabolic processes. During metabolism the
CAH acts as a primary substrate which provides energy and/or carbon for cellular
growth and maintenance by serving directly as a terminal electron donor/acceptor in

redox processes mediated by microorganisms. Energy is generated in the form of
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adenosine triphosphate (ATP) through the transfer of electrons from the electron donor

through an electron transport chain to a terminal electron acceptor. Passing from
electron carriers with more negative reduction potentials to those with more positive
reduction potentials, electrons moving through the electron transport chain result in a
net release of energy and the production of ATP.

The CAHs do not provide energy for cellular growth during cometabolic

processes, but act as cosubstrates (Semprini, 1995). In the presence of compounds that
do provide energy and carbon sources for growth (primary substrates) the
transformation of the cosubstrate is catalyzed by non-specific enzymes and cofactors

produced by microorganisms to utilize the primary substrates. The aerobic
transformation of TCE has only been observed to occur through cometabolic processes.
However, VC has been shown to act as a sole organic carbon and energy source (Davis

and Carpenter, 1990; Hartmanns and de Bont, 1992; Hartmanns et al., 1992). During
cometabolism an effective primary substrate will initiate enzyme activity and the

transformation of the targeted CAH, but it will also compete for the enzyme binding
sites with the CAH. Therefore, CAH transformation generally lags behind primary
substrate utilization and diminishes with time once all the primary substrate is gone.
In aerobic respiration and cometabolism, oxidation of the primary substrate and
CAH generates electrons that are eventually combined with oxygen, which acts as the

terminal electron acceptor, and protons (H+) to produce water and carbon dioxide. In
the absence of oxygen the primary inorganic electron acceptors of anaerobic respiration

are nitrate, sulfate, iron and carbon dioxide (Vogel et al., 1987). When inorganic
electron acceptors are unavailable, fermentation is the predominant metabolic pathway
which utilizes biologically derived organics as both electron donors and acceptors.
Biologically derived organic and some inorganic compounds which serve as the
electron donors in anaerobic respiration will be discussed later.

Historically, the biotic transformation of CAHs under anaerobic conditions has
been thought to occur by cometabolism through interactions with enzymes and
cofactors produced by microorganisms to utilize other electron donor/acceptor pairs
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(Semprini et al., 1995). More recently various CAHs have been shown to be
transformed through metabolic processes involved in bacterial energy production and
growth (Scholz-Muramatsu et al., 1995; Gerritse et al., 1996; Maymo-Gatell et al.,

1995). Because of their oxidized nature, CAH are good oxidants which can serve as
electron acceptors in anaerobic processes (Vogel et al., 1987). Gerritse et al. (1996)
isolated a bacterium that linked ATP synthesis with the reduction of PCE and 3-chloro

4-hydroxy-phenylacetate in the presence of formate as an electron donor. Due to the
observed link of reductive dechlorination to metabolism, anaerobic processes exhibit a
yet untapped potential for the effective remediation of CAHs. As a result, extensive
studies have been conducted to evaluate the mechanism of this process.

2.6

Anaerobic Reductive Dechlorination

Reductive dechlorination is an important mechanism for the microbial
transformation of CAHs in anaerobic environments. This is especially true for the
transformation of highly chlorinated compounds like PCE and CT, which are inert to

hydrolytic and oxidative reaction mechanisms (Rittmann et al., 1994). The CAHs are
reduced by the process of hydrogenolysis with a two electron transfer to the CAH and
the replacement of a chlorine atom with a hydrogen atom (proton) (Assaf-Anid, 1994; &

Vogel et al., 1987). As shown in Figure 2.1, the reductive transformation of PCE and
TCE proceeds via sequential dechlorination steps to replace each chlorine atom with a

hydrogen atom resulting in DCE isomers, VC and ethylene as transformation
intermediates and end products (DeBruin et al., 1992).
The energy for this reductive mechanism is derived from the oxidation of other

organic compounds/substrates that serve as electron donors for the reduction of
transition metal ions which exist as coordination complexes at the active site of various

enzymes and cofactors (Rittmann et al., 1994). Once reduced, the transition metal ions
are then available to catalyze the reduction of CAHs. As shown in Figure 2.2, cleavage
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of the chlorine-carbon bond is initiated by the transfer of an electron from the reduced

metal ion to the chlorine atom, resulting in the production of an alkyl free radical
(molecule with an unpaired electron) and an unstable oxidized-metal-chloride complex

(Rittman et al., 1994). A second reduced transition metal complex then forms a
covalent bond with the alkyl free radical, donating a second electron to complete the

pair. In the third step, the carbon metal bond is cleaved by hydrolysis, resulting in a
second oxidized metal ion enzyme complex and the reduced chlorinated ethylene. This
process is repeated for each chlorine-carbon bond until the CAH is reduced to ethylene.

Vogel and McCarty (1985) noted the mineralization of VC to carbon dioxide
following the reductive dechlorination of PCE to VC under methanogenic conditions.
They hypothesized that the transformation pathway for VC to CO2 is similar to the
aerobic mineralization of 1,2-dichloroethane (1,2-DCA) by hydrolytic dehalogenation,
as shown in Figure 2.3.
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2.6.1

Reductive Dechlorination by Microbial Cultures

Anaerobic microbial systems and processes are very complex. The utilization
and transformation of organic compounds including CAHs usually involves the
interaction of several different microbial species to either provide or remove respiration

byproducts for other organisms. Due to thermodynamic or enzymatic restrictions,
syntrophic relationships between different microorganisms allow them to break down

compounds that they otherwise could not degrade individually. Anaerobic systems are
generally described by the type of products they generate and/or the terminal electron

acceptors involved in the predominant redox processes. Methanogenic, acetogenic, and
sulfate and iron reducing conditions have all been implicated in the transformation of
chlorinated ethylenes by reductive dechlorination. Fermentative microorganisms have
also been tied to reductive transformations through the conversion of various organic

compounds to volatile fatty acids (VFAs) and elemental hydrogen (H,) which are the
primary electron donors in methanogenic, sulfate-reducing and reductive dechlorination
processes.

2.6.1.1

methanogenesis

Methanogens (methane producing bacteria) are strict anaerobes which obtain

energy by oxidizing hydrogen and reducing carbon dioxide resulting in the evolution of
methane. Various species of methanogens are also capable of utilizing other organic
compounds such as certain alcohols, formate, and acetate in the production of methane

(Ferry, 1992). The biotic conversion of organic compounds to methane generally
requires a microbial population composed of three distinct bacterial genera: fermentors,
acetogens, and methanogens (Ferry, 1992). Fermentative bacteria metabolize organic
substrates to H,, CO2, formate, acetate and other longer chained VFAs. The acetogenic
(acetate producing) bacteria further convert the higher VFAs to acetate, and either H, or
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formate. Methanogenic bacteria then produce methane by reducing the methyl group of
acetate, or by reducing CO, with electrons from H, or formate. Methane production in
nature is predominantly derived from the methyl group of acetate (Ferry, 1992).
Primarily methanogenic conditions have been associated with the reductive

dechlorination of PCE and TCE. Methane production in conjunction with PCE and
TCE transformation suggests that methanogens or their associated enzymes play a key
role in the dechlorination process, or that methanogens and dechlorinating organisms
require similar environmental conditions for growth.

Pure culture studies with Methanosarcina sp. stain DCM by Fathepure and Boyd
(1988) suggested that PCE dechlorination to TCE was biologically mediated by

methanogens and not a cometabolic interaction with coenzymes. They further
suggested that methane biosynthesis produced the necessary reducing equivalents for
dechlorination, and that dechlorination could be enhanced by stimulating for
methanogenesis. The ratio of TCE transformation to methane production remained
essentially constant over a 20 fold range of growth substrate (methanol), and no PCE

dechlorination was noted when methanogenesis ceased. Mixed culture studies by
Freedman and Gossett (1989) with bromoethanesulfonate (BES; a selective inhibitor of
methyl-coenzyme M reductase [methyl-CoM] the enzyme that catalyzes the last step in
methanogenesis) also showed that the dechlorination of PCE and TCE did not occur in
the absence of methanogenesis.
Mixed methanogenic enrichment cultures supplemented with electron donors
such as acetate and hydrogen (Freedman & Gossett, 1989; Rassmussen et al., 1994;
Schollhorn et al., 1995), fructose and benzoate (Rassmussen et al., 1994), glucose
(Freedman & Gossett, 1989; Wild et al., 1995), formate (Freedman & Gossett, 1989;
Schollhorn et al., 1995), methanol (Freedman & Gossett, 1989; Di Stefano et al., 1991;
Di Stefano et al., 1992; Gibson & Sewell, 1992; Tandoi et al., 1994), ethanol
(Schollhorn et al., 1995) and lactate (De Bruin et al., 1992; Gibson & Sewell, 1992;

Schollhorn et al., 1995) were capable of PCE dechlorination to varying degrees under

methanogenic conditions. Other electron donors such as propionate, crotonate, butyrate
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and ethanol (Gibson & Sewell, 1992), as well as toluene and dichloromethane
(Di Stefano et al., 1992) and phenol (Rassmussen et al., 1994) have also been noted as
effective electron donors for dechlorination under methanogenic conditions.

Reductive dechlorination of PCE by a mixed methanogenic culture was noted
with the accumulation of VC and the production of some ethylene in batch studies by
Rassmussen et al. (1994). Of the electron donors tested (acetate, hydrogen, fructose and
benzoate) fructose and benzoate were the most effective. In a previous study by
Freedman and Gossett (1989) using a mixed methanogenic culture derived from
wastewater treatment plant sludge PCE was completely dechlorinated to ethylene, with
methanol being a more effective electron donor than hydrogen, formate, acetate or
glucose.

Under high PCE concentrations (550 uM; 55 mg/L), DiSteffano et al.'s (1991)
initially methanogenic PCE-methanol enrichment culture exhibited an increased ability

to dechlorinate PCE while inhibiting methanogenesis. It was speculated that either
methanogenesis was inhibited by the high levels of PCE or its transformation products,

or that a microbial population shift toward dechlorinating organisms resulted in the
favored transformation of PCE over methanogenesis.

The complete sequential dechlorination of PCE stopped at ethylene without
significant amounts of CO2 being produced for most of the studies reviewed. As
observed by Freedman and Gossett (1989) and DeBruin et al. (1992), the persistence of
ethylene as the end-product of chlorinated ethylene dechlorination under methanogenic

conditions agrees with the findings of Schink (1985) that ethylene is an inhibitor of
methanogenesis.

De Bruin et al. (1992) realized a 95 to 98% transformation of PCE to ethane

with lactate as an electron donor. The continuous reduction of PCE to ethane was
maintained in a fixed-bed column filled with a 3:1 mixture of anaerobic Rhine River
sediment and granular sludge from an upflow anaerobic-sludge blanket reactor without

the detection of any chlorinated ethylenes in the effluent. Although the mechanism was
not understood, it was speculated that further reduction of ethylene to ethane was a
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result of an excess amount of reducing equivalents in the form of lactate. The column
was capable of completely reducing 9 liM PCE at a rate of 3.7 [tmol/L/hr with the
addition of 1 mM lactate, which was approximately 150 times the minimum reducing
equivalent for the complete reduction of PCE to ethane. In comparison, studies by
Di Stefano et al. (1991) and Freedman and Gossett (1989) only used 2 and 13 times the
minimum reducing equivalents, respectively, for the reduction of PCE to ethylene.
Comparison of these studies indicates that extremely large amounts of reducing
equivalents may increase the transformation rate and extent of reduction for the

dechlorination of chlorinated ethylenes. The interaction of the two different inoculums
used in De Briun et al.'s. (1992) column study should also be noted as a key factor in

the success of their study. Preliminary column studies indicated that the individual
sludges were unable to completely dechlorinate PCE to ethylene or even ethane.
Furthermore, two different enrichment cultures isolated from the combined sludge

column exhibited complimentary dechlorinating abilities. While one culture could
stoichiometrically dechlorinate PCE and TCE to c-DCE, the other could only

dechlorinate c-DCE to VC and ethylene. As suggested by DeBruin et al. (1992) and
others, the complete dechlorination of PCE and TCE appears to be a two step process
requiring more than one type of microorganism either for providing growth factors or to
accomplish the different dechlorination steps.

2.6.1.2

acetogenesis

Studies by DiStefano et al. (1991) also achieved the dechlorination of PCE to

ethylene in the absence of methanogenesis with methanol as an electron donor. The
authors suggest that methane production by the initially methanogenic methanol-PCE

enrichment culture was inhibited by the high PCE concentrations (55 mg/L; 550 liM)
added to the batch vials. Methanogenesis was initially predominant, but methane
production ceased and acetogenesis became the predominant pathway as the PCE
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concentration was increased. Electron balances demonstrated that methanol
consumption was completely accounted for by dechlorination (31%) and acetate

production (69%) suggesting that acetogenic organisms may have been responsible for

the dechlorination of PCE to ethylene. Egli et al. (1988) achieve the dechlorination of
CT to dichloromethane and CO, with the acetogenic bacterium Acetobacterium woodii
and implicated corrinoids and other transition metal coenzymes associated with the
carbon monoxide-acetyl coenzyme A (acetyl-CoA) pathway which is common to
acetogens (Ferry, 1992).

Complete reductive dechlorination of PCE (60 mM) and TCE (55 mM) to
ethylene without the accumulation of VC was achieved by Wild et al. (1995) for a
mixed acetogenic culture in a fixed-bed reactor with the addition of glucose as an

electron donor. Although methanogenesis was also occurring, acetate to methane
concentrations in the effluent were approximately 4 to 1, indicating that acetogenesis

was the predominant pathway. It should be noted that although the researchers defined
these systems as acetogenic or methanogenic, other organisms may have also been
involved in the overall success of dechlorination for the cited studies.

2.6.1.3

sulfate reduction

Microbial mediated redox processes involving the utilization of various organic
substrates predominantly utilize sulfate as the terminal electron acceptor in anaerobic

environments containing significant amounts of sulfate. In these systems, sulfate is
reduced to sulfide which often accumulates and can become toxic to other microbial

species such as methanogens (Li et al, 1996; Choi & Rim, 1991). In regard to
chlorinated ethylenes acting as electron acceptors, sulfate and nitrate can act as
competing terminal electron acceptor in anaerobic environments (Pavlostathis &
Zhuang, 1991).
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Under bulk sulfate reducing conditions (less than 0.2 to 2% of electron
equivalents directed to methanogenesis) with lactate as an electron donor, Bagley and
Gossett (1990) showed that fluoroacetate (acetotroph inhibitor) inhibited bottles reduced

PCE faster and to a greater extent versus BES inhibited bottles. Lactate fed
fluoroacetate inhibited bottles achieved 92% dechlorination of PCE to TCE with some
c-DCE production while BES inhibited bottles dechlorinated approximately half as

much PCE to TCE without the formation of any c-DCE. With the near stoichiometric
production of sulfide from lactate and the lack of methane production, Bagley and
Gossett (1990) suggested that sulfate enrichment cultures may have played a significant

role in the dechlorination of PCE. But Bagley and Gossett (1990) failed to note that the
enzyme which initiates the C-C bond cleavage of acetate (acetyl-CoA) in the first step

of methanogenesis from acetate, stimulates methyl-CoM synthesis (Ferry, 1992). As
previously mentioned, methyl-CoM, the enzyme that catalyzes the last step in
methanogenesis, has been implicated in the reductive dechlorination of CAHs through

other BES experiments (Fathepure & Boyd, 1988; Freedman & Gossett, 1989). It is
therefore quite possible that methyl-CoM catalyzed the dechlorination of PCE in the
fluoracetate inhibited bottles. Acetyl-CoA synthesis could still potentially be initiated
with the production of acetate via sulfate reduction in the fluoroacetate inhibited bottles

fed lactate. Although oxidation of acetate by acetyl-CoA was inhibited by
fluoroacetate, the presence of acetyl-CoA may have stimulated for the production of

methyl-CoM, resulting in the subsequent dechlorination of PCE and TCE. The
additional observation that the acetate fed BES bottles had the same PCE reducing

potential as the lactate fed BES bottles supports this hypothesis. Freedman and Gossett
(1989) also noted that BES inhibition didn't initially stop PCE dechlorination, but
resulted in the accumulation of TCE and c-DCE. The similar results of these two
studies suggest that methyl-CoM may only be responsible for the initial dechlorination
steps of PCE to TCE and c-DCE. Based on these results it is also quite possible that an
entirely different microorganism present in the enrichment having similar enzymatic
systems was responsible for the transformation of PCE and TCE.
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Pavlostathis and Zhuang (1991) achieved similar results with another sulfatereducing culture from a contaminated soil enriched on acetate and lactate. Batch
cultures inhibited with BES could only dechlorinate TCE to c-DCE and small amounts
of t-DCE. Again, dechlorination and methanogenesis both decreased considerably with
increased BES concentration. The largest TCE transformations were associated with
the relatively highest methane concentrations and the lowest redox potential values and
no TCE was transformed in the absence of methanogenesis.
Several sulfate-reducing isolates have exhibited the ability to reductively

dechlorinate certain chlorinated compounds. These include Desulfomonile tiedjei
(strain DCB-1) which could dechlorinate 3-chlorobenzoate (DeWeerd et al., 1990),

Dusulfobacterium autotrophicum which could dechlorinate CT (Egli et al., 1988) and
Desulfitobacterium dehalogenans, an ortho chlorinated phenol dechlorinator (Utkin et
al., 1995). Cell extracts of Desulfonomile tiedjei were later used to dechlorinate PCE to
TCE and DCE by Townsend & Suflita (1996).

Although there was some initial doubt as to whether or not sulfate reducers were
directly involved in reductive dechlorination, sulfate-reducing microbial systems

evidently have the ability to reduce various chlorinated organic compounds. These
results indicate that it is possible under bulk sulfate reducing conditions and by
specifically targeted sulfate-reducing organisms. It is also evident that sulfate reduction
is a necessary process required to remove any competing electron acceptor in the form
of sulfate and to lower the redox potential to levels effective for dechlorination

(Kastner, 1991). At the St. Joseph site Semprini et al. (1995) observed that the
dechlorination of TCE and PCE to VC and ethylene was associated with sulfate-

reduction and methanogenesis under in-situ conditions. It was speculated that TCE
dechlorination to DCE was occurring under less reducing conditions of sulfate-

reduction with further reduction to VC occurring under methanogenic conditions. The
incomplete transformation of PCE and TCE to c-DCE under sulfate-reducing conditions
indicates that more reducing conditions, like that associated with methanogenesis, may
be required for the complete transformation of CAHs.
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2.6.1.4

iron reduction

Based on hydrogen and ferrous iron (Fez ') field data concentrations, Yager et al.

(1997) hypothesized that the transformation of TCE to c-DCE, VC and ethylene within
a groundwater plume was occurring under iron-reducing conditions. The subsurface at
this site consisted primarily of a petroliferous dolomite formation containing both
gypsum and metal sulfides. Groundwater microcosms amended with iron-oxide to
foster iron-reducing conditions failed to realize any TCE transformation. This was most
likely a result of omitting the addition of any potential electron donors to the

microcosms in this study. Only bicarbonate and sodium sulfide (added to foster
methanogenesis) amended bottles showed any TCE transformation, but in the absence

of methane production. However, Yager et al.'s microcosms amended with pulverized
dolomite from the site resulted in 95% transformation of TCE to VC in six months

followed by the slow transformation of VC to ethylene. These results indicate that
hydrocarbons in the aquifer solids may have served as electron donors in the
dechlorination of TCE. Again, as with sulfate-reducers it is uncertain how much of a
direct affect iron-reducers had on the transformation of CAHs at this site.

2.6.1.5

facultative organisms

The reductive dechlorination of CAHs has primarily been associated with
strictly anaerobic microorganisms. Sharma and McCarty (1996) isolated a facultatively
aerobic bacterium (MS-1) from a contaminated site that could dechlorinate PCE to c-

DCE following growth on glucose, pyruvate, formate, lactate, or acetate. They
demonstrated that the closely related facultative strain Enterobacter agglomerans could
reductively dechlorinate PCE to c-DCE. Sharma and McCarty (1996) observed that
strain MS-1 reduced the redox potential of an initially aerobic medium through

metabolism and then transformed PCE in the reduced medium. Strain MS-1 did not
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transform PCE until other electron acceptors such as nitrate or oxygen were absent.
Sulfate and fumerate as alternative electron acceptors did not inhibit the transformation

of PCE by MS-1. Strain MS-1 was also capable of growing on a number of
carbohydrates, fatty acids, amino acids, purines and pyrimidines. However, PCE was
not utilized as the terminal electron acceptor in the presence of organic substrates such
as glucose and amino acids which could provide relatively higher energy production

through fermentation. Subsequently, the fermentation product, acetate, apparently
served as an electron donor for the reductive dechlorination of PCE in the absence of

methanogenesis. This is consistent with the hypothesis of diauxic growth in which
microorganisms are able to use energy substrates in an order of preference that provides
maximum energy for growth (Madigan et al., 1997).

In addition, Kastner (1991) previously showed that an aerobic enrichment
culture derived from a different contaminated site could also dechlorinate PCE and TCE
to c-DCE under sulfate reducing conditions following the transition from aerobic to
anaerobic conditions with the consumption of available oxygen and nitrate.
In composite sediment column experiments using saturated and unsaturated
sediments from the Savannah River Site, Enzien et al. (1994) showed that anaerobic and

aerobic microbial populations could be stimulated simultaneously under "bulk" aerobic
conditions with the addition of methane and oxygen. Mass balances indicated overall
PCE and TCE transformations of 74 and 76%, respectively to c-DCE. Their results
indicated that facultative anaerobes were present in anaerobic zones or microsites where
reductive dechlorination was occurring.

2.6.2

Hydrogen as the Electron Donor for Dechlorination

DiSteffano et al. (1991) suggested that hydrogen produced via acetogenesis was

acting as an electron donor in the reductive dechlorination of PCE. Since then it has
become increasingly evident that the various electron donors observed to stimulate
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CAH reductive dechlorination serve as precursors to the formation of hydrogen or
formate through fermentation processes. Syntrophic relationships between fermentative
and hydrogenotrophic microorganisms in anaerobic systems is common and well

documented for the utilization of non-chlorinated organic substrates. Hydrogen is a
common electron donor for the reduction of CO, to methane by methanogens, the
reduction of sulfate to sulfides by sulfate reducers and the production of acetate by
homoacetogenic bacteria (Uberoi & Bhattacharya, 1995; Cord-Ruwisch et al., 1988).

Batch experiments conducted with a previously studied methanol-PCE
enrichment culture (Freedman & Gossett, 1989; DiSteffano et al., 1991) showed that
hydrogen was indeed the electron donor in the reductive dechlorination of PCE to

ethylene for this system (DiSteffano et al., 1992). However, long term PCE
transformation in hydrogen fed bottles diminished with time indicating that growth
factors produced by acetogens in methanol fed systems may be required to maintain

hydrogen utilizing and dechlorinating activity. Inhibition of both methanol and
hydrogen fed bottles with BES provided further evidence that hydrogen utilizing
methanogens or other organisms with similar enzymatic pathways may have been
responsible for the dechlorination of PCE in this system. But DiSteffano et al. (1992)
also questioned whether or not BES, a brominated alkane which is structurally similar
to PCE and its transformation products, could have inhibited supposed dechlorinating
microorganisms even if they were not methanogens. Studies by Loffler et al. (1997)
showed that BES did inhibit the dechlorination of the DCE isomers and VC but not
PCE and TCE for some dechlorinating nonmethanogenic cultures. The role of BES in
the inhibition of CAH dechlorination is still uncertain.
Holliger and Zehnder (1993) isolated a hydrogen and formate utilizing anaerobic

bacterium, PER-K23 (later named Dehalobacter restrictus), from a previously cited
column study (DeBruin et al., 1992) demonstrating the transformation of PCE to ethane.
Strain PER-K23 could only use hydrogen and formate as electron acceptors for the
dechlorination of PCE via TCE to c-DCE.
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2.6.2.1

interspecies hydrogen transfer & syntrophy

As a key intermediate in the utilization of organic compounds for anaerobic
systems hydrogen plays a crucial role in the complete biotic transformation of organics
by anaerobic microorganisms like fermentors, methanogens, acetogens and sulfate
reducers. This is especially the case for the fermentation of alcohols and higher chained
fatty acids such as propionate, butyrate, benzoate, and amino acids to acetate and

hydrogen. These transformations are generally endergonic under standard conditions
and are not thermodynamically favorable (Zehnder & Stumm, 1988; Madigan, 1997).

The transformation of these compounds is not possible by fermentors alone. In the
presence of hydrogenotrophic (hydrogen utilizing) organisms like methanogens,
homoacetogens and sulfate-reducers the overall transformation of higher chained fatty

acids and amino acids becomes thermodynamically favorable. This syntrophic
relationship between hydrogenogens (hydrogen producers) and hydrogenotrophs is

called interspecies hydrogen transfer (Zehnder & Stumm, 1988; Madigan, 1997). By
utilizing the available hydrogen in a given system, hydrogenotrophs remove hydrogen
from the system driving down its partial pressure to levels which make the fermentation

reactions thermodynamically favorable (exergonic). For example, the oxidation of
propionate only becomes exergonic at a hydrogen partial pressure of about 10'
atmospheres (atm) (Zehnder & Stumm, 1988). This syntrophy not only allows for the
continued and complete transformation of various organic compounds which could not
be accomplished by just a single organism, but also provides a steady and low level
hydrogen source required by competing hydrogenotrophs.

2.6.2.2

hydrogen partial pressure and competition between hydrogenotrophs

Since methanogenic, homoacetotrophic, sulfate-reducing and the more recently
identified dechlorinating organisms can all utilize hydrogen as a sole energy source
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(electron donor) they will compete for hydrogen generated by fermentative bacteria.

Studies have indicated that preferential hydrogen utilization by one species of
hydrogenotroph over another is a factor of the competing organisms hydrogen threshold
and the redox potential of the terminal electron acceptor (Cord-Ruwisch et al., 1988;

Lovley & Ferry, 1985). Therefore a microorganism that can utilize hydrogen at a lower
partial pressure than that required by competing hydrogenotrophs will maintain

hydrogen at levels which are not sufficient for its competitors. It has also been
suggested that the Gibbs free energy of the coupled reaction along with the catalytic

properties of the associated hydrogenases are factors in setting hydrogen thresholds for
various organic substrate and bacterial systems (Cord-Ruwisch et al., 1988).

McCartney & Oleszkiewics (1993) referenced that the hydrogenase enzyme for
methanogens is located in the cytoplasm while the common hydrogenase in sulfatereducers is located in the periplasmic space. This could allow for more rapid hydrogen
uptake by sulfate-reducers. It has been shown repeatedly that sulfate-reducers have the
ability to out compete methanogens for available hydrogen (Ueki et al., 1988; Uberoi &

Bhattacharya, 1995; McCartney & Oleszkiewics, 1993; Elferink et al., 1994). In
addition, comparison of the relative standard Gibbs free energies for the utilization of
hydrogen via methanogenesis (-33.9 kJ/mol) and for sulfate-reduction (-37.9 kJ/mol)

indicates that sulfate-reducers have a slight thermodynamic advantage over
methanogens (Uberoi & Bhattacharya, 1995).

More recently it has been determined that hydrogen utilizing dechlorinators can
out-compete methanogens for available hydrogen at low hydrogen partial pressures

(Ballapragada et al., 1997; Smatlak et al., 1996). Dechlorination rates of PCE, TCE,
DCE and VC all showed a Michaelis-Menten relationship with respect to hydrogen

partial pressure for a methanogenic fluidized bed reactor containing diatomaceous earth
(Ballapragada et al., 1997). The methanogenic enrichment culture successfully
transformed PCE to VC and ethylene with the addition of lactate, propionate or
hydrogen, but not acetate as electron donors. Ballapragada et al. (1997) indicated that
dechlorinators had a slight advantage over methanogens at hydrogen partial pressures of
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10 ppm (10' atm), and that they could compete with methanogens up to partial

pressures of 100 ppm (104 atm). This may be a contributing factor as to why
dechlorination is most commonly associated with methanogenesis. Ballapragada et al.
(1997) also indicated that the theoretical energy yield for hydrogen utilization in
dechlorination reactions is approximately four times higher than for methanogenesis

resulting in potentially higher cell yields for dechlorinators. This would also impart an
advantage over methanogens.

Based on an order of magnitude difference in K, (half velocity constant) values

between dechlorinators and methanogens, Smatlak et al. (1996) suggested that the
selection of an electron donor whose fermentation results in a slow steady and low level

of hydrogen production would increase dechlorination potential by minimizing
methanogenic competition for hydrogen. For different fermentation substrates (electron
donors) at equal concentrations under standard conditions and bicarbonate levels the
only variable that influences the Gibbs free energy is hydrogen concentration (Zehnder

& Stumm, 1988). Therefore, the free energy available from the fermentation of
different substrates will become negative (exergonic) at discreet hydrogen partial

pressures. Generally the fermentation of two different substrates will generate different
levels of hydrogen.

Fennell et al. (1997) evaluated four potential hydrogen producing substrates,

butyric acid, ethanol, lactic acid, and propionic acid with a methanol:PCE enrichment
culture (DiStefano et al., 1992). The fermentation substrates were evaluated in relation
to PCE dechlorination and methanogenic potentials as a result of hydrogen partial

pressure. Short term time-intensive studies favored rapid dechlorination and
methanogenesis by ethanol and lactic acid fed systems while long term studies showed

comparable dechlorination for the four substrates tested. Less methanogenic activity

was observed for propionic acid. Donor to PCE ratios of 2:1 resulted in higher
hydrogen partial pressures than for ratios of 1:1. Ethanol amended bottles resulted in
both rapid dechlorination (to VC with some TCE still remaining) and methanogenesis
during the first 3.5 hours. Activity ceased when ethanol and hydrogen were consumed.
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Hydrogen partial pressures peaked at 10-29 to 10-2 atmospheres (atm) for the ethanol

amended bottles. Lactic acid amended bottles also underwent rapid hydrogen
production and dechlorination with the production of some ethylene, but generated less
methane than ethanol. Hydrogen partial pressure were 104 atm and 10-29 atm for lactic

acid:PCE ratios of 1:1 and 2:1, respectively. Continued dechlorination at reduced rates
was observed due to a pool of propionic acid produced during lactic acid fermentation.

Propionic acid amended bottles exhibited a slow and steady dechlorination of PCE to
VC over a 44 hour period with the production of only trace amounts of methane and
some TCE accumulation. Very low hydrogen levels of 10-51 atm supposedly inhibited

methanogenesis, but acetotrophic methanogenesis occurred at propionic acid:PCE ratios
of 2:1. As with propionic acid amended bottles the butyric acid ones also exhibited
slow and steady dechlorination to VC with some TCE accumulation at hydrogen partial
pressures of 10-5 atm and 104 2 atm for butyric acid:PCE ratios of 1:1 and 2:1,

respectively. Less methane was produced than for ethanol fed cultures, but more was

produced than for propionic acid fed cultures. Results suggest the importance of
selecting fermentation substrates that impart low hydrogen partial pressures for low and
steady long term dechlorination, whereas substrates that generate higher hydrogen
partial pressures may be more effective for rapid and short term dechlorination.

Additional studies and model simulations by Fennell and Gossett (1998)
supported the hypothesis in choosing a slowly fermented substrate that would generate

lower hydrogen levels to impart an advantage to dechlorinators over methanogens. In
addition, they showed that adding high levels of rapidly fermented substrates produced
high hydrogen levels resulting in the dominance of methanogenesis and the subsequent

failure of dechlorination. Yang and McCarty (1998) also showed the advantage of
propionate over benzoate as a slower hydrogen producing substrate in the dechlorination

of c-DCE. Lower hyrdrogen thresholds were observed during batch and CSTR studies
for dechlorinators as compared to methanogens, resulting in more favorable
dechlorination in propionate fed systems and the production of more methane in
benzoate fed ones.
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2.6.3

Transition Metal Coenzymes & Cofactors

It was previously suggested that microorganisms like fermentors, methanogens,
acetogens and sulfidogens, rich in transitional metal coenzymes could catalyze the
transformation of CAHs by a form of cometabolism in which reduced forms of
coenzymes passively catalyze reductive dechlorination (Schanke & Wackett, 1992;

Zinder & Gossett, 1995; Gerritse et al., 1995). Subsequently, a number of biological
cofactors (transition metal ions or coenzymes) associated with anaerobic bacteria and
having high chemical reduction potentials have been shown to catalyze dechlorination

reactions in-vitro. This is especially the case for corrinoids, porphyrin-like corrin ring
compounds with cobalt centers that are involved in the methyl transfers of
methanogenesis (Madigan, 1997).

Gantzer and Wackett (1991) successfully catalyzed the dechlorination of
polychlorinated ethylenes and benzenes in the presence of the bacterial transition-metal
coenzymes vitamin B12 (containing cobalt), coenzyme F430 (nickel) and hematin (iron).
Vitamin B12 (cyanocobalamin) and coenzyme F430 (unique to methanogens) were

capable of sequentially dechlorinating PCE to ethylene while hematin was only able to

dechlorinated PCE to VC. Rates of dechlorination decreased with decreasing chloride
substitution and similar intermediates were observed as to those of anaerobic mixed
cultures. Shanke and Wackett (1992) also showed that hematin and vitamin B12 were

capable of the sequential dechlorination of polychlorinated ethanes. Assaf-Anid et al.
(1994) were able to reductively dechlorinate CT by cobalamin (II) (vitamin B12) under

reduced conditions. Glod et al. (1997) used the corrinoids, cobalamin (vitamin B12),

cobinamide and cobamide as effective electron transfer mediators in the dechlorination
of PCE, TCE and trichlorofluoroethylene (TCFE). With the highly reduced corrinoid,
cobalamin, Glod et al. (1997), Burris et al. (1996) and Semadeni et al. (1998) were able
to reduce TCE via chloroacetylene and acetylene intermediates to ethylene and c-DCE.
The corrinoids, cobinamide and cobamide (parent structures to vitamin B12),

common among methanogens, are involved in methyl transfer reactions (Ferry, 1992;
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Madigan et al., 1997). These cobalt containing coenzymes readily form cobalt-carbon

bonds with methyl groups (methyl-corrinoid complex). Acting as methyl carriers they
donate a methyl group to CoM (methyl-CoM) and mediate the last step of the
conversion of both carbon dioxide and acetate to methane (Ferry, 1992; Madigan,
1997). All of the studies cited provided titanium (III) citrate as a reducing agent to
regenerate the reduced transition-metal coenzymes.
A survey of five different isolated anaerobic bacteria by Egli et al. (1988)

showed that CT could be dechlorinated to dichloromethane, but only by organisms
possessing enzymes of the Acetyl-CoA pathway, further implicating cobamides in
dechlorination.

2.6.4

Chlororespiration

Recent studies with pure cultures isolated from various mixed cultures having
the potential to transform CAHs as well as chlorinated aromatics have linked reductive

dechlorination to metabolism. From a thermodynamic standpoint CAHs are strong
oxidants (DiSteffano et al., 1991; Holliger & Zehnder, 1993) and have the potential to

act as terminal electron acceptors in biologically mediated redox processes. DiSteffano
et al. (1991) speculated that chlorinated ethylenes were potentially more
thermodynamically favorable electron acceptors than CO, based on standard free

energies of formation. Endothermic reaction potentials of -143 to -171 kJ/mole H2 for
chlorinated ethylene reductive dechlorination as compared to that of -34 to -26 kJ/mole
H2 for the reduction of CO, to methane or acetate indicate that dechlorination could
provide more energy for microbial growth and maintenance (DiSteffano et al., 1991).
In the coupling of reductive dechlorination with metabolism, a process termed
halorespiration or chlororespiration (Zinder & Gossett, 1995), the CAHs serve as the

terminal electron acceptor for the generation of ATP. This unique type of anaerobic
respiration utilizes the carbon-chlorine bonds in CAHs as terminal electron acceptors in

35

biologically mediated redox processes for energy generation. Pure culture studies with
strain DCB-1 (Desulfomonile tiedjei) showed that the dechlorination of chlorobenzoates
with hydrogen or formate (Mohn & Tiedje, 1990) and formate plus acetate (Dolfing,
1990) as electron donors was coupled to energy conservation and growth.

Dehalospirillium multivorans, a strict anaerobe isolated from activated sludge
with pyruvate and PCE as an electron donor/acceptor pair was observed to dechlorinate

PCE to c-DCE via TCE with hydrogen, pyruvate, lactate, ethanol, formate or glycerol as
electron donors (Scholz-Muramatsu et al., 1995). The main fermentation products for
the pyruvate-PCE fed system were acetate, lactate, c-DCE and hydrogen. No growth
was observed in the absence of PCE, while the presence of PCE significantly stimulated
growth resulting in a growth yield of 1.4 g cell protein per mol of chloride released.

This growth yield is comparable to that of chlorobenzoate dechlorination by strain
DCB-1 (Mohn & Tiedje 1990). Mohn and Tiedje (1990) observed a growth yield of 1.7
to 3.4 g cell protein per mole of chloride removed. Scholz-Muramatsu et al. (1995)
showed that D. multivorans was able to couple electron transfer from hydrogen or

formate to PCE with energy conservation. In addition, fumerate and nitrate served as
electron acceptors in place of PCE and growth was sustainable on a defined medium
without supplementation with yeast extract.

Cell extracts of Dehalospirillium multivorans, isolating its dehalogenase,
revealed that the reduced transition metal coenzyme (corrinoid) vitamin B12 was

involved in the biotic reductive dechlorination of both PCE and TCE (Neumann et al.,

1995). In addition, nitrate was shown to inhibit PCE and TCE reductive dechlorination
by this dehalogenase, with further speculation that the DCE isomers may be potential
inhibitors.

Gerritse et al. (1996) isolated strain PCE1 from a PCE dechlorinating
enrichment culture obtained from soils contaminated with chlorinated ethylenes

(Gerritse et al., 1995). PCE1 transformed PCE to TCE with only trace amounts of c-and
t-DCE in the presence of L-lactate as an electron donor, and a vitamin solution. Strain
PCE1 was also capable of using chlorinated phenolic compounds, such as 2
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chlorophenol, 2,4,6-trichlorophenol, and 3-ortho-4-hydroxy-phenylacetate as terminal

electron acceptors to varying degrees. PCE1 is closely related to Desulfitobacterium
dehalogenans, a sulfate-reducing bacterium which has also been shown to reductively
dechlorinate chlorophenols (Utkin et al., 1995).

Strain PER-K23, isolated from the previously cited anaerobic packed-bed
column which was able to completely transform PCE to ethane (De Bruin et al., 1992),
was only able to reductively dechlorinated PCE via TCE to c-DCE (Holliger et al.,

1993). Tentatively identified as Dehalobacter restrictus, strain PER-K23 grew
exclusively with hydrogen or formate as electron donors and PCE and TCE as terminal

electron acceptors. Electron balances showed that all of the reducing equivalents
derived from hydrogen or formate were recovered in dechlorination products and

biomass resulting in a growth yield of 2.1 g cell protein per mol of chloride released. In
addition, PER-K23 growth was completely dependent on the addition of fermented
yeast extract, and no growth was observed in the absence of PCE. Schumacher and
Holliger (1995) later indicated that the dechlorination of PCE by Dehalobacter
restrictus was a biologically mediated process involving a membrane bound
dehalogenase and a corrinoid.

An anaerobic enrichment culture derived from a previously studied methanolPCE enrichment culture (DiSteffano et al., 1992) utilized H2-PCE as an electron donoracceptor pair in the absence of both methanogenesis and acetogenesis and was able to

completely transform PCE to ethylene (Maymo-Gatell et al., 1995). Characterization of
this enrichment culture revealed that methanogens and acetogens were not present,
indicating that other organisms were responsible for the dechlorination of PCE in the

original methanol-PCE culture. This mixed culture was supplemented with acetate,
sludge supernatant, yeast extract and vitamin 1312. The culture exhibited a specific

vitamin B12 requirement for the dechlorination of PCE. Reductive dechlorination did
not occur in sterile vitamin B1, medium, suggesting the possible role of vitamin B12 in

dechlorinating coenzymes (dehalogenases). Methanogens and acetogens, rich in cobalt
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containing proteins and coenzymes (cobamides) may have provided vitamin 13,2/cobalt

for the PCE dechlorinating bacteria in the original methanol-PCE culture.
The incomplete transformation of PCE and TCE to c-DCE by the pure cultures
as compared to the complete dechlorination capacities of their parent enrichments
indicated that other microorganisms were responsible for the dechlorination of c-DCE
and VC, or that nutritional dependencies exist between dechlorinators and other

anaerobic organisms. Almost all of the pure cultures cited required the addition of
vitamin solutions, vitamin B12, or yeast extract to achieve effective dechlorination. This
supports the latter hypothesis shared by many of the cited researchers that nutritional

dependencies existed in the mixed enrichment cultures. It is not uncommon for
coenzymes to act as growth factors (vitamins) for other organisms. Several common
rumen methanogens require CoM as a growth factor, which is excreted by other
methanogenic bacteria (Madigan, 1997).

The cited study results indicate that PCE dechlorination is a specific
enzymatically catalyzed process involved in metabolism and not just one of cometabolic

interactions with available coenzymes. In addition, electron transport (chemiosmotic)
phosphorylation is probably the mechanism of ATP synthesis for growth since
hydrogen oxidation is unable to support substrate level phosphorylation (Neumann et
al., 1995; Holliger et al., 1993; Holliger & Schumacher, 1994).
In vitro studies of a mixed anaerobic culture by Rosner et al. (1997) indicated

that the complete dechlorination of PCE to ethylene is a two step process in vivo. Cell
extracts transformed VC and c-DCE at rates 1 to 2 orders of magnitude higher than for

TCE dechlorination while PCE was not transformed at all. The relative VC
dechlorinating activity between the membrane fraction (63% of the total dechlorinating
activity) and cytoplasmic fraction (only 7% of the total dechlorinating activity) of the
cell extracts suggested that VC dechlorination is membrane associated and possibly

coupled to electron transport phosphorylation. Additional blocking and inhibition
studies further suggested that VC transformation was not mediated by the corrinoid,
vitamin B12, but was most likely attributed to membrane bound transition metal
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cofactors. Cell extracts from Desulfitobacterium chlororespirans Co23, which uses 3
chloro-4-hydroxybenzoate as an electron acceptor (Loffler et al., 1996; Sanford et al.,
1996) and Desulfomonile tiedjei, a 3-chlorobenzoate, PCE and TCE dechlorinator
(Townsend & Suflita, 1996) also indicated that the dechlorination of these compounds

was mediated by a membrane bound dehalogenase. Magnuson et al. (1998) were able
to isolate the two separate membrane-bound dehalogenases PCE-reductive
dehalogenase (PCE-RDase) and TCE-reductive dehalogenase (TCE-RDase) from

Tandoi et al.'s (1994) methanol-PCE enrichment culture which had the ability to
completely dechlorinate PCE to ethylene. Specific to certain dechlorination steps, PCERDase was only able to dechlorinate PCE to TCE while TCE-RDase could dechlorinate
TCE all the way to ethylene in the presence of titanium (III) citrate as a reductant,
methyl viologen as a the electron carrier and hydrogen as the electron donor.
Iodoalkane inhibition studies along with vitamin 1312 enhanced transformation activity

suggested that corrinoids were involved as coenzymes for the dehalogenases.

Dehalococcoides ethenogenes 195 was isolated from Tandoi et al.'s (1994)
methanol-PCE enrichment and was shown to transform PCE all the way to ethylene in

the presence of hydrogen as an electron donor (Maymo-Gatell et al., 1997). Methanol,
pyruvate, lactate, ethanol, formate, glucose and yeast extract as electron donors, were
unable to support growth and PCE dechlorination by Dehalococcoides ethenogenes 195.
In addition, sulfate, sulfite, thiosulfate, nitrate, nitrite, fumerate and oxygen as potential
electron acceptors were not reduced and did not support growth with hydrogen as an

electron donor. Growth of this isolate was only possible in the presence of hydrogen
and PCE as an electron donor/acceptor pair.

Although several organisms with the ability to utilize CAHs as electron
acceptors for energy production have been isolated, little is still known about

dechlorinating organisms and their associated dehalogenases. Now that a unique
organism and its dehalogenases has been identified which can completely transform
PCE to ethylene it is only a matter of time before the full potential of chlororespiration

will be realized. A better understanding of the mechanisms behind chlororespiration is
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dependent on further characterization of the specific bacteria and their dehalogenases
that catalyze reductive dechlorination for energy and growth.

2.7

Aerobic Cometabolism

As previously noted, PCE is not transformed in strictly aerobic environments
whereas the lesser chlorinated ethylenes, TCE, the DCE isomers and VC have all been
shown to be oxidized to carbon dioxide and water. These lesser chlorinated aliphatics
can be cometabolically degraded under aerobic conditions by microorganisms that
utilize methane, propane or aromatic compounds such as toluene and phenol, as well as
ammonia for carbon and energy sources (Chang & Alvarez-Cohen, 1995; Ensley, 1991;

Hopkins et al., 1993a). The oxidation of CAHs is catalyzed by nonspecific oxygenase
enzymes produced to oxidize primary growth substrates such as the ones listed above.
With oxygen as the terminal electron acceptor and nicotinamide adenine dinucleotide
(NADH) or nicotinamide adenine dinucleotide phosphate (NADPH) as the intermediate
reducing energy source (electron donor), CAHs acting as cosubstrates can be oxidized
along with the primary substrates (Alvarez-Cohen & McCarty, 1991a; Ensley, 1991).

The oxidative cometabolism of alkenes is catalyzed by oxygenases which insert oxygen
across the double C-C bond transforming them into unstable and reactive
chloroethylene epoxides that spontaneously degrade to various chlorinated and nonchlorinated acids, alcohols or aldehydes. These products are then readily mineralized to
carbon dioxide and water by other ubiquitous aerobic microorganisms (McFarland et
al., 1992; Little et al., 1988). The proposed reaction pathways of TCE oxidation by
soluble methane monooxygenase (sMMO) in the presence of methane is shown in
Figure 4. Although the actual mechanisms and pathways of TCE oxidation by sMMO
are relatively unknown, the proposed pathway shown in Figure 4 is based on the

oxidation of TCE by cytochrome P-450 monooxygenase found in mammals which is
thought to have similar functions to sMMO (Rittmann et al., 1994; Ensley, 1991).
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2.7.1

Aerobic Microorganisms & Enzymes

Methanotrophs (methane utilizing), aromatic utilizing bacteria and ammonia
oxidizing nitrifying bacteria are all capable of facilitating this cometabolic process
(Ens ley, 1991). In addition to evaluating TCE cometabolism by methane oxidizers
(McFarland et al., 1992; Alvarez-Cohen & McCarty, 1991a; Alvarez-Cohen &

McCarty, 1991b; Bowman et al., 1993; Semprini & McCarty, 1991; Dolan & McCarty,
1994) extensive research involving the aromatics phenol (Folsom et al., 1990; Krumme
et al., 1993; Hopkins et al., 1993a; Hopkins et al., 1993b; Munakata-Marr et al., 1997;

Shurtliff et al., 1996; Shih et al., 1996) and toluene (Shifang & Skow, 1993; Landa et
al., 1994; Fries et al., 1997a; Fries et al., 1997b; McCarty et al., 1998) has demonstrated
the successful transformation of TCE both in- and ex-situ. TCE cometabolism has also
been observed in the presence of propane (Wackett et al., 1989; Chang & AlvarezCohen, 1995; Tovanabootr & Semprini, 1998) and propene (Reij et al., 1995) utilizers.

Various isolated organisms such as Pseudomonas cepacia, Pseudomonas
mendocina and Pseudomonas putida (Shifang & Skow, 1993; Folsom et al., 1990;
Krumme et al., 1993; Landa et al., 1994), Methylosinus trichosporium (Bowman et al.,
1993) and the strains Methylomonas methanica 68-1 and Methylomonas trichosporium
OB3b (Koh et al., 1994) have all been shown to produce non-specific oxygenase

enzymes with the ability to cometabolize TCE and other CAHs. The Pseudomonas
genera produce aromatic oxygenases such as toluene ortho-monooxygenase in the
presence of toluene (Krumme et al., 1993; Ensley, 1991) and phenol dioxygenase in the

presence of phenol (Shifang & Skow, 1993; Ensley, 1991). Methanotrophic bacteria
produce the nonspecific enzyme, sMMO, which has been implicated in the
hydroxylation of alkanes, oxidation of ethers, halogenated methanes, and cyclic and
aromatic compounds, in addition to the epoxidation of ethylenes (Alvarez-Cohen &
McCarty, 1991a & b).

Methane oxydizers also produce particulate methane monooxygenase (pMMO),
instead of sMMO in the presence of elevated copper, which has a lower potential for
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TCE oxidation (Oldenhuis et al., 1989; Smith et al., 1997). In a survey of microbial
oxygenases, Wackett et al. (1989) stimulated five propane oxidizing bacteria of the
Mycobacterium sp. genera resulting in the production of propane monooxygenase and

the subsequent transformation of TCE. In addition, ammonia monooxygenase produced
by Nitrosomonas europaea has also been shown to degrade TCE (Rasche et al., 1991;
Ensley, 1991).

Methane, aromatic and ammonia oxidizing microorganisms all occur naturally in
subsurface environments. Microcosm studies with mixed cultures obtained from the
Moffet Field groundwater test zone showed that TCE and the DCE isomers could be
oxidized in the presence of methane, phenol, toluene and ammonia as primary substrates

(Hopkins et al., 1993a). Results indicated that ammonia fed microcosms were the least
effective at removing TCE and DCE, with the phenol and toluene fed microcosms being

equally effective at removing c-DCE (>90%) and TCE (60-70%). Microcosm amended
with methane were the most effective at removing t-DCE (>90%).
In addition to TCE and the DCE isomers, VC has also been shown to be readily
oxidized under cometabolic conditions in the presence of methane oxidizers (Dolan &
McCarty, 1994; Dolan & McCarty, 1995a; Dolan & McCarty, 1995b), phenol and
toluene (Hopkins & McCarty, 1995), and ethylene and ethane utilizers (Freedman &

Herz, 1996). Hartmanns and De Bont (1992) showed that Mycobacterium aurum Ll,
isolated from a VC contaminated soil, could utilize VC as a sole carbon and energy
source.

2.7.2

Competitive Inhibition & Transformation Product Toxicity

Metabolic energy is not derived from the oxidation of the CAHs acting as
cosubstrates, therefore the primary substrates are preferentially oxidized and can act as

inhibitors to CAH oxidation. Ensley (1991) noted that primary substrates (methane,
toluene, propane, and ammonia) need to be present in sufficient concentrations to
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initiate oxygenase activity and regenerate reducing power lost to chlorinated ethylene

oxidation. Ens ley also noted that they should be low enough so that chlorinated
ethylene transformation is not inhibited by competition for active enzyme sites. As
non-energy substrates, CAHs do not initiate oxygenase production. Subsequently, CAH
transformation activity usually lags primary substrate utilization and ceases shortly after

all energy substrates are consumed. Competitive inhibition has been observed for
methane (Semprini et al., 1991; Alvarez-Cohen & McCarty, 1991), phenol (Hopkins et
al., 1993; Folsom et al., 1990; Shurtliff et al., 1996) and toluene (Landa et al., 1994)
utilizing microorganisms. Semprini et al. (1991) showed that formate or methanol in
place of methane did not inhibit oxygenase activity for an in-situ biostimulation study.
However, formate was unable to sustain TCE and DCE transformation and the results
for methanol were inconclusive. Neumann et al. (1995) elucidated this phenomena with
a study in which formate was shown to stimulate existing sMMO activity, whereas

methane was required to stimulate sMMO production. Therefore, formate could
initially help support TCE oxidation but TCE oxidation would cease as sMMO
diminishes in the system.

It has also been shown for many of the oxygenase systems that CAHs and their
transformation products can inhibit primary substrate utilization and CAH

cometabolism. Resting cell batch studies by Chang and Alvarez-Cohen (1995)
demonstrated the toxicity effects of TCE, CF and 1,2-DCA on methane and propane
utilizers as well as TCE on toluene and phenol utilizers. Cell inactivation (1 mg cells)
resulting in less than 5% of added growth substrates being utilized was observed

following exposure to 1,000 pg of the CAHs. Additional studies have been conducted
to asses CAH and transformation product toxicity on methane utilizing cultures
resulting in lower transformation capacities (Alvarez-Cohen & McCarty, 1991a;
Alvarez-Cohen & McCarty, 1991b; Dolan & McCarty, 1994; Dolan & McCarty, 1995).
Batch and microcosm tests by Dolan and McCarty (1994; 1995b) showed that decreased
transformation capacities were a result of 1,1-DCE transformation products not 1,1

DCE at levels of up to 1 mg/L. Relative transformation capacities for methanotrophic
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cultures fed formate in order of decreasing transformation capacity (chloroethylene

transformed per unit dry cell mass) were determined as follows: t-DCE > c-DCE > VC

> TCE > 1,1-DCE (Dolan & McCarty, 1995b). Dolan and McCarty (1995b) suggested
that the lower transformation capacities of the asymmetric chlorine substituted alkenes,
like TCE and 1,1-DCE, were a result of transformation product toxicity. Dolan and
McCarty (1995b) referenced that more asymmetric epoxides of 1,1-DCE and TCE can
thermally rearrange to form acyl chlorides which are strong alkylating agents, and that
epoxides of VC, c-DCE, and t-DCE rearrange to for form less reactive chloroaldehydes.

Hopkins and McCarty (1995) noted similar transformation product toxicity from 1,1
DCE during Moffet Field in-situ studies where TCE transformation was significantly

reduced in conjunction with 1,1-DCE oxidation. Although, microbial community
analysis of the indigenous toluene and phenol oxidizers following Hopkins and
McCarty's (1995) pheno1/1,1-DCE in-situ study indicated that phenol and TCE

oxidizing systems were quite resilient following drastic population declines in response

to 1,1-DCE oxidation. Reij et al. (1995) also suspected that toxic transformation
products like carbon monoxide, chloral, and the hydrolysis products of TCE-epoxide
accumulated in their medium and reduced the transformation capacities of the propene
oxidizers.

Long term biodegradation studies for phenol and toluene utilizing systems has
indicated that sustained TCE transformation activity may diminish over long periods

due to microbial population shifts resulting from transfotination product toxicity. Long
term studies (280 days) with small Moffet Field aquifer column microcosms by
Munakata et al. (1997) showed a decline in TCE removal efficiencies by indigenous

phenol utilizers. This further suggested that the formation of toxic products like TCE
epoxide and chloral may lead to negative selective pressures against more effective TCE

degrading microorganisms. Their study also showed that bioaugmentation of the
microcosms with phenol utilizers could enhance and prolong TCE transformation. On
the otherhand, Shih et al. (1996) observed a sudden step increase in TCE transformation
after 200 days of operation for a phenol pulse fed reactor. It is uncertain why this
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phenol degrading enrichment from wastewater treatment activated sludge showed a 10
fold increase in TCE transformation.

2.8

Combined Anaerobic/Aerobic Transformation

Anaerobic and aerobic mechanisms for the transformation of CAHs are

complementary with respect to chloride substitution. It has been suggested that PCE
and TCE could be completely degraded by a sequential anaerobic/aerobic treatment
scheme. Anaerobic treatment often falls short of obtaining the complete sequential
dechlorination of CAHs resulting in the accumulation of lesser chlorinated
intermediates. For cases like these it has been suggested that aerobic treatment could be
used as a final polishing step to treat the lesser chlorinated transformation products of
PCE like DCE and VC formed by anaerobic mechanisms. Anaerobic treatment, which
is more amenable to the reductive dechlorination of highly chlorinated aliphatics could
be used as an initial step to transform PCE and TCE to lesser chlorinated intermediates

that could subsequently undergo further transformation to CO, and water in a second

treatment step utilizing aerobic oxidative cometabolism. The sequential
anaerobic/aerobic treatment of PCE has been successfully demonstrated by the
combination of an anaerobic fixed-bed upflow column and an aerobic methanotrophic

column (Gerritse & Gottschal, 1995). Complete PCE degradation was achieved for
several months at median flow rates of less than 20 ml/h for influent PCE

concentrations of 20 to 70 uM. The total combined system PCE transformation was
86% to 100%, with chloride recoveries of 76% to 99%. The anaerobic column
supplemented with pyruvate, lactate and format dechlorinated PCE to c-DCE (at least

97%) and small amounts of VC (less than 3%). Lactose achieved 100% removal
(combined system) followed by 98% for pyruvate and 86% for formate. The aerobic
column supplemented with methane as the carbon and energy source and oxygen as the
terminal electron acceptor oxidized the remaining CAHs in the anaerobic column
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effluent. The system influent was also supplemented with yeast extract and a vitamin
solution that when omitted caused the system effluent PCE concentration to increase

from less than 5% to greater than 20%. An increase in the influent PCE concentration
to 1,000 .iM caused the complete breakdown of reductive dechlorination and methane
consumption in the anaerobic and aerobic columns, respectively. By combining the
inversely related transformation efficiencies of anaerobic and aerobic mechanisms, the
use of sequential anaerobic/aerobic treatment may be amenable to the in-situ

transformation of CAHs through carefully controlled biostimulation stages or with
sequential in-situ permeable reactors.

2.9

In-Situ Transformation

Numerous lab studies have demonstrated the feasibility of stimulating naturally
occurring microorganisms for the complete degradation of CAHs ex-situ. Due to
contaminant removal limitations and cost constraints associated with pump-and-treat
type groundwater remediation systems it is more desirable to control and stimulate

microbial systems at the pollutant source, i.e. in-situ. Subsequently, the primary
impetus for the cited studies was to gain a better understanding of the microbial systems

and mechanisms so that in-situ treatment systems can be developed. Whereas other
more easily degradable groundwater contaminants such gasoline, diesel and fuel oils

have undergone successful in-situ bioremediation, the in-situ treatment of more
recalcitrant anthropogenic compounds like CAHs has only been demonstrated on a
small but growing scale.
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2.9.1

Natural Attenuation

Some of the most promising evidence in support of the in-situ bioremediation of

CAHs is the occurrence of natural or intrinsic remediation. Evaluation of sites
contaminated with specific compounds has resulted in the detection of intermediate
breakdown compounds that were never used at the site, indicating that natural
degradation was occurring without any outside stimulation.

The investigation of a Canadian manufacturing plant, initially contaminated with
PCE, TCE, 1,1,1-trichloroethane, dichloromethane and naptha revealed the presence of
metabolic intermediates and end products indicative of anaerobic reductive

dechlorination, including the three DCE isomers and VC (Fiorenza et al., 1994). An
extensive field investigation indicated that natural degradation by indigenous
microorganisms had occurred.

At a chemical transfer facility in North Toronto, a field investigation by Major et
al. (1991) showed that the intrinsic dechlorination of PCE was occurring in the
subsurface aquifer. As possible electron donors, the co-contaminants methanol, methyl
ethyl ketone, vinyl, ethyl acetate and butyl acrylate were evidently driving the

transformation of PCE to TCE, DCE, VC and even ethylene and ethane. Areas of
sulfate reduction and methanogenesis were observed throughout the site indicating

reduced conditions. Aquifer microcosm studies using acetate and methanol as electron
donors supported the hypothesis that natural dechlorination was occurring at the site.

Natural attenuation of TCE was also observed in an anoxic sand aquifer at a site
located near St. Joseph Michigan (Semprini et al., 1995). Analysis of TCE, DCE, VC,
ethylene, methane and sulfate concentrations in the aquifer indicated that the reductive
dechlorination of TCE to DCE, and VC to ethylene was associated with sulfate

reduction and methanogenesis. Relatively high DCE concentrations appeared to be
associated with transition zones of sulfate reduction, whereas high concentrations of
VC, ethylene, and methane were associated with low sulfate concentrations and thus

more reducing conditions. Redox potential appeared to play a key role as the driving
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force in the complete reductive dechlorination of CAHs. Overall, it was estimated that
approximately 20% of the TCE was naturally transformed to ethylene by reductive
dechlorination.

Kastner (1991) referenced that many of the aquifers in Germany contaminated
with PCE and TCE also contain high concentrations of c-DCE and traces of VC and

methane, implicating intrinsic reductive dechlorination processes. It is increasingly
evident that there are probably numerous sites where undocumented natural attenuation
of CAHs is occurring.

Evaluation of IRP Site 24 sampling data and plume maps indicates that natural
attenuation processes have resulted in the dechlorination of PCE and TCE to primarily
t-DCE and VC with some ethylene also being detected (upwards of 500 pg/L) (OHM
Remediation Services, Corp., 1997 & 1998). Areas of low redox potential (-116 mV to
-228 mV) and sulfate concentration occur in zones where high levels of DCE and VC

have also been detected. It is speculated that organic compounds characterized as total
recoverable petroleum hydrocarbons (TRPH) and BTEX which are also present in the
subsurface, have provided an electron donor source for the dechlorination of PCE and
TCE to the lesser chlorinated intermediates DCE, VC and even ethylene.

2.9.2

In-Situ Biostimulation

The ultimate goal is to be able to completely degrade CAHs as well as other
anthropogenic compounds in-situ by the stimulation of the indigenous microbes through
the addition of appropriate growth substrates and nutrients. In addition to natural
attenuation, successful field scale biostimulation studies for both anaerobic and aerobic
systems have demonstrated the feasibility and promise of engineered in-situ
bioremediation.
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2.9.2.1

anaerobic systems

The anaerobic in-situ bioremediation of PCE, TCE, 1,2-DCE, chloroethane (CA)
and VC by reductive dechlorination was achieved in a 12.2 x 36.6 meter test zone in a
contaminated aquifer near Victoria Texas (Beeman et al., 1994). The sand aquifer was

stimulated by pumping benzoate and/or sulfate solutions into the groundwater. After
two years of treatment, initial PCE, TCE and DCE concentrations of 1,700 ppb; 535
ppb; and 385 ppb, respectively, were reduced to below detectable levels in some

monitoring wells (no chlorinated hydrocarbons detected). In addition, a coincident
increase in ethylene and ethane was also observed in some of the wells. An adjacent
test zone in the aquifer concurrently pumped without the addition of benzoate or sulfate
showed no PCE transformation.

Biostimulation of a shallow confined sand and gravel aquifer at the Moffet Field
Naval Air Station, Mountain View, CA, under anaerobic conditions enhanced the
transformation of carbon tetrachloride (CT), 1,1,1-trichloroethane (TCA) and the two
chlorofluorocarbons trichlorofluoromethane (CFC-11) and 1,1,2-trichloro-1,2,2

trifluoromethane (CFC-113) (Semprini et al., 1992a). Controlled injection of the CAHs
along with acetate as a growth substrate (electron donor) and nitrate and sulfate as
potential electron acceptors achieved the following maximum average transformations
within two meters of travel in the test zone: CT, 95%; CFC-11, 68%; CFC-113, 20%;
and TCA, 12%. Relative rates/extents of transformation between the tested compounds
were generally consistent with respect to the degree of chloride substitution, although
some uncertainty and deviation was noted due to the structural differences between the

compounds. As previously noted, CAH transformation lagged nitrate removal. This
indicated that the denitrifying organisms may have been producing precursory growth
factors or substrates necessary for other microorganism to carry out the transformations,
or that nitrate acted as competitive electron acceptor (Semprini et al., 1992a).
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2.9.2.2

aerobic systems

Extensive field scale studies at the Moffet Field Naval Air Station have
documented the in-situ cometabolic transformation of TCE and its lesser chlorinated
intermediates through the stimulation of methane (Semprini et al., 1991; Semprini et al.,
1990; Semprini et al., 1992b), phenol (Hopkins et al., 1993a; Hopkins et al., 1993b;

Hopkins & McCarty, 1995) and toluene (Hopkins & McCarty, 1995) utilizing
microorganisms. The saturated and semiconfined sand and gravel aquifer at the Moffet
Field test site was repeatedly stimulated under an induced gradient by an injection and
extraction well system with the addition of dissolved oxygen as the terminal electron
acceptor, and dissolved methane, phenol, or toluene as a primary substrate. Carefully
controlled concentrations of the CAHs were also injected into the recirculating
groundwater to asses contaminant removal rates and efficiencies.

Biostimulation of the test zone with and average methane concentration of 6
mg/L and oxygen obtained the following transformations for the injected CAH
concentrations (TCE, 36-46 µg /L; c-DCE, 91-100 µg /L; t-DCE, 52-92 µg /L; and VC,

44 pg/L) within two meters of travel at fluid retention times of one to two days: TCE,
20-30%; c-DCE, 45-55%; t-DCE, 80-90%; and VC, 90-95% (Semprini et al., 1990).
Higher transformation rates were temporarily achieved through the addition of methanol

or formate (Semprini et al., 1991). Negligible losses due to abiotic processes were
demonstrated in the absence of biostimulation and through the use of bromide as a
conservative tracer.

Initial studies for the stimulation of phenol utilizing microorganisms in the
Moffet Field test zone achieved greater than 90% degradation for TCE and c-DCE
concentrations of 40 to 50 [tg/L with the addition of 12 mg/L phenol (Hopkins et al.,

1993a). This study indicated that the TCE transformation efficiency increased with an
increase in phenol concentration. A subsequent study demonstrated a 90%
transformation of 1,000 i_tg/L TCE with the addition of 25 mg/L phenol (Hopkins et al.,

1993b). Further studies with phenol and toluene as primary substrates achieved
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removal efficiencies of greater than 90% for TCE (250 µg /L), c-DCE (125 µg /L) and

VC (60 µg /L) and approximately 74% for t-DCE with the addition of 9 mg/L toluene or
12.5 mg/L phenol (Hopkins & McCarty, 1995).

Hopkins and McCarty (1995) also showed that hydrogen peroxide addition was
as effective as pure oxygen for supplying the required electron donor. Although
competitive inhibition was encountered during biostimulation with both methane and
phenol, results were extremely promising for the application of cometabolic in-situ
bioremediation through the stimulation of the indigenous microorganisms. Laboratory
microcosm data appear to be consistent with in-situ biostimulation studies, indicating
that bench scale studies are a good tool for the preliminary evaluation of a site for insitu bioremediation.

A nonsteady-state model previously developed for the evaluation and simulation
of the Moffet field in-situ methane biostimulation studies provided a good match
between model simulations and field data (Semprini & McCarty, 1991; Semprini &

McCarty, 1992). Comparison of field results and nonsteady-state model simulations
(Semprini et al., 1994) for the in-situ transformation of TCE through the biostimulation
of methane and phenol utilizers indicated that phenol utilizing bacteria are more
effective at degrading TCE and c-DCE than methane utilizing bacteria under the test

zone conditions. This complex model incorporates nonsteady-state processes of
microbial growth, electron donor and acceptor utilization, and the cometabolic

transformation of contaminants using competitive inhibition kinetics. In addition,
transport processes of advection, dispersion, and rate-limited sorption and desorption

are also incorporated into the model. The development and use of such models will
significantly help in the assessment and development of full-scale in-situ treatment
systems.
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2.10

Conclusions

Based on the evaluation of current literature, ex-situ and even in-situ
bioremediation of chlorinated solvents, particularly PCE and its lesser chlorinated
daughter products, through the stimulation of indigenous microbial communities is a
potentially viable remedial technology. Much of the reviewed research laid the
groundwork for this study and helped to determine potential growth substrates, nutrient
amendments, possible byproducts and analytical methods. Through carefully conducted
bench-scale lab studies we were able to successfully determine if this technology was

amenable to this site. Along with the results of this study, this literature review is
supporting evidence that the in-situ bioremediation of TCE can be achieved at the Point
Mugu NAWS IRP Site 24 as well as other contaminated sites.

53

3.

3.1

3.1.1

ANAEROBIC STUDY

Materials & Methods

Microcosm Preparation

Anaerobic microcosms containing site groundwater and aquifer solids were
prepared in autoclaved 250 ml (312 ml actual volume) clear WheatonTM media bottles

sealed with black phenolic screw caps fitted with gray butyl rubber septa and flanges.
Groundwater samples were collected from site monitoring wells and immediately sealed
without any headspace in 1/2 gallon and 1-gallon NalgeneTM bottles. Aquifer solid

samples were collected from site soil borings and were topped-off with site groundwater

and sealed in 1-liter mason jars at the time of collection to eliminate the introduction of
oxygen. Samples were sent packed in ice under manifest to Merryfield Laboratory
where they were stored at 5° C until microcosm preparation. Groundwater samples
were purged with pure nitrogen for 15 minutes prior to microcosm preparation to

eliminate residual VOCs present in the samples. Nitrogen was conditioned with a tube
furnace to eliminate the introduction of any oxygen into the groundwater samples. All
bottles were prepared in an anaerobic glove box to eliminate the introduction of oxygen.
Approximately 50 ml of wet aquifer solids (OSU-3, Jar 1, comp. 14-18 ft.) and 200 ml
of groundwater from site well 23W01B were added to each bottle for a total displaced
volume of 250 ml. The remaining 62 ml served as headspace for gas and volatile

organics analysis. The gas conditioning tube furnace was off-line during the time of
bottle preparation and the bottles were not purged with scrubbed nitrogen as per normal

procedure. Therefore, anaerobic glove box atmosphere was initially present in the
bottles, containing approximately 10-' atm hydrogen. All microcosms were incubated
horizontally at room temperature in an anaerobic glove box under a nitrogen/hydrogen
atmoshere to ensure the absence of oxygen.
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Three microcosms were prepared for each substrate (lactate, benzoate and

methanol). Two microcosms from each substrate microcosm triad acted as duplicates.
The third microcosm was amended with a modified nutrient media solution adapted
from Owen et al. (1978). Owen S3, S4, S7, and dilute S5 solutions were prepared as per
Owen et al. (1978) and added to the nutrient amended microcosms with additional
vitamin B12 as suggested by Maymo-Gatell et al. (1995). Nutrient constituent
concentrations are given in Table 3.1 representing the as added concentrations in the
microcosms.

Benzoate, lactate, and methanol were added to the bottles at 1.5 times the
stoichiometric reducing equivalent required to completely reduce all of the sulfate

present in the microcosm. The stoichiometric estimate assumed complete substrates
oxidation to carbon dioxide and water, and sulfate-reduction to hydrogen sulfide. Table
3.2 outlines the microcosm identification and set-up including initial sulfate

concentration and constituent target values. The first letter in the microcosm ID
notation idicates the added substrate, i.e. B for benzoate, L for lactate, and M for

Methanol. The last letter or number in the ID indicates if the microcosm was amended
with nutrient media (M), if it was augmented (A), or whether it was a duplicate (1 and
2).

An additional benzoate microcosm (BTCEA) was augmented with 5 ml of
aquifer solids and 10 ml of groundwater from a previous microcosm, PMTCE,

demonstrating the dechlorination of TCE to VC (data not shown). Two TCE spiked
control microcosms were prepared analogous to the active microcosms but without the
addition of any nutrients or substrate.
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Table 3.1: Nutrient media constituent concentrations and masses in amended
groundwater microcosms

Solution

Compound

Concentration (mg/L)

S3

(NH4)2HPO4

72.1

S4

CaC12 2H20
NH4CI

225.5
359.1

MgC12 61420
KCI

MnCl2 4H20

1620
1170.5
17.9

CoC12 6H20

27

F3B03
CuCl2 2H20
Na2MoQ4 2H20
ZnCl2
S5a

5FeCI, 4H20

S7

Biotin
Folic acid
Pyridoxine hydrochloride
Riboflavin
Thiamin
Nicotinic acid
Pantothenic acid

5.1

2.4
2.3

Mass (mg)
14.4

45.1
71.8
324
239.1
3.6
5.4
1.03

1.9

0.49
0.46
0.38

33.3

6.66

p-aminobenozoic acid
Thioctic acid

0.018
0.018
0.09
0.045
0.045
0.045
0.045
0.0009
0.045
0.045

0.0036
0.0036
0.018
0.009
0.009
0.009
0.009
0.00018
0.009
0.009

Additional B,, solution
Total B,, concentration

0.044
0.045

0.0088
0.009

B12

Adapted from Owen et al. (1978)
Deviation from Owen et al. (1978) at 370 g/L
Additional B,, amendment to facilitate reductive dechlorination; Maymo-Gatell et al. (1995)
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Duplicate control microcosms lacking substrate (TCE1 and TCE2) were also

monitored throughout the entire 302 day time course experiment. These bottles were
sampled along with the active bottles and were analyzed for all of the chlorinated
ethylenes, ethylene, methane, carbon dioxide, sulfate, and the three VFAs, butyrate,

propionate and acetate, as well as for pH. In total, 12 microcosms were prepared and
monitored throughout the study.
All lab equipment, supplies and chemical reagents were purchased from Fisher
Scientific (Pittsburgh, PA) except where otherwise noted.

Table 3.2: Anaerobic Study Microcosm Set-up Matrix
Bottle/

Microcosm
I.D.

Comments/
Bottle
Description

nutrient m la
BTCEA
BTCE1

:

`amended culture
duplicate
sup icate

nutrient m is
up icate
sup icate

MTCEM

nutrient media
up icate
sup icate
contro
contro

Soil /Groundwater Volumes , Initial Sulfate & 'Target Value of Constituents
'Sulfate
TCE I Benzoate I Lactate Methanol
aSoil bGroundI

olmoircE; mmoir(ng/i)

(ml) water (m1) (mmol;mg/1)
1

'50
50
1

II
'200
200
II

.

5

2.9;1418
2.7;1320

..,

, .

4.0;2.3
4.0;2.3
AA;

.

IIIMM14111/12=1111Zia

-

1.1;675
1.1;675


-

BUM

.;

isimaimmardpmEssin
'"
1

50

ri

200

..,

,.1;

2.5;1186

1'1

.

;

trs

4.0;2.3
A.1;

n



-



Bo=
.1;

_



:

-

-

f7.3;1175

SEMI
. 5;61

.

INIMMIJIIIIIMUUMENASI
I

-



.

EIIMIEZMUIIIMIIIIIENFII
1



,

.

4.1;

-

-





a OSU-3 (JAR 1), comp. 14'48 ; wet aquifer solids
b from site well 23W01B
5 ml solids & 10 ml groundwater from previous anaerobic benzoate bottle study (PMTCE)
d

average sulfate concentration used for substrate addition analysis
e aqueous TCE concentration accounts for partitioning (headspace conc.-0.9 mg/L)
f MTCEM inadvertetently spiked with excess methanol

Prior to nutrient addition and capping, the pH of each microcosm was measured
after the microcosms had been vigorously shaken and allowed to settle for several

hours. Additional pH measurements were taken at 90 days and 310 days with the
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hours. Additional pH measurements were taken at 90 days and 310 days with the
extraction of 1 ml of groundwater from the microcosms. Aqueous samples were also
extracted from the microcosms for an initial sulfate analysis to determine the amount of
substrates to be added. The average sulfate concentration in the microcosms (1,297

mg/L) was used for substrate addition analysis. Prior to capping nutrient media solution
was added to bottles labeled with a postscript `M' in their ID. Aqueous substrate stock
and saturated aqueous TCE stock solutions were added to the cappedbottles through the
septa with Hamilton standard Microliter® calibrated syringes. The bottles were shaken

vigorously for thirty seconds and allowed to equilibrate for 3 hours prior to initial
sampling.

3.1.2

Analytical Methods

Chlorinated ethylene (TCE, c-DCE, t-DCE, 1,1-DCE, and VC), ethylene,
methanol, and methane analyses were conducted by gas chromatography using an HP
6890 Series GC with a photo ionization detector (PID) and a flame ionization detector

(FID) in series. Microcosm headspace samples (100 pil) were separated on a J&W
Scientific GS-Q PoraPlot Mega Bore column (P/N 7409312). Peak signal responses
were analyzed using a ten point linear (r2=0.997 to 0.999) external standard calibration
on HP Chem Station software (version A.04.02). A one point standard was run before

and after each sampling run for instrument stability verification and calibration
purposes. Ethylene in nitrogen (1000 ppm) (Alltech; Deerfield, IL) and 1000 ppm VC
in nitrogen (Alltech), and pure VC (Aldrich Chemical Co.; Milwaukee, WI) gases were
used for creating ethylene and VC standards and calibrations.
Hydrogen, carbon dioxide, methane, and oxygen also were analyzed by gas
chromatography on an HP 5890 Series II GC equipped with a thermal conductivity
detector (TCD) and a Supelco 60/80 CarboxenTM 1000 packed column. Peak signal

responses for microcosm headspace samples (100 pl) were analyzed with a four point
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linear (r2 =0.990 to 0.999) external standard calibration on HP Chem Station software

(version B.02.04).

Sulfate, lactate, and benzoate were analyzed by ion chromatography on a Dionex

Series 4000i IC unit consisting of an automated sampler, gradient pump, elluent degas

module, conductivity detector, and a Dionex 4270 integrator. Anion separation was
accomplished using Dionex IonPac® AS4A 4mm (P/N 37041) and lonPac® C6I2 (10

32) (P/N 44002) columns in series. Four point linear (r2=0.94 to 0.999 for sulfate and
lactate; r2 =0.81 to 0.999 for benzoate) external standard calibrations were run for all

analyzed constituents with each sampling event.

Volatile fatty acid (VFA) analyses for acetic acid, propionic acid, and butyric
acid were conducted by gas chromatography on an HP 5890 Series II GC equipped with
an HP-INNOWAX capillary column (19091N-133) and an FID. Peak signal responses
were analyzed with a five point linear (r2=0.996 to 0.999) external standard calibration
on HP Chem Station software (version B.02.04).

Anion and VFA analysis samples were prepared from 0.5 ml aqueous
groundwater samples extracted from the microcosms after they had been allowed to

settle overnight. For anion analysis 25 pl portion of the samples was diluted into 1 ml
DI in 1.5 ml microcentrifuge tubes, mixed for 5 seconds on a VWR vortex mixer, and

centrifuged at 10,000 rpm for 2 minutes. Then approximately 0.5 ml was decanted into

0.5 ml Dionex autosampler polyvials for analysis. For VFA analysis the remaining
0.475 ml sample was acidified with 10 pl 8N phosphoric acid, mixed on a VWR vortex
mixer for 5 seconds and centrifuged for 2 minutes at 10,000 rpm. These samples were

either analyzed immediately or stored at 5° C until they could be analyzed. A portion of
the supernatant (0.7 lap was then extracted from these larger samples and injected into
the GC for VFA analysis.

All standardizations and calibrations were conducted analogous to microcosm
set-up and sample collection/preparation procedures using the same stock solutions.
Appropriate published partitioning coefficients (Gossett, 1987) were used to determine
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mass balances in the microcosms. All inert calibration and carrier gases including
hydrogen were obtained from Industrial Welding Supply in Albany, OR.

Methane production in the microcosms was also monitored as per the
Biochemical Methane Production (BMP) techniques of Owen et al. (1978). Microcosm
headspace was equilibrated with 5, 30, and 50 ml wetted glass barrel Perfektum ®Micro-

Mate syringes fitted with 22 gauge needles prior to headspace analysis. All syringes
were flushed three times with pure nitrogen prior to equilibrating bottle headspace to

prevent the introduction of oxygen into the microcosms. Gas production was wasted
from the headspace and the volume was recorded. Methane and carbon dioxide mass
balances were conducted with wasting volume and concentration data. Methane and
carbon dioxide losses from this procedure were used to adjust the presented data to
show the amount of methane and carbon dioxide produced.
An Accumet Model 25 pH/Ion Meter and a silver/silver chloride reference

electrode was used for pH analysis. Groundwater (1 ml) was extracted from the
microcosms and immediately placed in a 5 ml cuvet for pH analysis.

3.2

Results & Discussion

Duplicate microcosms amended with lactate and benzoate exhibited similar time
course trends for all constituents analyzed (chlorinated ethylenes, ethylene, methane,
carbon dioxide, sulfate, and the three VFAs, butyrate, propionate, and acetate, as well as

for pH) and only time course plots for microcosms LTCE1 and BTCE2 are presented
here for brevity. Time course plots for LTCE2 and BTCE1 are presented in Appendix
A for comparison. Alkene, methanol and methane data for the methanol amended
microcosms are presented here. Sulfate and carbon dioxide data for the methanol
microcosm are also presented in Appendix A. Nutrient amended lactate and benzoate
bottle results are also presented together here.
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Methane, carbon dioxide, or VFA production was not observed in the TCE
controls and sulfate levels remained constant (data not shown) without the production of
any characteristic black sulfide precipitate. Control microcosms exhibited TCE losses
of up to 80% without the detection of lesser chlorinated products throughout the entire
300 day study. Observed abiotic TCE losses in the controls were most likely due to
sorbtion onto the aquaifer solids and septa, and possible septa leakage during the
prolonged study. The controls were only used to normalize TCE data from the benzoate
amended microcosms BTCE1 and BTCE2 during the first 100 to 120 days of the study,

and the methanol amended microcosms. Significant TCE losses were not observed in
the active lactate and benzoate microcosms during the shorter time periods between the

observed TCE transformations and respikes. Data for the lesser chlorinated compounds
were not normalized with controls and no significant losses were noted. An appreciable
reduction in PID sensitivity as a result of diminishing lamp intensity was also noted

throughout the duration of the study in relation to alkene detection. A one point
standard was run with each sampling event to adjust the data calibration with respect to

PID alkene data. The FID response for methane and ethylene remained consistent
during the study and was not adjusted. Total alkene data presented in the lactate and
benzoate time course plots indicate good mass balances between the chlorinated
ethylene constituents.

Measures initially were taken to account for carbon dioxide mass balances by

analysis of carbonate system speciation. However these measures were discontinued
due to the complexity of the aquifer microcosm system. Biological carbon dioxide
evolution, shifts in pH caused by acid production and alkalinity buffering due to the
presence of calcium carbonate were all potentially occurring in the system

simultaneously. This resulted in unresolvable carbonate system interactions and
unrealistic total carbon dioxide mass balance calculations. Therefore, total carbon
dioxide data are presented in as analyzed headspace mass and only show the general
trends associated with the assumed reactions occurring in the microcosms.
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3.2.1

Anaerobic Reactions

Observed transformations in the microcosms indicated that several different
microbial systems were active during various stages of the time course study.
Anaerobic systems are very complex and generally involve the interaction of several

different microbial populations. Reactions indicative of sulfate-reduction, fermentation,
methanogenesis and dechlorination were all potentially observed in these microcosms.
Table 3.3 lists the various potential and proposed reactions occurring in the microcosms

during this study. These reactions will be referred to throughout the discussion by
citing their respective reaction numbers.
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Table 3.3: Overview of reactions potentially occurring in anaerobic microcosms, and
their Gibbs free energy values.

No.

Reaction

AG° (kJ/rxn)

Ref.

-152.2

a, b

Sulfate-reducing reactions:
1.

2.
3.
4.
5.
6.
7.
8.
9.
10.

<--> 4 H,0 + HS4 H, + S042- +
2 Lactate + S042- 4-> 2 Acetate + 2 HCO2,- + HS- + Fr
2 Lactate + 3 S042- <--> 6 HCO3- + 3 HS- + H'
Acetate + S042 4--> 2 HCO3- + HS4 Propionate + 3 SO2 4- H 4 Acetate + 4 HCO3- + 3 HS- + Fr
4 Benzoate + 15 5042- + 16 H2O <---> 28 HCO3- + 15 HS- + 9H+
4 Benzoate + 3 SO4'- + 16 FLO <--> 12 Acetate + 4 HCO3- + 3 HS- + 9
2 Butyrate + 3 SO4'- <---> 2 Acetate + 4 HCO; + 3 HS- +
4 CH,OH + 3 SO4- -H4 HCO3- + 3 HS- + 4 H20 +1-1+
12 Formate + 3 S042- + 3
.--> 12 HCO3- + 3 HS-

160.1

-253.3
47.6
-150.6
-663.2

b
b

b, c
b, d
e, f, c

97.1

c

-168
-361.7
440.1

e
1

1

Fermentation/acetogenic & hydrogen producing reactions:
11.

8 Lactate ÷-> 4 Propionate + 5 Acetate + 2 HCO3- + 3 1-1+

11'.

2 Lactate + H2O H Propionate + Acetate + HCO3- + Fr- + H,
Lactate + 2 H,0 <---> Acetate + HCO3 + FL + 2 H,

12.
13.
14.
15.
16.
17.
18.

d

Benzoate + 7 H2O <--> 3 Acetate + HCO3- + 3 H+ + 3 H,
Propionate + 3 H2O <--> Acetate + HCO3- +
+ 3 H2
Butyrate + 2 H2O <---> 2 Acetate + FL + 2 H,
+ 3 H,
CH3OH + 2 H,0 <-> HCO3- +
CH;OH + 2 HCO3- <--> 3 Acetate + 4 H2O +
CH,OH + 8 HCO3- <--> 12 Formate + 4 1-120 + 4 Ft

-4.2
+89.7
+76.1
+48.3
+23.1
219.8
+78.4

a, h
c, i

-152.2
-33.9

a, b, h
a, h

h
h
a
1

1

Hydrogen consuming, methanogenic, acetogenic & dechlorinating reactions:
1.

19.

20.
21.
22.
23.

<--> 4 H,0 + HS4 H2 ± S042- ±
4 H, + HCO3- + Fr 4--> CH4 + 3 H20
<---> Acetate + 4 H,0
4 H, + 2 HCO3- +
H, + C,H(4,)C1(n) H C,H(5,)C1(n_,) + CP +1-1+

-26.1

-143 to -171

Acetate + H,0 H CH, + HCO3-

-31

-309

4 CFLOH <--> 3 CH4 + CO, + 2 H2O

a
k

c, h
J

Acetotrophic reactions:
22.
4.

Acetate + FLO <-> CH4 + HCO;
Acetate + s042- 44 2 HCO3- + HS-

References:
Cord-Ruwisch et al., 1988
a.
Zehnder & Stumm, 1988
b.
c.
Li et al., 1996
d.
McCartney & Oleszkiewicz, 1993
Tasaki et al., 1991
e.
Drzyzga et al., 1993
f.

-31

-47.6

g.
h.
i.

j.
k.
1.

Schollhorn et al., 1997
Elferink, 1994
Mountfort & Bryant, 1982
Ferry, 1992
DiStefano et al., 1991
Davidova & Stams, 1996

c, h
b, c
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3.2.2

3.2.2.1

Lactate Stimulation

lactate utilization

Figure 3.1 shows that lactate utilization was essentially instantaneous with the
simultaneous production of both acetate and propionate occurring within the first five

days of the time course experiment. However, sulfate reduction lagged lactate
utilization with a coincident decrease in propionate after day 5. Analysis of the initial
activity in the lactate amended bottles indicates that fermentation of lactate to both
acetate and propionate was favored over lactate oxidation via sulfate-reduction.
McCartney and Oleszkiewicz (1993) observed a similar non-sulfate-reducing lactate

utilization pathway in batch studies with breeder reactor and municipal anaerobic
digester sludge inoculums at a COD:sulfate ratio of 3.7 g/g. Conversily a COD:sulfate
ratio of 1.6 g/g resulted in a sulfate-reducing pathway with the production of only
acetate. Similar stoichiometric balances were observed at day 5 (Figure 3.1) for the
fermentation of lactate to acetate and propionate as defined by reactions 11 and 11'

(Table 3.3). Qatibi et al. (1990) also showed that both acetate and propionate were
produced in the absence of sulfate, but only acetate was produced under sulfate-

reducing conditions with the addition of lactate to batch systems inoculated with a
mixed anaerobic culture from a wine distillery fermenter. Results of the present study
are atypical in that sulfate concentrations exceeded 1,000 mg/L and the microcosm

lactate (ThOD):sulfate ratio was approximately 1.1 g/g. Following the fermentation of
lactate to acetate and propionate, sulfate-reduction proceeded along with propionate

oxidation and was essentially complete between 130 and 160 days of incubation for
both aquifer microcosms. Sulfate-reduction was accompanied by the production of a
characteristic black sulfide precipitate in the bottles which was persistent throughout the
remainder of the study.
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Figure 3.1: Alkene, lactate, sulfate, VFA, methane, CO2 and H2 initial time coarse data
for lactate amended microcosm (LTCE1)
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Figure 3.2: Alkene, lactate, sulfate, VFA, methane, CO,, and H, long term time coarse
data for lactate amended microcosm (LTCE1)
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Despite the variability in the acetate data, Figures 3.1 and 3.2 show that the

oxidation of lactate resulted in its near stoichiometric conversion to propionate and
acetate. Review of the possible theoretical equations presented in Table 3.2 indicates
that the coupling of the various sulfate-reducing and fermentation reactions (reactions 2,

5, 11, 11', 12, and 14) would result in similar theoretical stoichiometric acetate yields.
A lactate respike of approximately 0.67 mmol into one of the duplicate
microcosms (LTCE1) and the media fed microcosm (LTCEM) at day 90 resulted in the

near stoichiometric production of propionate in both bottles. Propionate was persistent,
being utilized at only a slow rate until acetotrophic methanogenesis began removing
available acetate. Methanogenesis was correlated with accelerated propionate
utilization until propionate was completely consumed after 230 days.
Low and sporadic levels of butyrate (less that 2.6 mg/L; 6 Ilmole) were also
detected in both microcosms during the early stages of activity up to 113 days (data not

shown). A possible source of butyrate is from the utilization of endogenous decay
constituents such as proteins, amino acids, sugars, and glycerol via fermentation
reactions.

Figures 3.1 and 3.2 demonstrate that these sulfate-reducers are unable to oxidize
acetate consistent with studies of classic lactate-oxidizing species characterized as

incomplete oxidizers (Zehnder & Stumm, 1988). Maximum detected acetate levels of
962 mg/L (3.2 mmol) and 730 mg/L (2.5 mmol) resulted from the addition of
approximately 3.1 mmol and 2.7 mmol lactate into LTCE1 and LTCE2, respectively.
Qatibi et al. (1990) and Rozanova et al. (1991) also observed the accumulation and

persistence of acetate following the oxidation of lactate in sulfate-reducing systems. As
noted by Zehnder & Stumm (1988), most sulfate reducers with the ability to oxidize
lactate lack the operating enzyme system characteristic of the citric acid cycle allowing

for the oxidation of acetyl-CoA. This is especially the case for halotolerant and
halophilic sulfate-reducers present in high salinity environments characteristic of marine
sediments and coastal aquifers (011ivier et al., 1994). The apparent removal of acetate
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via methanogenesis occured following 160 days of incubation in the presence of high
acetate concentrations of up to 962 mg/L.

It is speculated that a shift from propionate oxidation via sulfate-reduction
(reaction 5) to propionate fermentation (reaction

14)

occurred sometime before the onset

of dechlorination around day 16. The shift to propionate fermentation would provide
the necessary hydrogen pool for the dechlorination of TCE (reaction 21), the continued
reduction of sulfate (reaction 1), and the limited methanogenesis (reaction 19) observed
following day

48.

This shift followed a significant decrease in sulfate and the resultant

increase in sulfide. Uberoi and Bhattacharya (1995) observed that propionate fed mixed
cultures could shift between sulfate-reduction and fermentation mechanisms during the

utilization of propionate. They showed that non-sulfate-reducing (fermentation)
mechanisms were possible at feed propionate:sulfate ratios of between 0.43 and 1.01
mg/mg resulting in the production of hydrogen and acetate with further transformation

to methane, as well as hydrogenotrophic sulfate-reduction. Figure 3.1 shows
propionate:sulfate ratios of approximately 0.42 and 0.50 mg/mg at days 5 and 15,
respectively. It is widely known that a large number of sulfate reducing bacteria also
have the ability to ferment organic substrates coupled with syntrophic hydrogen utilizers
such as methanogens (Zehnder & Stumm,

1988).

In addition, incomplete lactate

oxidizing sulfate-reducers also have the ability to grow lithoheterotrophically by
metabolizing hydrogen (Zehnder & Stumm,

1988).

Another possible explanation for the proposed shift from sulfate-reduction to
propionate fermentation is the onset of sulfide toxicity resulting from the reduction of a
large amount of sulfate in the microcosms. Uberoi and Bhattacharya

(1995)

noted that

high sulfide concentrations were potentially more toxic to sulfate-reducing bacteria than

to non sulfate-reducers like methanogens and acetogens. Choi and Rim (1991) noted
sulfide inhibition of sulfate-reducing bacteria at 2,000 mg/L sulfate and 160 to 200

mg/L sulfide. It is also possible that the development of a dechlorinating population
caused this shift. A dechlorinating population could potentially utilize available
hydrogen and effectively lower the hydrogen partial pressure to levels required for the
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oxidation of propionate via reaction 14. The fermentation of propionate (reaction 14)
becomes exergonic at hydrogen partial pressures of about 10-4 atm and below (Zehnder
& Stumm, 1988).

The observed transformations and their relative occurrence were potentially

regulated by hydrogen production. Elferink et al. (1994) noted that at relatively low
sulfate concentrations, the syntrophic degradation of propionate and butyrate coupled
with hydrogen utilization via sulfate reduction could out-compete methanogens for
available hydrogen. Ueki et al. (1988), Uberoi and Bhattacharya (1995), Cord-Ruwisch
et al. (1988), and McCartney and Oleszkiewics (1993) have all demonstrated that

sulfate-reducers have a lower threshold for hydrogen than methanogens. Pure culture
studies with a variety of anaerobic bacteria resulted in observed hydrogen threshold
ranges of 8x10' to 1.3x10-5 atm and 10-5 to 10-4 atm for sulfate-reducers and

methanogens, respectively (Cord-Ruwisch et al., 1988).
More recent work shows that dechlorinating organisms can also outcompete
methanogens for available hydrogen (Smatlak & Gossett, 1996; Ballapragada et al.,
1997; Fennell et al., 1997; Fennell & Gossett, 1998; Yang & McCarty, 1998).
Therefore, it is possible that sulfate-reducers, methanogens and dechlorinators were all

competing for hydrogen during the early stages of this study. Ballapragada et al. (1997)
indicated that dechlorinators had an advantage over methanogens at hydrogen partial
pressures of 10-5 atm and lower and that they could even compete with methanogens at

hydrogen partial pressures in the 10-4 atm range. Hydrogen detection throughout the
time course experiment was very limited and sporadic around the 10-5 atm detection

limit range of our instrument, indicating that hydrogen was being regulated at levels of
10-5 atm and lower. In addition, hydrogen detection was more frequent when propionate

was present in the microcosms. This observation is consistent with work by Fennell et
al. (1997) showing that propionate amended dechlorinating/methanogenic enrichment
cultures regulated hydrogen partial pressures to less than 10-5' atm, imparting an

advantage to dechlorinators over methanogens. Based on the results of these other
studies it is speculated that both sulfate-reducers and dechlorinators were outcompeting
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methanogens for available hydrogen with sulfate-reducers possibly having an edge on
dechlorinators during the initial stages of this study.

The observed decrease in sulfate reduction around day 20 may also be a function
of the potential competition for hydrogen and not simply a shift from propionate

oxidation via sulfate-reduction to syntrophic fermentation. It should also be noted that
approximately 3x10-3 atm of hydrogen was initially present in the microcosm headspace

due to glove box hydrogen which was rapidly consumed within the first 5 days of the
time course experiment. The initial hydrogen pool may have affected the interactions
between the various competing syntrophic hydrogen utilizing pathways potentially
competing in the system.

3.2.2.2

dechlorination

As shown in Figure 3.1 TCE dechlorination to c-DCE was initiated between 16
and 22 days in the lactate fed microcosms with the production of only trace amounts of
t-DCE (data not shown). Comparison of alkene and sulfate data indicated that
dechlorination was intitiated only after sulfate concentrations were lowered to

approximately 300 mg/L. This was true for both duplicates as well as the nutrient
amended bottle indicating a dependence on sulfate reduction prior to the initiation of
dechlorination.

Kastner (1991) demonstrated that redox potentials between -150 and -210 mV
resulting from sulfidogenic conditions following the transition from aerobic to
anaerobic conditions were necessary for the dechlorination of PCE and TCE to c-DCE
during batch studies with initial sulfate concentrations of approximately 272 mg/L.
Other sulfate-reducing cultures also were only able to dechlorinate PCE and TCE to cDCE in the presence of lactate as well as other various organic substrates at initial

sulfate levels of approximatelyl5 mg/L (Bagley & Gossett, 1990) and 4,400 mg/L
(Pavlostathis & Zhuang, 1991).

70

A relatively rapid stepwise dechlorination of c-DCE to VC over a 15 day period
was observed following TCE transformation and was complete by approximately 70
days. Dechlorination to VC in the other duplicate bottle (Figures A.1 and A.2) lagged

slightly and was not complete until approximately 102 days. Figures 3.1 and 3.2 also
indicate that c-DCE transformation to VC coincided with the onset of slight

hydrogenotrophic methanogenesis between 50 and 70 days. This early phase of
methanogenesis only produced approximately 0.2 mmol of methane, which was
persistent until around 150 days when acetotrophic methangenesis resulted in the

production of almost 3 mmol methane. Assuming dechlorination was associated with
the utilization of hydrogen as an electron donor (reaction 21) it is possible that
dechlorinators outcompeted methanogens for hydrogen following the initial phase of
methane production. Low and persistent levels of methane were observed between 50
and 150 days with no significant increase in methane being noted during the
dechlorination of c-DCE and VC following the first TCE addition (Figure 3.2).
Following the second TCE respike at day 170 dechlorination and methanogenesis
appeared to occurr simultaneously.

The subsequent transformation of VC to ethylene was observed at a very slow

but steady rate and continued throughout the study. To verify that the slow
dechlorination of VC was a result of kinetic limitations in the transformation step of VC

to ethylene, TCE was respiked into the bottles at day 170. This resulted in the rapid
stepwise dechlorination to VC within a ten day period followed again by the slow
dechlorination of VC to ethylene (Figure 3.2). The relative average increase in TCE
transformation from 0.05 to 0.31 [imol/day between the two TCE additions indicated

that an active dechlorinating population may have been present, but its ability to
transform VC to ethylene was limited. Analysis of the data presented in Figure 3.2
indicates that the approximate doubling in VC concentration following the TCE respike
resulted in the approximate doubling of the VC to ethylene dechlorination rate from

0.0025 to 0.0068 moliday. The continued slow transformation of VC to ethylene was
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Zehnder & Stummobserved for approximately 280 days, even during the onset of
acetotrophic methanogenesis around 160 days.

Other studies also have indicated that the transformation of VC to ethylene is the
rate limiting step in the complete dechlorination of PCE and TCE for both biotic
(Freedman and Gossett, 1989; DiSteffano et al., 1991; Magnuson et al., 1998) and
abiotic processes involving transition metal coenzymes (Gantzer and Wackett, 1991;

Burris et al., 1996; Glod et al., 1997). Time course experiments were stopped after 302
days following the complete methanogenic utilization of acetate and the apparent
cessation of VC transformation. Overall alkene mass balances resulted in TCE
transformation endproducts of approximately 9 to 15% ethyelene and 85 to 91% VC.
It was assumed that a hydrogen utilizing dechlorinating population was
responsible for the observed TCE transformations consistent with the observations of

other studies (DiSteffano et al, 1992; Holliger & Zehnder). Studies have also
implicated the anaerobic substrates lactate and propionate in the production of hydrogen

and its subsequent utlization as the terminal electron donor in the reductive
dechlorination of PCE and TCE (1993; Fennell et al, 1997; Fennell & Gossett, 1998;
Ballapragada et al, 1997). However, another possibility is that cometabolic
dehalogenation reactions with transition metal coenzymes produced by sulfate-reducers,
acetogens, and fermenters were responsible for the observed transformations (Gantzer &
Wackett, 1991; Schanke & Wackett, 1992; Zinder & Gossett, 1995).

3.2.3

Benzoate Stimulation

As shown in Figure 3.3 slower rates of sulfate-reduction and benzoate oxidation
occurred in the benzoate amended microcosms following an approximate lag period of
30 to 50 days. The reduction of all available sulfate was not achieved until after 130 to
160 days for both duplicate microcosms and appeared to be coupled with benzoate

oxidation. A benzoate respike was conducted for all benzoate microcosms (BTCEM,
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BTCEA, and BTCE1) except BTCE2 to ensure that enough substrate was available for
complete sulfate-reduction and to enhance onset of dechlorination.
The offset between benzoate oxidation and acetogenesis indicates that

unidentified intermediates other than propionate and butyrate were likely being
produced and were further oxidized to acetate. Several benzoate transformation
pathways with different methanogenic enrichment cultures have been observed resulting

in various transformation intermediates leading to methane production. Following the
transformation of benzoate to 2-oxo-cyclohexanecarboxylate, reductive ring cleavage
has resulted in the production of methane via a pimelate, caproate, and butyrate pathway

(Dolfing, 1990; Kobayashi et al., 1989). Other aromatic and long chained acid
intermediates such as 1-cyclohexene-l-carboxylic acid, 2-hydroxycyclohexane
carboxylic acid, 2-oxocyclohexane carboxylic acid, cyclohexane carboxylic acid,
heptonic acid (Dolfing, 1990), in addition to 2-methylcyclo-hexanone, and the VFAs
valerate, propionate, formate, and hydrogen (Kobayashi et al., 1989) have been
proposed or observed as benzoate transformation intermediates during acetogenesis and
methanogenesis.

Ferry and Wolfe (1976) showed that the benzoate transformation intermediates
cyclohexane carboxylate, 2-hydroxycyclohexane carboxylate, o-hydroxybenzoic acid
and pimelic acid could all be utilized independently as methanogenic substrates and

suggested that benzoate was degraded by a reductive pathway. Benzoate, cyclohexane
substituted carboxylic acids and higher chained fatty acids such as valerate, butyrate and
propionate as well as formate (Davidova and Stams, 1996) have also been shown to be

utilized by sulfate-reducing bacteria (Widdel, 1988). Most of these compounds can also
act as fermentation substrates with the production of hydrogen and lower chained VFAs
like acetate.
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Figure 3.3: Alkene, benzoate, sulfate, VFA, methane, CO2, and H2 long term time
coarse data for benzoate amended microcosm (BTCE2)
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The potential production of formate and hydrogen in these systems is of
particular interest because of their positive identification as electron donors in the

biologically mediated dechlorination of PCE and TCE (Holliger et al., 1993). Although
formate has been shown to be an intermediate in the methanogenic degradation of
benzoate (Ferry & Wolfe, 1976), it is unlikely that formate was produced under sulfate-

reducing conditions with the production of acetate. Benzoate has also been shown to be
fermented in association with syntrophic hydrogen utilizing sulfate-reducers (coupling
of reactions 13 and 1) which cannot use benzoate or some VFAs as an energy source
(Mountfort and Bryant, 1982).

As with the lactate amended microcosms, sulfate-reduction dominated the
benzoate amended bottles and methanogenesis was potentially inhibited in the initial
stages by excess sulfate (1,297 mg/L-sulfate, average). The presence of large amounts

of sulfide following sulfate-reduction may have also inhibited methanogenesis. Both
duplicate microcosms exhibited much longer lag times than the nutrient amended and
augmented microcosms for acetogenesis and the subsequent acetate utilization and

methanogenesis. The onset of methanogenesis was finally observed between 240 and
260 days but was not monitored to completion. Methanogenesis continued after 302
days in both benzoate duplicate microcosms and was indicated by gas production and

methane detections of 1.07 to 1.1 mmol at 370 days. The observed methanogenesis
confirmed that unknown products had been produced. Without further VFA analysis it
can only be assumed that acetate production via fermentation of the unknown products
preceded the observed methanogenesis following 302 days.
For benzoate COD(mg/L):sulfate (mg/L) ratios of less than 1.5 at 5,000 mg/L
sulfate Li et al. (1996) also observed that benzoate was mainly degraded via sulfate-

reduction with a significant reduction in methanogenesis. This is in close agreement
with our benzoate ThOD (mg/L):sulfate (mg/L) ratio of approximately 1. Kamagata et
al. (1992) reported that under sulfate-reducing conditions (1,921 mg/L sulfate) benzoate
degradation resulted in a nearly 3 fold stoichiometric production of acetate (reaction 7)

with the suppression of methanogenesis. The 0.8 to 1.2 mmol of benzoate added to the
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groundwater microcosms in this study resulted in the maximum production of only

about 0.4 mmol (124 mg/L) acetate in both duplicates by day 302. This indicated that
either benzoate was being completely oxidized to CO2 via sulfate-reduction (reaction 6),

or that other undetermined transformation intermediates were slowly being transformed

to acetate and possibly formate and hydrogen. The former (reaction 6) is not likely
because significant and stoichiometric carbon dioxide production was not observed

during the utilization of benzoate. However pH and carbonate system buffering
appeared to sequester carbon dioxide into the aqueous phase in all of the microcosms
resulting in below stoichiometric amounts of carbon dioxide being detected in the
headspace. The fermentation of undetected longer chained VFAs could account for the
steady and prolonged increase in acetate as well as the more frequent hydrogen
detections between 150 and 260 days following the observed removal of benzoate.

Furthermore, continued and significant methanogenesis was observed after 302 days
indicating that acetate was still being produced in the microcosms. Both propionate and
butyrate were only detected at low levels of less than 8.7 to 10 mg/L and 1.6 mg/L,
respectively indicating that that other compounds may have been present which were
being fermented to acetate.

3.2.3.1

dechlorination

The step-wise reductive dechlorination of TCE to VC between 120 and 170 days
was inititiated following the apparent removal of all available sulfate (Figure 3.3).
Once initiated, the transformation of TCE to VC in the benzoate microcosms occurred
within 20 to 50 days (0.092 iamol/day) compared to 55 to 90 (0.042 p,mol/day) days for

lactate amended microcosms. For the TCE respikes into the benzoate amended
microcosms at 210 days, analysis of Figures 3.2 and 3.5 shows comparable rates of TCE
dechlorination to VC within 5 to 10 days for both lactate (0.31 lamol/day) and benzoate

(0.21 [tmol/day) amended microcosms. As with the lactate fed microcosms, TCE
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transformation for the respike event increased (from 0.092 to 0.21 [tmol/day) and the

transformation of VC to ethylene was also slow. However VC transformation only
increased slightly from 0.0031 to 0.0035jAmol/day with the doubling in VC

concentration following the TCE respike. Overall TCE transformation was less
efficient than for lactate amended groundwater microcosms with resulting
dechlorination product mass balances of 7.0 to 7.6% ethylene and 92.4 to 93.0% VC

after 302 days of incubation. Assuming continued acetate production resulting in the
observed methanogenesis after 302 days, it is possible that overall TCE transformation
efficiencies similar to that of the lactate amended microcosms would eventually be
achieved.

3.2.3.2

augmentation

Figure 3.4 shows the time course plots for the benzoate amended microcosm
(BTCEA) augmented with 5 mL solids and 10 mL groundwater from a previous Point
Mugu groundwater microcosm. The dechlorination of TCE to VC was realized in this
previously studied microcosm (data not presented). Accelerated activity was observed
in the augmented microcosm as compared to the non-augmented duplicates (Figure 3.3

and A.3). Sulfate-reduction and benzoate utilization were initiated within the first 20
days of incubation and sulfate removal was much more rapid, reaching completion
within 85 days. Benzoate utilization was slow for the first 50 days, but increased
significantly nearing completion by day 65. Acetate formation was also noted
concurrent with benzoate utilization until 130 days but then sharply increased indicating
the presence and fermentation of other unidentified intermediates. The maximum
acetate concentration was 1,304 mg/L (4.4 mmol) at 220 days, which decreased
significantly with the production of near stoichiometric methane levels after 255 days.

This observed transformation was consistent with equation 22. Sporadic propionate
levels were also detected during the first 20 days and after the re-addition of benzoate
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reaching a maximum concentration of approximately 12.9 mg/L at 245 days. Butyrate
was also observed at levels up to 13 mg/L during the first 150 days.
Dechlorinating activity was also significantly increased in the augmented

groundwater microcosm. The slow and steady dechlorination to c-DCE, initiated within
10 to 15 days, continued until sulfate-reduction reached completion at 85 to 90 days.
Once all the available sulfate was removed, the remaining TCE and c-DCE was rapidly

dechlorinated to VC within days 85 to 105. A relatively more rapid rate of VC
transformation as compared to the non-augmented duplicates followed and was still
apparent at the end of the time course experiment resulting in mass balances of 37%
ethylene and 63% VC as dechlorination endproducts.
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Figure 3.4: Alkene, benzoate, sulfate, VFA, methane, CO2, and H2 long term time
coarse data for augmented, and benzoate amended microcosm (BTCEA)
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3.2.4

Methanol Stimulation

Methanol stimulated groundwater microcosms showed no substantial ability to
induce sulfate-reduction (Figure A.4) or TCE dechlorination (Figure 3.5). Figure 3.5
shows the relatively rapid consumption of methanol between 20 and 30 days with the
coincident production of methane via a possible methanol disproportionation reaction
(reaction 23) as described by Ferry (1992). A subsequent methanol respike at day 90
into MTCEM and MTCE1 resulted in another step increase in methane production

without the reduction of sulfate. Very rapid methanol uptake occurred within the one
hour equilibration time prior to the respike sampling event and methanol was therefore
not detected. All three microcosms produced very low levels of 1,1-DCE (less than 0.2
jarnol), and only one of the duplicates (MTCE2) produced any c-DCE (less than 0.3

[tmol) after 20 days (Figure 3.5). A significant amount of c-DCE was produced in
MTCE2 between 190 and 302 days, possibly by utilizing endogenous carbon and
energy sources made available from the decay of the methanol utilizing population.
Methanol has been used as an effective substrate for PCE and TCE

dechlorination under methanogenic conditions (Schollhorn et al., 1996; DiStefano et al.,
1991). Although it has been noted as an uncommon substrate for sulfate-reducers, and
for bacterial strains known to utilize methanol, growth is slow (Zehnder & Stumm,
1988). Gupta et al. (1994) showed that mixed cultures under significant sulfate loading

degraded methanol via methanogenesis not sulfate-reduction. Some studies have shown
that methanol is an effective substrate for other mixed cultures under sulfate-reducing
conditions in the absence of methanogenesis (Davidova and Stams, 1996; Hard &

Babel, 1995). Davidova and Stams (1996) observed that 30% of added methanol was
converted to acetate by acetogenic bacteria (reaction 17) at sulfate concentrations of
1,921 mg/L (20mM) under thermophilic conditions. The remainder was degraded to
hydrogen and CO, (reaction 16) in syntrophy with hydrogenotrophic sulfate-reducers
(reaction 1). Based on the isolation of a hydrogen/formate utilizing sulfate-reducer from
this thermophilic mixed culture, Davidova and Stams (1996) also speculated the role of
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formate in the utlization of methanol with the coupling of reactions 18 and 10.

Conversily, Hard and Babel (1995) isolated a sulfate-reducing organism which
apparently utilized methanol and sulfate as the electron donor and acceptor pair for
energy and growth.

Methanol was used in this study under the assumption that it would be a
potential sulfate-reduction substrate as per equation 9. It was also hoped that residual
methanol remaining after the reduction of sulfate would act as a fermentation substrate
(reactions 16, 17, and 18) which would generate products for the dechlorination of TCE.

In the absence of significant sulfate-reduction (5 to 9% of added reducing equivalents
resulted in sulfate-reduction) or the detection of acetate the proposed reactions were not

likely to have occurred in these microcosms. Consistent with reaction 23, over 95% of
the added reducing equivalents resulted in methane production and very little
dechlorinating activity was observed.
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Figure 3.5: Alkene, methanol, and methane time course date for methanol amended
microcosms (MTCEM, MTCE1, and MTCE2)
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3.2.5

Effect of Added Nutrients

Behavior of the nutrient supplimented lactate and benzoate microcosms

(LTCEM & BTCEM) deviated from the unsupplemented duplicates. Overall, the
lactate microcosm showed accelerated substrate utilization and dechlorination,

demonstrating a slight advantage over the duplicate lactate microcosms. Nutrient
addition in the benzoate microcosm resulted in accelerated substrate utilization but
significanity reduced the overall dechlorination ability. No significant effects were
observed for the nutrient amended methanol microcosm.

3.2.5.1

lactate

As shown in Figure 3.6 initial sulfate-reduction occurred much more rapidly

than in the duplicates lacking nutrients (Figures 3.1 and 3.2). As a result lactate was
completely transformed to acetate coincident with a significant drop in sulfate within

the first five days of the time course experiment (Figure 3.6). This implies that either
lactate utilization was directly linked to sulfate-reduction (reaction 2) or that the

production (reactions 11 or 11') and subsequent transformation of propionate to acetate
(reaction 14) occurred too rapidly to be detected. The presence of nutrients may have
selected for different lactate utilization reactions or enabled the microbial population to
be more efficient at the transformations observed in the unamended duplicates.
However, the detection of low levels of propionate (0.04 mmol) during the second
sampling event, in addition to the observed responses in the duplicates indicates that the

fermentation to propionate is the most likely. Sulfate-reduction continued at a
decreased rate after 5 days with a corresponding increase in acetate and was complete

after 90 days. Small amounts of propionate were detected in the absence of lactate
during this period of slow sulfate reduction. It is uncertain what carbon sources were

responsible for sulfate-reduction after 5 days. It is possible that the small amount of
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available propionate was fermented (reaction 14) to acetate and hydrogen, the latter

being utilized by sulfate-reducers (reaction 1). Although the detected levels of
propionate were not high enough to satisfy the stoichiometry of reaction 5 for the
amount of observed sulfate-reduction. The additional lactate respike at day 90 resulted
in an increase in both propionate and possibly acetate. Acetrophic methanogenesis
started around 110 days, approximately 50 days sooner than in the unsupplemented
lactate microcosms.

The onset of dechlorination after 35 days lagged the duplicate microcosms
lacking nutrients by about 20 days and was likely a result of the decreased rate of
sulfate-reduction following the first five days of rapid sulfate-reduction (Figure 3.6). As
with the unamended duplicates dechlorinating activity occurred at a sulfate level of
around 300 mg/L. Once initiated, the step-wise transformation of TCE to VC (0.14
1..tmol/day) shown in Figure 3.6 was more rapid as compared to those lacking nutrients
(0.05 p.mol/day

for the first TCE addition shown in Figures 3.2 and A.2), occurring

within approximately 25 days. Transformation of VC to ethylene was initially faster
(0.0042 i...tmol/day) than for the unamended duplicates (0.0025 iAmol/day

average of

duplicates), but VC transformation following the second TCE addition in the duplicates
increased to 0.0072 iimol/day (average).

The initial increase in dechlorination rates for TCE and VC in the nutrient
amended microcosm over the duplicates may have been a result of the presence of 45
idg/L vitamin B12 in the nutrient amended microcosm. Previous studies have identified a

nutritional dependency on vitamin B12 for dechlorinators (Maymo-Gatell, 1995). The
added B12 may have also facilitated the abiotic transformations observed by Gantzer and

Wackett (1991) and Glod et al. (1997). Additional vitamin B1, in the benzoate amended
microcosm, however, appeared to provide no benefit to dechlorination as shown in the

following section. Transformation of VC decreased after about 240 days with the
depletion of acetate indicating that the slow VC transformation may have been

biotically mediated. At 302 days the resulting dechlorination product mass balances
were approximately 21% ethylene and 79% VC.
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Figure 3.6: Alkene, lactate, sulfate, VFA, methane, C07, and H2 long term time coarse
data for nutrient media supplemented lactate amended microcosm (LTCEM)

85

benzoate

3.2.5.2

Substrate utilization and rapid sulfate-reduction were initiated between 30 and

40 days in the nutrient amended benzoate microcosm (Figure 3.7). This was the only
benzoate microcosm that showed a direct correlation between sulfate-reduction,

benzoate utilization and acetate production during the initial stages of the time course
experiment. Benzoate to acetate molar ratios of 1:2 were closely correlated to the 1:3

molar ratio of reaction 7. However, benzoate re-addition and utilization resulted in
delayed acetate production, as well as the production of butyrate (62 mg/L) which was
not observed in the non-amended duplicate benzoate microcosms. A similar propionate
response was observed as compared to the augmented microcosm lacking nutrients.

Acetotrophic methanogenesis occurred between 130 and 175 days and was the most
rapid of all microcosms, resulting in the complete removal of all available acetate within
175 days.

Dechlorination did not appear to be correlated with acetrophic methanogenesis.
Dechlorination started after 115 days and only 70% of the TCE was transformed to c-

DCE without the detection of any VC or ethylene. Overall, the nutrient amended
benzoate microcosm was much less efficient at TCE transformation than those lacking
nutrients. It is possible that the observed decrease in dechlorinating efficiency was
associated with the absence of the unknown products assumed to be present in the non-

supplemented duplicate and augmented microcosms. Fermentation of unknown
products may have provided hydrogen and possibly formate for reductive

dechlorination. The other benzoate microcosms exhibited a significant lag time
between benzoate utilization and acetogenesis while effectively reducing all available

TCE to VC and ethylene. In addition, dechlorination followed benzoate re-addition
which resulted in an observed lag time between benzoate utilization and acetate
production further implicating the production and fermentation of unknown compounds.
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coarse data for nutrient media supplemented benzoate amended microcosm (BTCEM)
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3.2.6

Sulfide Inhibition
The persistence of high levels of acetate in the absence of acetotrophic

methanogenesis for both the lactate and benzoate amended microcosm in the earlier
stages of the study may have been caused by sulfide inhibition. Although sulfide
analysis and speciation was not conducted, a reproducible and increasing GC-FID
response was observed and verified as hydrogen-sulfide during active sulfate-reduction

in all microcosms showing sulfate-reduction. In addition, all of the lactate and benzoate
microcosms formed a large amount of a black precipitate characteristic of sulfide

production. As reviewed by McCartney and Oleszkiewicz (1993), sulfide toxicity and
inhibition to methanogens has been extensively studied. A wide range of total sulfide
(TS) concentrations has been shown to inhibit methane production to varying degrees.
They noted that sulfide may interfere with the various coenzyme A and M sulfide

linkages involved in the acetyl CoA pathway which is common in methanogens. One
study showed that methanogenesis was inhibited 100% at a shock loading of 500 mg/L

TS. Choi and Rim (1991) observed methanogenic inhibition at 1,200 mg/L-sulfate and
corresponding sulfide levels of 120 to 140 mg/L with mixed synthetic substrates. Li et
al. (1996) also observed methanogenic inhibition in benzoate fed systems at 330 mg/L

TS. These microcosms could potentially produce 866 mg/L TS given an average sulfate
concentration of 1,297 mg/L and assuming no interaction with minerals in the aquifer
solids. Total sulfide levels of this magnitude were unlikely to have occurred in the
groundwater microcosms due to the possible formation of metal sulfides and through
the incomplete reduction of sulfate to sulfur and thiosulfate.
It was initially believed that the prolonged lag period of approximately 160 days
before the onset of acetrophic methanogenesis was a result of an acclimitization period

for the development of a sulfide tolerent methanogenic culture. However, the GC-FID
hydrogen sulfide response data in Figure 3.8 indicates that hydrogen sulfide was being

sequestered in all active bottles containing hydrogen sulfide, and that the onset of
methanogenesis was closely related to the relative amounts of hydrogen-sulfide
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detected. McCartney and Oleszkiewicz (1993) indicated that methanogenic systems
were able to fully recover from shock loadings following sulfide removal.

Methanogenesis was initiated in BTCEM, BTCEA, LTCEM, LTCE1, and LTCE2 at
hydrogen sulfide GC response values of approximately 200 to 300 area units. BTCE1
and BTCE2 on the otherhand, with acetogenesis still lagging behind the other active
microcosms after 300 days, did not produce significant levels of methane in this
hydrogen sulfide response range.
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Figure 3.8: Hydrogen sulfide time coarse response for all active microcosms

The presence of ethylene may have also had an adverse effect on

methanogenesis. Schink (1985) observed that methane production in sediment and
sewage sludge slurries in the presence of acetate, hydrogen, methanol, and lactate was
inhibited by 50% at gas phase ethylene concentrations of 0.07% and a corresponding

aqueous concentration of 5 mot /L. For a total analyzed ethylene mass of 5 ptmol,
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within the range measured in the lactate and benzoate microcosms during

methanogenesis, a resultant aqueous ethylene concentration of approximately 0.67

!Amon would be expected to occur in the microcosms. Whether or not this had any
effect on methane production in these systems is uncertain.

3.2.7

Hydrogen Effects

Hydrogen studies were conducted with the lactate amended microcosms LTCE1

and LTCE2 to determine the effects of hydrogen addition on VC transformation at
hydrogen levels of 10-4 atm and 10-3 atm. With the apparent reduction of ethylene

production following the removal of acetate and the cessation of methanogenesis, both
lactate amended microcosms were subjected to three successive additions of pure

hydrogen over a 2 to 8 day period starting at day 293. Figures 3.9 and 3.10 show the
hydrogen, alkene, methane and carbon dioxide responses for microcosms LTCE1 and

LTCE2, respectively, during the hydrogen addition phase of the experiment. LTCE1
was spiked with approximately 1.5x10-4 to 1.8x10-4 atm (0.38 to 0.46 lAmol) of

hydrogen. LTCE2 was spiked with an order of magnitude higher concentration of
approximately 1.5x10-3 atm (3.8 i,tmol). A total of 1.3 and 11.61Amol hydrogen was

added to LTCE1 and LTCE2, respectively. Rapid hydrogen utilization was observed in
both microcosms, but no observable VC transformation resulted at 10-4 or 10-3 atm

hydrogen addition (Figures 3.9 and 3.10).
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Average hydrogen utilization rates at 10" and 10' atm for the three hydrogen

additions indicate that the rate of hydrogen utilization at 10' atm (3.3 x 10' atm/day)
was approximately 3 times greater than for the microcosm receiving 10' atm hydrogen
(1.0 x 10" atm/day). Initial analysis would indicate that a first-order relationship
existed between hydrogen utilization rate and concentration. Determination of firstorder rate constants at the two different hydrogen levels assuming a first-order
relationships indicates that hydrogen utilization was not a first-order process, but may
have been governed by Monod type kinetics as observed by Smatlak et al. (1996).

Smatlak et al. (1996) determined that hydrogen utilization during PCE
dechlorination was governed by Monod type kinetics. They also indicated that the
process was strongly influenced by hydrogen mass transfer as well as PCE and biomass
concentrations. Smatlak et al. (1996) calculated hydrogen utilization half-velocity
constants of 100 nM and 1,000 nM (aqueous) for dechlorinators and methanogens,

respectively. Assuming a constant hydrogen headspace concentration and a Henry's
coefficient of 1.23x103 L-atm/mol, resultant aqueous hydrogen concentrations at the

added levels of hydrogen would be approximately 122 to 1,220 nM. These assumed
concentrations would be in the operating range for the half-velocity constants
determined by Smatlak et al. (1996) for both dechlorinating and methanogenic

organisms. It is also quite possible that hydrogen utilization during this period was
dependent on other limiting parameters such as VC concentration or another electron

donor such as carbon dioxide or sulfate. Smatlak et al.'s (1996) experiments were
conducted under PCE non-limiting conditions with a very well studied and
characterized mixed culture. For the given results of this study it is difficult to
determine how the hydrogen was utilized.

Based on reactions 19 and 21, the added hydrogen had the potential to reduce a
stoichiometrically equivalent amount of VC, or produce one fourth of the
stoichiometric amount of hydrogen as methane. The reported molar scale (Figures 3.9
and 3.10) for the methane and carbon dioxide data was 3 orders of magnitude higher
than the potential amounts of carbon dioxide consumed and methane produced through
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hydrogenotrophic methanogenesis. Therefore any resulting methanogenesis could not
be observed at the given scale. In the absence of any notable dechlorination, the added

hydrogen most likely resulted in methanogenesis. Another possibility is the production
of acetate via reaction 20. Acetate data was not collected during this phase of the
experiment to eliminate this possibility.
Hydrogen partial pressures of 10-3 and 10' atm had no discernable effect on

stimulating VC dechlorination for this system. Ballapragada et al. (1997) indicated that
hydrogen partial pressures of 10-5 atm and lower may have been required for

dechlorinators to successfully outcompete methanogens for available hydrogen. Effects
of lower hydrogen partial pressures were not observed as they were below the

instrument detection limits. It is uncertain what effect hydrogen addition at the levels
tested would have on the transformation of the higher chlorinated ethylenes PCE, TCE
and DCE. In addition, it is questionable whether or not hydrogen played a direct role in
the observed transformations. Dechlorination of VC could have been purely
cometabolic in nature.

3.2.8

Acetate Accumulation & pH

With the production and persistence of such high levels of acetate in the lactate
and benzoate amended microcosms there was concern over the potential for the systems

to become acidic and inhibitory to the various biological processes involved. Relative
pH data in Table 3.4 shows that the system was reasonably well buffered. With an
initial average pH of 7.93 for all 12 microcosms, the greatest decrease for the lactate and

benzoate bottles was 0.75 pH units. Most bottles maintained pH levels in the lower 7
range, whereas one of the methanol amended microcosms had a pH decrease of 1.02

units, dropping it into the high pH 6 range. In fact, all three methanol amended
microcosms had more significant pH drops, which were associated with relatively
higher levels of carbon dioxide production as compared to the other microcosms.
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Therefore, decreases in pH were more likely to be associated with carbon dioxide

production and carbonate chemistry and not acid production. The well graded sand
from the Semiperched Aquifer along Mugu Lagoon contained a considerable amount of
material which appeared to be small shell fragments, indicating that microcosm pH may
have been buffered by the presence of aquifer solids like calcium carbonate.

Table 3.4: Initial, t = 90 days, and endpoint pH data for all microcosms.
Microcosm
I.D.

pH (aj time (days)

initia

I
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3.2.9

Electron Equivalence Mass Balance

Stoichiometric electron mass balances were conducted for the added reactants
(lactate, benzoate, and methanol), the amount of sulfate reduced and dechlorination
realized, in addition to the quantified end-products, acetate, propionate, butyrate, and

methane. Cellular growth was considered negligible given the typically low growth
yields for anaerobic microorganisms. Table 3.5 gives the overall electron equivalence
mass balances for all of the active bottles at day 302. Time course electron mass
balance values for LTCE1 and BTCE2 were stacked on one another and plotted against
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time to show the relative flow of reducing equivalents in the microcosms during the
study (Figure 3.11).

Table 3.5: Electron equivalence mass balance
Microcosm ID

BTCEM BTCEA BTCE1

BTCE2 LTCEM LTCE1

LTCE2 MTCEM MTCE1 MTCE2

electron milli-equivalents

TCE added

0.0245

0.0242

0.0425

0.0388

0.0246

0.0423

0.0540

0.0059
Dechlorinationb
Fraction TCE reduced
0.24
Substrate added
68.7
Sulfate-reduction
17.4
Acetate
0.0
Methanogenesis
44.6

0.0176
0.0265
0.73
0.62
56.7
43.8

0.0270
0.70
49.6

0.0133
0.54
39.8

0.0260

0.0383

0.61

0.71

39.7

18.3

18.1

17.9

17.4

18.2

0.0
45.0

2.32
0.48

3.28
0.48

0.0
25.0

0.0
22.6

Recovered e- equiv.
Fraction recovered

63.4

20.9
0.48

21.7
0.44

42.4

40.7

61.9
0.90

1.12

1.06

1.03

32.2
20.0
0.0
10.9

30.9
0.96

0.0248

0.00
0.00
73.9

0.0247

0.0247

30.1
2.7

0.0
70.6

0.00
0.00
62.8
3.2
0.0
60.5

76.7

63.7

35.8

6.1

1.04

0.0025
0.10

0.0
33.1

1.01

1.19

a Electron reducing equivalents required to dechlorinate the added TCE to e hylene.

b Electron reducing equivalents (e eq) utilized in the sequencial dechlorination of TCE: 2 e- eq per dechlorination step.

Figure 3.11 and Table 3.5 show that for the lactate and benzoate amended
microcosms, added reducing equivalents resulted in sulfate-reduction and

methanogenesis with only small amounts of dechlorination. This was not the case for
BTEC1 and BTCE2 however, which were evidently still fermenting unidentified

transformation products at the time of analysis. Electron balances are evidently
incomplete for BTCE1 and BTCE2 at 302 days and only account for 48 and 44% of the

added reducing equivalents, respectively (Table 3.5). Both BTCEM and BTCEA, on
the otherhand, had good electron equivalence mass balances and produced

approximately 5.5 mmol of methane by 302 days. These results along with the
observed continuation of methane production in BTCE1 and BTCE2 after 302 days
further support the hypothesis that undetected transformation products were still being
fermented to acetate, which in turn was being transformed to methane.
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Figure 3.11: Electron balance histagrams; lactate amended microcosm LTCE1, and
benzoate amended microcom BTCE2.
(Total electron milli-equivalents added: Lactate, 39.7 m-eq; Benzoate, 49.7 m-eq)
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For the lactate fed microcosm, histogram LTCE1 (Figure 3.11) shows that
roughly 45 and 55% of the reducing equivalents were channeled to sulfate-reduction
and methanogenesis, respectively, with only a very minor fraction (less than 0.1 %)

resulting in dechlorination. A good electron mass balance was obtained, with sulfatereduction, methanogenesis and dechlorination accounting for 40.7 milli-electron
equivalents (meq), slightly in excess of the 39.7 meq of added lactate. The histogram
for BTCE2 indicates that a large portion of the reducing equivalents may have been
channeled to products not accounted for in this system. Only 44% of the 49.6 meq as
added benzoate were accounted for primarily in sulfate-reduction with only a small

amount attributed to acetate (3.2 meq) and methanogenesis (0.48 meq). With similar
amounts of electron equivalents accounted for by sulfate-reduction for BTCE2 (17.9
meq) and LTCE1 (18.2 meq), both microcosms reduced roughly equivalent amounts of
sulfate. Approximately 0.03 meq (0.06-0.08% of total added) was directed toward
dechlorination in both LTCE1 and BTCE2 and is not discernable in Figure 3.11,

appearing as a very thin line on the very top of the histograms. The relatively low
dechlorination efficiency is due to the small mass of TCE added to the microcosms.
For the lactate and benzoate amended microcosms, electron equivalents were

primarily channeled from the substrates to sulfate-reduction with the production and
transformation of longer chained VFAs resulting in acetate and ultimately methane as
the final end-product. This resulted in 28% to 65% and 22% to 71% of the total
electron equivalents accounted for as sulfate-reduction and methanogenesis,

respectively (not including data from BTCE1 and BTCE2). A portion of this variance is
attributable to the larger amounts of benzoate added to the microcosms.

The methanol amended microcosms, which demonstrated no significant
dechlorination or sulfate-reduction, resulted in 92% to 95% of the total recovered
electron equivalents being attributable to methanogenesis and only 5% to 8% being

attributable to sulfate-reduction. Overall, Table 3.3 shows that good mass balances
were obtained for all of the microcosms, resulting in recoveries of 90% to 119%, not
including BTCE1 and BTCE2.
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3.3

Summary & Conclusions

Both lactate and benzoate were effective substrates to stimulate indigenous
microorganisms from the site, resulting in the complete dechlorination of TCE to VC
and ethylene under pseudo groundwater conditions. Methanol was not effective,
resulting in rapid methanogenesis without any significant sulfate-reduction or
dechlorination occuring. Lactate and benzoate amended groundwater microcosms had
similar long term dechlorinating capacities, with lactate being slightly more effective

than benzoate. Lactate addition more rapidly induced sulfate-reduction and
dechlorination. Once initiated, however, dechlorination in the benzoate amended
microcosms (0.092 i_tmol/day) was approximately twice as rapid than in the lactate

amended microcosms (0.048 [tmol/day). Dechlorination of TCE to c-DCE in the lactate
amended microcosms occurred in the presence of approximately 300 mg/L sulfate,
whereas dechlorination occurred in benzoate fed microcosms only after all available
sulfate was reduced.

To the authors knowledge, this is the first report of the sequential dechlorination
of TCE to ethylene under sulfate-reducing conditions in aquifer microcosms under
pseudo groundwater conditions characteristic of high sulfate concentrations and salinity.

The onset of dechlorination with sulfate levels of approximately 300 mg/L remaining in

the microcosms is especially noteworthy. Evaluation of this site and others (Major et
al., 1991; Semprini et al., 1995) has indicated that the intrinsic transformation of PCE
and TCE to c-DCE has occurred in zones of sulfate reduction. Beeman et al. (1994)
also demonstrated the successful in-situ transformation of PCE, TCE and c-DCE in a
contaminated sand aquifer with the injection of benzoate and sulfate solutions into a test
zone. Bagley and Gossett, (1990) and Pavlostathis and Zhuang (1991) were only able to
dechlorinate PCE and TCE to c-DCE with sulfate-reducing enrichment cultures under
active sulfate-reducing conditions. Sulfate data was not presented for these studies and
dechlorination was limited, stopping at c-DCE. The author is unaware of any previous
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observations showing active dechlorination to ethylene at sulfate concentrations of those
studied here.

Although sulfide inhibition appeared to have an effect on methanogenesis in

these systems, it did not appear to affect the dechlorination of TCE to VC. Whether or
not it had an affect on the dechlorination of VC is another question. It is believed that
minerals like iron and manganese were present in the aquifer solids which combined

with sulfide to form metal sulfides, thus removing hydrogen sulfide from the

microcosms. This study was conducted with a groundwater to aquifer solid ratio of
approximately 4 (vol:vol). It is hypothesized that lower liquid to solid ratios more
characteristic of subsurface conditions would provide greater buffering capacity against

hydrogen-sulfide inhibition by more readily sequestering hydrogen-sulfide. Further
studies need to be conducted with varying ratios to assess the possible effects of sulfide
sequestering by metal ions present in the solids.
Evaluation of the given data indicates that dechlorination was not associated
with methanogenesis as previsously noted by others (Fathepure & Boyd, 1988;

Freedman & Gossett, 1989). Dechlorination preceded significant methane production in
the lactate and benzoate amended microcosms and did not occur at all in the methanol
amended microcosms, which produced significant amounts of methane.
Methanogenesis in the lactate and benzoate microcosms did not occur until after 140 to

220 days and was primarily associated with acetate utilization. Dechlorination was
initiated before the detection of methane and in general continued without the
production of significant amounts of methane until acetotrophic methanogenesis ensued.
In addition, dechlorination rates did not increase with the on-set of rapid acetotrophic

methanogenesis further indicating that it was not associated with this process. It is now
commonly known that dechlorination is not dependent on methanogenic conditions as
previously thought (DiStefano et al., 1991; Maymo-Gatell et al., 1995).
Dechlorination appeared to be primarily associated with the slow fermentation
of propionate in the lactate amended microcosms and unidentified fermentation

byproducts in the benzoate amended microcosms. In addition, Hydrogen detection was
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generally associated with the presence of propionate in the microcosms. Fennell et al.
(1997) evaluated four potential fermentation substrates, butyric acid, ethanol, lactic
acid, and propionic acid (propionate) in relation to PCE dechlorination and

methanogenic potentials as a result of hydrogen partial pressures. Comparable longterm dechlorination potentials were observed for all four substrates and prolonged
dechlorination was evidently occuring with the slow fermentation of propionic acid,
which was produced as a fermentation intermediate. Based on this study and the results
of others (Fennell et al., 1997; Smatlak et al., 1996) the evaluation of propionate as the
primary substrate in these systems is warranted to determine its sulfate-reduction and

dechlorination potentials. Additional benzoate stimulation studies are also needed to
identify the intermediates involved in the transformation of benzoate and possibly the
dechlorination of TCE.

If hydrogen was driving the observed transformations, dechlorinating organisms
were able to effectively compete for hydrogen with sulfate-reducers and methanogens.
Ballapragada et al. (1997) and Smatlak et al. (1996) showed that dechlorinators could
out-compete methanogens for available hydrogen at partial pressures of 10-4 to 10-5 atm,

indicating that dechlorinators may have out-competed methanogens for available

hydrogen during the fermentation stages of this study. Sporadic hydrogen detection
near our instrument detection limit of 10-5 atm throughout the experiment in the active

microcosms supports this hypothesis. It is possible that hydrogen derived from the
fermentation of the added substrates and their byproducts was responsible for the

sequential reductive dechlorination of TCE in this study. The introduction of hydrogen,
however, at levels above 10-5 atm did not facilitate the dechlorination of VC to ethylene

in these systems. Further studies are needed to determine the effects of hydrogen at
levels below 10-4 atm on the transformation of TCE and its subsequent dechlorination

products. Based on the results of this study it is difficult to determine whether hydrogen
played a direct role in dehalogenation as shown previously by others (DiSteffano et al.,
1992; Holliger & Zehnder, 1993).
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Further studies should be conducted to determine if the observed concentration
effects result in greater dechlorinating efficiencies at higher TCE concentrations. Larger
amounts of TCE were not added to the microcosms so that the concentrations would be
representative of the site groundwater conditions. If the observed transformations are
indeed biologically mediated in this system, larger amounts of TCE may stimulate for a
larger and more efficient dechlorinating population.

It is also possible that the observed transformations were cometabolic in nature
being driven by interactions with transition metal coenzymes produced by other
organisms like sulfate-reducers or acetogens. Gantzer and Wackett (1991), Glod et al.
(1997) and Burris et al. (1996) achieved the reductive dechlorination of various CAHs
in the presence of reduced transition metal enzymes common to sulfate-reducers,

acetogens and methanogens. No chemical poisoning was performed on any of the
microcosms to verify that the transformations were biologically mediated. However,
comparison of the relative TCE dechlorination rates and lag times for the initial TCE
additions and respikes indicate that a dechlorinating population may have developed in
the system. The sequential dechlorination of TCE to VC was instantaneous and much
more rapid after the respikes as compared to the initial transformation of TCE. This
was true for both lactate and benzoate amended microcosms. In addition,
dechlorination stopped after all of the substrate and its byproducts were consumed
giving further indication that the observed transformations may have been biotically
mediated.

In the absence of comparable aquifer microcosm studies the transformation rates
for both TCE and VC do not compare favorably with those of other batch studies.
Observed TCE transformation rates are several orders of magnitude lower than for those
of highly refined dechlorinating enrichment culture (Pavlostathis & Zhuang, 1991;

Tandoi et al., 1994; Fennell & Gossett, 1998) and abiotic transition metal coenzyme
studies (Burris et al., 1996; Gantzer & Wackett, 1991; Glod et al., 1997). In addition,
comparison of the observed TCENC zero-order rate constant ratios to those estimated
from other biotic and abiotic studies was also inconclusive. Pseudo first-order rate
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constant TCENC ratios of 540, estimated from the Michaelis-Menton kinetic
parameters used to model Fennell and Gossett. s (1998) enrichment culture, and 329

calculated from Gantzer and Wackett's (1991) vitamine B1, study were much higher

than those calculated for this study. The lactate and benzoate microcosm TCENC zeroorder rate constant ratios for the initial TCE transformation and second TCE addition

ranged from 19 to 120. The ratio for the nutrient amended lactate microcosm
containing vitamine B12 was 33. Therefore, no inference to whether the observed

transformations were either biotically or abiotically mediated can be made by kinetic

analysis. Comparisons of this nature are difficult to make considering the major
differences between this work and the cited studies. The cited studies were all
conducted with highly refined enrichment cultures or pure coenzymes in defined
nutrient mediums, whereas the studies reported here were conducted under primarily

undefined pseudo in-situ conditions. The nature of this microcosm study did not allow
for the control and analysis of various parameters, especially biomass concentration and

potentially hydrogen, which may have allowed for the estimation of pseudo first-order
rate constants, and a more realistic comparision.
Comparison of the initial relative transformation rates of TCE and VC for lactate

(0.048 pmol-TCE/day; 0.0025 prnol-VC/day) and benzoate (0.092 pmol-TCE/day;
0.0031 pmol-VC/day) indicates that the benzoate amended microcosms were more
efficient at dechlorination. However, the onset of dechlorination in the benzoate
microcosms significantly lagged that in the lactate ones by 100 to 120 days and
dechlorination rates increased for lactate (0.31 prnol-TCE/day; 0.0068 pmol-VC/day)
over that of benzoate (0.21 prnol-TCE/day; 0.0035 pmol-VC/day) for TCE readdition.
Overall transformation efficiencies also indicate that lactate and benzoate had similar

longterm transformation abilities, with lactate being only slightly more efficient. In
light of these results it is difficult to say that one substrate is better. The observed
differences between lactate and benzoate utilization and TCE transformation are likely
the result of the complex interactions between the sulfate-reducers, fermenters,
methanogens and possibly dechlorinators in this system.
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4.

4.1

ENGINEERING SIGNIFICANCE

Selected Alternative

As part of OHMs RAC team OSU played a supporting role in evaluating,
developing and recommending a site cleanup strategy for the Point Mugu NAWS IRP

Site 24. Both in-situ and ex-situ technologies for remediating chlorinated solvent
contaminated groundwater were screened. In-situ technologies included natural
attenuation, enhanced bioremediation, air sparging and steam injection. Traditional
pump-and-treat methods with carbon adsorption and air-stripping were evaluated for exsitu treatment.

Our primary responsibility was to evaluate the potential of enhanced

bioremediation under the site conditions. Although biologically mediated chlorinated
solvent transformation has been observed under lab and in-situ conditions for other
sites, site specific bench scale studies with groundwater and aquifer solids were required

as an initial screening tool. The potential for in-situ bioremediation is very site specific

due to the complexity of biological and geochemical systems. This is especially the
case for recalcitrant compounds like TCE and other chlorinated aliphatic hydrocarbons

(CAH). Review of the current technical literature pertaining to chlorinated ethylene
remediation via biological mechanisms not only suggests the potential application of
this technology to full-scale remediation but also provides insight into its complexity.
Air sparging and steam injection were not feasible at the site in the lower zones
due to the presence of the confining clay layer at approximately 5 ft bgs and was

therefore not evaluated. Based on the results of this study enhanced bioremediation
under anaerobic conditions was retained as a viable cleanup strategy and was evaluated

by the RAC team. Detailed evaluation of the three remaining treatment alternatives
resulted in the selection of enhanced bioremediation and natural attenuation as the
preferred remedial alternative at the former UST Site 23. This alternative was estimated
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to achieve remedial objectives in 20 years at a present worth cost of $2,555,000, while
pump-and-treat was estimated to take 30 years at a present worth cost of $3,124,000

(OHM Remediation Corp., 1998). At the former UST Site 55, natural attenuation was
selected as the preferred alternative with an estimated cleanup time of 16 years and a

present worth cost of $1,580,000. Pump-and-treat and enhanced bioremediation/natural
attenuation would take 16 and 11 years at present worth costs of $2,850,000 and
$1,890,000, respectively (OHM Remediation Corp., 1998).

Based on the results of this study in conjunction with modelling and design
work conducted by Battelle National Laboratory, OHM Remediation Corp. has obtained

regulatory approval to proceed with a pilot-scale treatment system at IRP Site 24. An
injection/extraction well system will be used to administer lactate and possibly
propionate into the aquifer to evaluate this process under in-situ conditions prior to the
design and installation of a full-scale treatment system. The pilot study will aid in the
development of realistic cleanup goals and the full-scale system design. Remedial
objectives were set at current MCLs for the initial RAC team technology evaluation but
may be adjusted upward based on the pilot scale results.

4.2

Application to Point Mugu

Results of this study along with other reviewed studies indicate that the
stimulation of a dechlorinating microbial population in-situ is feasible under high
sulfate groundwater conditions. The electron balance calculations given in Table 3.5
however, indicate that a large amount of electron donor substrate will be required to

transform TCE present in the system. Most of the reducing equivalents in this system
will be directed towards sulfate-reduction, acetate production and eventually

methanogenesis. This low efficiency is primarily associated with high levels of sulfate
present in the aquifer. As observed in this study, essentially all of the sulfate will have
to be reduced before dechlorination will be initiated. The relatively low concentration
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of TCE as compared to sulfate also adds to the perceived inefficiency of dechlorination
with respect to the amount of substrate added.

With the implementation of a groundwater injection/extraction or recirculating
well system for administering the chosen substrate, the persistence of acetate may pose
some problems associated with groundwater and treatment system flow, as well as
facilitating a drop in pH. Acetate coming into contact with aerobic zones either in-situ

or in an extraction well could potentially be utilized by aerobic microorganisms. Large
amounts of acetate in conjunction with the high growth yields of aerobic

microorganisms could lead to plugging or bio-fouling of the extraction well, and reduce

treatment system efficiency. Based on previous research it is unlikely that a completely
oxidizing sulfate-reducing regime could be stimulated under the high salinity
environment characteristic of the Point Mugu aquifer. Stimulating acetotrophic
methanogenesis could help eliminate the potential problems associated with acetate
accumulation by removing it from the system. Pulsing the flow or the addition of the
primary substrate into the aquifer may allow adequate time for the development of an
acetotrophic/methanogenic culture so that acetate would not continue to build up in the

active zones. As previously speculated, the lower groundwater to aquifer solids ratio in
the aquifer may reduce the inhibitory effects of hydrogen sulfide on acetate utilization
and methanogenesis. This would be the case as long as sulfate was not being
continuously introduced into the treatment zone through normal groundwater flow
where it would be reduced to hydrogen-sulfide.

Although many site studies and lab experiments have shown the benefits of
nutrient supplementation, mineral and vitamin addition only had a notable effect on the
rate and extent of dechlorination for lactate addition. Results of the unsupplemented
microcosms indicated that the aquifer solids and groundwater medium contains
adequate levels of nutrients required to foster the growth of different anaerobic

microbial populations. Therefore, the addition of nutrients will not be required to
stimulate anaerobic reductive dechlorination at this site. However, this was not the case
for aerobic cometabolism studies (Appendix B and C) conducted with the same aquifer
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solids and groundwater showing that the system was nitrate limiting (less than 5 mg/L
present).

It is questionable whether or not other common sulfate-reducing substrates like

propionate, pyruvate, malate, fumerate, or formate could be more effective at removing
sulfate and producing byproducts, which in turn could act as fermentation substrates in

the generation of hydrogen. Generally, the longer chained organic acids would be
expected to provide more in the way of reducing equivalents and byproducts for sulfate-

reduction, hydrogen production and dechlorination. Potential substrates for stimulating
reductive dechlorination should provide several different functions given the complexity
of anaerobic microbial systems involved. They should provide a source of reducing
equivalents to reduce any competing electron acceptors like sulfate, nitrate, iron and
manganese and lower the system redox potential to levels necessary for methanogenesis

and reductive dechlorination. At the same time they should generate formate or
hydrogen, the terminal electron donors in the dechlorination process, or generate other
organic intermediates which in turn can be converted to formate or hydrogen. The
selected substrate will need to be selected and administered in such a way that
competition for hydrogen by other syntrophic organisms such as sulfate-reducers and
methanogens with dechlorinators is minimized.
It is also questionable whether or not the addition of larger amounts of substrate
could increase dechlorination efficiency and how it would effect the overall system and

the interaction between the different microorganisms present. As indicated by most of
the non-chlorinated compound anaerobic studies cited, COD/substrate:sulfate ratios
appear to be one of the main controlling factors in the relative predominance of sulfate-

reduction or methanogenesis. Higher electron donor COD:sulfate ratios may foster
syntrophic methanogenesis over sulfate-reduction. It is apparent that sulfate-reduction
is required to lower the redox potential and eliminate sulfate as a competing electron

acceptor so that dechlorination can be realized. Therefore a predominantly
methanogenic system is not desired, and it would be beneficial to determine the effect

of excessive substrate addition on the given system. It may be found that too much
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substrate could overwhelm the system and result in the selection of methanogenesis
over both sulfate-reduction and dechlorination.

As observed in other studies (Pavlostathis & Shuang, 1991; Schollhorn et al.,
1995; DiStefano et al., 1992) the final dechlorination step from VC to ethylene is the

slowest and most problematic, often leading to the accumulation of VC. The
accumulation and persistence of VC in the aquifer is undesirable because of its greater

toxicity than that of the other chlorinated ethylenes. Based on the observed VC
transformation rates and estimated masses of TCE, DCE and VC present in the aquifer
(OHM Remediation Corp., 1998) it would take 20 to 30 years to completely transform
VC to ethylene.

In response to regulatory concerns that an in-situ anaerobic treatment scheme

would only transform TCE to VC, aerobic studies were also conducted as part of this
research to determine if VC could be effectively removed from the system under aerobic

conditions (Appendix C). Aerobic microcosm studies with Pt. Mugu aquifer solids and
groundwater showed that VC could be degraded to below detection with the addition of
methane and nitrate.

Another sequential anaerobic/aerobic microcosm initially stimulated with
benzoate, which produced significant amounts of both methane and VC, was unable to

utilize any methane or remove any VC with the introduction of oxygen. The uptake of
over 45 mL of oxygen during an eleven day period was assumed to be attributed to re-

oxidation of sulfide. Although no sulfate or sulfide data was collected during the
anaerobic/aerobic transition, a noticeable decrease in the characteristic black sulfide

coloration was observed in the microcosm. As a result, the implementation of an
aerobic treatment polishing step to remove VC may be infeasible under in-situ

conditions following sulfate-reduction. In essence, all of the reduced sulfate may have
to be re-oxidized before methane uptake and VC cometabolism could occur. For
groundwater sulfate concentrations exceeding 1,000 mg/L, this could generate
significant and infeasible oxygen requirements for a sequential anaerobic/aerobic
treatment scheme to remove VC following anaerobic processes.
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4.3

Conclusion

Based on the success of the reviewed studies and the increasingly expanding knowledge

of biological systems as well as physical and chemical hydrogeology, in-situ
bioremediation is being evaluated as a feasible remediation technique for full-scale

application at contaminated sites by consultants and regulatory agencies alike. Bench
scale microcosm studies such as these with site-specific aquifer solids and groundwater

are a valuable tool in evaluating the feasibility of implementing biological treatment
schemes in-situ. Due to the physical, chemical and biological complexity of the
subsurface, bench scale studies should be conducted on a site by site basis to elucidate

site-specific conditions necessary to facilitate in-situ bioremediation. In addition to
providing valuable information regarding overall treatment feasibility, bench scale
studies also provide data which can be used to create site-specific models for the
prediction and evaluation of full scale in-situ treatment systems once they become
operational.
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A.

ANAEROBIC STUDY SUPPLEMENTAL FIGURES

Figures A.1 and A.2 represent short and long-term data, respectively for the duplicate

lactate microcosm LTCE2 discussed in Section 3.2.2 of the Anaerobic Study. The
observed break in the data after 200 days in Figure A.2 resulted from a broken cap. The
microcosm was immediately recapped in the anaerobic glove box and appeared to be
unaffected with the successful transformation of another re-addition of TCE.

Figure A.3 is the long-term data for the duplicate benzoate amended microcosm
BTCE1 discussed in Section 3.2.3 of the Anaerobic Study.

Figure A.4 depicts sulfate and alkene data for all three methanol amended

microcosm MTCEM, MTCE1 and MTCE2 discussed in Section 3.2.4. Long-term TCE
data for these microcosm was normalized with the TCE controls.
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for lactate amended microcosm (LTCE2)
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B.

AEROBIC STUDY

Aerobic microcosm studies were conducted to evaluate the potential and extent
of cometabolic TCE degradation through the stimulation of methane, phenol and
propane utilizing microorganisms present at the site. It has been shown by others that
naturally occurring microorganisms produce oxygenase enzymes to degrade these and

other growth substrates, which also have the ability to degrade TCE and other
chlorinated aliphatic compounds (see Section 2.7). In this process, termed
cometabolism, the oxidation of TCE to an unstable TCE-epoxide by an oxygenase
enzyme does not provide energy for cellular growth or maintenance. Subsequently,
TCE-epoxide undergoes rapid mineralization to various organic acids and ultimately
chloride, carbon dioxide and water.

B.1

Microcosm Set-up

Aerobic microcosms were prepared in autoclaved 100 ml (125 ml actual

volume) Wheaton amber serum bottles and were sealed with Kimble 20 mm aluminum
crimp seals with PTFE rubber septa under a laminar flow hood. Approximately 15 ml
of wet aquifer solids (collected from boring OSU-3, Jar-2, comp.18-22 ft) and 50 ml of
groundwater from well 55W12A were placed into the serum bottles prior to sealing.
The remaining serum bottle volume (60 ml) acted as a headspace for sampling and

provided an oxygen source for the microorganisms. All bottles were amended to
approximately 30 mg/L-nitrate due to the low nitrate levels at the site and in the

groundwater samples (less than 5 mg/L). A primary substrate to TCE mass ratio of
approximately 200:1 was used in adding growth substrates and TCE to the microcosms.
Target masses to be added to the bottles were 5 mg of primary substrate (methane,
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phenol, and propane) and 25 j_tg TCE. Active substrate and TCE control bottles were
set-up in duplicate.

Three different types of control micorocosms were prepared to verify biotically

mediated substrate utilization and TCE cometabolism: Control bottles containing only
TCE (without growth substrates), control bottles containing only growth substrates and
sterilized/autoclaved controls containing only growth substrates were used. Sterilized
controls were autoclaved on three successive days at 10 psi and 140 °C for 15 minutes

to ensure that no viable microbial populations were present in the bottles. Table B.1 is a
matrix outlining the bottle/microcosm identification and setup. Bottles were incubated
at room temperature on a New Brunswick Scientific G10 Gyrotory Shaker table at 100
rpm.

Table B.1: Aerobic Study Bottle/Microcosm Set-up Matrix

SP

Comments/
Bottle
Description
active-methane & ICE
active-methane & TcE
active-methane control
sterilized methane control
l'CE control
active-propane & ICE
active-propane & TCE
active-propane control
sterilized propane control

ICEI

1 CE control

b

PH I CE I

active-phenol & ICE
active-phenol & ICE
active-phenol control
sterilized phenol control
TCE control
ICE control

15

Bottle/
Microcosm
I.D.
M FCE1
M i L,E2
M1
SM

FCE2

PICE1
PTCE2
P1

PH CM
PHI
SPH

10E3
I CE4

'Soil
(ml)
15

b

15
15
15
15
15

15
15

15

15
15
15
15

1 arget Mass & Constituents Added to Bottles
bGroundTCE
Methane
Propane
water (ml) ([1g);`(mg/L)
(mg)
(mg)
50
25;0.34
5
5
25;u.34
50
50
5
50
5
50
25;0.34
50
25;0.34
50
25;0.34
5
50
5
50
5
0
25;0.34
50
2;0.34
50
25;0.34
50
50
50
25;0.34
50
25;0.34
-

a OSU-3 (JAR-2) comp. 18'-22': wet aquifer solids
b from site well 55W12A
aqueous TCE concentration accounts for partitioning (headspace conc.-0.13 mg/L)

Phenol
(mg)
-

-

-

5
5
5
5

-

133

B.2

Methods

Microcosms were spiked with TCE and phenol saturated aqueous stock
solutions, whereas methane and propane were added to the bottles in pure gas form. All
substrate and TCE additions were done through the septum with calibrated Hamilton
syringes. The microcosms were purged under a fume hood with either pure nitrogen or

helium for 15 minutes to remove any residual TCE and volatile growth substrate
between each successive stimulation. Bottles were then centrifuged for 20 minutes at

20,000 rpm to settle out suspended biomass. The bottles were then uncapped under a
laminar flow hood and 50% (25 ml) of the groundwater was decanted and exchanged

with fresh groundwater. Bottles were allowed to equilibrate in the laminar flow hood to

atmospheric conditions for 15 minutes prior to recapping. Bottles were re-spiked
through the septa with calibrated Hamilton syringes, placed in a wrist shaker for 15

minutes then allowed to equilibrate for another 30 minutes prior to sampling. The bottle
headspace was equilibrated prior to sampling with pure oxygen using a 5 ml wetted
glass barrel syringe to achieve atmospheric pressure in the bottle headspace and to
replenish the oxygen supply.
Headspace samples (100 [11) were then collected with a 100 Ill Hamilton gastight

syringe and injected into a Hewlett Packard (HP) 6890 series Gas Chromatograph (GC)

and analyzed on an HP 3393A series integrator. TCE was retained on an HP-624
(19091V-433) capillary column and analyzed with an electron capture detector (ECD).
Methane and propane were retained on an Alltech C-5000 packed column and analyzed
with a flame ionization detector (FID).
Phenol analysis was conducted by high performance liquid chromatography (HPLC)

using an Altex model 110A HPLC pump in tandem with a Phenomenex Envirosep-pp
column (00E-3029-EU), Dionex series 2001 Variable Wavelength Detector set at 254

nm, and an HP 3394A series integrator. Aqueous phenol samples were prepared by
diluting a 100 1.11 microcosm groundwater sample into 1 ml of deionized (DI) water and

centrifuging in 1.5 ml microcentrifuge tubes at 12,000 rpm for 2 minutes.
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Approximately 0.2 ml of the prepared sample suppernatant was then extracted out of the
1.5 ml microcentrifuge tube and injected into the HPLC pump for analysis.

Instrument calibration standards were prepared analogous to the active bottles using the
same 125 ml serum bottles and caps, stock solutions and gases, with 65 ml of DI water.

Four to five point calibration curves spanning the target concentration range were run
and prepared prior to each respike activity. Appropriate published partitioning
coefficients (Gossett, 1987) were used to determine mass balances in the bottles.

B.3

Aerobic TCE Cometabolism Results

TCE data was normalized to the initial concentration and plotted to show the
relative percent removals, while primary substrate values were presented as total mass.

Controls verified the removal of TCE in the methane and phenol fed systems, but not in
the propane fed bottles.

B.3.1

Methane Stimulation

As shown in Figure B.1, for the first stimulation, the initial lag time for methane
uptake was between 4 to 5 days. Approximately 30% removal of TCE was observed
following the complete uptake of methane. Subsequently, TCE removal tailed off and
ceased in the week following methane utilization.
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Figure B.1: Methane utilization & TCE cometabolism; first stimulation.

In subsequent methane stimulations and TCE respikes, methane uptake was
essentially instantaneous, and complete within the first 3 days of the time course

experiments (Figure B.2). Figures B.2 and B.4 show that TCE removals of
approximately 50 to 60% were achieved for the third and fourth stimulations.

136

10

1.2

TCE

9

1.0

8

o MICE1

7

MTCE2

0.8

e

MTCE2

0

0.6

6

M1

5

G SM

Lu

4

0.4

3

Methane
2

0.2
1

0.0

0

0

1

2

4

3

5

6

7

8

9

10

11

12

13

14

Time (days)

Figure B.2: Methane utilization & TCE cometabolism; fourth stimulation
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Figure B.3: Relative TCE removals for repeated methane stimulations
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Results indicate that methane utilizers are present at the site, but that they only

posses a limited ability to cometabolically degrade TCE. Further stimulations may have
resulted in a larger population of methane utilizers and higher TCE removals, but a
copper analysis of the groundwater samples indicate that the conditions may be
preferential for particulate-methane-monooxygenase (p-MMO) systems. Oldenhuis et.
al. (1989) have shown that soluble-MMO (s-MMO) systems, which have a higher
potential for TCE cometabolism than p-MMO systems, can be inhibited by soluble
copper. Although, they studied copper stress effects at approximately 300 ppb, the
analyzed copper concentrations between 0.5 to 0.7 ppb for the groundwater samples

used in this study indicated that copper was present. Potential copper availability from
aquifer solids may have some adverse effects on enzyme expression for s-MMO.

B.3.2

Phenol Stimulation

Bottles amended with phenol as the primary substrate initially showed improved

substrate utilization and TCE removal over methane fed bottles. Figure B4 shows that

the initial lag time for phenol uptake was between 0.5 and 1.5 days. Complete phenol
utilization was achieved by the second day of incubation, followed by approximate TCE
removals of 30 to 40% in the two active bottles after 8.5 days.
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Figure B.4: Phenol utilization & TCE cometabolism; first stimulation

Subsequent stimulations (Figures B.5 & B.6) showed instantaneous phenol
uptake and complete utilization within 0.5 days, in addition to improved TCE removals
of approximately 50 to 60%.
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Figure B.5: Phenol utilization & TCE cometabolism; second stimulation
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Figure B.6: Phenol utilization & TCE cometabolism; third stimulation
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Although phenol initially showed a higher potential for the removal of TCE as
compared to methane, Figure B.7 shows that TCE removals also reached a maximum of
about 50 to 60% after three stimulations.
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Figure B.7: Relative TCE removals for subsequent phenol stimulations

B.3.3

Propane Stimulation

As shown in Figure B.8, propane uptake was observed after a lag time of
approximately 40 days. Although the sterilized control (SP) showed a steady decline in
the amount of propane after 25 days, the uniform and sharp decline in all of the active
bottles between 40 and 45 days indicated the growth of a propane utilizing culture. A
decrease in TCE was also observed in the active bottles following propane utilization,
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but a coincident decrease in TCE for the TCE control bottle (TCE3) indicated that TCE
may not have been biotically degraded.
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Figure B.8: Propane utilization & TCE cometabolism; first stimulation

A second propane stimulation (Figure b.9) verified the presence of a propane

utilizing culture with the uniform and complete utilization of propane within 5 to 7
days. As verified by the TCE control bottle, no apparent TCE removal was observed
for this propane utilizing culture over a two week incubation period. Although propane
utilizers are present at the site, it appears that they have essentially no initial potential
for TCE cometabolism.
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C.

SEQUENTIAL ANAEROBIC/AEROBIC STUDY

Two separate studies were conducted to assess the feasibility of a sequential

anaerobic/aerobic treatment scheme. A previously conducted benzoate study showed
that TCE could be completely transform to VC along with the production of significant

amounts of methane. Since earlier studies showed that TCE could be transformed to
VC under anaerobic conditions in the presence of benzoate it was speculated that
removal of VC could be accomplished through stimulating aerobic organisms in the

presence of methane. Therefore, a strictly aerobic study was set-up to see if VC could
be effectively cometabolized in the presence of methane. The second part of the study

involved introducing oxygen into an anaerobic benzoate bottle (sequential
anaerobic/aerobic scheme) that had produced significant amounts of VC and methane.

C.1

Methane-Vinyl Chloride Cometabolism Study

Although earlier aerobic studies indicated that the site conditions possessed only
a limited potential for the cometabolism of TCE in methane amended systems, further

aerobic studies were conducted to assess the potential for VC cometabolism. Due to its
lower oxidation state VC was able to undergo essentially complete removal to below
detection limits in this study.

C.1.1

Microcosm Set-up & Methods

Bottles were prepared and maintained in a similar fashion as to those outlined in
the TCE cometabolism study, accept that pure and 1000 ppm (in nitrogen) VC gas was

used to spike the bottles. In addition, nitrate controls (microcosms not amended with
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nitrate) were set-up and monitored. Table C.1 outlines the bottle identification and set
up.

Table C.1: Aerobic Methane-Vinyl Chloride Cometabolism Study Bottle/Microcosm
Set-up Matrix
Bottle/
Microcosm
I.D.

Comments/
Bottle
Description

larget Values & Constituents Added
'Soil
bGroundVC
Methane
(ml)
water (ml)
(mg); (mg /L)
I

active-with nitrate`
15
60
0.025; 0.21
5; 
MVC2
active-with nitrate`
15
60
0.025; 0.21
5; 
MVC3
active-w/o nitrate
15
60
0.025; 0.21
5;
VC1
VC control/nitrate`
15
60
0.025; 0.21
VC2
VC control
15
60
0.025; 0.21
a
1), comp. 14 -18 ; wet aquifer solids
b from site well 23W01B
` amended with nitrate to approximately 30 mg/L
d
aqueous VC concentration accounts for partitioning (headspace conc.- 0.24 mg/L)
MVC I

VC and methane analysis was conducted by gas chromatography using an HP

6890 Series GC with a PID and FID in series. 100 pl headspace samples were injected
into and separated on a J&W Scientific GS-Q PoraPlot Mega Bore column (P/N
7409312). A one point standard was run after each sampling run for instrument stability

verification and calibration purposes. Peak signal response was analyzed using a ten
point external standard calibration on HP ChemStation software (version A.04.02).

C.1.2

Aerobic Methane - VC Cometabolism Results

As with the TCE-methane cometabolism study, Figure C.1 shows that there was

an initial lag time of 4 to 5 days for methane utilization. As shown in Figure C.2, the
initial methane stimulation was followed by 75 to 90% removals of VC by
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approximately 15 days. Another VC and methane respike responded with rapid and
instantaneous methane utilization and VC removal. Figure C.2 indicates that VC

removals of approximately 90% were achieved for a second methane stimulation. A
subsequent methane respike into the bottles at 33 days, without the exchange of
groundwater, addition of nitrate, or VC respike resulted in only slightly increased VC
removals.

The limited methane utilization (Figure C.1) observed after about 36 days
indicated possible nitrate limitations. With the addition of more nitrate at about day 43,
complete methane utilization was restimulated, as well as the further removal of VC to
non-detect levels (less than 1.6 ii.g/L-aqueous, 1.8 i_tg/L-headspace) in MVC1 and 7.7

1,1g/L in MVC2 (Figure C.2), after 47 days. Responses below reported detection limits

for VC were observed for subsequent sampling chromatograms, but were below set
integration parameters and were unable to be analyzed. Analysis of additional sampling
chromatograms showed no VC signal response beyond that of normal baseline response,

indicating that complete removal of VC was achieved. Another VC and methane
respike following groundwater exchange and nitrate addition resulted in rapid and
complete methane utilization followed by the complete removal of VC in MVC1 within
about 5 days. VC removal in MVC2 lagged that of MVC2, but went essentially to
completion in about 12 days.
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Figure C.1: Methane utilization; methane - VC aerobic cometabolism study
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Figure C.2: VC aerobic cometabolism; methane VC aerobic cometabolism study
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Although nitrate limitations were not studied in the TCE cometabolism studies
(all bottles were amended with nitrate), inspection of Figures C.1 and C.2 shows that the
control bottle, MVC3, without the addition of any nitrate, lacked the ability to utilize
methane and remove VC. These results along with nitrate data from site wells, indicate
that nitrate limitations for aerobic processes exists at the site.

C.2

Sequential Anaerobic/Aerobic Benzoate Stimulation

A preliminary anaerobic benzoate study, performed earlier in the study, was
conducted in a 500 ml clear Wheaton media bottles sealed with black phenolic screw
caps fitted with gray butyl rubber septa and flanges. Approximately 450 ml of well
55W12A site groundwater and 150 ml (OSU-3) aquifer solids were added to the bottle

in an anaerobic glove box. Analytical methods similar to those previously discussed for
the anaerobic study were administered.

C.2.1

Anaerobic Phase - Benzoate Stimulation

Approximately 1440 mg of benzoate (3200 mg/L) and 2.2 mg of TCE were

added to the bottle (PMTCE). As shown in Figures C.3 and C.4, reductive
dechlorination ensued after 42 days following the apparent reduction of all available

sulfate in the bottle. Dechlorination to VC was essentially complete after 60 days
(Figure 29).

Analysis of Figure C.4 indicates that benzoate utilization and sulfate reduction
started within the first two weeks of incubation. Methane analysis after about day 70

indicated that approximately 900 Imo' (14.5 mg) of methane was produced and was
present in the bottle headspace (Figure C.3). Additional benzoate and TCE respikes
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into the bottle also resulted in the dechlorination of TCE to VC with the production of
methane (data not shown).
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Figure C.3: Reductive dechlorination for benzoate amended bottle (PMTCE)
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Figure C.4: Benzoate utilization & sulfate reduction for anaerobic benzoate amended
bottle (PMTCE)

C.2.2

Aerobic Phase Following Anaerobic Benzoate Stimulation

After approximately 150 days, the groundwater and aquifer solids in PMTCE
were divided up into smaller 250 ml Wheaton media bottles for additional studies. Two
smaller bottles were created, each containing approximately 200 ml groundwater and 50

ml aquifer solids, and were labeled PMTCEsmall, and PMVC. The remaining 100 ml
of groundwater and 50 ml of solids were left in the original bottle (PMTCE).
After the transfer in an anaerobic glove box, PMTCE was opened and allowed to

equilibrate to atmospheric conditions, introducing oxygen into the bottle, for
approximately five minutes under a fume hood. The bottle was then amended with
additional methane to approximately 10 mg/L in the headspace. After equilibrating for
several hours, methane and residual VC were analyzed. The bottle headspace was then
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equilibrated with pure oxygen using a wetted glass barrel syringe. As shown in Figure
C.5, significant oxygen consumption occurred after about 1.75 days. In all,
approximately 45 ml of pure oxygen was added to the bottle (PMTCE) over a 9 day

period without the uptake of any methane or removal of VC. A noticeable decrease of
the characteristic black sulfide coloration in the bottle was observed during the time of
oxygen uptake. Although, no sulfate data was collected, this observation indicates that
oxygen uptake was associated with the oxidation of the sulfides still present in the bottle

at the time of oxygenation. PMVC, also shifted to an aerobic system, showed similar
oxygen uptake results (data not shown).
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