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Agricultural tile drainage is one of the major causes of increasing nitrate (NO3-)
concentrations in surface water bodies thanks to the usage of nitrogen fertilizers and
manure. Denitrifying bioreactors are constructed at the edge of agricultural lands in order
to remove NO3- from drainage water through labile carbon substrates intended to promote
denitrification.
This field-scale study is the examination and modeling of NO3- removal
performance of a woodchip bioreactor installed in Corvallis, OR. During flow periods,
water samples were collected on a weekly basis for lab analysis of nitrate, nitrite and
ammonium. NO3- concentrations measured in the influent varied in the range from 2 to 13
mg/L (on average 8 mg/L) while effluent concentrations averaged 6 mg/L (1 - 12 mg/L).
Results showed that mean volumetric NO3- removal rate achieved by the bioreactor
throughout the study period was 21 g N/ m3 /d and the average percent NO3- reduction was
26% that fell within the range of reported values. These findings further indicated that

woodchip bioreactors operating under cold-weather environmental settings are effective
means to removal of NO3- loads from agricultural landscapes.
The model that integrates simulated drainage discharge into temperature-dependent
denitrification rates was validated using observed effluent nitrate with a Nash-Sutcliffe
efficiency coefficient (NSE) value of 0.506, indicating the efficacy of the model in line
with model evaluation criteria. Based on the univariate analysis conducted, the most
sensitive model parameters are influent nitrate, hydraulic retention time and water
temperature, respectively.
The MIN3P code was also utilized to predict NO3- concentrations along the length
of the bioreactor for a simulation interval of a day and nitrate levels in effluent water
through the monitoring period. The simulated nitrate concentration profile suggests that
nitrate removal occurs primarily within the first few meters of the denitrification bed. The
assessment of MIN3P model resulted in a NSE value of 0.043 and a coefficient of
determination (R2) of 0.416.
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Modeling and Validation of Denitrification Bioreactors for Agricultural
Tile Drainage
CHAPTER 1. INTRODUCTION
Increasing trends in intensive agricultural practices have had a profound effect
on the nitrogen content and the quality of surface water bodies throughout many
regions of the United States. Applied nitrogen-based fertilizers are amenable to being
washed out from the cultivated soils, since nitrate has highly mobile characteristics in
water and soils. Elevated concentrations of nutrients and pesticides, nonpoint source
pollution in waterways are mostly attributed to the misapplication and/or overuse of
fertilizer and animal waste to cultivated fields through agricultural drainage systems
(Scavia & Bricker, 2006). Nitrogen fertilizers have been benefited in modern and
intensive agriculture in order to improve crop yields; however, excess nitrogen (N) cannot
be taken up by the roots of plants. NO3- leaches through soils to surface water bodies and
groundwater, reducing soil minerals, acidifying soils, and altering drinking water
ecosystems (Likens et al., 1996).
Heavy discharges of NO3- into an aquatic system lead to eutrophication, which is
likely to cause unintended fertilization of algae blooms that are greater than a given aquatic
system can sustain. In addition to eutrophication, the existence of sufficient phosphorus
and inorganic nitrogen can result in acidification in freshwater ecosystems as well (D. W.
Schindler et al., 1985). Decreased diversity of both animal and plant species, broadly
speaking, accompanies both eutrophication and acidification (Schindler, 1990).
Agricultural tile drainage systems are one of the best solutions to enhance
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productivity by improving the timeliness of field activities and operability of the soil in
many locations around the globe. Subsurface drainage systems, also known as ‘tile’
drainage, made of water permeable drainage pipes that are typically 10-16 cm in diameter
and installed often 0.6 to 1.2 m below poorly drained agricultural land at a gently sloping
gradient of 0.01% to 0.1% towards the outlet point(s). These systems are one of the best
management practices to improve the soil storage capacity and crop yield. On the other
hand, the usage of tile drainage systems is likely to precipitate detrimental water quality
problems associated with an outflow of drainage pipes where the excess amount of water
collected from the field reaches a local discharge point. Through poorly-managed
subsurface drainage systems, dangerous amounts of nitrate are transferred from drainage
effluent to local surface water bodies. Before reaching a drainage system, NO3concentration of the water will decrease through soil profile, but drainage water is
relatively conveyed rapidly in the pipes. This relatively limited period can impede certain
natural processes like denitrification and root uptake to occur in the root zone of the soil
(Kellman, 2005). The adverse effects detected on downstream water quality resulted from
intensive agricultural applications such as subsurface drainage systems, overuse of
fertilizer and animal waste, and irrigation call for best management practices for nitrate
removal.
The term of best management practices (BMP) is described as applications which
are intended to control the amount of point and/or non-point source pollutants
contaminating surface water bodies. The success of these implementations can be
evaluated according to their potential to diminish the presence of a nutrient contaminant
and how the application alters the mass distribution of the contaminant between sediment,

3

run-off water and percolating water (Logan, 1993). There are a number of agricultural
management strategies used in NO3- removal include (1) improved on-field applications
such as better crop rotations, cover crops and enhanced fertilizer applications (2)
constructed practices such as controlled drainage systems; and (3) edge-of-field or instream nitrogen sinks like constructed wetlands and denitrification bioreactors.
(Christianson & Helmers, 2011). A combination of two or more such applications and
management practices is likely to be required at many fields so that landowners can meet
water quality goals in conjunction with satisfactory crop yields. The great variability in the
effectiveness of these practices is directly associated with the location of the system as well
as temporally alterations in the amount of tile flow and nitrate concentrations. Edge-offield techniques have particular difficulty decreasing NO3- load during high flow periods,
and this is when most transport is expected to occur (Ikenberry et al., 2014; Royer et al.,
2006).
Denitrification bioreactors for agricultural drainage are an edge-of-field best
management practice that involve solid carbon substrates (often fragmented woodproducts) are placed into the flow path of tile/drain discharge. The constructed denitrifying
bioreactor involve the filtering of nitrate-rich water under an anaerobic condition in order
for nitrate-nitrogen (NO3--N) removal to occur in drainage effluent through denitrifying
bacterial organisms cultivated within the system. In this anaerobic environment electrons
donated from carbon media provides the required cellular energy for denitrifiers to proceed
the conversion of nitrate to either nitrous oxide (N2O) or molecular nitrogen (N2). The
most widely approach to define the nitrate attenuation process in the subsurface flows is
the heterotrophic denitrification, which includes the reduction of NO3- to nitrogen gases
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with the help of a carbon source as the electron donor and for growth (Rivett et al., 2008;
Seitzinger et al., 2006). The availability of degradable carbon source makes the
denitrification reaction possible on the pathway of the subsurface drainage flows before it
enters aquatic environments. To date, it has been reported in the literature that there is no
necessity to inoculate the soil with denitrifying bacteria since denitrifiers are expected to
colonize solid-state carbon media naturally. A wide range of NO3- reduction performance
(up to 98% NO3- attenuation) has been reported in both field-scale studies and laboratory
trials over the past decade, particularly in the Midwestern United States (Bell et al., 2015;
Christianson et al., 2012; Verma et al., 2010). On the other hand, there is still a lack of
information regarding the NO3- removal efficiency of bioreactors across different climates,
site-specific parameters like soil and drainage conditions and possible unintended side
effects such as sulfate reduction and the methylation of mercury.
In the current field scale study reported herein, a recently constructed denitrifying
bioreactor at the Oregon State University Experimental Dairy Farm was monitored from
December 7, 2017 to February 14, 2018 for its effectiveness to reduce nitrogen
contaminants in subsurface tile drainage water. The primary objectives of this project
included: (1) determine the amount and percentage removal rate of NO3- reduced by the
denitrification bioreactor at the OSU dairy farm; (2) predict the tile drain discharge rate
entering the bioreactor through, Drainmod (Skaggs, 1978), a widely acknowledged fieldscale agricultural drainage and water balance model; (3) simulate nitrate concentration of a
denitrification bed effluent with the help of daily drainage rate estimated by Drainmod and,
macromolecular rate theory (MMRT) (Hobbs et al., 2013), a thermodynamic theory that
incorporates heat capacity into the rate equation to model the temperature dependence of
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enzyme reaction rates and microbial growth; and (4) develop simulated NO3- concentration
profile of the bioreactor via MIN3P (Mayer et al., 2002) which is a powerful threedimensional analysis tool to simulate multicomponent reactive transport occurring in both
the vadose zone and saturated groundwater environment.
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CHAPTER 2. LITERATURE REVIEW

2.1 Agricultural Drainage
Artificial drainage systems in modern and intensive agriculture are concerned with
removing drainable or standing water from agricultural fields and lowering water table
with the help of subsurface perforated pipes and/or surface ditches. Subsurface drainage is
a fundamental water management practice for lands where the soil water-permeable
enough to allow proper spacing of the drains. The spacing and the depth of corrugated tiles
affects the water table level between drains after a rainfall event. The required drainage
layout and depth to keep the groundwater level at an optimal value by site-specific
parameters like permeability of the soil or topography. Before installing of an entire
subsurface drainage system, it is required to survey topography of the field to be drained.
The amount of the surveying depends to a great degree upon the lay of the site. Unlike the
fields that have a virtually constant slope through the whole land, a topographic survey
ought to be done for even slightly undulating areas, otherwise, it would be challenging to
decide on the locations where drains should be placed. In addition to topographic
information, the drainage layout that best fits the topography of the site is ought to be
selected based on a good understanding and drainage characteristics of the soil profile. The
four basic patterns used in the design of drainage are illustrated in figure 2.1.
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Figure 2.1: Basic patterns for subsurface drainage systems (Drablos & Moe, 1984)
Subsurface drainage systems can be employed with ideal efficiency when approximately
half of the total soil volume made out of a continuous network of large and small pores
(Drablos & Moe, 1984).
Historically, the most common material for agricultural drainage lines benefited by
both the drainage contractor and landowner was clay pipes, typically called tiles, which are
inserted end-to-end within trenches. At present, tiles have been replaced with plastic pipes
with adequate perforations because of its higher durability and accessibility compared to
other possible options made out of clay, concrete, bituminized fiber or metal. These
systems enable the landowner to control the cropland’s shallow water table depth and
discharge excess water away from the agricultural field to a local surface water point. The
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goal is to collect excess water from the soil profile into drainage pipes via the perforations
at the times when the depth to the water table is lower than the distance from the surface to
the drains. A subsurface drainage system is expected to provide trouble-free service for
several years as long as the amount of soil cover required over the drains and the slope of
the land with other essential topographic information are taken into consideration carefully
before installation.

2.2 Nitrogen Transformations and Denitrification
Nitrogen is one of the primary nutrients associated with terrestrial and aquatic
ecosystems and 79.1% of the earth’s atmosphere composed of nitrogen gas (N2). In many
ecosystems, nitrogen is a scare resource because of its limited accessibility to most
organisms when it exists in the form of nitrogen gas. Reactive nitrogen (Nr) term
represents all biologically active forms of nitrogen that has a cascading impact on the
environment and human-beings. Reactive nitrogen species include following: inorganic
reduced forms (e.g. ammonia [NH3] and ammonium [NH4+]), inorganic oxidized forms of
N (e.g. nitrogen oxide [NOx], nitric acid [HNO3], nitrous oxide [N2O] and nitrate [NO3-])
and organic nitrogen compounds. The migration of N species among the soil, water and
atmosphere characterize the nitrogen cycle on a global scale. In terms of controlling
biological activity in the soil, nitrogen is the most significant element just after carbon. The
soil has its own internal nitrogen cycle that interacts with global processes result in
nitrogen transformations to maintain the balance at numerous points. Nitrogen undergoes
numerous different forms in an ecosystem because of the fact that the oxidation states of N
enable transformation processes to take place. The valance state of the nitrogen varies from
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+5 (electron-poor) to -3 (electron-rich) in its many combined transformations, as shown in
Table 2.1.

Table 2.1: Forms of reactive nitrogen (Nr), formula, valence, and general chemical/physical state
(Follett et al., 2010)
Ion or molecule

Formula
-

Valence of Nr

General State

Nitrate

NO3

+5

Ion, highly soluble in water

Nitrogen dioxide

NO2

+4

Gaseous

-

Nitrite

NO2

+3

Ion, highly soluble in water

Nitric oxide

NO

+2

Gaseous

Nitrous oxide

N2O

+1

Gaseous

Elemental N

N2

0

Inert gas (nonreactive N)

Hydroxylamine

NH2OH

-1

Liquid (>8oC)

Hydrazine

N2H4

-2

Oily liquid/white crystal

Ammonia

NH3

-3

Gaseous

-3

Ion, highly soluble in water

Ammonium

NH4

+

The dominance of any nitrogen compound present is subject to the environmental
conditions of the aquatic ecosystem, particularly temperature, oxygen and microorganism
activity coupled with the mineralization rates of labile organic nitrogen (Lee et al., 2006).
Furthermore, the speciation balance can be controlled by seasonal alterations regardless of
the total nitrogen concentration exist in the system (Burt et al., 1993).
In soil-water systems, nitrogen species can exist as ammonium-nitrogen (NH4-N),
nitrite-nitrogen (NO2-N), nitrate-nitrogen (NO3--N), organic nitrogen and nitrogen gas. It is
reported by the U.S. Geological Survey (USGS) that the usage of nitrogen-based fertilizer
increased by almost 800% between 1960 and 2000 with rice, maize, and wheat
corresponding to about half of fertilizer use, currently (USGS, 2015). The nitrogen
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fertilizer use efficiency ordinarily drops below 40 percent, meaning that a vast majority of
applied fertilizer is either washed out of the root zone or released to the atmosphere as N2
before assimilating into biomass. The reactive nitrogen uptake through the roots of a plant
from the soil typically occurs in the form of NO3- or NH4+ ions.
Worldwide, the usage of ammonium-based fertilizer stands for approximately 90%
of the total, in which NH4+ can be converted into highly mobile NO3- that represents the
stable end-product of the nitrification process. NO3- plays a critical role in primarily
production and species diversity in aquatic and terrestrial habitats since it is the most
commonly formed bioavailable nitrogen species (Mueller & Spahr, 2006). The influence of
anthropogenic activities on N transformations, often causing high loads of NO3- in
groundwater and surface water bodies (Rabalais et al., 2009). Nitrogen fertilizer and
animal waste has been identified as major contributors to NO3- contamination in
agricultural watersheds (Wieben et al., 2013). As NO3- quite soluble form of nitrogen in
water and vulnerable to being removed from the unsaturated zone through water fluxes, the
amount of NO3- exist in root zone beneath the fertilized agricultural sites is often
proportional to precipitation and flow rate (Bakhsh et al., 2007; Cambardella et al., 1999).
Denitrification is the central process of the nitrogen cycle with respect to the
subsurface groundwater environment and includes the conversion of soil NO3- back to
nitrogen gas through a chain of microbial reductions (Knowles, 1982). While dinitrogen
gas is the ultimate final product of the complete denitrification, other nitrogen gas species
can be generated in one of the intermediate steps stated below.
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𝑁𝑁𝑂𝑂3− → 𝑁𝑁𝑂𝑂2− → 𝑁𝑁𝑁𝑁 → 𝑁𝑁2 𝑂𝑂 → 𝑁𝑁2

(2.1)

Each step enacted by specific enzymes that are in charge of the production of intermediate
products mentioned in equation 2.1. These individual enzymes are called
nitrate reductase (nar), nitrite reductase (nir), nitric oxide reductase (nor), and nitrous
oxide reductase (nos) respectively. Each denitrification enzyme can be induced, principally
in response to dissolved oxygen (DO) concentration and substrate C availability
(Robertson & Groffman, 2015). There is a certain time interval between the production of
a denitrification intermediate substrate and its consumption via the subsequent enzyme
since enzyme induction proceeds sequentially and substrate dependent (Robertson &
Groffman, 2015). Although denitrification process is expected to end with dinitrogen gas,
the stable end product, the reaction can also produce NO2 that is significantly more toxic
than NO3- and N2O, one of the primary greenhouse gases in the Earth’s atmosphere. Under
the conditions in which DO concentration in solution is quite low, N2 is expected to be the
final product; but, more intermediate or variable DO levels may arrest denitrification with
the formation of NOx (Brady and Weil, 2002). Additionally, low pH or quite high levels of
nitrate stop the reaction at the N2O stage (Rivett et al., 2008). The complete denitrification
reaction relating NO3- and organic matter forms N2, carbon dioxide (CO2), and bicarbonate
(HCO3) if organic carbon is the electron donor.

5𝐶𝐶𝐻𝐻2 𝑂𝑂 + 4𝑁𝑁𝑂𝑂3− → 2𝑁𝑁2 + 𝐻𝐻𝐻𝐻𝐻𝐻3− + 𝐶𝐶𝑂𝑂2 + 3𝐻𝐻2 𝑂𝑂
Based on the specified stoichiometry of denitrification reaction above, 1.25 moles of

(2.2)
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dissolved organic carbon (DOC) are capable of reducing each mole of NO3- to N2 if DO
level in the solution is low enough not to inhibit the process.
Denitrification reaction is considered to be a significant part of the N cycle
wherever O2 concentrations become limiting. It is because of the fact that O2 is the most
thermodynamically favorable electron acceptor for oxidation of organic carbon in the
saturated zone. In order for denitrification process to proceed efficiently, available O2
concentration is supposed to be lower than 2 mg/L (Stenger et al., 2013). However,
although denitrification occurs preferably under anoxic conditions, NO3- attenuation can
take place through simultaneous heterotrophic nitrification and aerobic denitrification as
well (Robertson et al., 1989). Bacteria in the saturated environment have a tendency to
oxidize organic compounds or inorganic species (e.g. FeS2, Fe2+, Mn2+) in order to
generate cellular energy (Rivett et al., 2008). While denitrification can be performed by
autotrophic denitrifiers as well, most of denitrifying facultative bacteria are known to be
heterotrophic (Korom, 1992). A broad array of heterotrophic bacteria requires reduced
carbon as the electron donor to denitrify during respiration. The main factor limiting
denitrification rates is often found to be the deficiency of available organic carbon to
supply energy to heterotrophic micro-organisms (Devito et al., 2000; Jacinthe et al., 1998;
Pabich et al., 2001).

2.3 Denitrifying Bioreactors
Denitrification bioreactors are a relatively emerging management technology for
NO3- removal from subsurface agricultural drainage water before it enters local water
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bodies. The Environmental Protection Agency (EPA) has adopted 10mg/L standard as the
maximum allowed concentration level (MCL) for NO3-N and 1mg/L for NO2-N for public
water systems. Thus, nitrate concentrations higher than the MCL for NO3- in drainage
waters ought to be considered as a potential threat to biodiversity of aquatic environments
and warm-blooded animals. Typical NO3- concentrations detected in drainage waters
without a treatment system vary from 10 to 35 mg/L (Schipper et al., 2010). NO3- mass
removal rates for denitrification beds incorporating wood, are supposed to be in the range
of 2 to 22 g NO3- removed per m3 reactor volume per day if they are operated with
appropriate field settings (Schipper et al., 2010).
Denitrification bioreactors were acknowledged as a new USDA NRCS national
conversation practice standard (no. 605) published in September of 2015. Since these
systems are federally approved, funding assistance provided by NRCS’s Conservation
Innovation Grants program for the construction of bioreactors has been available in line
with the standard stated above. On the basis of drainage treatment, the most effective best
management practices have been bioreactors and wetlands since both options can provide
high percent load reduction (40% average) (Havill et al., 2017). On the other hand, areal
NO3- removal rates for bioreactors is expected to be at least an order of magnitude higher
than the ones achieved by wetlands (van Driel et al., 2006; Robertson & Merkley, 2009).
Among other assessed agricultural practices include wetlands, buffers, and controlled
drainage; denitrifying bioreactors were also defined as the most cost-effective edge-of-field
application to remove nitrate from tile drainage on a dollar per pound basis (0.92 $/lb)
(Hoover et al., 2017).
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A denitrifying bioreactor is basically a trench excavated into the ground
constructed at the edge of a tile system, thus it not necessary to take any portion of the
agricultural site out of production. The trench is filled with a labile carbonaceous material
to enable heterotrophic denitrifying bacteria to utilize dissolved carbon as electron donor
through denitrification process. To date, woodchips have been utilized as fill substrate
predominantly in order to intercept and decontaminate agricultural waters, leading to the
terminology “woodchip bioreactor” that has been used to refer a denitrification bioreactor
(Hoover et al., 2017). Denitrifying microbial populations, also known as nitrate-reducing
bacteria (NRB), respire NO3- and convert it to inert N2 under anaerobic conditions in the
bioreactor chamber. Appleford et al. (2008) utilized denitrifying enzyme assays (DEA) to
identify the types of microorganisms contributing to denitrification in subsurface
bioreactors. They concluded that bacterial populations mediate denitrification process
primarily while fungi enhance the overall performance of the reaction by releasing organic
substrate molecules to bacteria from the woodchips. DEA analyses through the same study,
furthermore, indicate that denitrification process can occur both in the aqueous phase and
on the surface of the carbon substrate.
Carbon-based denitrification beds to treat tile drainage water have been researched
for more than 20 years. Blowes et al. (1994) pioneered the usage of organic carbon
materials (tree bark, wood chips, and leaf compost) to treat NO3- contamination from a
farm-field runoff. The nitrate removal rate of the in-line bioreactor receiving drainage
water containing nitrate contamination of 3-6 mg/L was sufficiently rapid to keep effluent
NO3- concentrations below 0.02 mg/L throughout the variations in residence times. Several
researchers have examined the performance of drainage denitrification bioreactors since
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Table 2.2: Overview of selected field scale studies involving treatment of agricultural run-off
through denitrification bioreactors
Reference

Site

Fill Material

Influent Nitrate
Concentration

Percent Removal
Rate of Nitrate

(Blowes et al.,
1994)

Ontorio, Canada

(van Driel et
al., 2006)

Southern
Ontario, Canada

Tree bark, wood
chips and leaf
compost
Fine and coarse
wood particles

33% (cornfield site)
53% (golf course
site)
≥ 55%

Woodchips

11.8 mg/L (cornfield
site) 3.2 mg/L (golf
course site)
19.1 to 25.3
mg/L
4.8 mg/L

(Jaynes et al.,
2008)
(Robertson &
Merkley,
2009)
(Moorman et
al., 2010)

Central Iowa

Woodchips

Southern
Ontario, Canada
Northwest
of Ames, IA

Woodchips

20 to 25 mg/L

≥ 50%

(Chun et al.,
2010)

Decatur, IL

Woodchips

NA

47% load

(Verma et al.,
2010)

DeLand, Illinois

Woodchips

42% - 48% load

(Verma et al.,
2010)

Decatur, Illinois
(west)

Woodchips

(Verma et al.,
2010)

Decatur, Illinois
(east)

Woodchips

(Woli et al.,
2010)

DeLand, EastCentral Illinois

Woodchips

3 to 15 mg/L
(Performance
Curves)
5 to 23 mg/L
(Performance
Curves)
4 to 15 mg/L
(Performance
Curves)
2.8 to 18.9
mg/L

(Christianson
et al., 2012)

Pekin, Iowa

1.2 to 7.8
mg/L (annual mean)

22% - 74%
load

(Christianson
et al., 2012)

Northeast Iowa

Mixture of gravel
and woodchips
(60% woodchips by
volume)
Woodchips (100%)

9.0 to 11.3
mg/L (annual mean)

11% - 13%
load

(Christianson
et al., 2012)

Greene
County, Iowa

7.4 to 12.8
mg/L (annual mean)

27% - 33%
load

(Christianson
et al., 2012)

Hamilton
County, Iowa

Mixture of
shredded material
and chips
Woodchips (100%)

7.03 to 13.11
mg/L(annual mean)

49% - 57%
load

(Hassanpour et
al., 2017)

Tompkins County,
NY

9.3 mg/L

42% - 55%

(Hassanpour et
al., 2017)

Chemung County,
NY

6.2 mg/L

66% - 68%

(Hassanpour et
al., 2017)

Steuben County,
NY

Mixture of biochar
and woodchips
(90% woodchips)
Mixture of biochar
and woodchips
(90% woodchips)
Mixture of biochar
and woodchips
(98% woodchips)

16.6 to 18.4 mg/L

58%-62%

NA – Not Available

3 - 6 mg/L

Approximately
100%

78%

81% - 98% load
54% load
33%
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the first study mentioned above. Selected field-scale drainage treatment studies are
summarized in Table 2.2.

2.3.1 Performance Controlling Parameters of Denitrifying Bioreactors
2.3.1.1 Denitrification Kinetics and Influent Nitrate Concentration
The main chemical reaction provides NO3- removal in bioreactors is found to be
microbial heterotrophic denitrification (Warneke, Schipper, Matiasek, et al., 2011).
According to past analysis of field-scale and lab column studies, the chemical mechanism
of denitrification process can fit both zero and first order kinetics depends upon the NO3concentration of tile drainage effluent. Some previous researchers have reported that
denitrification kinetics at influent NO3- concentrations greater than 1mg/L are zero order
(i.e. independent of concentration), suggesting that removal rate is controlled by another
parameter (presumably the release rate of degradable C from the carbonaceous media)
(Korom et al., 2005; P. W. van Driel et al., 2006; Warneke, Schipper, Matiasek, et al.,
2011). While the effect of fluctuating NO3- inputs on denitrification rate is limited since
denitrifying microbial population can survive even though influent nitrate concentrations
are very low, fluctuations in NO3- input can lead to the depletion of available carbon
steadily (Schipper & Vukovic, 1998). A transition to first-order kinetics can take place at
lower concentrations where denitrification rate is strongly proportional to daily average
NO3- concentrations, but in most settings, denitrification process in bioreactor is likely to
obey zero-order kinetics (Schipper et al., 2010). This theory was verified in a series of
column experiments with different aged woodchip media (0 to 7 years) which were
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conducted to estimate if there is a positive correlation between increasing inlet NO3concentrations of from 3.1 to 49 mg/L and nitrate removal rate (Robertson, 2010). While it
is concluded in the same study that influent NO3- is not the rate-limiting substrate since
NO3- mass removal rates stayed relatively constant over the concentration range, Addy et
al, (2016) reported lower NO3- mass removal rate at lower concentrations, which may
depict why N input levels are also required to be taken into consideration for bioreactor
design.
As an enzyme catalyzed reaction, denitrification, is assumed to follow the general
equation of the Michaelis - Menten kinetics which is utilized to describe denitrification
process in the soil environment (Laudone et al., 2011). The denitrification rate with respect
to nitrate as the substrate can be estimated by this equation.

𝑟𝑟𝑁𝑁𝑂𝑂3 =

Vmax C𝑁𝑁𝑂𝑂3
KM +C𝑁𝑁𝑂𝑂3

(2.3)

In equation 2.3 𝑟𝑟𝑁𝑁𝑂𝑂3 represents the hourly nitrate attenuation rate in mg L-1, Vmax is the

maximum nitrate removal rate achieved in the system (mg L-1 h-1), the Michaelis constant,
K M (sometimes represented as K S instead) (mg nitrate L-1), is the NO3- concentration at

which reaction rate is equal to half of maximum removal rate, and C𝑁𝑁𝑂𝑂3 is the influent NO3-

concentration (mg L-1). It is ought to be highlighted that C𝑁𝑁𝑂𝑂3 is typically assumed to

represent the total NO3- concentration exist in the system of the interest – which stands for,

in fact, the free NO3- concentration in the domain. This assumption is called free ligand
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approximation, and valid for the systems in which the rate constant is well above the total
enzyme concentration present in the system.
As stated before, if NO3- concentrations exceed the microbial capacity for
attenuation, NO3- removal is likely to fit zero-order kinetics. In this cases, the MichaelisMenten equation can be simplified since rate constant of the denitrification reaction is
quite lower than initial nitrate concentration.

𝑟𝑟𝑁𝑁𝑂𝑂3 ≅ Vmax

(2.4)

In addition to microbial denitrifier biomass, carbon substrate availability can be considered
as another limitation to NO3- removal rate at these higher initial nitrate concentrations. First
order representation of the Michaelis-Menten model is required to be applied at low
substrate concentrations where increasing denitrification rates are correlated with
ascending inflow nitrate.

𝑟𝑟𝑁𝑁𝑂𝑂3 ≅

Vmax C𝑁𝑁𝑂𝑂3
KM

(2.5)

Taking the reciprocal of both sides of Eq. (2.3) derives the Lineweaver - Burk (also known
as the double - reciprocal) equation that is utilized to obtain K M and Vmax values

accurately.
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1

𝑟𝑟𝑁𝑁𝑂𝑂3

=

KM

1

Vmax [C𝑁𝑁𝑂𝑂3 ]

+

1

Vmax

(2.6)

The inverse of the denitrification rate is graphed as a function of the inverse of the influent
NO3- concentration to yield a linear line with a slope of K M /Vmax and y-intercept of 1/Vmax .

2.3.1.2 Hydraulic Retention Time (HRT)
Hydraulic retention time (HRT) is one of most significant design parameters not only for
bioreactors but also other engineering-based solutions which are designed to prevent water
flowing quite fast through a media that can lower nitrate attenuation performance of the
system. Designers of the denitrifications beds ought to optimize the system based on
predicted flow rates to ensure sufficient time required for desired nitrate removal rates
(Addy et al., 2016). Hydraulic retention times are expected to alter throughout the year due
to the high seasonal variability in the flow rates of drainage effluents entering bioreactors.
In order to manage this uncertainty, most of the proposed denitrifying bed systems
incorporate upstream and downstream hydraulic control components (also known as
control structures) which enable researchers to adjust retention times (Figure 2.2). The
inline water level control structure is used to divert the flow into the bioreactor and control
how much drainage water can bypass the bioreactor and discharge directly to a ditch or
surface water body. The outflow control structure with a weir is utilized to adjust the water
level within the bioreactor via setting the level of the weir. Thus, the outflow control
component is responsible for controlling the retention time in line with the drainage flow
intensity and duration. For instance, this control structure should be lowered to ensure the
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HRT will not be quite high during the periods when no or weak flows are observed (e.g.
late summer). Likewise, when the bioreactor is receiving relatively higher amount of flows
(e.g. spring), it is ought to be raised to maintain an adequate retention time (Christianson,
2011). Based on the general design criteria for denitrifying bioreactors recommended by
the USDA natural resources conversation practice, edge-of-field denitrification

Figure 2.2: Descriptive illustration of a denitrification bioreactor with control structures
(Christianson & Helmers, 2011)
bioreactors typically requires lower HRTs during peak flow conditions. Designing a
denitrification bioreactor according to predicted total amount of drainage water from farm-
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field would call for quite high installation costs. The current NRCS conservation practice
standard recommends treating at least 15 percent of the peak flow from drainage effluent
(NRCS, 2015). Further, it is suggested in the same standard that bioreactor HRTs are
supposed design for a minimum of 3 hours at the peak flow capacity. Quite low retention
times can be observed during high flow situations and it may result in limited NO3- removal
which is attributed to insufficient reaction time for denitrification to proceed efficiently
(Cooke et al., 2001). Prolonged retention time, on the other hand, is likely to result in
complete NO3- removal, but also creating suitable conditions for undesirable reactions like
sulfate reduction or the methylation of mercury (Blowes et al., 1994; Shih et al., 2011).
HRT of a field-scale bioreactor is expected to be highly variable throughout the
year due to the fluctuation in drainage flow rates. Alteration in retention times is often
correlated with bioreactor pore volume and specific drainage discharge. HRT (in hours)
can be calculated as

𝐻𝐻𝐻𝐻𝐻𝐻 =

𝐴𝐴𝐴𝐴𝐴𝐴
𝑄𝑄

(2.7)

where A is the surface area of the bioreactor (m2), Q is the hourly drainage discharge rate
(m3 h-1) d is the active height of water in the bioreactor (m) and ρ is the effective porosity
of the carbonaceous fill media (Christianson et al., 2011). Effective porosity (also known
as drainable porosity or specific yield) corresponds to the portion of the total porosity
contributing to fluid flow through carbon media (Ghane et al., 2015). Unlike the effective
porosity, total porosity is estimated by considering pore-bound water as well which is
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typically obtained by drying material of interest. Total porosity values of attributed to
woodchip media was calculated as 0.85 and 0.89 (Ghane et al., 2015; Hoover et al., 2016)
while reported in-situ values typically range from 0.60 - 0.79 (Chun et al., 2010; Hoover et
al., 2017; Woli et al., 2010). A standard porosity value of 0.70 for field bioreactor design
has also been stated in the literature (Addy et al., 2016; van Driel et al., 2006). As can be
predicted, porosities of larger sized fill media (e.g. woodchips) was greater than the ones
estimated for carbon media with smaller grain size like sawdust - and lower porosity will
contribute to shorter HRTs during intense rainfall events in particular (Schipper et al.,
2010). Ima and Mann (2007) have also concluded that woodchip porosity is inversely
proportional to increased moisture content.
The potential of carbon-based bioreactors in terms of NO3- removal rates with
various retention times has been extensively studied at both field and laboratory scale. At
most of field scale studies, it is concluded that longer HRTs result in increased NO3removal efficiency (van Driel et al., 2006; Robertson, 2010; Woli et al., 2010). Hassanpour
et al. (2017) were monitored six denitrifying bioreactors that were installed on farms to
find the relationship between NO3- removal efficiency and HRT for the events with varying
drainage water temperatures. They defined a critical HRT at which complete NO3- removal
ensued and it was longer for the temperatures below 16°C. Below this critical retention
time, they found that removal efficiency linearly correlated with ascending HRTs. Hoover
et al. (2016) studied a woodchip bioreactor at the lab scale and they reported NO3- removal
efficiency from 8 to 55 (percent removal) with increased retention times. On the other
hand, NO3- mass removal rates (load reduction) which is expressed in g nitrate m-3hour-1
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did not follow the same trend, and almost remained constant as HRT increased from 1.7 to
21.2 h in the same study. Therefore, it may suggest that relatively equivalent loads of NO3will be reduced through a given time scale regardless of retention time. In the top layer of
the denitrification bioreactors which is unsaturated for most of the case, suitable conditions
facilitating nitrification of organic nitrogen can ensue during intense or transient flow
events. Thus, even negative percent removal efficiency can be observed within a narrow
range of HRT (van Verseveld et al., 2009).

2.3.1.3 Temperature
Temperature is another critical parameter that needs to be considered in the design
of the carbon-based denitrification process. As a biologically mediated reaction,
denitrification in a bioreactor is expected to be dependent on drainage water temperature.
Generally speaking, temperature change can affect microbiological processes in two ways.
It can either accelerate the rates of processes without modifying fundamental behaviors of
microbial communities or restructure the microorganisms present in the system which
could stimulate processes that were previously insignificant (Schimel & Gulledge, 1998).
The optimum temperature range for denitrification to proceed is known to be from
25 to 35°C. The reduced biological activity thanks to a decrease in temperature is
important particularly for biological denitrification where the drainage water temperature
drops to below 6 °C during the winter months (Addy et al., 2016). Alterations in
denitrification rate due to seasonal temperature variations may be masked on account of
fluctuations in the rate of DOC flux (Rivett et al., 2008). The typical denitrification beds
incorporating wood media are considered to be effective in NO3- removal when they are
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operated in the temperature range of from 2 to 20 °C (Schipper et al., 2010). Increasing
NO3- removal rates can be correlated with the temperature coefficient, Q10, which refers the
change in reaction rate of biological or chemical process as a consequence of raising the
temperature by 10°C. The Q10 is calculated as

𝑄𝑄10 =

10

𝑅𝑅 𝑇𝑇 −𝑇𝑇
�𝑅𝑅2 � 2 1
1

(2.8)

where, R is the denitrification rate (g N m-3 day-1) and T is the temperature in Celsius
degrees or kelvins. In the equation 2.8, Q10 factor is a unitless quantity which varied in the
range between 1.2 and 4.7 for denitrification bioreactor studies (Addy et al., 2016; David et
al., 2016; Hoover et al., 2016; van Driel et al., 2006; Schmidt & Clark, 2013; Warneke et
al., 2011). Warneke et al. (2011) found that in addition to temperature, carbon availability
is also a limiting factor to denitrification, therefore, determining temperature coefficient
may require to consider the influence of carbon fill material as well. At relatively low
temperatures, on the other hand, DO concentrations can be higher which is likely to inhibit
denitrification rates, illustrating that reduced NO3- removal rates as a consequence of higher
DO concentrations, and a potential decrease in the activity of denitrifying microbial
communities can be influential factors in Q10 determination at lower temperatures (Hoover
et al., 2016). It has been hypothesized in most of the both field and pilot scale bioreactor
studies that denitrification rate doubles every 10°C increase in temperature (Q10 = 2.0),
supporting the assumption that the temperature sensitivity of denitrification process in the
bioreactor can be described by the Arrhenius equation. While this function can be utilized
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to determine exponentially increased denitrification rates within a certain temperature
range, it fails to predict an optimum temperature (Topt) above which the denitrification rate
remains almost stable or even decline. Temperature effect on denitrification rate will be
discussed in more detail in the methodology and performance modeling section.
Addy et al. (2016) have reviewed 26 published studies related to the denitrification
bioreactors with a broad range of environmental and design conditions. The authors
concluded that denitrification beds operated with temperatures lower than 6°C had lower
NO3-N removal rates than the ones at intermediate temperatures from 6 to 16.9°C and
those at temperatures higher than upper limit of intermediate temperature category.
Further, they did not state significant difference in nitrate removal rates of the
denitrification beds operated within intermediate temperatures mentioned below and
temperatures higher than 16.9°C. This finding may be considered as an evidence for the
uncertainty of the response of denitrification process in bioreactors to changing
temperature beyond Topt.

2.3.1.4 Carbon Media
Organic carbon source is oxidized via facultative anaerobic heterotrophs to supply
their energy in the process where NO3- is utilized as energetically favorable electron
acceptor. In addition to act as an electron donor for denitrification process, the presence of
organic carbon is critical to provide an anoxic environment in the bioreactor since aerobic
bacteria reduce DO concentrations through oxidation of organic compounds (Rivett et al.,
2008; Schipper et al., 2010). Products of the process of breaking down hard or soft wood
cellulose and lignin into the bioavailable carbon will be in the forms of amino acids,
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carbohydrate and other simple organic compounds (Zou et al., 2005). Thus, DOC
concentrations detected in a denitrification bioreactor can be taken into account as an
indicator of the bioavailable carbon (Hoover et al., 2017). Since the decomposing organic
C generates substantial amount of DOC in the bioreactors, concentrations measured in the
effluent are typically greater than those in drainage water. Hoover et al. (2017) reported
that in the cases when DOC concentrations detected in the inlet at most two times lower
than the ones at the outlet, nitrate removal efficiency decreased dramatically. The
degradation of organic compounds is expected to increase with increasing temperatures
which may result in excessive quantity of DOC than can even exceed the amount required
for complete denitrification (Paré et al., 2006).
The physical and chemical properties of the carbon media are known to be
significant to maintain a consistent reduction in nitrate concentration over long periods.
C:N ratio that refers foundational C bioavailability of the media is inherently correlated
with NO3- attenuation and potential degradation rates. The surface area of the carbonaceous
media may have an influence on denitrification rates as a consequence of increased
microbial activity and extracellular enzyme exposure (Schmidt & Clark, 2013). In order to
examine the impact of the surface area, Robertson et al. (2000) experimented carbon media
of differing grain sizes and they found no consistent or considerably influence on
denitrification rates. This study may demonstrate that grain size ought not to be considered
as a major determinant of the surface area because of its interrelationship with effective
porosity (Schmidt & Clark, 2013). Cameron & Schipper, (2010), on the other hand,
reported a positive correlation between grain size and nitrate removal rates in the softwood
treatments at 14°C, but there was not such a tendency stated for the experiments at 23.5°C.
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Since the coarser sized woodchip media is supposed have higher porosity and provides
longer HRTs, they suggest that increased removal rates may be positively correlated with
the grain size. The mean particle diameter distribution reported in the of woodchip
bioreactors studies have been in the range from 6 to 25 mm (Christianson et al., 2010;
Chun et al., 2010; Hassanpour et al., 2017; Woli et al., 2010). The hydraulic conductivity
(K) of the carbon media is another significant indicator describing the ease at which
drainage water flows through pore space in the presence of a hydraulic gradient. This
parameter is dependent not only the effective porosity of the carbon media but also -and
primarily- on the sizes of conducting pores. Over a long period of time, K value can
decline as a consequence of narrowing pore size due to microbial growth and/or wood
degradation - induced compaction (Schmidt & Clark, 2013). The hydraulic conductivities
for woody-based fill media in place vary from approximately 0.28 cm/sec for fine grained
sawdust to 11.6 cm/sec for woodchips (Cameron & Schipper, 2010; van Driel et al., 2006;
Robertson et al., 2005). In a 22-month wood-only bioreactor experiment, a marked
reduction in the value of K in coarser grained media (>10mm) was reported (Cameron &
Schipper, 2010). This considerable decline (23-56%) was attributed to the impact of
alterations in media particle geometry and inclination for settling of the carbon subtract
particles on their flat surface. Contrary to the findings of this laboratory trial, there was no
consistent K trend with increasing size of different wood types in another bioreactor
experiment lasting 246 days (Schmidt & Clark, 2013).
To date, woodchip media have been the most prevalent fill material for
denitrification bioreactors, because of its accessibility, cost, relatively slow
decomposability under anaerobic conditions, appropriate hydraulic properties and
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consistent NO3- removal rates for long periods after the release of labile carbon in the early
stages of start-up period. (Blowes et al., 1994; Christianson et al., 2012; Chun et al., 2010;
Schipper et al., 2010; Warneke et al., 2011). In addition, it is not required to replace
woodchip-based materials since the leaching of organic carbon from them does not occur
rapidly, even though the duration of NO3- removal efficiency is subject to the duration of
the carbon supply to the denitrifying bacteria populations (Moorman et al., 2010). In
addition to wood particle media (woodchips/sawdust), a great variety of carbonaceous
substrates including wheat straw, leaf compost, rise husk, cotton burr, corn stalks and
maize cobs have been successfully trialed especially in column studies in order to establish
the most efficient fill material for heterotrophic denitrification (Cameron & Schipper,
2010; Della Rocca et al., 2005; Gibert et al., 2008; Saliling et al., 2007; Soares &
Abeliovich, 1998). The considerable high NO3- removal rates of some carbon fill materials
(e.g. wheat straw, rise husks, maize cobs) in 0.2 m3 barrels have observed in a long term
study conducted by Cameron & Schipper (2010). For instance, maize cobs provided 3-6.5
times higher NO3- removal rates than those reached with barrels filled with wood media.
This significant difference in removal rates was attributed to great amounts of organic
carbon leaching in the start-up phase of the denitrification trials, and were not sustainable
throughout a long period of time (Cameron & Schipper, 2010). In a laboratory
denitrification study, different types of organic carbon rich media (lodge pole pine
woodchips (LPW), lodge pole pine needles (LPN) and barley straw (BBS) and cardboard)
were experimented in which percent NO3- removal efficiency ranged from 67% for LPW to
95% for cardboard when potential adverse effects of the bioreactors were also taken into
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account (Healy et al., 2012). In order to enhance denitrification rate and minimize adverse
effects include TOC decomposition, dissolved N2O release and substantial consumption
rate of organic C, an appropriate combination of woodchips and maize cobs were
recommended in an experimental study (Warneke, et al., 2011). Similarly, the addition of
soybean oil to woodchips contributed to higher NO3- removal rates compared to the trial
with woodchips alone observed in another laboratory study (Greenan et al., 2006).

2.3.1.5 Effects of Other Physical Characteristics
In addition to the aforementioned most influential parameters on the rate at which
NO3- attenuation occurs, some previous field and pilot scale studies indicated that pH,
dissolved oxygen concentration and oxidation reduction potential (ORP) are also required
to be taken into consideration as site-specific parameters to predict performance of the
bioreactor accurately.
The direct pH response to overall denitrification rates is known to be depend on the
composition/structure of the functional denitrifying microbial populations (Dörsch et al.,
2012) or the nature of the carbon media (Drtil et al., 1998). The preferred pH range for
heterotrophic denitrification is typically between 5.5 and 8.0 (Rust et al., 2000), but the
optimal pH for denitrification process cannot be specified as this value can vary site by site
due to the influences resulted from acclimation and adaptation on microbial environment
(Rivett et al., 2008). The pH of the drainage water in the bioreactor is expected to increase
several units during denitrification since NO3- is consumed while HCO3 and CO2 are
released at the same time (Eq 2.2), also pH increase can occur under the conditions in
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which the formation rate of OH- exceeds that of CO2 (Rivett et al., 2008). Slightly
decreased pH values from influent to effluent of denitrification beds have been reported in
some studies as well (van Driel et al., 2006; Robertson et al., 2005; Robertson & Merkley,
2009). The pH values lower than 5.0 can create a microbial ecosystem that has a tendency
to inhibit the conversion of N2O to N2 (Knowles, 1982; Warneke, et al., 2011), and high
pH values stimulate N2O formation due to potential activation of N2O reductase enzyme
(Downie et al., 2009). Rust et al. (2000) quote that the denitrification chain is arrested at
pH values higher than 8.3. Cameron & Schipper, (2010) found that the start-up outflow pH
of the bioreactor treatment studies have ranged from 2.5 to 6.6 (hardwood = 2.5 and
softwood = 4.3), and then it reached a pH value of 6.6 for each media type within the first
3 months. The lower initial NO3- removal rates observed in the hardwood experiments in
comparison to those measured in the softwood trials were attributed to strongly acidic
environments (Cameron & Schipper, 2010; Greenan et al., 2006).
Drainage water entering a denitrification bioreactor naturally comprise DO that has
to be consumed initially as electron acceptor by aerobic microorganisms in the system.
Because, the attenuation of NO3- is thermodynamically less favorable reaction than
reduction of DO as mentioned before. To consider an aquatic ecosystem ideal for
denitrification to proceed, DO concentrations are ought to be less than or equal to 1-2
mg/L (Rivett et al., 2008). The DO present at inhibitory levels within the denitrification
bioreactor limits the action of the nitrite reductase enzyme in particular rather than nitrate
reductase (Rivett et al., 2008). Under the conditions in which DO concentrations are in the
range stated above, denitrifying bacteria convert N2O to N2 gas by utilizing O2 in the N2O,
and when DO>2mg/L, microorganisms donate electron to O2 molecule in place of N2O
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(Knowles, 1982). Until DO levels in the bioreactor fall below the threshold concentrations,
labile organic carbon is utilized through aerobic respiration rather than denitrification. A
substantial amount of organic carbon substrate is likely to be consumed if the bioreactor is
operated with relatively insufficient hydraulic retention times (Robertson, 2010). In a study
undertaken with a two year old woodchip bioreactor, it was found that a HRT of almost
1h is required to reduce DO concentrations to a level that allows denitrification process to
occur (Schipper et al., 2010). Increasing concentrations of DO in the influent water have
been correlated to relatively lower temperatures which in turn contributed to decreasing
NO3- attenuation rates since DO reduction must take place before the onset of
denitrification (Robertson & Merkley, 2009; Schipper et al., 2010; Shih et al., 2011). The
effluent DO levels were found to be lower than 2.4 mg/L regardless of inlet DO
concentration in a field-scale study (Christianson et al., 2012). Commonly observed
effluent DO concentrations did not meet the national water quality criteria determined by
USEPA, which requires to maintain a daily minimum DO concentration of 5.0 mg/L
during spawning season to protect aquatic wildlife species. However, denitrification
bioreactors often discharge into relatively small-scale streams or agricultural ditches that
have high reaeration-rate coefficients in general (Melching & Flores, 1999). If bioreactors
are taken advantage of intensively in a region consisting of agricultural sites, low outlet
DO levels may be a cause of concern for the area of interest (Bell et al., 2015).
It may be required to monitor ORP within the bioreactor as another potential
control variable for proper evaluation of denitrification process. Mo et al. (2005) reported
that the ORP levels remained fairly stable in the range from -230 to -120 mV when
complete denitrification was achieved in the system designed to remove NO3- from
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groundwater. They also correlated increasing NO3- loading rates with higher ORP values
which contributed to incomplete denitrification with residuals of NO3- in the system. The
high ORP values can result in the accumulation of denitrification by-products due to
decreased enzymatic activity (Knowles, 1982; Rivett et al., 2008). The ORP value in the
bioreactor is expected to decrease during the denitrification reaction as a consequence of
the decrease in the level of oxidants, and immediately returned to the initial level after NO3was completely removed (Drtil et al., 1998; Song et al., 2003).

2.3.2 Potential Adverse Effects of Operating Denitrifying Bioreactors
2.3.2.1 Nitrous Oxide Emissions
Denitrification bioreactors may cause potentially harmful environmental issues
while treating NO3- contamination and enhancing overall water quality of subsurface
drainage systems. N2O, one of the intermediate products of biological NO3- removal
process, is produced before the formation of N2 gas under favorable conditions (Eq 2.1).
The release of N2O into the atmosphere or surface water bodies in the dissolved form is a
matter of concern since it is known that even a relatively small amount of N2O can
contribute to global warming, acid rains and ozone layer depletion in the upper atmosphere
(310 times that of carbon dioxide). The N2O emissions in the absence of complete
denitrification were correlated to fluctuated DO levels, low pH values and high N loads
into bioreactors (Healy et al., 2012; Brady and Weil, 2002; Rivett et al., 2008). The
potential influence of different carbon substrates on the production rate of dissolved N2O
in the effluent was also evaluated in a 2.5-year experiment, and it is concluded that
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bioreactors filled with wheat straw had the largest amount of N2O in the outlet water which
corresponded to 10% of the removed NO3- (Warneke et al., 2011). They also reported 7
times more dissolved N2O on average at 27.1°C (when NO3- removal was the highest)
compared to those at 16.8°C for the treatments with all carbon substrates. The N2O flux
from a denitrification bed with complete or near-complete NO3- removal is likely to be the
lowest (Schipper et al., 2010). In a stream-bed bioreactor study, the measured dissolved
N2O was quite higher in the case with incomplete denitrification(10-35 μg N L-1) in
comparison to the period when complete nitrate removal occurred (0-5 μg N L-1) (Elgood
et al., 2010). In addition to the dissolved concentrations of N2O, measured emission rates
of N2O per unit surface area along the length of denitrification beds have also been utilized
to quantify this adverse effect in some studies (David et al., 2016; Ghane et al., 2015;
Healy et al., 2012; Woli et al., 2010). An average N2O surface emission of 0.12 μg N m-2
min-1 from a woodchip bioreactor was reported in a field-scale experiment (Ghane et al.,
2015). Similarly, a very low percent of the removed NO3- in the form of N2O (less than 1%)
was observed in a recent study (David et al., 2016).

2.3.2.2 Sulfate Reduction
Facultative bacteria utilize the electron acceptors present in the drainage water
sequentially in accordance with the redox potential of each possible reaction in which
released organic carbon is oxidized. In general, microbes have a tendency to catalyze, and
obtain energy from, the most energetically favorable reduction-oxidation reaction.
Thermodynamically, denitrifying bacteria are likely to out-compete sulfate reducing
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organisms for biologically available carbon, consequently reduction of the most sulfate
may take place under the conditions that are favorable for the production of hydrogen
sulfide gas (H2S), a poisonous and corrosive gas. The aquatic environment that has an ORP
value within the bioreactor falls below the lower limit of the range indicating complete
denitrification will stimulate the conversion of sulfate to H2S.
Sulfate is likely to exist in the drainage water, thus it is able to be a substitute for
NO3- in the lack of it in order to oxidize C substrate (Moorman et al., 2010; Woli et al.,
2010). The detection of rotten egg odor may indicate the presence of H2S gas at the
effluent of a bioreactor. Declined sulfate concentrations from inlet to outlet and the H2S
odor were noted in the presence of NO3- concentrations below 1mg/L (Elgood et al., 2010;
Robertson, 2010). Prolonged retention times provide complete or nearly-complete
denitrification before the onset of sulfate reduction. In experimental runs, the highest
percent NO3- removal and formation of H2S rates were attributed to longer retention times
(Bell et al., 2015). Apart from the influence of HRT, the conversion of sulfate to H2S gas
was also correlated to high drainage water temperatures (Schmidt & Clark, 2013).

2.3.2.2 Production of Methyl Mercury
Strongly reducing conditions can result in the production of toxic methyl mercury (MeHg),
a non-point source pollutant, from inorganic mercury through sulfate reducing bacteria.
According to the World Health Organization (WHO), human or wildlife exposure to MeHg
is known to cause a variety of health risks like neurological damage resulted from the
consumption of MeHg-contaminated marine products. Shih et al. (2011) recommend
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retaining NO3- levels greater than 0.5 ppm in the effluent in order to minimize the
methylation of mercury. In addition to maintaining very low NO3- concentrations,
Christianson & Helmers, (2011) also suggest adjusting the height of outflow stoplogs in
line with the intensity of drainage flows to avoid MeHg production and sulfate reduction.

2.3.3 Longevity
The longevity of NO3- removal in denitrification bioreactor is mostly subject to the physical
and hydraulic properties of carbon media. In terms of the leachate of carbon media,
heterotrophic denitrification is not the only reaction of interest since undesirable processes
like sulfate and/or DO reduction can also consume microbially available organic C in the
system. The degradation rate of carbon substrate is known to be inhibited to some extent
under consistently water saturated conditions because of the fact that a majority of
microbes that are in charge of breaking down solid carbon cellulose and lignin call for
aerobic conditions (Moorman et al., 2010; Schipper et al., 2010). The half-life expectancy
of a bioreactor mostly operated with woodchips that were below water table was estimated
to be 36.6 years with maintaining more than 80% of the initial C (Moorman et al., 2010).
In the same study, they reported retained 25% of the background C mass after 8 year of
operation for the woodchip decomposition under variable saturated conditions. Addy et al.
(2016) illustrated that NO3- removal rates for <13 month old denitrification beds were
significantly higher than those >13 month old. On the other hand, annual C content
consumption of less than 2% through solely denitrification process was also reported (van
Driel et al., 2006; Robertson & Merkley, 2009).
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CHAPTER 3. METHODOLOGY AND PERFORMANCE MODELING

3.1 Site Description
The field-scale denitrification bioreactor evaluated in this study was previously
installed at the Oregon State Experimental Dairy Farm in Corvallis, OR in September 2017
(Figure 3.1). It was constructed at the edge of a subsurface drainage system that is installed
beneath an agricultural field to remove excess water from the soil profile through clay
pipes. The 24-inch diameter drainage tiles that the system tapped into had been installed at
a depth of approximately 4 ft. with a parallel spacing of 55 ft. The collected water is aimed
to discharge into a local ditch which runs west to east through within the property. The
bioreactor was built immediately adjacent to the west edge of the ditch with the
dimensions 24 ft. long, 6 ft. in width, and installed to a depth of around 3.3 ft. below
ground surface (Figure 3.2).

Figure 3.1 Approximate location of the bioreactor located in the OSU Dairy Farm
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Figure 3.2: The schematic drawings of the full-scale woodchip denitrification bioreactor
(Grohman, 2017)
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As demonstrated in Figure 3.2 in detail, the bioreactor constructed to intercept drainage
water from the site and have two AgriDrain control structures. The main drainage clay line
from the field is connected to a 12-inch diameter perforated PVC pipe, then drainage water
is laterally distributed along the entire width of the bed. An inflow control structure was
installed near the upstream of the bioreactor to route untreated water directly into the ditch
via 20-ft long by-pass line during high precipitation periods. The total active flow volume
of the bioreactor is 475.2 ft3, but it can be adjusted by raising or lowering stop logs present
in the control structures. After infiltration stage in the bioreactor, water is collected through
a 6-inch corrugated pipe leading to the outflow control component at the downstream end
of the bioreactor. The collection manifold line is connected to the two-chamber outlet
control structure that can be utilized to control hydraulic retention time and maintain the
water level by adjusting the level of weir the inside when necessary.
The denitrification bed is a trench excavated 1 m below the ground surface and
filled with coarse woodchips that have an approximate length in the range from 10 to 50
mm. The bioreactor was covered along the bottom and sides with clear, 0.25-mm-thick
geotextile fabric material just before being mounded with top soil layer. The transparent
geotextile liner was utilized in order to prevent seepage of water from the denitrification
bed into surrounding soil while allowing gas products of the process to escape. The
construction process of the excavated woodchip-bioreactor are shown in Figure 3.3.
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Figure 3.3: The construction process of the denitrifying bioreactor evaluated in this study
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3.2 Water Sampling and Analysis
Water samples were collected from the upstream and downstream flow control
structures from December 7 through February 15. Data collection from the bioreactor was
performed via Teledyne ISCO automated water samplers on a schedule ranged weekly to
biweekly (predominantly weekly) which was dependent on the presence of water and/or
flow in the control components. ISCO samplers (model 2900) were programmed to collect
water on a daily basis by the plastic sample bottles with a capacity of 500ml. Samples were
transferred to conical-bottom centrifuge tubes, and kept constantly frozen at -10°C prior to
analysis.
Water quality analysis was conducted at the Biochemistry Laboratory, Oregon
State University for determination of nitrogen species (NO3-, NO2- and NH4+) concentrations
using a Shimadzu UV-Visible Spectrophotometer (model UV-1700). NO3- concentrations
were analyzed with the VCl3 / Griess method which is based on the procedure for
biological samples described by Miranda et al. (2001). The principle of this assay is the
reduction of NO3- to NO2- in an acidic VCl3 solution combined with measurement of NO2with Griess reaction in a single step. The estimation of NO2- levels formed during a timed
incubation period is performed to determine enzymatic activity at a fixed temperature. This
assay protocol is sensitive to detect NO3- concentrations of as low as 0.5 μM and involves
the reaction of sulfanilamide and N-ethylenediamine dihydrochloride (Griess reagents)
with sample media to measure the resulting absorbance photometrically at 540 nm.
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NO2- concentrations present in the samples were determined through a method
similar to the one applied for NO3- determination with the major exception of the addition
of VCl3 solution. Based on the procedure described by Hageman & Hucklesby (1971), the
reaction of NO2- with sulfanilic acid and the aromatic amine 1-naphthylamine is expected
to cause the formation of a deep red-colored azo dye under acidic conditions. After
incubation at room temperature for 20 min, NO2- levels were measured photometrically at
540 nm.
Determination of NH4+ levels in the water samples was employed by a sensitive
spectrophotometric procedure developed by Qiu et al. (1987). In the presence of sodium
hypochlorite and sodium nitroprusside that serves as a catalyst, water-soluble NH4+ ion reacts
with salicylate to form a blue-green colored dye that absorbs light at 697nm after an incubation
period of 60 min at room temperature.
At the end of each water analysis detailed above, the resulting absorbance values were
converted to concentration of nitrogen species as mg/L with the help of calibration curves
created.
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3.3 Simulating Drainage Discharge
In the estimation of theoretical HRT and load NO3- removal rate, volumetric flow
rate through the bioreactor is one of the most significant parameters in addition to active
flow volume and porosity of the carbon media. To date, flow rates observed in the
denitrification bioreactor studies have been predominantly calculated through direct field
monitoring. These measurements were conducted either by capturing the flow rates of
water with the application of area velocity meters in the outlet tile drains connecting to
inlet control structure or monitoring the water height levels using pressure transducers in
both control structures in order to obtain hydraulic gradient along the length of the
denitrification bed.
In this study, incoming tile drainage flow criteria were predicted by the latest
version of Drainmod, a comprehensive process-based computer simulation model.
Drainmod software employs a one dimensional soil-water balance in order to simulate
agricultural drainage, surface runoff, evapotranspiration, infiltration, day-by-day basis
water table depth and deep or lateral seepage from drainage area. In the soil profile, the
evaluation of multicomponent drainage systems is performed based on the following
subsurface and surface water balances respectively for any section of soil present in the
midpoint between adjacent drains.

𝛥𝛥𝛥𝛥𝑎𝑎 = 𝐹𝐹 − 𝐸𝐸𝐸𝐸 − 𝐷𝐷𝐷𝐷𝐷𝐷 − 𝐷𝐷𝐷𝐷
where, ΔVa is the change in the water-free pore space or air volume for soil layer of

(3.1)
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interest (cm), F is infiltration (cm), ET is the loss of water by evapotranspiration (cm),
DLS is loss resulted from deep and lateral seepage (cm) and DS is the lateral drainage from
(or sub-irrigation) the soil section.

P = 𝐹𝐹 + 𝛥𝛥𝛥𝛥 + 𝑅𝑅𝑅𝑅

(3.2)

where, P is the precipitation (cm), F is infiltration entering the soil section of interest (cm),
ΔS is the change in the volume of water stored on the surface (cm) and RO is the surface
run-off during certain time increment. The water balances for unsaturated soil zone
(vadose zone) are computed by Drainmod in order to estimate water table elevation and
soil-moisture content at a point of interest located within the midway of two parallel
drainage lines as illustrated in Figure 3.4.

Figure 3.4: Principal hydrologic components considered by Drainmod in determination of
drainage discharge (Skaggs et al., 2012)
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For a user selected time interval, Drainmod simulation solves the equations 3.1 and
3.2 with the units of all hydrologic parameters specified in terms of depth (cm). Based on
the surface and subsurface water balances stated above and provided input files that will be
detailed later in this section, Drainmod model is capable to create outputs include
subsurface drainage rates on daily, monthly and yearly bases.
The drainage flux through tiles is computed via Hooghoudt’s steady state equation
(Eq. 3.3) for the cases when the water table is below the surface level. The specific
discharge rate in cm per hour is calculated in terms of the approximated hydraulic head in
the drains and the elevation of water table at the midpoint of adjacent drains.

q=

8Kde +4𝐾𝐾𝑚𝑚2
𝐿𝐿2

(3.3)

In equation 3.3 q represents the hourly drainage flux (cm/h), m is the midpoint
water table height above the drain (cm), de is the equivalent depth between drains and the
impermeable layer (cm), K is the effective lateral hydraulic conductivity (cm/h) and L is
the distance between drains. Under fully-saturated conditions, on the other hand, Drainmod
simulation uses the equation derived by Kirkham (1957) to predict subsurface drainage rate
when the surface is expected to be ponded.

q=

4𝜋𝜋𝜋𝜋(𝑡𝑡+𝑏𝑏−𝑟𝑟)
𝐺𝐺𝐺𝐺

(3.4)

where, t is the depth of water ponded on the surface (cm), b is the actual depth from
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surface to the tile drain (cm), r is the radius of the tile drain (cm) and G is a dimensionless
parameter dependent on tile drain spacing and the depth from surface.
The predictive capacity of Drainmod hydrology tool is subject to a large extent on
the reliability of input files that can be mainly categorized into three groups: meteorological
data, soil hydraulic parameters and drainage system information. Input parameters related
to mineral fertilizer applications and the detailed crop information would be required to
simulate concentrations and transportation of nitrogen species present in tile drainage
system. The Drainmod model was applied to a period of ten years (2008 to 2018) that
includes data collection period for validation purposes mentioned before. The procedures
followed in this study to create hydrological input parameters are summarized in the
following sub-sections.

Soil Inputs
Site-specific soil water characteristics versus pressure head, drainage volume-water
table depth relationship, the lateral hydraulic conductivity of each soil type present in the
site above impermeable layer and parameters governing infiltration processes are primary
soil inputs required to simulate hydrologic processes. These soil hydraulic input
parameters can be measured through field measurements, but it is time-consuming,
uneconomical and impractical for larger scale applications in particular. Therefore, bulk
density values and soil physical properties include soil moisture content at -33 and -1500
kPa for the study area were obtained from Web Soil Survey provided by the USDA
Natural Resources Conversation Service (Table 3.1). However, these properties are still
need be processed in order to be utilized by a built-in soil utility program in Drainmod 6.1
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that is executed to create required properly formatted soil input files. This embedded soil
utility software is capable to estimate Green-Ampt infiltration parameters and the volume
drained and upward-flux relationships, all as functions of water table depth using the van
Genuchten-Mualem parameters estimated by a pedotransfer function and neural network
software package, Rosetta (Schaap et al., 2001). Despite, its possible restrictions, Rosetta
is one of the most widely used models to derive the van Genuchten-Mualem water
retention properties, saturated hydraulic conductivity as well as unsaturated conductivity in
accordance with a pore-size model created by Mualem (1976). Soil texture, water content
and bulk density values obtained from online soil survey for the drainage area were passed
to the Rosetta software to create essential outputs for proceeding Drainmod simulation.
The predicted output parameters of Rosetta include the saturated water content (θs), the
residual water content (θr), the saturated hydraulic conductivity (ksat), a fitted matching
point at saturation (K0), empirical curve shape factors and pore tortuosity/connectivity
parameters are presented in Table 3.2.

Table 3.1: Soil physical parameters obtained from Web Soil Survey for the study area
Bottom
Depth of
Layer (cm)
12

Sand
%

Silt
%

Clay
%

θ33
θ1500
(cm3/cm3) (cm3/cm3)

28

Bulk Density
at 1/3 Bar
(g/cm3)
1.27

7

65

0.323

0.203

38

6

60

34

1.29

0.344

0.208

66

5

53

42

1.31

0.359

0.235

89

7

50

43

1.31

0.367

0.238

125

8

52

40

1.3

0.345

0.215
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Table 3.2: Predicted soil hydraulic properties by Rosetta model
Bottom
θs
θr
α
Depth of
(cm3/cm3) (cm3/cm3) (1/cm)
Layer (cm)
12
0.473
0.086
1.220

n (-)

Ksat
Ko
L (-)
(cm/day) (cm/day)

1.285

32.92

7.32

-1.57

38

0.479

0.084

1.215

1.299

20.75

4.30

-1.01

66

0.488

0.094

1.241

1.252

14.30

5.05

-1.72

89

0.490

0.092

1.235

1.254

14.19

4.44

-1.54

125

0.482

0.087

1.223

1.281

16.01

4.70

-1.26

Based on the predicted soil properties through Rosetta and the site-specific data acquired
from online soil survey, three types of soil input files were generated to run Drainmod
simulation. The first soil file (extension .SIN) is mandatory for all Drainmod projects
regardless of the purpose of the study. This file consists of major soil hydrology data
which includes air or water free pore volumes corresponding to various water table
elevations, soil water characteristic curve, capillary movement versus water table depth,
and Green-Ampt infiltration parameters. The soil file distinguished by the extension of
.MIS primarily utilized in the salinity and nitrogen simulations, and it gives more detailed
soil data with changing soil temperature. The last soil input file (.WDV) stores drainable
water volumes against corresponding water table depths.

Weather Inputs
The required climatological data to predict subsurface drainage volume by
Drainmod consist of daily maximum and minimum air temperature, hourly precipitation,
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and daily potential evapotranspiration (PET) records through simulation period. The daily
precipitation and temperature observations with a spatial resolution of 4km were obtained
from the PRISM Climate Group (http://www.prism.oregonstate.edu/). To create correctly
formatted temperature (.TEM) and precipitation (.PET) input files, an embedded weather
utility software in Drainmod was used. The software is capable to convert columnar
climatic data to essential Drainmod input format. In order to estimate hourly rainfall in
millimeter from the observed precipitation sums on a daily basis, the utility was
programmed to distribute equal amount of rainfall (uniform distribution) over 8 hours
(from 14 to 22 h). The required daily potential evapotranspiration values can be
incorporated into the simulation through either a .PET file or default feature of Drainmod
that use the Thornthwaite method. The PET values for this project were estimated using
the Thornthwaite method that requires firstly calculate the heat index (I) (Eq. 3.5). This
parameter was then entered in the simulation along with the latitude of the study area to
specify monthly PET factors.

12

𝐼𝐼 = �

𝑖𝑖=1

T

1.514

� 5i �

(3.5)

where, Ti is the monthly heat indices in degrees Celsius. The estimated annual heat
index (I) is replaced in the following equation.

L

N

10Ta 𝛼𝛼

𝑃𝑃𝑃𝑃𝑃𝑃 = 16 � � � � �
12
30

𝐼𝐼

�

(3.6)
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where,

𝛼𝛼 = (6.75𝐸𝐸 −7 )𝐼𝐼 3 − (7.71𝐸𝐸 −5 )𝐼𝐼 2 + (1.79𝐸𝐸 −2 )𝐼𝐼 + 0.49239
PET value in Drainmod routine is estimated based on the equation 3.6 where, Ta
stands for the mean daily temperature (°C), L is the average length of the day (hours), N is
the number of days of the month being calculated and α is the empirical fitting parameter.

Drainage System Parameters
Drainmod requires users to describe the design of the subsurface drainage system
in addition to more specific factors that can influence discharge intensity such as drainage
coefficient, maximum surface storage and Kirhkam’s depth under the project design
settings. The maximum drainage rate that can be observed in a day is set by the drainage
coefficient which is typically dependent on the drainage layout, the effective radius of the
drain, and the type of perforations. Maximum surface storage (Sm) stands for the maximum
depth of ponded water on the surface that may runoff with additional excess. Lastly,
Kirkham's depth for flow to drains represents the depth of surface storage when the soil
profile is fully saturated and lateral movement of ponded water may not occur. The
selected values for the Drainmod simulation based on site-specific parameters and field
observations are presented in Figure 3.5.
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Figure 3.5: Screenshot of the project window presenting drainage design data used in the
Drainmod Hydrology Simulation
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3.4 Predicting Temperature Effect on Nitrate Removal Rates
It is well known that denitrification as an enzyme catalyzed reaction in a bioreactor
is subject to the alterations in drainage water temperature. In order to incorporate
temperature dependency of the process into nitrate removal model, onset Hobo temperature
monitoring sensors were deployed at the bioreactor inlet and outlet control structures to
record water temperatures at 30 min intervals. Average air temperatures were also
measured via another sensor installed over the surface of the bioreactor. The graphic
representation of recorded temperatures from each sensor throughout the sample collection
period were shown in Figure 3.6.

Figure 3.6: Recorded influent, effluent and air temperatures through sampling period
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To date, the temperature sensitivity of nitrate removal process that can be observed
in bioreactors have been described by the Arrhenius equation. This model suggests an
exponential rise in the rate of denitrification thanks to increased kinetic energy possessed
by substrates of the reaction at relatively higher temperatures. Arrhenius-type functions
provide an accurate thermodynamic representation of measured denitrification rates, but
there are still discrepancies in the ability of these theories in terms of fitting observed data.
The classical Arrhenius behavior is known to be valid up to an optimum temperature (Topt)
beyond which enzyme denaturation and/or aggregation occurs.
Hobbs et al, (2013) presented macromolecular rate theory (MMRT), which answers
questions arising from the Arrhenius equation by incorporating heat capacity (Cp) into the
rate function; corresponding to the enzyme stability and curvature above temperature
optima. They hypothesized that a large and negative change in Cp value unexpectedly has a
profound influence on catalytic temperature dependence of all microbial processes in the
absence of protein denaturation. The MMRT function accounts for a rate decline above
Topt that attributed to decreased enzyme activity unlike Arrhenius-type functions. The natural
log form of MMRT equation:

𝑘𝑘𝐵𝐵 𝑇𝑇

𝑙𝑙𝑙𝑙𝑙𝑙 = 𝑙𝑙𝑙𝑙 �

ℎ

�−

�𝛥𝛥𝐻𝐻 ‡ +𝛥𝛥𝐶𝐶𝑃𝑃 ‡ (𝑇𝑇−𝑇𝑇0 )�
𝑅𝑅𝑅𝑅

+

�𝛥𝛥𝑆𝑆 ‡ +𝛥𝛥𝐶𝐶𝑃𝑃 ‡ (𝑙𝑙𝑙𝑙𝑙𝑙−𝑙𝑙𝑙𝑙𝑙𝑙0 )�
𝑅𝑅

where, kB is the Boltzmann’s constant, h is the Planck’s constant, ΔCp‡ is the
difference in heat capacity between the reactants and the transition state at constant

(3.7)
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temperature, in turn ΔS‡ is the change in entropy and ‡ stands for the transition state. For
the reactions where ΔCp‡ is large and negative, the temperature response will differentiate
considerably from what would be calculated by the Arrhenius function. On the other hand,
the temperature response is known to be predicted accurately based on Arrhenius equation
when ΔCp‡ is close to zero since the free energy of the system will be independent of
temperature. MMRT was recently applied successfully by Schipper et al, (2014) to a
variety of soil microbial processes include denitrification using experimental data reported
in the literature. Total Denitrification N flux was reported as the emission rate of nitrous
oxide that comprises both N2O–N and N2–N since the experiment was set up to inhibit the
microbial reduction of N2O to N2 (Figure 3.7).

Figure 3.7: The fit of the MMRT function to denitrification process (Schipper et al., 2014)
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The denitrification rate as a function of temperature were presented by the solid
line in the Figure 3.7 which depict that the reaction rate will start declining after the
temperature optima at around 47°C. The standard Arhenious equation (the dashed line)
was also fitted to empirical data up to Topt. In the NO3- removal model equation that will be
discussed further in the data analysis section, approximated denitrification rates based on
MMRT function were obtained by extracting data points from the solid line in the Figure
3.7 via DataThief III (www.datathief.org).

3.5 Data Analysis
The percent removal of NO3- was calculated as the difference between observed
influent and effluent NO3- concentrations ([NO3] in and [NO3] out) divided by nitrate load of
inlet water (mg/L) (Eq. 3.8).

Measured NO3-N mass reduction (%) =

[NO3 ]in −[NO3 ]out
[NO3 ]in

100%

(3.8)

Assuming that drainage flow entering the bioreactor is darcian, then volumetric
flow rate (Q) was determined by multiplying q (specific discharge or darcian velocity)
(m/day) that is predicted by Drainmod hydrology simulation by drainage area of the 7.6 ha
field. In accordance with the influent volumetric flow rates (m3/day), actual daily NO3- load
reductions (g N/ m3/d) were calculated using the following equation.
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Measured NO3-N removal rate =

Q([NO3 ]in −[NO3 ]out)
V

(3.9)

where, V is the active flow volume of the woodchip bioreactor (20.84 m3).
Furthermore, the effluent NO3- concentration in mg/L was simulated based on the
Equation 3.10 that incorporates water quality analysis and simulated drainage discharge
into the denitrification rates as a function of temperature based on MMRT function.

[NO3 ]out = −𝑟𝑟𝑁𝑁𝑂𝑂3 (𝑇𝑇)

V𝑛𝑛𝑒𝑒
Q

+ [NO3 ]in

(3.10)

In the model equation (Eq. 3.10), 𝑟𝑟𝑁𝑁𝑂𝑂3 (𝑇𝑇) is the reported temperature dependent

denitrification rates (k) in mg N L-1h-1 extracted from Figure 3.7 (with units converted for
consistency), 𝑛𝑛𝑒𝑒 is the effective (drainable) porosity that was assumed to be 0.7 as

recommended in the USDA national conversation practice standard for denitrification
bioreactor design. For the subsequent sections of this thesis, the term ‘first model’ refers
simulations conducted based on the equation 3.10 to predict effluent NO3- concentrations in
mg/L.

3.6 Reactive Transport Modeling of the Bioreactor by MIN3P
Microbially mediated NO3- reduction in variable saturated flow through the
bioreactor was simulated by a multicomponent reactive transport code, named MIN3P. The
model was specifically developed to address mass balance equations for adjective-diffusive
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Figure 3.8: Schematic of the bioreactor indicating 2D flow and spatial discretization
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solute and gas transfer based on Richard’s equation for partially-saturated media, thus it is
well-suited for the application of denitrification bioreactors. The block-centered finite
volume code, furthermore, employs the global implicit solution assuming that physical
transport and biochemical reactions among surface, solid, gaseous and dissolved species
occur simultaneously.
Spatial discretization across the domain can be specified in one, two, and three
dimensions in line with the finite difference method. In this study, the denitrification
reactor is partitioned into 20 equally spaced control volume in the x direction and 5 of that
in the y direction for a 2D-simulation (Figure 3.8).
As presented in the figure 3.8, the finite volume grid is discretized to consist of 100
cells starting from the one that stands for the influent control structure. Concentrations that
are estimated at x = 0 and 7 m, corresponding to the influent and effluent boundaries,
respectively. Numbering of the control volumes is performed for the simulation along the
length of the bioreactor first (x-direction), then through the width (y-direction). The
diagram also provides the placement of six monitoring wells installed during construction
in the woodchip trench. Each well is represented by a control volume in order to predict
NO3- concentrations that could be observed at these positions.
The initial condition for the variable saturated flow along the whole domain is
specified by a hydraulic head value of 0.2 m that is approximately equal to the diameter of
the perforated pipes. The porosity along the entire homogeneous domain is set to a constant
value of 0.7 as utilized in the first model. The inflow that covers the entire width of the
bioreactor is assigned as the Neumann transient boundary condition by providing an
external file includes daily drainage discharges in meter per second predicted by
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Drainmod, while the ‘outflow boundary’ is set as constant hydraulic head of 0.0 m
(Dirichlet condition). The top and bottom layers of the bioreactor are assumed to be noflow boundary, thus impermeable. The hydraulic conductivity of the porous media is
specified as a uniform value of 9.5 cm/s for each spatial direction. The measured daily
concentrations of nitrogen species (Nitrate, nitrite, and ammonium) at inlet control
structure were used to define the chemical composition of initial and inflow boundary
waters of the domain. The biochemical system is composed of 9 primary components, 3
secondary species, 2 gases and biomass components (Table 3.3). Concentrations for CO32-,
N2 (aq), biomass components (C5H7O2N for active and C5H7O2N (d) for dead biomass),
and CH2O as electron donor are those reported in the study of Molins et al. (2015), while
the value of DO concentration present in drainage discharge is the most commonly
detected value based on the relevant literature. Initially, denitrifying bacterial populations
were assumed to uniformly distribute in the solid-state carbon media.

Table 3.3: Initial and boundary conditions of the domain for reactive transport
Parameter

Inflow Boundary

Initial Condition

Unit

H+
O2 (aq)
CO32CH2O
NO3NO2N2 (aq)
NH4+
C5H7O2N
C5H7O2N(d)

7.0
2.50E-04
1.25E-03
1.50E-33
1.25E-03
1.00E-33
1.00E-33
4.44E-05
1.00E-15
1.00E-15

7.0
2.50E-04
1.25E-03
1.50E-03
1.30E-04
1.00E-33
1.00E-33
4.44E-05
5.00E-05
1.00E-15

pH
[mol/L]
[mol/L]
[mol/L]
[mol/L]
[mol/L]
[mol/L]
[mol/L]
[mol/L]
[mol/L]
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In the Table 3.3, concentrations of N species are averages of measured data through
monitoring period, and these values were used just for the spatial profile simulations of the
bioreactor. However; nitrate, nitrite and ammonium concentrations were updated on a daily
basis to predict effluent NO3- concentrations (control volume 40), then compare the results
with those simulated by the first model. The rest of the values stated on the table were
utilized for all MIN3P simulations. The code was executed with a minimum time step of
0.01 hour (corresponding to 2400 time steps for 24-hour simulations) to prevent from
convergence failures.
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CHAPTER 4. RESULTS AND DISCUSSION
4.1 Predicted Drainage Discharge and Hydraulic Retention Times
Theoretical HRT in a denitrification bioreactor is greatly subject to alterations in
drainage discharge rates. As described in the methodology section, specific discharge rates
in cm/day were simulated by Drainmod model. Drainage discharge entering the bioreactor
was plotted to compare with the precipitation amounts during the observation period
(Figure 4.1). Predicted drainage flow rates elevated substantially in response to recorded
rainfall values during the three month study. Monthly precipitation amounts from
December 2017 through February 2018 were 87, 170 and 69.5 mm, while monthly sums
for tile drains were simulated to be 77, 128 and 38 mm. Taking into consideration the
monthly rainfall and drainage discharge amounts as well as Figure 4.1, it may be suggested
that simulated discharge followed the overall trend of precipitation events to some extent.
HRTs of the bioreactor and active flow volume are known to be highly dependent
on the volumetric flow rates entering the bioreactor apart from the effective porosity that
was assumed to remain constant at 0.7 through monitoring period (Eq. 4.1)

V𝑛𝑛

HRT = Q𝑒𝑒

(4.1)
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Figure 4.1: HRTs, daily precipitation records, and simulated tile flow into bioreactor
through the study period
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The theoretical HRTs estimated based on the simulated specific discharge rates
ranged from approximately 1 h to 13 h (3.2 h average). These findings also suggest that
retention times in the bioreactor may not have been long enough to provide complete
nitrate reduction during high flow periods considering the recommended retention time of
at least 3 hours at the peak flow capacity (USDA-NRCS, 2015). As illustrated in Figure
4.1, HRTs are inversely proportional to predicted drainage discharge rates.

4.2 Nitrate Mass and Percentage Removals
Tile flow data gained via Drainmod simulation were combined with observed
influent and effluent concentrations in order to estimate NO3- load reductions through
sampling period. NO3- concentrations in the agricultural tile flow varied in the range from 2
to 13 mg/L (8 ppm average) while measured NO3- in the downstream control structure were
between 1 and 12 mg/L (on average 6 ppm) during the non-growing season (December to
February) as shown in Figure 4.2a. NO3- removal rates were expressed using the equation
3.9 that accounts for the grams of NO3- removed in a day taking into account the total
volume of the bioreactor (21 m3). The average load reduction achieved in the study was 21
g N/ m3/d, and ranged from 1 to169 g N/ m3/d, that was beyond most of the published
values in the literature. Bell et al. (2015), for instance, reported an average NO3- load
reduction rate of 11.6 g N/ m3/d. On the other hand, the findings of this study are quite
lower than the monthly NO3- removal values of 23 to 44 g N/ m3/d in the first year of
operation reported by David et al. (2016). When NO3- mass removals were plotted as a
function of increasing retention times, no significant correlation was found between HRT
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Figure 4.2: Influent and effluent NO3- concentrations (a), and NO3- mass removal rates as a
function of HRTs (b)
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and NO3- load reduction (Figure 4.2b).
In addition to volumetric NO3- removal rates, the performance of the bioreactor was
evaluated on the basis of NO3- percentage removals as well. Considering the
aforementioned mean influent and effluent NO3- concentrations observed through the study
period (8 and 6 ppm, respectively), the calculated average NO3- percent mass reduction was
26% (Figure 4.3b). The NO3- percent attenuation efficiency varied significantly throughout
the observation period with minimum and maximum percent removals of 1% and 72% in
turn. These results fell within the range of percent reduction values reported in field-scale
denitrification bioreactor studies. Christianson et al. (2012) evaluated the performance of
four field-scale horizontal flow bioreactors based on two years of water quality data, and
they concluded that percent reduction of the influent NO3- ranged from 12 to 76% (mean
45%). Based on the findings of that study, the alterations in NO3- percent removal were
attributed to drainage water temperature and retention times. Woli et al. (2010) found an
average percent removal of 33% for two woodchip filled bioreactors located in east-central
Illinois.
The effect of drainage water temperature on percentage NO3- reduction was also
evaluated throughout the study period. Relatively large or insufficient percent removal
rates were observed regardless of water temperatures. It was anticipated that percent NO3reductions are likely to be greater with increasing water temperatures since higher
temperatures are known to precipitate higher growth rates of denitrifying microorganisms
in the soil environment. However, increasing water temperatures did not strongly
correlated with increased percent removal as presented in Figure 4.3a since the NO3-

65

attenuation performance of the bioreactor was evaluated under a low temperature range
(averaging 10°C) during the study. Seasonal variation in the organic carbon availability
thanks to changes in temperature and moisture content of the denitrification bed may be the
major cause of this unexpected result (Porter et al., 2015). In a field-scale study,
Hassanpour et al. (2017) investigated paired denitrifying bioreactors constructed in three
different landscapes in New York State for a three-year period. They concluded that NO3reduction rates did not vary significantly when water temperatures were below 16°C,
although a dramatic increase was reported at temperatures above 16°C at all field trials.
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Figure 4.3: NO3- percent reduction and water temperature (a), and NO3- percent removal
rates as a function of HRT (b)
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4.3 Model Results
The effluent nitrate concentrations were predicted using Drainmod simulation
outputs (drainage discharge rates) and temperature-dependent NO3- removal rates based on
the equation 3.10. Reactive transport modeling in the bioreactor was performed by MIN3P
code that provides the examination of the concentrations of nitrogen species along the
spatial dimensions of the system. The bioreactor for the 2D simulation is defined to consist
of 100 control volumes, with a uniform horizontal grid discretization of 0.35 m in length
and 0.5 m in width to predict NO3- levels in monitoring wells, furthermore. In order to
validate the applicability of both the first model and MIN3P code, simulated bioreactor
effluent NO3- concentrations were benchmarked against the actual observed values through
the study period. The validation procedure was undertaken to estimate the goodness-of-fit
between measured and predicted results using the coefficient of determination (R2) and the
Nash-Sutcliffe efficiency (NSE) (Nash & Sutcliffe, 1970) as the model evaluation
statistical metrics. The NSE coefficient was calculated in a form as presented in equation
4.2.

NSE = 1 −

∑(𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 −𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠 )2
2
������
∑(𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 −𝐶𝐶
𝑜𝑜𝑜𝑜𝑜𝑜 )

(4.2)

where, 𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 is the observed effluent NO3-, 𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠 is the simulated effluent NO3-, and

������
𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 observed mean effluent NO3- concentrations in mg/L. An NSE coefficient of 1 stands
for a perfect fit of simulated results to the measured data, while NSE values lower than
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zero (NSE < 0) indicate that the predictive power of the model is not even as high as the
mean of the measured data. In this study, the model results were considered as satisfactory
when the NSE coefficient was greater than 0.5 and/or R2 > 0.6 (Santhi et al., 2007).
Figure 4.4 illustrates a comparison between simulated NO3- concentrations that
were produced by the first model and measured data in the effluent of the bioreactor. Even
though a few of the simulated results fluctuate on a random basis, the model captured the
overall variation trend in the experimental data. The predicted NO3- percent removal
efficiencies were within 20% of the results from monitored data and validated with a NashSutcliffe coefficient value of 0.506 that was slightly above the predetermined threshold.
The MIN3P code evaluation resulted in a coefficient of determination value of
0.416 and NSE coefficient of 0.043 that did not indicate acceptable model performance
comparatively based on the validation criteria mentioned before. Even though MIN3P
model outputs were not as accurate as those simulated by the first model, these predictions
also explained the general dispersion of observed data through monitoring period to a
considerable extent (Figure 4.5). The average NO3- percent reduction based on MIN3P
predictions was higher than observed removal efficiency (40.40 and 26, respectively). The
MIN3P model presented in this study was executed using the kinetic parameters and rate
constant that were estimated in a biostimulation column experiment for microbially
mediated denitrification reaction (Molins et al., 2015). In that experiment, they used
acetate as electron donor which is expected to permit rapid denitrification unlike less labile
organic carbon forms like woodchips. This was interpreted as the major cause led to
overestimated NO3- removal performance by MIN3P simulation. For comparison, the
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Figure 4.4: Observed influent and effluent NO3- concentrations in the bioreactor
control structures and simulated effluent via first model
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predicted effluent NO3- with 10-fold lower reaction rate was also fitted to data. As
expected, it would contribute to better model performance. (NSE = 0.897, R2 = 0.530).
The MIN3P code was run with a maximum time step of an hour in order to obtain
breakthrough curves at the approximate locations of monitoring wells and concentration
profile of NO3- along the length of the bioreactor with total a simulation interval of 24 h, as
shown in Figures 4.6 and 4.7. The simulated NO3- concentrations almost remain constant
through the width of the denitrification bed (data not shown), thus the model results for
monitoring well 3 and 5 were not demonstrated in Figure 4.6 since they would have nearly
the same breakthrough curves with well 2 and 4, in turn (see Figure 3.9). An immediate
explanation is that the perforated pipe at inflow boundary distributes the incoming
drainage water uniformly along the entire width of the bioreactor. The exhibited NO3concentration profile in the x direction at hour 24 demonstrates that almost entire NO3reduction takes place within approximately 2.6 m of the denitrification bed, then NO3levels remain stable at 1.73 mg/L in the rest of the domain. Simulated breakthrough curves
of simulated NO3- concentration at monitoring wells show excellent agreement with
concentration profile (Figure 4.7). The monitoring wells (4 and 6) have exactly the same
NO3- levels through the whole simulation period while at monitoring well 2 that is 1.75 m
from the inflow boundary, NO3- concentrations are predicted to be around 1.77 mg/L at the
end of the simulation period (24 h) what could be expected based on C profile. Because
spatial analysis are in agreement in terms of NO3- dispersion along the length of the
bioreactor, it is believed that inflow NO3- is predominantly removed within the first few
meters of the bioreactor due to a large accumulation of biomass near the inlet.
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Figure 4.5: Observed influent and effluent NO3- concentrations in the bioreactor
control structures and simulated effluent via MIN3P
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73

5

4

Nitrate (mg/L)

3
Well 1
Well 2
Well 4
Well 6

2

1

0

0

4

8

12

Time (hours)

16

20

Figure 4.7: Simulated NO3- concentrations at monitoring wells as a function of time

24

74

4.4 Sensitivity Analysis
Sensitivity analysis requires to examine the relative magnitudes of changes in the
model outputs with respect to fluctuations in the values of input variables. Denitrification
process in the bioreactor is known to be dependent on a set of factors as detailed in the
section of performance controlling parameters. The sensitivity analysis was performed on
monitored or approximated inputs to identify the most influential parameters for the first
model and MIN3P routine independently.
For the equation 3.10 (first model), Monte Carlo simulation was executed using
selected stochastic variables include influent NO3- concentration, HRT and temperature.
Monte Carlo methods are based on the parent distribution of each random variable that can
be specified by providing standard deviation (STD) and mean as priori. The sensitivity of a
model against selected input parameter or variable is dependent on the probability
distribution of the uncertainty in the input as well as structure of the model. The monitored
temperature data, inlet NO3- concentrations and simulated drainage effluent were utilized to
characterize parent probability distributions (domains of possible inputs) to run repeated
trials (in this case 10000 values for each parameter). Randomly generated outcomes based
on the priori of parent domains were demonstrated for each equation variable (Figure 4.8).
In univariate Monte Carlo simulations, individual parameters were allowed to vary on a
random basis while all other inputs were held constant at measured or predicted averages
to estimate whether the impact of the parameter of interest on effluent NO3- concentrations
is statistically significant. In addition to determining the independent effect of each
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Figure 4.8: Frequency distributions of randomly generated effluent NO3- concentrations
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variable stated above, effluent NO3- concentrations were simulated based on a multivariate
probability distribution for parameters of interest as well. (Figure 4.8). STD values
estimated for the univariate sensitivity analysis (varying influent NO3-, water temperature
and HRT) are 2.85, 0.04 and 0.62 respectively, and for the multivariate distribution is 2.92.
The multivariate distribution can be assumed to represent the overall prediction error, thus
combined effects of all uncertainties in characterizing the evaluated model. The STDs and
frequency distributions of randomly created outputs presented in Figure 4.7 may suggest
that the denitrification process in the bioreactor is primarily subject to the changes in
influent NO3- concentration, then HRT while the effect of temperature did not seem to
statistically significant with a comparatively lower STD of 0.04. This finding could be
resulted from the fact that monitored water temperature elevated in a narrow range of
approximately from 8 to 11°C through observation period, thus it led to a limited
distribution for parent domain of temperature.
The sensitivity of the first model against model input parameters was, furthermore,
investigated through increasing the values of observed (influent NO3-, temperature) and
predicted (drainage effluent) parameters individually by +10%. The most influential
variables were then determined in line with the alteration in the root mean square error
(RMSE) (Eq. 4.3) between the observed and predicted effluent NO3- concentrations (Table
4.1).

RMSE =�

∑(𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 −𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠 )2
𝑁𝑁

(4.3)
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Table 4.1: The sensitivity of the denitrification process to model input parameters
Parameter

Unit

Average value

+10%
change

RMSE with
original input

RMSE with
+10% change

Change
in RMSE
%

Influent nitrate

mg/L

7.94

8.73

2.10

2.61

24.37

HRT

hours

5.02

5.52

2.10

2.49

18.64

°C

9.67

10.64

2.10

2.48

18.33

Temperature

RMSE-based sensitivity analysis are in agreement with Monte Carlo model outputs
in terms of the estimated influences of each model input parameters on the nitrate removal
process. In most of the simulation models, only a limited number of input parameters
exhibit major impact on the output. According to such employed procedure for parameterspecific sensitivity analysis, the most influential parameter is influent NO3-N followed by
HRT and water temperature, respectively, as could be concluded in accordance with
statistical distributions of randomly generated outputs.
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CHAPTER 5. CONCLUSIONS AND FUTURE DIRECTIONS

At conclusion of this field-scale study, the monitored denitrifying bioreactor was
effective in nitrate reduction from tile drainage water at various hydraulic retention times
during winter months. As expected, the mean NO3- percent removal (26 %) was lower than
reported values for the bioreactors receiving relatively warmer drainage water. However,
no significant correlation was found between increasing tile water temperature and
increased NO3- percent removals achieved through study period as a consequence of the
narrow temperature range (8-11°C). Hence, there was an insufficient monitoring data to
evaluate the temperature effect on denitrification kinetics in the bioreactor. Long-term data
are needed to determine the temperature dependency of NO3- removal process in different
NO3- loading rates and climatic settings.
This study served as one of the few that simulated both bioreactor performance and
NO3- concentration profile along the length of the denitrification bed. A new model for NO3removal process in the bioreactor was developed using predicted drainage discharge by
Drainmod. Furthermore, MIN3P code was executed to simulate NO3- concentrations in the
effluent and monitoring wells. The model results was benchmarked against the observed
NO3- in the outlet control structure, and resulted in a Nash-Sutcliffe efficiency coefficient
(NSE) value of 0.506 that meets one of the pre-specified model evaluation metrics
(NSE>0.5, R2 >0.6). Further field-scale studies are still needed in order to examine the
applicability of the model under various environmental settings. The sensitivity analysis
was performed to examine the influences of the key input parameters on the NO3- removal
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model. The model output is substantially sensitive to influent NO3-, followed by hydraulic
retention time, while alterations in water temperature have a relatively low effect
considering frequency distributions of randomly generated outcomes based on Monte
Carlo simulation. On the other hand, the NSE value computed in validation of MIN3P
code was slightly below the coefficient of determination criteria (NSE = 0.043, R2 =
0.416). These comparatively low (still useful in developing reliable predictions) MIN3P
simulation performance metrics could be attributed to some of the model input parameters,
especially those that are currently unavailable for the study area and assumed to be equal to
the values reported in the similar studies (rate expressions, horizontal hydraulic
conductivity, effective porosity). Thus, the predictive power of the model is likely to be
higher with more field-specific parameters. The MIN3P code executed to simulate NO3concentration profile along the length of the bioreactor suggest that denitrification occurs
efficiently within first 2.6 m of the system. This model result would be associated with
increased reaction rates over time near the upstream of the bioreactor because of the
biomass growth and accumulation. Spatial analysis for NO3- and biomass concentrations
through the length of the bioreactor could be performed following long-term sampling
from monitoring wells as well as control structures in order to test hypotheses mentioned
above.
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Table A.1: Nitrate-N concentrations used to estimate percent removal and volumetric load
reduction rates
Date
12/7/2017
12/9/2017
12/10/2017
12/11/2017
12/13/2017
12/14/2017
12/15/2017
12/16/2017
12/17/2017
12/19/2017
12/20/2017
12/21/2017
12/22/2017
12/23/2017
12/24/2017
12/30/2017
12/31/2017
1/5/2018
1/6/2018
1/7/2018
1/8/2018
1/9/2018
1/10/2018
1/11/2018
1/12/2018
1/14/2018
1/15/2018
1/16/2018
1/17/2018
1/19/2018
1/27/2018
1/28/2018
1/29/2018
1/30/2018
1/31/2018
2/1/2018

Influent
Nitrate(mg/l)

Effluent
Nitrate(mg/l)

Load Reduction
Rate (g N/ m3/d)

Percent Removal
(%)

12.53
12.41
12.03
12.53
11.04
10.87
11.70
11.66
11.12
9.67
6.14
11.95
5.93
5.27
9.50
6.89
8.88

12.07
12.28
11.70
11.87
10.83
9.00
11.16
10.46
5.93
6.18
5.15
3.44
4.61
4.40
5.85
4.52
6.27

4.85
9.05
9.21
8.51
10.75
7.47
2.32
7.97
6.35
5.77
6.43
4.81
6.97
10.46
10.66
7.97
8.92
8.76
6.97

2.28
6.02
6.85
8.38
6.93
5.15
1.62
7.39
3.53
5.15
5.89
1.33
4.32
4.40
6.14
6.43
7.93
6.64
6.47

7.60
1.24
2.63
4.30
0.98
7.63
1.93
3.80
14.40
7.57
2.03
15.09
1.86
3.11
50.95
29.56
27.10
22.15
21.55
13.86
0.81
41.91
24.05
5.70
5.15
40.04
12.99
13.86
57.05
24.12
107.16
168.96
60.45
37.84
60.11
9.98

3.64
1.00
2.76
5.30
1.88
17.18
4.61
10.32
46.64
36.05
16.22
71.18
22.38
16.54
38.43
34.34
29.44
52.99
33.49
25.68
1.46
35.52
31.11
30.36
7.29
44.44
10.79
8.39
72.41
38.10
57.94
42.41
19.27
11.16
24.17
7.14

92

2/3/2018
2/4/2018
2/5/2018
2/6/2018
2/9/2018
2/12/2018
2/13/2018
2/14/2018

10.12
4.07
6.93
4.69
6.97
3.86
10.29
7.59

4.61
3.65
5.19
2.86
4.32
3.44
6.31
4.77

88.11
5.27
16.85
12.87
5.37
-

54.51
10.20
25.15
38.94
38.10
10.75
38.71
37.16
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Table A.2: Simulated effluent Nitrate-N concentrations, monitored water temperature, and
predicted drainage discharge
Date
12/7/2017
12/9/2017
12/10/2017
12/11/2017
12/13/2017
12/14/2017
12/15/2017
12/16/2017
12/17/2017
12/19/2017
12/20/2017
12/21/2017
12/22/2017
12/23/2017
12/24/2017
12/30/2017
12/31/2017
1/5/2018
1/6/2018
1/7/2018
1/8/2018
1/9/2018
1/10/2018
1/11/2018
1/12/2018
1/14/2018
1/15/2018
1/16/2018
1/17/2018
1/19/2018
1/27/2018
1/28/2018
1/29/2018
1/30/2018
1/31/2018

Water
Temperature
(°C)
11.23
11.04
10.94
10.74
10.35
10.25
9.96
9.86
9.96
8.18
9.17
9.57
9.57
8.87
9.07
9.57
9.27
8.58
9.17
9.17
9.17
9.27
9.17
10.06
9.76
9.57
9.47
9.47
9.57
9.37
9.47
9.96
9.57
9.57
9.47

Drainage
Discharge (cm/d)

Effluent Nitrate by
the Model (mg/L)

0.46
0.27
0.22
0.18
0.13
0.11
0.10
0.09
0.08
0.06
0.06
0.05
0.04
0.10
0.38
0.34
0.28
0.24
0.20
0.16
0.18
0.30
0.28
0.22
0.24
0.39
0.57
0.70
0.45
0.25
0.49
1.02
1.08
1.04
0.78

12.25
11.95
11.84
11.36
10.91
10.04
9.78
10.48
10.25
9.72
7.95
4.05
9.30
4.99
5.02
4.52
6.54
4.48
4.36
8.45
8.67
8.18
7.13
6.98
1.89
5.55
6.17
5.63
4.59
1.64
3.28
10.56
7.87
7.87
8.79

Effluent Nitrate
by MIN3P
(mg/L)
9.55
9.42
8.98
9.47
8.01
7.83
8.68
8.67
8.10
6.69
3.31
8.92
3.12
2.52
6.50
4.00
5.90
0.92
6.09
6.27
5.55
7.72
3.23
0.37
5.02
3.49
1.36
3.61
2.13
4.07
7.48
7.66
5.02
5.97
5.79
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2/1/2018
2/3/2018
2/4/2018
2/5/2018
2/6/2018
2/9/2018
2/12/2018
2/13/2018
2/14/2018

9.47
9.66
9.76
9.76
9.76
9.86
9.86
9.76
9.27

0.55
0.44
0.35
0.27
0.19
0.06
0.00
0.00
0.00

8.57
4.99
3.77
6.53
4.15
5.06
-

4.07
7.11
0.60
4.07
0.98
4.07
-

